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Across southern Africa artificial waterholes have been introduced into many national parks to reduce the
pressure of water scarcity on animals during drought. However, their introduction can shift ecological dynamics,
and many artificial waterholes are now being removed. As global temperatures rise, droughts are predicted to
become more frequent and more severe. Whether to retain or remove artificial waterholes thus presents a
management dilemma. Here, we examine the effect of an extreme drought on artificial waterhole use in the
Kruger National Park, South Africa. Comparing camera trap data collected during a one-in-twenty year drought
with observation from a non-drought year, we quantify shifts in waterhole visitation patterns between years. The
majority of the species show differences in waterhole use between drought and non-drought years. Species
showing the largest temporal shifts include kudu and white rhinoceros, whereas elephants and warthogs show
little change between years. Temporal overlaps between species pairs were also highly shifted, with the majority
of species overlapping more in drought years, although some (e.g. buffalo and impala) show the opposite trend.
Asynchronous shifts in species daily activity cycle may have cascading impacts on interspecific competition,
predator-prey interactions, and multi-host disease dynamics. Our study illustrates how the interaction between
drought and management choices to mitigate impacts of climate change may have complex and unforeseen
ecological consequences. We show that, during drought, artificial waterholes are visited more frequently, likely
increasing the frequency of interspecific interactions, including between ungulate herbivores and their predators,
and elevating risk of disease spillover.

1. Introduction

Savannas are one of the world’s largest terrestrial biomes covering
an area of approximately 33 million km? and today over 50 % of the
African continent is comprised of savanna (Ramankutty and Foley,
1999). While the savanna biome in southern Africa is relatively young
(perhaps no more than 3-4 million years) (Maurin et al., 2014; Davies
et al., 2020), it supports a high diversity of large (mega) herbivores
including elephants, rhinoceros and giraffe (Janis et al., 2000), many of
which are now threatened with extinction (Craigie et al., 2010; Di Marco
et al., 2014).

The savanna biome experiences intense interannual and seasonal
fluctuations in rainfall which are accompanied by a wide range of

temperatures. Dry years tend to be characterised by higher temperatures
and increased heat waves as well as low rainfall (Zambatis and Biggs,
1995). This climate variability impacts the year-round availability of
water and results in frequent droughts (Van Wyk, 2001). Drought may
have both direct and indirect effects on the survival of large herbivores
in savannas (Walker et al., 1987). Water scarcity can promote the ag-
gregation and transmission of parasites, with exposure amplified in drier
periods (Titcomb et al., 2021). Large herbivores, such as elephants, may
accumulate near water sources, depleting the surrounding vegetation,
which can lead to increased mortality rates through starvation (Wato
et al., 2016). In drought years, wildlife mortality is primarily a conse-
quence of lack of forage and not lack of water (Smit et al., 2020).

The Kruger National Park (KNP) in South Africa was originally
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founded to maintain game numbers depleted by hunting and the great
rinderpest epidemic of 1896 (Pienaar et al., 1997). Beginning in the
1930s, artificial waterholes were introduced to stabilize surface water
availability (Van Wyk, 2001). From the 1930s through to the 1990s
approximately 400 artificial water points were established in the park
(Smit et al., 2020). These artificial waterholes provide water during
drought periods, helping conserve game numbers, spread animals over
the park and prevent animals from migrating out of the KNP (Pienaar
etal., 1997). Historically, the introduction of waterholes was considered
to have had a positive impact, including increasing numbers of (water-
dependent) herbivore species such as zebra, elephant and impala (Van
Wyk, 2001; Smit et al., 2007). Additionally, they putatively acted to
reduce competition and impacts of over-grazing along rivers during the
dry season, with the added benefit of attracting animals for tourist
viewing (Pienaar et al., 1997).

Artificial waterholes are now also recognised to have had negative
effects on the ecosystem (Smit et al., 2007; Smit et al., 2020, see also
review by Perkins, 2020). The increase in drought-intolerant species
came at the expense of other large and mid-sized herbivores, such as
sable, roan and tsessebe antelope, which decreased in numbers due to
increased competition for food (Smit et al., 2007). The introduction of
artificial waterholes is also thought to have brought about changes in
animal behaviour. In the dry season, grazers tend to relocate nearer
artificial waterholes, and browsers and mixed feeders are found more at
either artificial waterholes or near rivers (Smit et al., 2007). As the dry
season advances animals increasingly aggregate at artificial sites. These
shifts in space use may have cascading consequences for both inter-
specific competition (Smit et al., 2007) and predator-prey interactions
(Thrash et al., 1995; Valeix et al., 2009a, 2009b). In addition, the
increased aggregation of species at waterholes provides a greater op-
portunity for disease spillover (Farrell et al., 2022), for example, bovine
tuberculosis (bTB), for which buffalo are the reservoir host, was first
detected in rhinoceros immediately following the 2015/2016 drought
(Dwyer et al., 2022). From the mid-1990s the KNP reversed its water
provisioning strategy (Pienaar et al., 1997), and started removing arti-
ficial waterholes from the park (Smit et al., 2020).

The decisions to establish and then subsequently remove waterholes
was part of the Strategic Adaptive Management (SAM) framework
adopted by the park (Smit et al., 2020). This framework recommends
actions based on the best available information, even if information is
incomplete (see Roux and Foxcroft, 2011). With ongoing anthropogenic
climate change, simply removing artificial waterhole sites will not re-
turn the park to a state that predates their establishment. Yet as global
temperatures continue to rise, more frequent and more severe droughts
are expected (Engelbrecht et al., 2015), and thus the ecological impacts
of artificial waterholes in the park will likely be further amplified. A
more complete understanding of how water scarcity and the introduc-
tion of artificial waterholes alter ecological dynamics will be critical for
informing management decisions and policies in the KNP (Smit et al.,
2020) and actions for mitigating future impacts of climate change
(Weeber et al., 2020).

Here, we explore the effects of artificial waterholes on wildlife in the
KNP by comparing waterhole use between two years differing in water
availability, 2015 and 2022. The former was a major drought year in the
KNP with extremely low rainfall (annual total 242 mm), especially
during the summer (Malherbe et al., 2020). The 2015/2016 drought was
exceptional, perhaps a one in twenty year event, and comparable to
extreme droughts recorded in 1982/1983 and 1991/1992 (Malherbe
et al., 2016) for which mass die-offs were observed in buffalo and hippo
(Smit et al., 2020). The 2022 season was an above average rainfall year
(567 mm compared to the long term historical average of 557 mm; https
://www.sanparks.org/conservation/scientific-services/data-informatio
n-resources/kruger-climate-rainfall).

Using site occupancy data collected with camera traps in 2015
(Farrell et al., 2022) and 2022 (Toorians et al. unpublished) to describe
species’ daily waterhole visitation patterns (Ridout and Linkie, 2009),
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we examine how water availability alters ecological interactions,
replicating observations across species and waterhole sites. We test how
the extreme drought in 2015 (1) influenced species aggregation at
waterhole sites, (2) shifted individual species’ daily waterhole visitation
patterns, and (3) altered species interactions.

In general, we predict that the reduced availability of water in nat-
ural pans and rivers during the drought year would increase artificial
waterhole use, with drought intolerant and water-dependent species
showing the greater increase in waterhole visitation rates (Valeix,
2011). However, we do not have strong a priori predictions on temporal
shifts in daily waterhole visitation patterns between the drought and
non-drought years as species may have been subject to multiple
competing pressures. For example, shifting to earlier in the day may
allow animals to avoid the midday heat (Ayeni, 1975), whereas shifting
to later in the day, when temperatures were warmer, may provide ani-
mals with an opportunity to reduce heat stress by wallowing (Ayeni,
1975). Because the increased concentration of animals at waterholes in
the drought year might have been a draw to predators, such as lions,
some prey species might additionally alter waterhole visitation patterns
to minimise predation risk, shifting to later in the day when predators
are generally less active (Thrash et al., 1995; Valeix et al., 2009a, 2009b;
Hayward and Hayward, 2012). A trend towards an overall increasing
frequency of waterhole visitation would tend to increase species cooc-
currences at waterholes; however, we might expect this to be less
apparent between predator and prey species where there is active
avoidance by the latter.

2. Methods

We used camera trap data collected from the Kruger National Park
(KNP) in 2015 (June and July) and 2022 (June) (Farrell et al., 2022;
Toorians et al., unpublished) to describe waterhole visitation patterns by
large mammals. Model Bushnell Aggressor Trophy Cam HD Low-Glow
cameras were placed in metal cases and attached to the concrete ball-
valve housing, on trees, or on poles at artificial waterholes. Cameras
were set to record photographs at five-minute intervals and when mo-
tion was detected with a minimum one-minute interval between pho-
tographs. For this analysis, only the time-lapse data were used. Each
photograph was manually annotated to record the abundance of each
species in direct contact with or next to the waterhole. Animals captured
in the background of the photographs were excluded. For further detail
see Farrell et al. (2022). These data provide us with a temporal record of
species at waterholes, including patterns of spatial and temporal co-
occurrence, i.e. the relative frequency species were recorded at the
same location and time of day, respectively.

In 2015, images were recorded from six artificial waterhole sites in
the southern half of the park (De Laporte [DLP], Kwaggaspan [KWA]
and N’waswitshaka [NWA], Hoyo Hoyo [HOY], Ngotso North [NGN]
and Nyamahri [NYA], and in 2022 images were recorded from five sites
(DLP, KWA, NWA, Gomondwane [GOM], and Duke [DUKE]), with three
sites (DLP, KWA and NWA) overlapping between years (Fig. 1). For all
subsequent analyses, we explored waterhole visitation patterns at three
scales: first, at each overlapping site (DLP, KWA, and NWA) separately;
second, across the three overlapping sites (DLP, KWA, and NWA)
together; and third, all artificial waterhole sites combined (DLP, DUKE,
GOM, HOY, KWA, NGN, NWA, and NYA). The number of individuals per
species present at the waterhole was recorded. Overlap coefficients re-
ported in the main text are for all artificial sites combined, matching
results for the individual sites and the three overlapping sites combined
are reported in the appendix.

The 2015 drought was a rare event, and thus it is not possible to
collect replicated data within a reasonable timeframe; however, as
evidenced by the multiple studies showing species’ behavioural changes
during the COVID-19 lockdown (Bates et al., 2021), rare events can still
provide valuable information, and we gain statistical strength from
replicate observations across species and waterhole sites.
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Fig. 1. Map of Kruger National Park showing camera trap locations. Park boundary shown on the left in green, enlarged inset indicating location of waterhole at
whch camera trap data was collected. In 2015, images were recorded from six sites: De Laporte [DLP], Kwaggaspan [KWA] and N'waswitshaka [NWA], Hoyo Hoyo
[HOY], Ngotso North [NGN] and Nyamahri [NYA]. In 2022, images were recorded from five sites: DLP, KWA, NWA, Gomondwane [GOM], and Duke [DUKE]). Base
map for the Protected Area Profile for Kruger National Park obtained from the World Database on Protected Areas, May 2025. Available at: www.protectedplanet.net.
(For interpretation of the references to color in this figure legend, the reader is referred to the web version of this article.)

2.1. Temporal overlap and interspecific interaction strengths

We examined temporal change in community composition between
the years 2015 and 2022 for each of the overlapping sites shared be-
tween years (DLP, KWA and NWA). Using presence/absence data and
the Jaccard Index, we computed the pairwise dissimilarity for each site
between 2015 and 2022, considering the turnover and nestedness
components of temporal change. Calculations were performed using the
R-package Betapart (Baselga et al., 2023), index.family = “jaccard” and
indices beta.JTU (turnover) and beta.JNE (nestedness).

2.2. Shifts in daily waterhole visitation patterns

We examined changes in visitation patterns for the following 11
species: impala (Aepyceros melampus), giraffe (Giraffa camelopardalis),
elephant (Loxodonta africana), greater kudu (Tragelaphus strepsiceros),
white rhinoceros (Ceratotherium simum), African buffalo (Syncerus
caffer), zebra (Equus quagga), spotted hyena (Crocuta Crocuta), lion
(Panthera leo), warthog (Phacochoerus africanus), and chacma baboon
(Papio ursinus). We focus on this set of species as they were well repre-
sented in the camera trap images between years (impala, giraffe,
elephant and zebra had the greatest number of photographs), and are
either species of conservation concern (white rhinoceros) or disease risk
(buffalo), and because it allowed us to explore shifting predator-prey
interactions (lion and hyena).

We described each species’ use of waterholes from the camera trap
data, converting visitation times (recorded as hour-minute-second) into
radians (1 min = 2.9 1.10"—4 rad), separately for 2015 and 2022. We

then estimated a temporal overlap coefficient (Oet) of overlapping
densities (density kernels — see below) between years using the R-
package Overlap (v0.3.3; Ridout and Linkie, 2009), which uses kernel
density estimates that sort the data times into two functions, f(t) and g
(t), the surfaces of the estimated density kernels of the same species in
the different years. We use the model output, which is calculated from
vectors of densities that are estimated at T equally spaced intervals

(Ridout and Linkie, 2009) to derive 5;:

—

Oest =2n /T imm(}(q) 7§(tl) )

The temporal overlap coefficient (Oe) quantifies the relative time-
span two sets of temporal observations (here summarised over a 24-hour
period) overlap, for example, observations of the time of day a species is
recorded at a waterhole between years or observations for two separate
species in the same calendar window (see below).

To evaluate whether species shifted their waterhole visitation pat-
terns to earlier or later in the day in the drought year, we estimated
whether the temporal overlap between years differed from null expec-

tations of no change by comparing O. to a null distribution of overlap
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constructed by shuffling year among photographs and recalculating the
overlap, Oy4,q. We calculated the probability of departure from the null
(p) by summing the number of occasions when Oest > Opang, and dividing
by the number of null simulations (n = 1000):

—

_ Z (Oest > Orand)

p=&rat Z Yand)

n

Here, p represents the relative frequency O,4,g was smaller than the

estimated overlap, O Assuming a two-tailed test at o« = 0.05, we

interpret 0.025<p>0.975 to indicate a significant departure from the
null.

2.3. Temporal overlap

To explore shifts in temporal overlap between species pairs across
years, we calculated the temporal overlap coefficient for every species
pair in each year and then subtracted the overlap coefficient for 2022

(0;2\022) from the overlap coefficient for 2015 (Oex/tg\ms):

AQest = Oest2015 — Oest2022

Positive values of AO,, indicate that the estimated overlap coeffi-
cient in 2015 was larger than the estimated overlap coefficient for 2022,
and negative values of AO,, indicate that the temporal overlap coeffi-
cient in 2015 was less than that for 2022.

To evaluate whether shifts in estimated temporal overlap between
years (AOgy) differed from null expectations, we again generated a null
distribution of temporal species co-occurrences by shuffling year among
photographs. We then calculated the overlap coefficients between spe-
cies pairs using overlap estimates from the null randomizations
(Orandpair)- Using 2015 as our baseline, we subtracted our random
overlap coefficient (Orgndpair) from the estimated overlap of that species

pair in 2015 (Oestz015), tO generate a null expectation (AOrgndpair) Of
difference in overlap between years keeping the total number of images
constant.

AOrandparlr = Oest2015 — (Orund.pair)
To calculate a test statistic, we then counted the number of times the
random overlap difference (AOqngpair) Was smaller than the estimated

overlap difference between 2015 and 2022 (A(/);), and dividing by the
number of null simulations (n = 1000), as described above:

_ E(Aa;; > Aorand.pair)
n

p

Here, p represents the relative frequency that AO,qnqpair Was smaller
than the estimated difference in overlap, AOg. Assuming a two-tailed
test with a = 0.05, we interpret 0.025<p>0.975 to indicate a signifi-
cant departure from the null.

2.4. Temporal overlap and spatial co-occurrence

Finally, we examined whether greater estimates of temporal overlap
for a species pair, as calculated above, translated into greater probability
of seeing that species pairs in the same photograph (spatial co-
occurrence). For each year separately, we therefore calculated the
observed spatial co-occurrence (Ospaﬁal) by dividing the number of
photographs a species pair was seen together (Njgemer) by the total
number of photographs of the species that was seen less often (Nsingze)!

Ospan'al =N together / Nsingle

These values range from 0 to 1 (0 = the species pair was not seen
together in any photographs, and 1 = the species pair was always seen
together when the less common observed species was photographed).
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We then compared these values to the estimated temporal overlap co-
efficients from 2015 (Ogrz015) and 2022 (Oggrz022)-

3. Results

We analysed a total of 11,742 camera images (see Fig. 2 for example
photographs) across years (n = 11,244 and 498 for 2015 and 2022,
respectively), capturing 26 species, with greater richness of species in
2015 (n = 25 versus 23 for 2015 and 2022, respectively; Table 1). Some
species, such as impala, elephant and buffalo were relatively frequent
visitors in both years, whereas other species, such as zebra and warthog,
were commonly seen in 2015 but only rarely observed in 2022
(Table S1).

3.1. Changes in species composition

We explored temporal change in community composition between
the years 2015 and 2022 for each of the overlapping sites shared be-
tween years (DLP, KWA and NWA), examining components of turnover
(BJTU) and nestedness (BJNE) (Table 1). Nestedness captures differences
in species richness between observations, with the expectation that
species recorded at waterholes in non-drought years would be a nested
subset of the species recorded visiting waterholes in the drought year
due to generally higher visitation rates in the drought year. We found
evidence for high nestedness, with 2015 being the more species rich, as
predicted, while there was generally low turnover in species composi-
tion (BJNU = 0.00 for DLP and KWA; see Table 1). For these sites, the
species observed in 2022 were a nested subset of the species observed in
2015 (BJNE = 0.40 and BJNE = 0.50 for the sites DLP and KWA,
respectively). For the third site shared between years, NWA, turnover
was greater than nestedness (BJTU = 0.57 and BJNE = 0.06), indicating
substantial change in species identities at this site between years
(Table 1).

3.2. Changes in daily waterhole visitation patterns

We found an overall trend for lower overlap (6;) in waterhole
visitation patterns between years than expected from the null generated
by randomising year across photographs (Fig. 3 and Table S1). This
deviation was significant (two-tailed test, p < 0.025) for several species,
including impala, kudu, buffalo, hyena, white rhinoceros and baboon.
For example, impala, for which we had the greatest number of images (n
= 1075, all sites combined), had an estimated temporal overlap coeffi-
cient of 0.73 between 2015 and 2022, whereas the expected overlap
from randomisations was 0.90 (Table S1). In 2015, the drought year, the
majority of recorded visits to waterholes by impala were before noon, by
contrast, in 2022 impala were observed at waterholes from 6 am to 6 pm
(Fig. 3). Although there were fewer photographs of rhinoceros (n = 41),
the departure from null expectations was still highly significant (p =
0.001). The 2015 daily waterhole visitation patterns again had a peakier
distribution, with most visitations in the late afternoon, while waterhole
visits were generally sparser in 2022, and with a greater frequency of
visits in late evenings and early mornings (Fig. 3).

While warthog and lion both appeared to show greater overlap than
the mean from randomisations (Table S1), these estimates were derived
from only 105 and 10 images respectively, and the difference between
estimated overlap and null expectations were not statistically significant
(p > 0.025, Table S1).

For species with sufficient number of observations to calculate den-
sity distributions, overlap trends were consistent when we restricted our
analyses to the three sites shared between years (DLP, KWA and NWA;
Table S3) and when examining each of these sites individually
(Tables S4, S5 and S6). In some cases, lower sample size reduced sig-
nificance (e.g. changes in overlap were no longer significantly different
from the null for buffalo and hyena in DLP; Table S4); however, trends
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Fig. 2. Example photographs from camera traps. Example photographs (A-D) from a camera trap situated at N'waswitshaka capturing various species visitation

patterns across different times of the day.

Table 1
Change in species composition between years.

Species richness Site Turnover (BJTU) Nestedness (BJNE)
2015 2022 DLP 0.00 0.40
25(19) 23 (18) KWA 0.00 0.50

NWA 0.57 0.06

The first two columns show species richness for all artificial sites with species
richness for the overlapping sites in parentheses in 2015 and 2022, respectively.
The next three columns show a comparison of beta diversity components,
turnover (BJTU) and nestedness (BJNE), for each of the overlapping sites be-
tween the years 2015 and 2022.

suggesting lower temporal overlap than the mean from randomisations
were consistent in direction. Elephants were one notable exception.
Although elephants did not show a significant shift in activity cycles
between years when sites were combined (Tables S1 and S3), when sites
were analysed separately, elephants showed significant shifts towards
lower than expected temporal overlap between years across sites
(Tables S4, S5 and S6).

3.3. Temporal overlap and interspecific interaction strengths

We found evidence for species pairs both increasing and decreasing
in their temporal overlap (Ad;) between 2015 and 2022, but shifts
towards greater temporal overlap in the drought year dominated
(Fig. 4). In our analysis, positive values (Fig. 4, green) indicate that the
estimated overlap coefficient in 2015 (O;t;ls) was larger than the
estimated overlap coefficient for 2022 (Oest2022) for that species pair,
while negative values (Fig. 4, purple) indicate that the temporal overlap
coefficient in 2015 was less than that for 2022. For example, the overlap

coefficient for giraffe and kudu, both large ungulate browsers, was 0.82
in 2015, but these two species did not temporally overlap in 2022 (Fig. 4
and Table S2). We also observed a significant decrease in temporal
overlap in the non-drought year for species pairs that represent potential
predator-prey interactions, such as between giraffe and lion (O;;ls =

0.13 versus O;z\ogg =0.00, p < 0.001; see Fig. 4 and Table S2). However,
temporal overlap between kudu and hyena was greater in the non-

drought year than the drought year (0;2\022 = 0.81 versus Ogs2015 =
0.03, p < 0.001; Fig. 4 and Table S2), due to due to a shift by kudu to-
wards drinking nocturnally in the non-drought year.

We found consistent trends when evaluating the three sites shared
across years, with the vast majority of significant shifts indicating lower
temporal overlap between species pairs in the non-drought year (Fig. S1,
Table S7). In almost all cases, when data were sufficient for statistical
significance testing, results were also highly congruent when analysing
sites individually (Figs. S2, S3 and S4, Tables S8, S9 and S10).

3.4. Temporal overlap versus spatial co-occurrence

Estimates of temporal overlap (6;) were correlated with the fre-
quency with which species pairs are observed in the same photograph
(spatial co-occurrence; see Tables S11 and S12). However, the strength
of the correlation between the estimated temporal overlap coefficient
and observed spatial co-occurrence varied between years (Spearman
correlation = 0.43 and 0.27 for 2015 and 2022, respectively), with the
correlation in 2022 largely driven by a few observations, with zebra and
hyena having high leverage (Fig. S5).

4. Discussion

Many parks in Africa, including the world-famous Kruger National
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Fig. 3. Temporal overlap in activity patterns between years. Estimated temporal coefficient of overlap, (Oes), for each species (A-K) between 2015 and 2022. Green
represents 2015 temporal visitation patterns and purple represents 2022 temporal visitation patterns, shaded grey area indicates overlap between years. The y-axis
shows the density of the species visitations and the x-axis shows time over a 24-hour period. (For interpretation of the references to color in this figure legend, the

reader is referred to the web version of this article.)

Park, have introduced artificial waterholes to support water-dependent
species (Pienaar et al., 1997). However, the introduction of permanent
water points has shifted ecological dynamics, favouring water-limited
species and altering species interactions (Smit et al., 2007; Perkins,
2020; Smit et al., 2020). The impact of such artificial waterholes on
wildlife is likely to be magnified with climate change. Because there
happened to be collected camera trap data from an eDNA study during
the 2015-2016 drought (Farrell et al., 2022), we had a unique oppor-
tunity to examine the impact of this extreme climate event on species’
waterhole visitation patterns by comparing observations with data from
a year with above average rainfall.

We show that many species display large differences in artificial
waterhole visitation patterns between the drought and non-drought
years which results in both increases and decreases in temporal over-
lap between species. There are competing hypothesis as to how species
might adjust waterhole visitation patterns in drought years, shifting
earlier in the day to avoid peak temperatures, or shifting to hotter parts
of the day if access to water provides a relief from heat (Ayeni, 1975) or
to reduce predation risk (Valeix et al., 2009a, 2009b; Hayward and
Hayward, 2012). We find some evidence in support of both strategies,
with different species exhibiting different responses, likely reflecting
species’ physiological water dependencies and vulnerability to preda-
tion (Valeix et al., 2009a, 2009b; Valeix, 2011). One consequence of
these idiosyncratic responses is a shift in interspecific interactions as, for

example, some species that would normally partition waterhole use to
avoid competition may now come into contact more frequently, while
other species interactions may become rarer. Our results highlight the
complexity in predicting how ecological dynamics might shift during
periods of drought and unusual weather, with species adjusting both
their spatial and temporal behaviours.

In the savanna ecosystem, species can be broadly classified according
to their water dependency. For example, Hayward and Hayward (2012)
classified hippopotamus, warthog and wildebeest as highly water-
dependent, and lion, spotted hyena and kudu as water-independent.
Generally, grazers, including impala and zebra, are considered to be
more water-dependent than browsers (Western, 1975). Water-
dependent species typically stay within the near vicinity (~15 km) of
a water source, while water-independent species can go days without
drinking and may travel long distances from water (Kihwele et al.,
2020). In drought years, we might expect water-independent species to
alter their waterhole visitation patterns more than water-dependent
species, locating themselves nearer water sources and visiting more
frequently in drier years. Supporting predictions, we observed large
shifts in waterhole visitation patterns between the drought versus non-
drought years for hyena, kudu and white rhinoceros (a grazer), while
visitation patterns for impala and warthog were virtually unchanged.
Lions were an exception to these general trends as they did not alter their
waterhole visitation patterns as dramatically as other water independent
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Fig. 4. Heatmap showing difference in temporal overlap among species pairs between 2015 and 2022 (Ad;). Negative values (purple shading) indicate a larger
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species; it is possible that access to prey was more critical than water
availability for this large predator.

We looked for changes in species’ potential for interaction by
examining differences in temporal overlap between species pairs. We
found evidence for both increases and decreases in temporal overlap, for
instance, we document increasing temporal overlap between kudo and
giraffe but greater temporal displacement between kudu and hyena.
However, shifts to greater temporal overlap in the drought year domi-
nate, such as shown between giraffe and kudu. In this species pair, gi-
raffes do not depart from the null expectation of no difference between
years, but kudu show a highly significant shift in daily waterhole visi-
tation patterns from largely nocturnal visits during the non-drought year
to visiting waterholes in the early afternoon during the drought year.
Therefore, the greater temporal overlap between giraffe and kudu in the
drought year appears to be largely driven by kudu aligning their
waterhole visitation patterns with giraffe by shifting visits to earlier in
the day. In non-drought years these two species tend to overlap less,
perhaps to avoid competition, whereas in drought years kudu may
benefit from interspecific aggregation in risky areas, such as open
waterhole sites, to reduce predation risk via dilution (see Hayward and
Hayward, 2012). Moll et al. (2016) suggest aggregation is one of the
most common anti-predator strategies in ungulates. However, our data
do not allow a direct test of the dilution or increased vigilance hy-
potheses as we lack contemporaneous data on predator proximity and
predation rates.

We also observed greater temporal overlap between giraffe and lion

in the drought year (Oese = 0.0 and 0.13 in the non-drought and drought
year respectively), although informed by few observations of lion. This
species pair represents a potential predator-prey interaction, which we
would assume giraffe would prefer to minimise. Lower temporal overlap
in the non-drought year could translate to reduced mortality rates by
predation in wetter years (see e.g. Funston and Mills, 2006). As a cor-
ollary, greater temporal overlap in drought years might suggests that
giraffe may be experiencing water stress such that they visit waterholes
even when predation risk is elevated (see also Amoroso et al., 2020).
Impala, another prey species, shifted waterhole visitation patterns to be
more concentrated earlier in the day in the drought year. This behav-
ioural change is consistent with hypotheses associated with avoidance of
higher temperatures later in the day and reduction in predation risk
from lion (Valeix et al., 2009a, 2009b; Kasiringua et al., 2017), which we
show peak in waterhole visitation in the late afternoon.

In addition to reshaping species direct ecological interactions, we
also suggest that increased temporal overlap of several large herbivore
species pairs in the drought year, including kudu and giraffe, buffalo and
impala, and buffalo and white rhinoceros, may have significant conse-
quences for wildlife disease dynamics within the park. For example,
buffalo and kudu are reservoir hosts for bovine TB, and changes in their
potential interspecific interaction strengths could alter TB spillover risk.
Notably, the first reported case of bovine TB in rhinoceros within the
Kruger Park was documented immediately following the 2015 drought
(Dwyer et al., 2022). While we are unable to directly explore disease
transmission from camera trap data, shifting multi-host disease
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dynamics is an important area in need of further study and it is possible
to use observational data on species cooccurrence to inform trans-
mission parameters in wildlife disease models (e.g. Barroso et al., 2023).

4.1. Temporal overlap versus co-occurrence

The daily waterhole visitation patterns we report are derived from
photographs taken over a period of weeks across multiple waterholes,
thus the analysis of temporal overlap we present here might not neces-
sarily reflect species realised interactions. We therefore conducted two
additional supporting analyses. First, we explored temporal overlaps at a
finer grain, and separately examined changes between years at indi-
vidual sites sampled across years. Consistent with observations aggre-
gated across sites, we again found higher temporal overlap between
elephant and buffalo, and buffalo and white rhinoceros in drought years.
We do detect some notable differences in individual species behaviour
when aggregated across sites versus site specific observations. For
example, elephants do not show significant changes in temporal overlap
between drought and non-drought years when all sites are analysed
together, but we detect a significant shift in waterhole visitation patterns
locally. Elephants might thus maintain relatively constant waterhole
visitation patterns, but water scarcity may alter their space use. Second,
we tested whether species with larger estimated temporal overlaps were
seen together more frequently in the same photographs from camera
traps by examining the correlation between estimated temporal overlaps
and the frequency with which species pairs were observed together. In
the drought year, for which we had a much larger sample of photo-
graphs, we found a medium to high correlation, indicating that temporal
overlap provides a reasonable proxy for co-occurrence.

4.2. Management implications

Our study provides evidence that species may shift their visitation
patterns at artificial waterholes during drought, changing species
interaction frequencies with cascading ecological consequences. The
establishment of artificial water points is a key management tool to
address warming temperatures and increasing frequency of droughts in
arid systems (Weeber et al., 2020). However, a growing body of evi-
dence has highlighted negative impacts of artificial waterholes (see re-
view by Perkins, 2020), and since the mid-1990s the KNP has removed
around two-thirds of borehole fed waterholes (Smit et al., 2020). The
decision whether to maintain or remove the remaining artificial
waterholes thus presents a management dilemma.

We have shown that, in a drought year, species’ visitation patterns at
waterholes differed significantly in both frequency of visitation and,
perhaps more critically, time of day. This has significant implications
with respect to (1) intensity of direct ecological iterations between
herbivores, which might compete for increasingly limited forage, (2)
predator-prey dynamics, as prey species expose themselves to greater
risk from predation when water is scarce, and (3) interspecific disease
transmission. We suggest that these may represent additional ecological
costs associated with artificial water points during extreme weather
events, such as drought. As the climate continues to warm these effects
will likely be further magnified. However, long-term studies on popu-
lation and community dynamics are needed to determine whether costs
outweigh benefits. Because of non-stationarity in climate, simply
removing artificial waterholes will no longer return the ecosystem to its
‘natural state’ prior to their introduction.
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