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Highlights 

 Successful synthesis of Fe/AlO(OH) from authentic acid mine drainage. 

 High capacity adsorption of arsenate (102–129 mg/g) by synthesised Fe/AlO(OH). 

 Arsenate adsorption insensitive to pH (2–10) and temperature (25–65 °C) variations. 

 Physisorption/diffusion-controlled mechanisms dominated Arsenate adsorption. 
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Abstract 

This study explored an eco-friendly approach for the synthesis of novel aluminium enriched ferric 

oxide-hydroxide (Fe/AlO(OH)) from authentic acid mine drainage (AMD). The synthesized 

Fe/AlO(OH) was subsequently tested for arsenate removal capabilities. Fe/AlO(OH) was 

synthesized from bona fide AMD via selective precipitation, thermal activation, and vibratory ball 

milling. One-factor-at-a-time (OFAAT) method was used to optimize operational parameters, 

which include adsorbent dosage, concentration, pH, agitation time, and temperature. Optimized 

conditions were observed to be 150 ppm of As(V), Solid: Liquid ratio – 1g: 250 mL, contact time 

of 60 minutes, and ambient temperature and pH. Limited temperature and pH effects on adsorption 

were observed. Equilibrium data fits using Langmuir-, Freundlich-, Two surface Langmuir-, 

Dubinin-Radushkevich-, and Dubinin-Astokov isotherm models showed highly favorable 

adsorption conditions, the highest known maximum adsorption capacity for As(V) of 102 - 129 

mg/g, and coupled physisorption/diffusion limited adsorption.  Thermodynamic analysis showed 

positive Gibbs free energy (ΔG°), negative enthalpy change (ΔH°), and positive entropy change 

(ΔS°) – likely a result of an inner sphere complexation of the As(V) with the Fe/Al surface.  

Considering the obtained results, valorization of AMD for the synthesis of Fe/AlO(OH) was viable 

and effective. This initiative could potentially minimize the footprints of AMD and arsenic 

pollution. 

Keywords: Acid mine drainage; Arsenic; Adsorption; Aluminium; Ferric oxide-hydroxide 

 

1. Introduction 

Arsenic pollution continues to be a major global concern mostly due to the severity of its toxicity 

to living organisms upon exposure. Eco-toxicological and epidemiological studies have ranked 

arsenic amongst the top five (5) lethal contaminants threatening ecological systems and different 

environmental compartments [1]. Specifically, arsenic is discharged into the environment as part 

of industrial, mining, and metallurgical effluents, which ultimately cause detrimental impacts on 

the environment and human health. Arsenic pollution has led to its intake by plants and 

consumption by animals and humans, which also leads to bio-accumulation and bio-magnification 

in different trophic levels of the food chain [1].  Epidemiologically, arsenic can cause short and 
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long-term effects, such as diarrhoea, abdominal pain, cancer, and cardiovascular disease [2–4]. 

According to the World Health Organisation (WHO), the level of arsenic permitted in the 

environment ranges from 0.1 – 10 µg/L, which was set after several relevant toxicological studies 

[5]. The 10 µg/L limit also resulted from several studies which have been conducted on 

anthropogenic activities over the years, including water pollution by arsenic and other toxic 

chemical species [6]. The United States Environment Protection Agency (USEPA) presently uses 

the 10 µg/L arsenic standard which replaced the 50 µg/L to minimise health risks associated with 

arsenic exposure [7]. The South African National Standard (SANS) 241 has declared the allowable 

limit of arsenic concentration in drinking water to be ≤ 10 µg/L based on health impacts studies 

[8].  

The prime toxic oxidation states of arsenic are arsenite [As(III)] and arsenate [As(V)], of which 

As(III) is the most toxic form and As(V) is the most mobile form. As(V) predominately exists as 

divalent (HAsO4
2−) and monovalent (H2AsO4

−) species at near-neutral pH [9,10]. According to 

literature, arsenic levels in the environment can range between 0.01 – 700 ppm (10 μg/L – 

700 000 μg/L) depending on the geographic regions, and can be present in air, water, soils, plants, 

the earth’s crust, igneous and sedimentary rocks, animals, and humans [11,12]. A study by 

Hendricks et al. [13] reported the highest known arsenic concentration of 8000 ppm in an inorganic 

anionic state, detected in soils overlying deposits of sulphidic ore. The discharge of arsenic into 

water sources can originate from natural or anthropogenic activities. Primarily, natural sources of 

arsenic include weathering, erosion, geochemical reactions, and volcanic eruptions [11,12], 

whereas anthropogenic sources include agricultural activities, mining, smelting, burning of fossil 

fuels, wood preservation, and chemical weapon production [14]. The mobility of arsenic in surface 

and groundwater sources is accelerated by weathering and other leaching processes [11,12].  

To abate and manage the challenges of arsenic in the environment several studies have explored 

methods for the removal of arsenic from water. These techniques include ion exchange [15], 

reverse osmosis [16], coagulation [17], precipitation [18], electro-sorption [19], and adsorption 

[20]. However, most of these technologies suffer from disadvantages including the generation of 

toxic sludge and high costs of operation and maintenance. Adsorption is considered a promising 

treatment technique for arsenic removal due to its low operational cost, high adsorbent 

regeneration capacity, low maintenance, and ease of operation. Various Fe and Al-based 
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adsorbents have been used for the removal of arsenic from water, including aluminium hydroxide 

[21], FeOOH/-Al2O3 granules [9] , magnetite-maghemite nanoparticles [22], and goethite [10].  

Acid mine drainage (AMD) is usually an undesirable by-product of coal and gold mining activities, 

and results from hydro-geochemical weathering of sulphide-bearing minerals such as pyrite. AMD 

tends to be grossly enriched with aluminium (Al), iron (Fe), sulphate (SO4
2−), and traces of other 

contaminants. In light of its chemical composition, AMD could be considered as a viable source 

of Al, Fe, and SO4
2− for beneficiation and valorisation. Traditionally, iron and aluminium oxides 

have been synthesised from synthetic chemicals. Pehlivan et al. [23] used synthetic aluminium 

nitrate nonahydrate and iron nitrate nonahydrate to synthesise Al2O3 and Fe2O3 through solution 

combustion. Braga et al. [24] synthesised aluminium oxide/iron oxide by mixing chitosan and iron 

and aluminium hydroxides through dissolution and continuous stirring. Hübner et al. [25] 

synthesised aluminium/iron oxide/hydroxide nanothermite compounds via co-precipitation of 

synthetic iron (III) chloride hexahydrate in the presence of spherical aluminium nanoparticles 

(Al/Al2O3). 

Recently, a notable number of studies have reported the recovery of Al, Fe, and SO4
2− from AMD 

while exploring potential applications. Akinwekomi et al. [26] evaluated the recovery of Fe(II) 

and Fe(III) from AMD and evaluated its utilisation in the synthesis of magnetite. Furthermore, 

similar authors explored the synthesis of goethite, hematite, magnetite, and gypsum from AMD 

[27]. The primary aim was to foster the circular economy and minimize ecological impacts of acid 

mine drainage. Ryan et al. [28] studied the precipitation of iron oxide pigments from synthetic 

AMD. Masindi et al. [29] studied and reported the efficiency of cryptocrystalline magnesite on the 

recovery of metals from AMD, including Fe, Al, Zn, and gypsum. Seo et al. [30] reported on the 

successful recovery of Fe, Al, and Mn from coal AMD via selective precipitation. These studies 

have proven that Fe and Al can be recovered in significant quantities from AMD. Specifically, Fe 

and SO4
2−

 are of viable quantities ranging to 6000 and 80000, respectively [27,31] whilst the 

remaining contaminants are prevalently below 200 ppm [32]. Generally, different alkaline agents 

are used to recover minerals from AMD including limestone, lime, hydrated lime, magnesite, 

calcined magnesite, brucite, periclase, soda ash, caustic soda, and alkaline-based-tailings [33].  

Considering the two toxic and hazardous streams, arsenic effluents and AMD, an elegant solution 

lies in the recovery of Fe and Al from authentic AMD via fractional and step-wise precipitation 
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and subsequent use of the precipitate as an adsorbent for the removal of arsenic from water. This 

would simultaneously ameliorate the detrimental impact of both AMD and arsenic in the 

environment hence fostering the concept of circular economy and mineral valorisation. 

Consequently, this study aimed to recover Al/Fe poly-cations by fractional precipitation of 

authentic AMD and subsequently exploring the application of the precipitate in the removal of 

arsenic from simulated wastewater.  

2. Materials and methods 

2.1 Feedstock and samples collection 

Acid mine drainage (AMD) was collected from a coal mine in Mpumalanga Province, South 

Africa. Caustic soda (NaOH) which was used for pH control and AMD neutralisation was 

purchased from Merck (Pty) Ltd. (Johannesburg, South Africa). Sodium arsenate dibasic 

heptahydrate was purchased from Fluka Analytical (Munich, Germany). All chemicals were of 

analytical grade. Reaction vessels (glassware) were thoroughly cleaned with deionized water 

before every use, and all solutions were prepared using ultrapure water (18.2 MΩ-cm).  

2.2 Synthesis of Aluminium enriched Ferric oxide-hydroxide (Fe/AlO(OH)) from AMD 

Fe/AlO(OH) was synthesised through selective precipitation. Sodium hydroxide provides OHି 

ions which react with Fe3+ /Al3+ to form insoluble Fe/AlሺOHሻଷ. According to literature Fe(OH)3 

and Al(OH)3 precipitates at pH  2 [26]. Findings from a previous research study [31] revealed a 

pH of 4.5 as adequate in the simultaneous recovery of Al and Fe from authentic AMD. A known 

volume of AMD was dosed with dry NaOH to increase the solution pH from 2.5 to 4.5 for selective 

precipitation. The mixture was subsequently mixed for 60 minutes using an overhead stirrer at 

room temperature (±24 ºC). The resultant mixture was slowly heated to 100 °C while continuously 

stirring. After heating, the flask was left to cool to room temperature, vacuum filtered using 

Whatman® Grade 40 ash-less filter paper and dried at room temperature. Post drying, the 

recovered and synthesized Fe/AlO(OH) samples were vibratory-ball-milled to a fine powder at a 

speed of 700 rpm. Subsequently, the material was calcined at 800 ℃ and then sieved through a 

32 µm perforated sieve to acquire the desired particles. The samples were stored in a plastic “zip-

lock” bag, to protect against the elements, until used for arsenic removal.  
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2.3 Preparation of arsenate stock solution 

The As(V) stock solution with 1000 mg.L−1 of As(V) was prepared by dissolving 4.1646 g of 

Sodium arsenate dibasic heptahydrate (Na2HAsO4.7H2O) salt in ultrapure water (18.2 MΩ-cm). 

The stock solution was prepared in 1000 mL volumetric flask. Fresh working solutions of As(V) 

were prepared for each experiment. 

2.4 Batch experiments 

All adsorption kinetic experiments were conducted on magnetic stirrers, and isotherm experiments 

in a thermal orbital shaker/incubator, containing 250 mL As(V) solutions in 250 mL Erlenmeyer 

flasks, mixed at an agitation speed of 250 rpm. Batch-scale experiments for the adsorption of 

As(V) (adsorbate) by Fe/AlO(OH) (adsorbent) were conducted to evaluate the effects of initial 

As(V) concentration, initial pH of As(V) solution, the dosage of the adsorbent, agitation time and 

temperature. All the experiments were carried out in triplicates and the mean value reported. 

According to Frey et al. [34] parameter design, i.e. the choice of nominal operational values for a 

set of design parameters, is preceded firstly by concept design (the set of design parameters) and 

then tolerance design (the allowable range for the operational parameters). Due to the exploratory 

nature of this study, with regards to the adsorption of As(V) on the synthesised material, the exact 

operational parameters as well as the satisfactory range for these parameters were still unknown. 

Consequently, a one-factor-at-a-time experimental procedure was chosen to give insight into the 

magnitude of influence the parameters have on adsorption as well as the feasible range of the 

parameters that yield satisfactory adsorption. A summary of the studied experimental parameters 

is shown in Table 1.  
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Table 1: Summary of studied parameters for As(V) adsorption 

Experiment Initial As(V) 

concentration 

(mg.L−1) 

Adsorbent 

Dosage (g) 

Experimental 

time (min) 

Initial pH of 

As(V) solution 

Temperature 

(ºC) 

1 1; 5; 10; 20; 30; 

40; 50; 100; 

150; 200; 250; 

300; 350; 400 

1 90 7 – 8 25 

2 150 0.1; 0.5; 1; 2; 

3; 4; 5 

(±0.0005) 

90 7 – 8 25 

3 150 1 10; 30; 60; 90; 

120; 180; 240; 

300 

7 – 8 25 

4 150 1 90 2, 3, 4, 5, 6, 7, 8, 

9, 10 (±0.2) 

25 

5 150 1 90 7 – 8 25; 35; 45; 55; 65

 

To study the effects of initial As(V) concentration on the adsorption study, fresh aqueous solutions 

were prepared from the concentrated (1000 mg.L−1) As(V) stock solution. The effects of 

Fe/AlO(OH) dosage on the removal of arsenic from aqueous solution was evaluated by weighing 

masses of the adsorbent on a 4-decimal point mass balance and add them in their respective flasks. 

In studying the effect of agitation time, batch sets were run for different mixing time intervals. For 

the determination of the effect of initial pH of As(V) solution, 0.1 M NaOH and/or 0.1 HNO3 were 

used to adjust the pH to a desirable level. The effect of temperature was determined by conducting 

the adsorption experiments in a thermal orbital shaker/incubator at fixed temperature, shaking 

speed, and time. Blank and zero samples were also analysed to verify the concentration and 

compare analytical results to the theoretical concentrations. 

Isotherm experiments were performed by running batch experiments containing 1 g adsorbent 

suspended in 250 mL Erlenmeyer flasks containing 250 mL As(V) solutions. The experimental 

conditions used for the isotherm experiments are reported in Table 2. 
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Table 2: Summary of studied parameters for As(V) adsorption isotherms 

Experiment Initial As(V) 

concentration 

(mg.L−1) 

Adsorbent 

Dosage (g) 

Experimental 

time (hours) 

Initial pH of 

As(V) solution 

Temperature 

(ºC) 

1 200; 250; 300; 

350; 400 

1 24 7 – 8 25 

2 200; 250; 300; 

350; 400 

1 24 7 – 8 35 

3 200; 250; 300; 

350; 400 

1 24 7 – 8 45 

 

2.5 Characterization of aqueous samples 

The pH levels of aqueous solutions before and after chemical reactions were determined using a 

Thermo Scientific™ Orion 3 Star portable pH meter. Electrical conductivity (EC), total dissolved 

solids (TDS), and salinity were determined using a Mettler Toledo (Columbus, OH (USA)) FiveGo 

EC/TDS/Salinity/Temperature portable multimeter. The aqueous concentrations of chemical 

species were analysed using ICP-MS (7500ce, Agilent, Alpharetta, GA, USA). The pH, EC, TDS, 

salinity, and chemical composition of the raw AMD are reported in Supplementary Table 1 and 

shows that the AMD is an excellent source of Al (280 ± 2 mg.L−1), Fe (1818 ± 4 mg.L−1) and SO4
2- 

(80000 ± 10 mg.L−1). 

2.6 Characterization of solid samples 

The mineralogical composition and pattern of Fe/AlO(OH) and the residue products were 

determined using X-ray diffraction (XRD) and recorded on a Panalytical X'Pert PRO equipped 

with Cu-Kα radiation. X-ray fluorescence (XRF) (Thermo Fisher ARL-9400 XP+ Sequential XRF 

with WinXRF software) was used to determine the compound composition of the Fe/AlO(OH). 

The XRF analysis of the synthesised Fe/AlO(OH) is reported in Supplementary Table 2. Surface 

morphology and composition of the solid samples were characterized using high-resolution 

scanning electron micrographs (HR-SEM-EDS) (Model: Sigma VP FE-SEM with Oxford EDS 

Sputtering System, Make: Carl Zeiss, Supplier: Carl Zeiss, USA). The metal functional groups in 

the solid samples were analysed by using a Perkin-Elmer Spectrum 100 Fourier Transform Infrared 



9 
 

Spectrometer (FTIR) equipped with a Perkin-Elmer Precisely Universal Attenuated Total 

Reflectance (ATR) sampler. BET surface area and BJH pore size of the Fe/AlO(OH) and resultant 

residues were determined using a Brunauer-Emmet-Teller (BET) equipment equipped with 

Micromeritics VacPrep 061 degassing system (Micromeritics Tri-Star II 3020, Surface area and 

porosity, Poretech CC, USA). The thermal stabilities of Fe/AlO(OH) and residue products were 

detected using a Thermo Gravimetric Analyser (TGA) (TGA Q500, TA instrument) under 

atmospheric air with a flow rate of 50 mL.min−1 and a heating rate of 10˚C.min−1. 

2.7 Point of zero charge (PZC)  

In studying and determining the point of zero charge (PZC) of the adsorbent (Fe/AlO(OH)), a 

method described by Smičiklas et al. [35] was adopted and applied. A volume of 50 mL of 0.1 M 

KNO3 solution was transferred into nine (9) individual flasks. The initial pH values of the solutions 

were adjusted to 2 – 10 using 0.1 M HNO3 and NaOH. Thereafter, 0.1 g of Fe/AlO(OH) was added 

into each flask and the mixtures were left allowed to equilibrate for 24 hours at ± 25 ºC. The 

Fe/AlO(OH) suspensions were then separated from the solutions, and the final pH values were 

recorded.  

2.8 Adsorption capacity and removal efficiency 

2.8.1 Adsorption capacity 

The adsorption capacity of Fe/AlO(OH) and percentage removal of As(V) from aqueous solution 

was determined using equation 1 [36]: 

𝑄௘ ൌ
ሺ஼బି஼೐ሻ.௏

௠
  (1) 

Where, Qe (mg.g−1) is the adsorption capacity; Co (mg.L−1) is the initial concentration of As(V), 

Ce(mg.L−1) is the equilibrium concentration of As(V), respectively; V (L) is the volume of the 

As(V) solution; and m (g) is the dosage of the adsorbent. 

2.8.2 Percentage removal 

The adsorption capacity of Fe/AlO(OH) and removal efficiency of As(V) with the adsorbent from 

aqueous solution was determined using equation 2: 
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%𝑅௘ ൌ ஼బି஼೐

஼బ
ൈ 100 (2) 

Where; %𝑅௘  is the removal efficiency of the adsorbent; 𝐶଴ is the initial As(V) concentration 

(mg/L); 𝐶௘ is the equilibrium As(V) concentration (mg.L−1).  

2.9 Desorption study 

To study the regeneration of the Fe/AlO(OH), a method described by Kumari et al. [37] was 

applied. A batch experiment was conducted where 1 g of Fe/AlO(OH) was agitated with 250 mL 

of 150 mg.L−1 As(V) solution in a 250 mL Erlenmeyer flask for 90 minutes. After equilibration, 

the residue was separated from the supernatant via centrifugation. The recovered residue material 

was then washed five times with 250 mL ultra-pure water to remove excess As(V) ions, and then 

dried. Thereafter, the dried sample was mixed with 250 mL of 0.1 M HNO3 under room 

temperature. The resultant HNO3 extract was collected and analysed for As(V) ions. The 

desorption percentage was determined using Equation 3: 

%𝐷𝑒𝑠𝑜𝑟𝑝𝑡𝑖𝑜𝑛 ൌ  ஼೏೐ೞ

஼೚
ൈ 100 (3) 

Where; 𝐶ௗ௘௦ (mg.L−1) is the concentration of As(V) ions in the desorption eluent; 𝐶௢ (mg.L−1) is 

the initial concentration of As(V) ions.  

3. Results and discussion 

3.1 Characterisation of Raw Fe/AlO(OH) (RP) and Post As-adsorption (PA) Fe/AlO(OH) 

3.1.1 Functional groups on surfaces 

Figure 1 depicts the functional groups present in the material before and after As(V) adsorption 

after characterisation with FTIR. 
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Figure 1: Functional groups of raw and As(V)-reacted Fe/AlO(OH) 

Bands of raw and As(V)-reacted Fe/AlO(OH) are shown in Figure 1. An illustration of possible 

high stretching of O−H for the two parallel bands is observed between 4000 –3500 cm−1. The 

adsorption band at 1668 cm−1 could be an indication of the stretching of HOH which further 

increased at 1113 cm−1 [38]. The broad band around 1100 cm−1 indicate surface bound S–O groups 

[39]. The small band at 839 cm−1 which curves upwards could be an indication of the stretching of 

As−O [38].   

3.1.2 Surface morphology 

Figure 2 illustrates the distribution of morphology in Fe/AlO(OH) determined using SEM before 

(RP) and after As(V) adsorption (PA). There is no significant change in the morphology of the 

material before and after contacting As(V). Figure 2(a), (c), and (e) show the morphologies of the 

raw Fe/AlO(OH)  at different sizes. The Fe/AlO(OH) shows non-uniform shapes with uneven 

distribution of irregular agglomerates.  The material is observed to have pressed-like structures. 

When compared to the morphologies of As-reacted Fe/AlO(OH) depicted in Figure 2(b), (d) and 

(f), there is no significant difference due to the material’s high stability. This indicates that the 

synthesized Fe/AlO(OH) is chemically and mechanically stable. Similarly, Jiménez-Cedillo et al. 

[40] and Nekhunguni et al. [9] reported that no clear change was observed after adsorption using 

their studies’ pollutants. 
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Figure 2: Morphology of Fe/AlO(OH) before (a, c, and e) and after (b, d, and f) As(V) adsorption 

3.1.3 Mineral composition  

Figure 3 illustrates the mineral composition of the Fe/AlO(OH) before and after As(V) adsorption, 

respectively, after characterisation with XRD.  Figure 3 illustrates that the synthesized Fe/AlO(OH) 

was amorphous in nature. This could be explained by the deficiency of peaks within the 

diffractogram. Furthermore, the Fe/AlO(OH) was principally characterised by goethite FeO(OH) 

as the main mineral and crystalline phase. As such, it can be concluded that the adsorption of 

As(V) did not impact the mineralogical composition of the synthesized Fe/AlO(OH), thereby 

possibly showing the adsorption of As on the surface of the material without altering its crystalline 

structure [41], albeit with a highly amorphous nature.  This further confirms that the material is 

chemically stable.  

Raw Fe/AlO(OH) As-adsorbed Fe/AlO(OH)
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Figure 3: The XRD diffractogram of raw and As adsorbed Fe/AlO(OH). 

3.1.4 EDS analysis and corresponding mapping of elemental composition 

The results from EDS spectral elemental analyses of the adsorbent surface of the raw and As 

reacted Fe/AlO(OH)  are shown in Figure 4. The relative compositions were determined by taking 

the means of four spot-spectra on the Fe/AlO(OH). All spectra show the presence of Fe and Al 

thereby confirming the metallic nature of the material. The presence of Fe and S denotes that this 

material was recovered from pyritic AMD. The significant presence of oxygen represents the oxide 

fraction of the adsorbent. The presence of Si, S, Mg, Ca and other minor component are the result 

of impurities co-precipitated from the AMD. The presence of As on the surface after adsorption 

indicates that the material scavenges arsenic from aqueous solution and thereby confirms the fate 

of the adsorbed species. Moreover, the composition of Fe, Al, S, O and C was observed to be 

preserved during adsorption therefore demonstrating the chemically stability of the material – a 

Student’s t-test showed insignificant differences (5% level) in the means of all respective elements 

present before and after adsorption.  The XRF chemical composition of the Fe/AlO(OH) 
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(Supplementary Table 2) support these result as a majority of Fe2O3 and Al2O3,  with minor 

components Si, S, Mg, Ca, etc, were measured in the solid matrix prior to adsorption.  

  

Figure 4: Comparison of EDS elemental analyses of raw Fe/AlO(OH) and As adsorbed Fe/AlO(OH)  

The EDS mapping of the relative distribution of elements on the raw (RP) and As adsorbed (PA) 

surfaces of Fe/AlO(OH) are shown in Figure 5. Figure 5 shows that Fe and Al are present in the 

synthesised Fe/AlO(OH) in a uniform and even distribution. The presence of O likely shows the 

oxide part of the adsorbent. From the main structure (a), appearances of Fe and Al are observed. 

As was detected on the PA mapped surfaces confirming the fate of As(V) after adsorption by the 

Fe/AlO(OH).  

From the corresponding maps for the individual species measured by the EDS, as shown in Figure 

5, similar distribution patterns for the individual species can be observed. This observation might 

indicate that different elements were present within the same area on the surface, likely as a result 

of the precipitating species identities (e.g. O and Fe/Al as in Fe2O3, Al2O3), possible co-

precipitation (Fe and S), or the interaction of the As species with the surface species.  
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Figure 5: EDS mapping of the Raw Fe/AlO(OH) (RP) and Post As(V)-adsorbed (PA) Fe/AlO(OH) . 
The maps show the elemental distribution of all elements (a and b), As (c), Fe (d and e), Al (f and g), 
S (h and i), and O (j and k). 

To quantitatively assess the interaction of the species, the images in Figure 5 were compared using 

image processing software ImageDiff. The process involves a modification of the Recursive Pixel 

Allocation method  [42] and involves the comparison of corresponding pixels in associated images 

to assess the prevalence of co-occupation of various elemental species in the pixels. To ensure 

comparable images, the images were cropped to a constant size of 200×270 pixels (surface are of 

765.3 μm2), to remove all white borders – which would yield a false positive area. The cropped 

areas were the same distance from the top of the image (26 pixels) and the left of the image (6 

pixels) to ensure that compared areas corresponded to the same zones from the original image. To 

account for the differences in colour between the images, each image was first normalised against 

a pure black image – the EDS represented the absence of species as black – using a high and low 

threshold filter and the resulting images were converted to monochrome. The high threshold filter 

ignored all pixels except those with the maximum difference compared to the black image and vice 

versa and therefore provided a method to assess the extreme differences between black image and 
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the image of interest. The resulting monochrome images were subsequently compared on a pixel 

level. The interaction matrices between the measured species are shown in Table 3 and Table 4.  

Table 3: The interaction matrix showing the average ± standard deviations of the percentage 
differences between corresponding pixels for the raw Fe/AlO(OH) 

 Fe RP Al RP S RP O RP 

Fe RP 0 % 46.4 ± 7.5 % 37.0 ± 4.4 % 35.7 ± 4.0 % 

Al RP 46.4 ± 7.5 % 0.0 % 41.9 ± 7.6 % 35.4 ± 6.5 % 

S RP 37.0 ± 4.4 % 41.9 ± 7.6 % 0.0 % 30.1 ± 3.0 % 

O RP 35.7 ± 4.0 % 35.4 ± 6.5 % 30.1 ± 3.0 % 0.0 % 

 

Table 4: The interaction matrix showing the average ± standard deviations of the percentage 
differences between corresponding pixels for the post As(V)-adsorbed (PA) Fe/AlO(OH)  

 Fe PA Al PA S PA O PA As PA 

Fe PA 0 % 49.4 ± 2.7 % 46.0 ± 0.9 % 43.4 ± 1.4 % 49.2 ± 2.4 % 

Al PA 49.4 ± 2.7 % 0.0 % 50.7 ± 3.4 % 24.5 ± 4.8 % 26.1 ± 7.9 % 

S PA 46.0 ± 0.9 % 50.7 ± 3.4 % 0.0 % 45.8 ± 0.5 % 50.1 ± 3.1 % 

O PA 43.4 ± 1.4 % 24.5 ± 4.8 % 45.8 ± 0.5 % 0.0 % 18.8 ± 4.1 % 

As PA 49.2 ± 2.4 % 26.1 ± 7.9 % 50.1 ± 3.1 % 18.8 ± 4.1 % 0.0 % 

 

The data presented in Table 3 and Table 4 were validated by a Student’s t-test of the corresponding 

interactions for the tables. E.g. the t-test probability of a significant difference between the means 

of Fe RP – Al RP and Fe PA – Al PA was 0.66, well above the generally accepted significance 

level of 0.05. This shows that an insignificant difference between the means of the compared 

interaction pairs existed. None of the t-tests showed significant differences in means at a 

significance level of 5% and therefore it was assumed that Table 3 and Table 4 represented the 

properties for comparable materials. 

From Table 3 and Table 4, it can be observed that the smallest differences in surface occupation 

were observed in the As−Al, As−O, Al−O, and S−O species. The As−Al interaction shows a 

disproportionate Al effect on As(V) adsorption considering the circa 1% prevalence of Al in the 

adsorbent (Figure 4 and Supplementary Table 2); likely a result of the large charge differences in 
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the species. This interaction has been reported previously in literature [43–45]. The As−O 

interaction likely resulted from the As oxyanion species, the S−O species were likely a result of 

the significant sulfate content of the AMD used for synthesis. Both As−O and S−O species were 

observed in the FTIR spectrum (Figure 1). The Al−O interactions were likely a result of the 

precipitation of Al2O3 species. The relatively high prevalence of Fe−O surface occupation links to 

the oxygenated goethite species observed in the XRD spectrum (Figure 3). It is interesting to 

observe the prevalence of Fe−S co-occupation which can be ascribed to sulfate-geothite surface 

bonding as observed by Peak et al. [39]. 

3.1.5 Thermal stability 

Figure 6 illustrates the thermal stability of Fe/AlO(OH) before and after As(V) adsorption, as 

analysed using thermos-gravimetric analysis. 

 

Figure 6: Thermal stability of Fe/AlO(OH) before and after As(V) adsorption. The shaded areas show 
the standard deviations of four repeat measurements. 

Figure 6 demonstrates the thermal stability of Raw (RP) and Post As-adsorbed (PA) Fe/AlO(OH). 

Longa-Avello [46] reported a three-stage calcination process for Goethite, the first stage at 

temperatures between 250 °C – 350 °C involves the moisture loss from the mineral. The second 

stage (450 °C – 550 °C) involves the loss of chemically bound water, and the final stage above 

550 °C involves the loss of OH--groups. These stages of calcination were clearly observed in the 

TGA graph for both RP and PA Fe/AlO(OH) (Figure 6). Regarding the influence of the inclusion 
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of Al within the mineral matrix, Wei et al. [47], in a study which evaluated the thermal stability of 

an atomically sharp Fe/Al interface, also reported a temperature of 150 ºC as being the maximum 

temperature before the state of Fe/Al interface could change as further heating changes the 

chemical structure of the material.  It should be noted that significant differences were observed 

between thermal stabilities of RP and PA Fe/AlO(OH). It is observed that the first stage in the PA 

was significantly more pronounced than the RP, the second stage was very similar for both RP and 

PA, while the As(V) adsorption appeared to stabilise the adsorbent material. A likely explanation 

for the different TGA profiles for the RP and PA Fe/AlO(OH) is that the adsorption of As(V) 

disrupts OH- groups as a result of the inner sphere complexation which displaces of H2O/H+ during 

adsorption [48]; this significantly reduces the release of OH--groups at temperatures above 550 °C.  

3.1.6 Surface area and porosity of Fe/AlO(OH) pre- and post As-adsorption 

The surface area properties of the raw Fe/AlO(OH) (RP) and As-adsorbed (PA) Fe/AlO(OH) are 

shown in Table 5. The surface properties were calculated using the methods of Brunauer, Emmett 

and Teller (BET), and Barrett, Joyner and Halenda (BJH) to determine the specific surface area 

and the pore size distribution of the porous material, respectively [49]. The large differences in the 

adsorption average pore width and the BJH average pore diameter (see Table 5) result from the 

assumptions that these methods are based on. The adsorption average pore width assumes the 

presence of uniform cylindrical pores (calculated as the ratio of adsorption total pore volume and 

BET surface area), while the BJH average pore diameter is calculated using the assumptions that 

the pores contain a surface on which layers of adsorbate molecules can form which increase 

proportional to the relative pressure of adsorbate, and there exists a capillary radius which is filled 

by adsorbate condensate. The BJH method calculates the average pore diameter taking into 

account the adsorbed layer and the capillary condensed adsorbate [49]. The adsorption total pore 

volume was calculated from the volume of nitrogen adsorbed at saturation conditions by assuming 

the adsorbed nitrogen has the same density as the liquid phase at the operational temperature. In 

contrast, the BJH cumulative volume is calculated from the incremental sum of the pore volumes, 

considering the pore size distribution effect and the relative contributions of adsorbate adsorption 

and condensation on the total amount of adsorbate retained in the adsorbent [49].  
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Table 5: The surface area properties of the Raw Fe/AlO(OH) and As-adsorbed Fe/AlO(OH)  

Parameters 
Surface Area (m².g-1) Raw Fe/AlO(OH) As-adsorbed Fe/AlO(OH) 
BET Surface Area 37.6 82.0
Pore Volume (cm³.g-1) 
Adsorption total pore volume  0.0621 0.0902
BJH cumulative volume  0.0630 0.0762
Pore Size (nm) 
Adsorption average pore width  6.60 4.40
BJH average pore diameter  22.7 14.2 

 

As shown in Table 5, the BET surface area of the Fe/AlO(OH) was reported to be approximately 

37.6 m².g−1 which significantly increased to approximately 82.0 m².g−1 after the adsorption of 

As(V) ions from aqueous solution. An increase in surface area indicates that the adsorbed chemical 

has the potential to increase the surface area of the adsorbent which indicates the potential of this 

material for secondary uses post the adsorption of As(V) ions. In addition, the adsorption total pore 

volume and the BJH cumulative volumes increased markedly when comparing the pre- and post 

As(V)-adsorbed Fe/AlO(OH). The increased total pore volume might indicate the “hollowing out” 

of the particle itself during adsorption. This was possibly a result of the release of bound water and 

protons due to inner sphere complexation [48] or the initial oxyanion assistant dissolution of the 

goethite at low surface coverage due to mononuclear inner sphere complexation (the material was 

later stabilized at higher surface coverage due to binuclear inner sphere complexation) [50], but 

the exact mechanism responsible is yet to be determined. This “hollowing” of the adsorbent further 

provides a likely explanation for significant increase in BET surface area even though the pore 

diameters decrease during adsorption. 

The raw Fe/AlO(OH) and As-adsorbed had BJH pore sizes of 22.7 nm and 14.2 nm, which denotes 

that the material is mesoporous – the pore diameter falls within the range of 2 – 50 nm [51]. Some 

studies have reported low surface areas of mesoporous materials for Fe2O3 and Al2O3 to be 5.05 

and 0.50 m².g−1, and 0.55 and 2.35 m².g−1, respectively [43,52], while other studies reported high 

surface areas of Fe-Al materials of 47 – 134 m2/g [53,54]. 

The nitrogen adsorption-desorption isotherms of the synthesized Fe/AlO(OH) and As-reacted 

Fe/AlO(OH) are shown in Figure 7. The adsorbed quantities were observed to increase with an 
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increase in relative pressure. This could be explained by the non-rigid nature of the adsorbent and 

the location of the characteristic shoulder is consistent with the destabilization of condensate at the 

P/P0 value, which is limiting the entire process. Furthermore, the curve for the raw Fe/AlO(OH) 

and As-adsorbed Fe/AlO(OH) showed type IV adsorption isotherm behavior. Moreover, Figure 7 

showed H3-type hysteresis loops according to BDDT classification, indicating the samples contain 

meso-pores (2–50 nm) and will therefore enable high permeability of the contaminated water 

hence increasing the rate at which contaminants are scavenged out of the solution [51,55,56]. The 

nitrogen adsorption-desorption curve closely resembles that reported by Zhang et al [56] which 

was also interpreted as conforming to H3-type hysteresis with similar surface area and pore size 

as that measured in this study. 

 

Figure 7: The nitrogen adsorption-desorption isotherms of Raw Fe/AlO(OH) and As adsorbed 
Fe/AlO(OH)  

3.2 Batch adsorption experiments 

The effects of operational parameters (Table 1) on the removal of As(V) from aqueous solution 
are illustrated in Figure 8.  
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Figure 8 (a-e): Relationship between % removal of As(V) and different operational parameters (see 
Table 1). Dashed lines indicate the identified optimal conditions for further experiments. To ensure 
equilibrium conditions all experiments were operated for at least 90 minutes, as confirmed by c). 

3.2.1 Effect of initial As(V) concentration 

As illustrated in Figure 8(a), the effect of initial As(V) concentration demonstrated a complete 

removal of As(V) from aqueous solution by the Fe/AlO(OH) for concentrations between 1 – 150 

mg/L. At 200 mg/L, residual concentration of approximately 1.8 mg/L was measured, thus 

implying a removal of 99.1 ± 0.05 %. Saturation of the adsorbent was observed at values in excess 
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of 150 mg/L, i.e. the adsorbent did not have enough sites left to accommodate additional As(V) 

ions. When an adsorbent is saturated with the adsorbate, the rest of the oxyanions, As(V) in this 

study, are left in solution, hence the decrease in the percentage removal. It can be concluded that 

an initial As(V) concentration of 150 mg/L is the maximum concentration the Fe/AlO(OH) can 

accommodate for an adsorbent dose of 1 g. Mostafa et al. [57] reported the optimum concentration 

being less or equal to 10 mg/L. This study in comparison, demonstrated exceptionally capacity for 

As(V) adsorption. 

3.2.2 Effect adsorbent dosage 

The effect of adsorbent dosage on the removal of As(V) from aqueous solution was studied; the 

relationship between dosage and % As(V) removal is illustrated in Figure 8(b). It can be noted that 

a dosage of adsorbent in excess of 1 g is sufficient to ensure complete removal of As(V) from the 

system for an As(V) concentration of up to 150 mg/L. This complete removal of As(V) shows that 

the material can adsorb large amounts of As(V) oxyanions. The nearly constant percentage 

removal observed with an increased dosage is attributed to the overlapping of active sites or 

saturation of adsorption sites, which reduce the available surface area. The concentration of As(V) 

ions is less than the surface area of the adsorbent material can accommodate and therefore the 

material has vacant pores or spaces not covered by As(V) ions [58]. In comparison, Maji et al. 

(2011) [59] reported a dosage of 15 g iron-oxide-coated natural rock which removed 75 % of a 10 

mg/L As(V) solution.  

3.2.3 Effect of experimental contact time 

As shown in Figure 8(c), the adsorption of initial concentration As(V) solution by Fe/AlO(OH) is 

observed as a function of experimental time is shown. The adsorption rapidly proceeds with an 

agitation time with more than 95% of the adsorption taking place within the initial 60 minutes. A 

study by Nekhunguni et al. [9] reported that 90 minutes was optimum for removal of As(V) using 

an iron-based material, in comparison this study demonstrated that a significantly lower contact 

time of 60 minutes is sufficient for equilibration.  

3.2.4 Effect of solution pH  

The effect of pH on the removal of As(V) from aqueous solution was studied over a pH range of 

2 – 10. The relationship between % removal and initial pH is shown in Figure 8(d). The initial pH 
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of As(V) solution had negligible effect on the removal of As(V) from water; the adsorption of 

As(V) by Fe/AlO(OH) was the same at all pH levels of the solution. As(V) oxyanions are more 

dominant between pH of 2 – 11; at these solution pH values As(V) take the form of dihydrogen 

arsenate (H2AsO4
-) and hydrogen arsenate (HAsO4

2-). The point of zero charge of Fe/AlO(OH) 

was found to be pH = 3.02 but exhibited negligible effect on the adsorption of As(V). Liu et al. 

[60] also reported limited effect of pH on the removal of As(V) using iron and aluminium binary 

oxide. 

To elucidate the mechanism responsible for the lack of pH effect on the adsorption behaviour of 

As(V) by Fe/AlO(OH), it is necessary to consider the chemistry of the adsorption process. It is 

widely accepted that As(V) forms strong inner-sphere complexes on Fe and Al oxides [48,50]. 

This mechanism was verified for FeOOH [61] and AlOOH [62] using X-ray and IR spectroscopy, 

respectively. Inner sphere complexation involves the specific complexation of the As(V) 

oxyanions with the adsorbent surface in which surface complexes are formed in either 

mononuclear/monodentate, mononuclear/bidentate, or binuclear/bidentate configurations [50]. 

Equation 4 and equation 5 illustrate inner-sphere monodentate and bidentate adsorption of As(V) 

ions on Fe/AlO(OH), respectively [50]: 

𝑀𝑂𝐻 ൅ 𝐻ଷ𝐴𝑠𝑂ସ → 𝑀 െ ሺ𝐻௫𝐴𝑠𝑂ସ
௫ିଷሻ ൅ 𝐻ଶ𝑂 ൅ ሺ2 െ 𝑥ሻ𝐻ା, 𝑥 ൌ 0, 1, 2  (4) 

𝑀𝑂𝐻 ൅ 𝐻ଷ𝐴𝑠𝑂ସ → 𝑀 െ ൫𝐻௬𝐴𝑠𝑂ସ
௬ିଷ൯ ൅ 2𝐻ଶ𝑂 ൅ ሺ1 െ 𝑦ሻ𝐻ା, 𝑦 ൌ 0, 1 (5) 

Where M = Fe/Al 

The complexation of the As(V) ions with the adsorbent (MOH) to form adsorbent – adsorbate 

complex [M െ ൫𝐻௫,௬AsOସ
௫,௬ିଷ൯]  releases Hା ions to the aqueous medium; this results in a drop in 

pH of the medium during adsorption. When the pH was measured after As(V) adsorption, it was 

observed that all the pH levels were between 2 – 3 after adsorption. The point of zero charge of 

Fe/AlO(OH) (pH = 3.02), indicated that the surface was positively charged at the completion of 

all adsorption experiments. This resulted in a strong electrostatic attraction with the negative 

arsenate oxyanions for all the pH values tested [63] – resulting in the lack of significant effect of 

the pH on the removal of As(V). Consequently, Fe/AlO(OH) displayed high effectiveness in the 

removal of As(V) from aqueous solution within a wide range of pH (2 – 10), which indicates that 
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the adsorbent has high potential efficiency in treating wastewater to recover drinking water within 

the industrially applicable pH range 5.5 – 8.5 [64].  

3.2.5 Effect of temperature 

As shown in Figure 8(e), temperature has a negligible effect on the adsorption of As(V) onto 

Fe/AlO(OH). However, it should be noted that an increase in temperature led to an increase in EC, 

TDS, and Salinity. This behaviour agrees with a decrease in the pH i.e. the low pH is as a result of 

acidity contributed by Fe/AlO(OH) to the aqueous system, as it was synthesised from AMD at 

between pH 3 – 5. The results show that Fe/AlO(OH) has the potential to efficiently adsorb As(V) 

at room temperature with consequent potential economic benefits. In comparison, Nekhunguni et 

al. [9] reported the optimum adsorption temperature of 53 ºC, while Vieira et al. [65] reported an 

optimal temperature of 20 ºC.  

3.3 Adsorption isotherms 

The adsorption isotherm data was modelled using several adsorption isotherms from literature [66–

68]. A summary of the isotherms modelled as well as the results obtained are presented in Table 6. 

The most striking observation from Table 6 is that all isotherm models fitted the experimental data 

with a coefficient of determination R2 > 0.99 and a root-mean-square error RMSE < 3 mg.g−1. This 

shows that all isotherm models describe the data sufficiently well and therefore all the models were 

evaluated in terms of the information that the fitter parameters provide about the adsorption 

mechanisms and energetic considerations. 

The most common isotherm tested in literature is the Langmuir isotherm, originally derived for 

the monolayer adsorption of gasses on a planer surface [66]. The isotherm is based on the 

assumptions that a monolayer of adsorbate adsorbs to a homogenous surface with a uniform energy 

distribution. The fitted parameters from the Langmuir isotherm were the maximum adsorption 

capacity of the material (Qmax) and the thermodynamic parameters of adsorption: the standard 

entropy change of adsorption (ΔSo) and the standard enthalpy change of adsorption (ΔHo). The 

Qmax of 102 mg.g−1 determined from the Langmuir isotherm is exceptionally high when compared 

to the highest reported studies on the adsorption of As(V) in literature [69–71]. This indicates a 

very high affinity of the adsorbent for the adsorbate; i.e. promising performance from an industrial 

perspective. The positive value for ΔSo = 15.5 J.mol−1.K−1 indicates an increase in the randomness 
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at the solid liquid interface, likely due to the displacement of water molecules and H+ ions at the 

surface resulting in a greater increase in entropy than was lost due to the removal of As(V) from 

solution [72]. This observation has been linked to inner-sphere complexation on the adsorbent 

surface [73] and corresponds to the observed drop in pH during adsorption with accompanying 

proposed adsorption mechanisms (equation 4 and 5). Chaudhry and co-workers [74] also reported 

a positive entropy change for As(V) adsorption and ascribed this increased to As(V) adsorption 

releasing H+ ions thereby increasing the freedom within the system. The relatively low 

ΔHo = 6.35 kJ.mol−1 indicates a physisorption mechanism responsible for adsorption. In 

physisorption the interaction forces are relatively weak Van der Waals forces and therefore low 

heats of adsorption of between 5 – 40 kJ/mol are usually measured  [75]. Nekhunguni et al [9] 

measured an equivalently low enthalpy of adsorption for As(V) adsorption to iron (hydr)oxide 

modified zeolite of 9.392 kJ.mol-1. The low enthalpy of adsorption results in a limited dependence 

on temperature of the system, as predicted by the Van’t Hoff equation [76], which is promising for 

industrial application (corresponding to the limited temperature effect on adsorption). A similar 

combined adsorption mechanism involving physisorption and inner-sphere complexation was 

reported by Pintor et al. 2020 [77] for As(V) adsorption on iron coated cork granules. The impact 

of this combined mechanism is that the adsorption follows a fast, temperature insensitive 

physisorption mechanism coupled to an inner sphere complexation mechanism which has the 

potential to inhibit dissolution rates, consequently stabilising the adsorbent at high adsorbate 

coverage [50]. An important parameter to consider when estimating the Langmuir parameters is 

the separation factor (RL) [78].  The RL values give an indication of the favourability of the 

adsorption, RL > 1 indicates unfavourable adsorption, RL = 1 linear adsorption, RL < 1 favourable 

adsorption, and RL = 0 irreversible adsorption [79]. For initial concentrations tested in this study 

the adsorption process is highly favourable; RL values between 0.0043 and 0.167 were calculated. 

The Freundlich isotherm was developed to account for the inhomogeneity of the adsorbent surface. 

This isotherm does not predict the linear behaviour at low adsorbate concentrations or saturation 

behaviour at high concentrations [78]. The fitted parameters from the Freundlich isotherm model 

are the Freundlich constant (KF), the Freundlich intensity parameter (nF). The Freundlich intensity 

parameter gives an indication of the favourability of the adsorption, with nF > 1 favourable, nF = 1 

linear adsorption, and nF < 1 unfavourable adsorption. In this case the nF = 3.90 show a highly 

favourable adsorption process. 
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The multiple surface Langmuir isotherm was developed in 1918 in the seminal paper on adsorption 

of gases on surfaces by Irving Langmuir [66]. The isotherm was derived with the assumption that 

multiple surface types exist on the surface of the adsorbent with different adsorption properties. In 

the current paper, the number of heterogeneous surface types was limited to two. The results from 

the non-linear fit showed very similar maximum adsorption capacities for the two surfaces with 

Qmax1 = 67.2 mg.g−1 and Qmax2 = 61.9 mg.g−1 (yielding a total maximum adsorption capacity of 

129 mg.g−1). The energetics of the surfaces were, however, very different, with the standard 

entropy changes of ΔS1
o = 36.45 J.mol−1.K−1 and ΔS2

o = −22.02 J.mol−1.K−1. These results 

indicate that on surface type 1, the randomness increased (likely due to surface complexation), 

while on surface 2, the randomness decreased; adsorption processes are expected to decrease 

entropy due to the decrease in randomness in the system. The ΔH1
o = 10.65 kJ.mol−1 and 

ΔH2
o = 0.588 kJ.mol−1 indicated a weak dependence of the system on temperature. The 

thermodynamic properties in the two surface Langmuir model as compared to the traditional 

Langmuir isotherm, as discussed above, indicates that the Langmuir results were a nett effect for 

the surfaces with different properties. The 0.00177 < RL1 < 0.0852 and 0.0428 < RL2 < 0.641 

showed that both surface types were favourable to adsorption. 

The Dubinin-Radushkevich (DR) isotherm was originally developed to describe the adsorption of 

gases and vapours and later modified to predict bisolute adsorption in dilute liquid solution [80]. 

This equation was later generalised to the Dubinin-Astokov (DA) [81] isotherm to account for 

more complicated adsorption behaviour. In these adsorption isotherms, the parameters indicated 

the maximum adsorption capacity of the adsorbents – QmaxDR and QmaxDA (mg/g), the energy 

required to adsorb an adsorbate from infinity to the adsorbent surface – EDR and EDA (kJ/mol). The 

maximum adsorbate solubility is represented by CS, and the fitted empirical exponent in the DA 

isotherm (nDA) is a value between 1.5 – 3. The results from the non-linear fits showed comparable 

adsorption capacities to the Langmuir and Two-surface Langmuir models (QmaxDR = 115 mg/g and 

QmaxDA = 125 mg/g). Similar adsorption energies were determined for the DR and DA isotherms 

(EDR = 13.3 kJ/mol and EDA =12.9 kJ/mol). The energies of adsorption indicate a likely diffusion 

controlled mechanism responsible for adsorption; E-values < 8 kJ/mol indicate physisorption, 

E > 16 kJ/mol represent chemisorption, and 8 kJ/mol < E < 16 kJ/mol denote a diffusion controlled 

adsorption mechanisms [79]. 
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Additionally, EDR can be used to estimate the internal surface area of an adsorbent by the empirical 

equations 6.  

𝑆௠௜ ൌ ଶଵ଺଴଴ௐ೚

ఉாವೃିଵ଴.ସ
 (6) 

In equation 6, Wo is the volume of adsorbed species – Wo = NAo.Vm. NAo is the maximum molar 

amount adsorbed in mol/cm3, and Vm is the molar volume of the adsorbate (cm3/mol). β is the 

affinity coefficient of the of the adsorbate relative to a reference – by convention phenol. The 

results from equation 6 predicted an internal surface are of 31.9 m2/g, which is very close to the 

surface area of 37.6 m2/g measured by BET method (Table 5).  

Table 6: Summary of the adsorption isotherms tested, the fitted parameters, and the coefficient of 
determination (R2) and root-mean-square error (RMSE) as a measure of the goodness of fit of the 
different isotherm models. 

Isotherm  Differential form Fitted Parameters R2/RMSE 

Langmuir [66–

68]  
𝑄௘ ൌ

𝑘௅ሺ𝑇ሻ𝑄௠௔௫𝐶௘

1 ൅ 𝑘௅ሺ𝑇ሻ𝐶௘
,  

𝑘௅ሺ𝑇ሻ ൌ exp ቆ
𝛥𝑆௢

𝑅
െ

𝛥𝐻௢

𝑅𝑇
ቇ 

𝛥𝑆௢ ൌ 15.5
𝐽

𝑚𝑜𝑙. 𝐾
 

Δ𝐻௢ ൌ 6.35
𝑘𝐽

𝑚𝑜𝑙
 

𝑄௠௔௫ ൌ 102
𝑚𝑔
𝑔

  

0.0043 ൏ 𝑅௅ ൏ 0.167  

0.994/ 

2.45 mg.g−1 

Freundlich [67]  
𝑄௘ ൌ 𝐾ிሺ𝑇ሻ𝐶௘

ଵ
௡ 

𝐾ிሺ298 𝐾ሻ

ൌ 45.5
𝑚𝑔
𝑔

൬
𝐿

𝑚𝑔
൰

ଵ
௡ಷ

 

𝐾ிሺ308 𝐾ሻ

ൌ 46.4
𝑚𝑔
𝑔

൬
𝐿

𝑚𝑔
൰

ଵ
௡ಷ

  

𝐾ிሺ318 𝐾ሻ

ൌ 46.7 
𝑚𝑔
𝑔

൬
𝐿

𝑚𝑔
൰

ଵ
௡ಷ

 

𝑛ி ൌ 3.90 

0.997/ 

1.76 mg.g−1 

Two-surface 

Langmuir [66]  
𝑄௘ ൌ ෍

𝑘௅,௜ሺ𝑇ሻ𝑄௠௔௫,௜𝐶௘

1 ൅ 𝑘௅,௜ሺ𝑇ሻ𝐶௘

ଶ

௜ୀଵ

,  Δ𝑆ଵ
௢ ൌ 36.5

𝐽
𝑚𝑜𝑙. 𝐾

 
0.999/ 0.824 

mg.g−1 
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𝑘௅,௜ሺ𝑇ሻ ൌ exp ቆ
𝛥𝑆௜

௢

𝑅
െ

𝛥𝐻௜
௢

𝑅𝑇
ቇ Δ𝐻ଵ

௢ ൌ 10.7
𝑘𝐽

𝑚𝑜𝑙
,   

𝑄௠௔௫,ଵ ൌ 67.2
𝑚𝑔
𝑔

,   

Δ𝑆ଶ
௢ ൌ െ22.0

𝐽
𝑚𝑜𝑙. 𝐾

 

Δ𝐻ଵ
௢ ൌ 0.588

𝑘𝐽
𝑚𝑜𝑙

 

𝑄௠௔௫,ଵ ൌ 61.9
𝑚𝑔
𝑔

 

0.00177 ൏ 𝑅௅ ൏ 0.0852 

0.0428 ൏ 𝑅௅ ൏ 0.641 

 

Dubinin-

Radushkevich 

[67] 

𝑄௘ ൌ 𝑄௠௔௫,஽ோ exp ൝െ ቈ
𝑅𝑇𝑙𝑛ሺ𝐶ௌ 𝐶௘⁄ ሻ

𝐸஽ோ
቉

ଶ

ൡ 𝐸஽ோ ൌ 13.3
𝑘𝐽

𝑚𝑜𝑙
, 𝑄௠௔௫ 

ൌ 115
𝑚𝑔
𝑔

 

0.993/ 

2.70 mg.g−1 

Dubinin-Astokov 

[67] 

𝑄௘

ൌ 𝑄௠௔௫,஽஺ exp ቊെ ቈ
𝑅𝑇𝑙𝑛ሺ𝐶ௌ 𝐶௘⁄ ሻ

𝐸஽஺
቉

௡ವಲ

ቋ 

𝐸஽஺ ൌ 12.9
𝑘𝐽

𝑚𝑜𝑙
 

𝑄௠௔௫ ൌ 125
𝑚𝑔
𝑔

 

𝑛஽஺ ൌ 1.66 

0.993/ 

2.62 mg.g−1 

 

3.4 Adsorption Kinetics 

Adsorption kinetics for the current study was determined to elucidate the mechanisms and rates of 

adsorption of As(V) by the Fe/AlO(OH); Table 7 summarises the kinetic models tested. The 

resulting non-linear fitted parameters are shown in Table 8 and the resulting fits for the different 

models are shown graphically in Figure 9. The shaded areas in Figure 9 show the 99% prediction 

bands for the respective fits; prediction bands are those areas with a 99% probability of containing 

future observations [82]. 

The most common adsorption kinetics traditionally tested is the Lagergren pseudo first order 

(PFO) model [78]. This model was developed to predict the adsorption of soluble substances from 

solution by S.K. Lagergren in 1898. Despite its ubiquitous application, this model suffers from 

serious drawbacks in terms of application and interpretation of the fitted results [78]. The most 

serious of these being the dependence of the fitted parameter k1 on the initial concentration of the 
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adsorption experiment. This means that the model cannot be applied to unknown initial 

concentration conditions which limits the application to batch systems – preventing application in 

continuous flow systems due to incompatibility with continuous mole balance equations [76]. The 

results from the non-linear regressions (Table 8) show very good fits were obtained for the PFO 

model (R2 = 0.987 – 1.00), however the 99% prediction bands shows extremely large uncertainty 

in the location of future observations – in the case of the 250 mg.L−1 initial As(V) concentration, 

future observations have a 99% probability of falling in a region defined by 62.5±11.3 mg.g−1. 

This is an interval size 22.6 mg.g−1 on an average value of 62.5 mg.g−1 (36% of the average). This 

extremely large uncertainty makes application of the kinetic model extremely risky.  

The pseudo second order (PSO) model was derived by a similar method as the PFO model, with 

the exception that the model is described by a second order dependence on the adsorbed amount 

[83]. This model suffers from the same limitation as that for the PFO model, i.e. k1 is a function of 

the initial pollutant concentration and therefore extrapolation of the results are limited. As was the 

case for the PFO model, the PSO model fit the results well (R2 = 0.987 – 1.00), but unfortunately 

an unacceptably large prediction interval was observed (250 mg.L−1: 61.0 ± 8.18 mg.g−1, i.e. 26.8% 

of the average).  

The two-phase adsorption (TPA) model was derived on the basis of two parallel adsorption 

processes, a rapid and a slow adsorption mechanism [84–86]. This model provides an improvement 

on the PFO and PSO models, however, there remains uncertainty in the value of Qe and therefore 

extrapolation of the model remains problematic. The results from the fitting procedure show good 

agreement with the experimental results R2 = 0.995. 

The Langmuir kinetic model was derived from the reversible surface reaction described by 

equation 7 and the reversible rate expression (equation 8): 

𝐴 ൅ 𝑆 ⇋ 𝐴∗ (7) 

𝑟஺ ൌ ௗொ

ௗ௧
ൌ 𝑘௔ௗ𝐶஺𝜃 െ 𝑘ௗ௘ሺ1 െ 𝜃ሻ ൌ 𝑘௔ௗ𝐶஺ ቀ1 െ ொ೟

ொ೘ೌೣ
ቁ െ 𝑘ௗ௘

ொ೟

ொ೘ೌೣ
 (8) 

In equation 7 and 8, A represents an adsorbate species, S represents an available surface site for 

adsorption, A* represents an adsorbed species, rA represents the rate of adsorption (mg.g−1.min−1), 

kad is the adsorption kinetic rate constant (L.g−1.min−1) and kde the desorption rate constant (min−1). 
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By setting rA = 0, the Langmuir adsorption isotherm can be obtained from equation 8 and therefore 

the desorption rate constant can be determined from the Langmuir equilibrium constant (KL): 

kde = kad/KL. The power of the Langmuir kinetic expression is that the entire system is described 

by a single kinetic parameter (kad) and the temperature dependence can be determined from the 

thermodynamic parameters fitted in the Langmuir isotherm model. The results from the non-linear 

fit in Table 8 show a very good fit (R2 = 0.995), especially considering the data was fit by a single 

kinetic parameter. In addition, the prediction interval for the Langmuir kinetic model was 

significantly smaller than that observed for the PFO, PSO, and TPA models. The model is also 

compatible with the continuous mole balances [76] and could therefore for used to predict the 

behaviour of the system during continuous operation. 

To account for pore diffusion in adsorption systems, the Crank diffusion model was derived using 

the assumption that homogeneous diffusion took place in a sphere with a constant diffusivity (De). 

The resulting model is shown in Table 7. The analytical solution containing the infinite series was 

solved by iterative solution until the contribution of the consecutive terms were less than a set 

limiting value (<10-8). The results from this non-linear fit shows good agreement with the 

experimental data (R2 =0.996), however, as with the TPA model uncertainty exist in the value of 

Qe and therefore the extrapolation should be done with care. The resulting kCR provides significant 

insight into the factors dominating the reaction rates in the system. In this case the 

kCR = 0.00387 min-1 represents an effective diffusivity De = 6.60 × 10-14 m2.s−1. When compared 

to the molecular diffusivity of arsenate of D = 8.75 × 10-10 m2.s−1 [87] it is clear than the internal 

structure of the adsorbent has a significantly limiting effect on the internal diffusion within the 

adsorbent particle.  

The Weber-Morris intraparticle diffusion model has traditionally been used to estimate the effect 

of interparticle and intraparticle diffusion on the adsorption of pollutants [78]. This model provides 

an indication of the different phases of adsorption seen in the multilinear fit of the data, with the 

first phase indicating intraparticle diffusion, the second phase intraparticle, and the final phase the 

adsorption onto the adsorbent [88]. The a good fit of the data was obtained (R2 = 0.998) and the 

results indicated De values between 2.25 × 10-15 and 6.60 × 10-14 m2.s−1, demonstrating the severity 

of the diffusion limitations in the system. 
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Table 7: Summary of kinetic models used to analyse As(V) adsorption on Fe/AlO(OH)  

Kinetic Law Differential form Analytical form Model 

Parameters 

Notes 

Pseudo first 

order [68] 

𝑑𝑄
𝑑𝑡

ൌ 𝑘ଵሺ𝑄௘ െ 𝑄ሻ 
𝑄 ൌ 𝑄௘൫1 െ 𝑒ି௞భ௧൯ Qe,, k1 Qe and k1 are 

solved for each C0 

Pseudo second 

order [68] 

𝑑𝑄
𝑑𝑡

ൌ 𝑘ଵሺ𝑄௘ െ 𝑄ሻଶ 𝑄 ൌ
ሺ𝑘ଵ𝑄௘

ଶሻ𝑡
1 ൅ 𝑘ଵ𝑄௘𝑡

 
Qe,, k1 Qe and k1 are 

solved for each C0 

Two phase 

adsorption 

[84–86]   

𝑑𝑄௦௟௢௪

𝑑𝑡

ൌ 𝑘௙௔௦௧𝑄௙௔௦௧

െ 𝑘௦௟௢௪𝑄௦௟௢௪ 

𝑄 ൌ 𝑄௙௔௦௧ ൅ 𝑄௦௟௢௪   

𝑄 ൌ 𝑄௙௔௦௧൫1 െ 𝑒ି௞೑ೌೞ೟௧൯ 

൅൫𝑄௘ െ 𝑄௙௔௦௧൯ 

൫1 െ 𝑒ି௞ೞ೗೚ೢ௧൯ 

Qfast, kfast, Qe,, 

kslow  

Qe for each C0. 

Global Qfast, kfast, 

and kslow fitted 

Langmuir 

adsorption 

[89] 

𝑑𝑄
𝑑𝑡

ൌ 𝑘௔ௗ𝐶ሺ𝑄௠௔௫

െ 𝑄ሻ െ
𝑘௔ௗ

𝐾௅
𝑄 

 kad, Qmax, KL Global k1 fitted

Qmax and kL from 

Langmuir 

isotherm 

Crank internal 

mass transfer 

model [68] 

𝜕𝑄
𝜕𝑡

ൌ 𝑘஼ோ
𝜕

𝜕𝑟
ቆ

𝑟ଶ𝜕𝑄
𝜕𝑟

ቇ 

 𝑘஼ோ ൌ
𝐷௘

𝑟ଶ  

𝑄
𝑄௘

ൌ
6

𝜋ଶ ෍
1

𝑛ଶ expሺെ𝑘஼ோ𝑛ଶ𝜋ଶ𝑡ሻ
ஶ

௡ୀଵ

 

kCR, Qe Qe for each C0. 

Global kCR fitted 

Weber and 

Morris [68,90] 

 
𝑄 ൌ

𝑘ௐெ

𝑄௘
𝑡

ଵ
ଶ ൅ 𝐶, 

𝑘ௐெ ൌ
6

𝜋
ଵ
ଶ

ඨ
𝐷௘

𝑟ଶ ൌ
6

𝜋
ଵ
ଶ

ඥ𝑘௜ 

஽௘

௥మ , Qe, C Qe fitted for each 

C0. Three global 

𝑘ௐெ fitted. 
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Table 8: Kinetic parameter fits for the kinetic models described in Table 7 

Kinetic 

Law 
Fitted Parameters 

Pseudo first 

order [68] 

10 ppm 150 ppm 200 ppm 250 ppm 

Qe 

(mg.g−1) 

k1 

(min-1) 

R2/ 

RMSE 

Qe 

(mg.g−1) 

k1 

(min-1) 

R2/ 

RMSE 

Qe 

(mg.g−1) 

k1 

(min-1) 

R2/ 

RMSE 

Qe 

(mg/g) 

k1 

(min-1) 

R2/ 

RMSE 

2.5 0.317 
1.00/ 

0.0152 
37.5 0.590 0.999/ 0.438 50 0.0486 

0.985/ 

2.36 
62.5 0.0575 

0.987/ 

2.82 

Pseudo 

second 

order [68] 

10 ppm 150 ppm 200 ppm 250 ppm 

Qe 

(mg.g−1) 

k1  

(g.mg−1.min−1) 

R2/ 

RMSE 

Qe 

(mg.g−1) 

k1  

(g.mg−1.min−1) 

R2/ 

RMSE 

Qe 

(mg.g−1) 

k1  

(g.mg−1.min−1) 

R2/ 

RMSE 

Qe 

(mg.g−1) 

k1  

(g.mg−1.min−1) 

R2/ 

RMSE 

2.5 0.896 
1.00/ 

0.0104 
37.5 0.00672 0.999/ 1.71 50 0.00316 

0.985/ 

2.19 
62.5 0.00320 

0.987/ 

2.01 

Two phase 

adsorption 

[84–86] 

10 ppm 150 ppm 200 ppm 250 ppm Global 

Qe (mg.g−1) Qfast  (mg.g−1) kfast (min-1) kslow (min-1) R2/RMSE 

2.5 37.5 50 62.5 5.815 0.1346 0.0510 0.995/1.718 

Langmuir 

adsorption 

[89] 

Global 

kad (L.g-1.min-1) Qmax (mg.g−1)‡ ΔHo (kJ.mol-1)‡ ΔSo (J.mol-1.K-1)‡ R2/RMSE 

0.0565 102 6.35 15.5 0.995/1.73 

Crank 

model [68] 

10 ppm 150 ppm 200 ppm 250 ppm Global 

Qe (mg.g−1) kCR (min-1) R2/RMSE 

2.5 37.5 50 62.5 0.00387 0.996/1.48 

Weber and 

Morris 

[68,90] 

10 ppm 150 ppm 200 ppm 250 ppm Global 

Qe C1 C2 C3 Qe C1 C2 C3 Qe C1 C2 C3 Qe C1 C2 C3 k1 k2 k3 R2/ RMSE 

(mg.g−1) (mg.g−1) (mg.g−1) (mg.g−1) min-1 

2.5 0 1.84 2.66 37.5 0 24.4 37.5 50 0 29.5 49.9 62.5 0 38.2 61.9 0.00387 0.000132 0.00 0.998/ 0.969 

                                                 

‡ From Langmuir Isotherm (Table 6) 
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Figure 9: Kinetic fits of the models summarized in Table 7 for the adsorption of As(V) to Fe/AlO(OH). 

The figures represents a) Pseudo first order, b) Pseudo second order, c) Two phase adsorption, d) 

Langmuir adsorption, e) Crank model, f) Webber and Morris model. The shaded regions indicate 

the 99% prediction intervals for each initial concentration of As(V). 
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3.5 Regeneration study 

A regeneration study was conducted to evaluate the ability of the synthesised Fe/AlO(OH) to be 

recovered and reused after As(V) adsorption. The % recovery of the material is illustrated in Figure 

10.  

 

Figure 10: Recovery efficiency of As(V) from Fe/AlO(OH)  

Figure 10 showed that the first five regeneration cycles show outstanding recovery of the adsorbent 

(Fe/AlO(OH)). This could be due to the intact covalent bonding that still holds its composition in 

place. After the 5th cycle, a significant decline in the recovery is noted. This could be due to the 

strong ionic bond between oxygen (from arsenate) and metal (iron/aluminium) making it difficult 

to separate the atoms [50,63]. 

3.6 Comparison of Fe/AlO(OH) with other adsorbents 

A comparison of adsorption capacities (Qe) between Fe/AlO(OH) and other Fe and/or Al-based 

adsorbents was done.  From the comparison shown in Table 9 can be concluded that the synthesised 

Fe/AlO(OH)  showed the highest known adsorption capacity for As(V). 
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Table 9: Comparison of Fe/AlO(OH) with other Al and Fe based adsorbents for As removal 

Adsorbent Pollutant Qe 

(mg.g−1) 

Co 

(mg.L−1)  

pH References 

Fe/AlO(OH) Arsenic 102 150 No effect This study 

Iron (hydr)oxide 

modified zeolite 

Arsenic 1.69 10 No effect Nekhunguni et al., [9] 

Magnetite Arsenic 7.69 30 6 Shahid et al. [91] 

Iron-coated seaweeds Arsenic 7.3 10 7 Vieira et al. [65] 

FeOOH/-Al2O3 

granules 

Arsenic 4.264 10 4 Wang et al. [44] 

Goethite Arsenic and 

selenium 

7.740 0.150 4 Jacobson and Fan [92] 

Modified 

montmorillorite 

Arsenic 16.13 35 2 – 10  Ren et al. [69] 

 

Aluminium (hydr) oxide 

coated red scoria and 

pumice 

Arsenic 2.68 1.028 7 Asere et al. [21] 

 

Nano aluminium doped 

manganese copper 

ferrite polymer 

Arsenic 0.053 0.1 Not 

optimised 

Malana et al. [79] 

Fe3O4@SiO2@TiO2 

nanoabsorbent 

Arsenic 21.3 100 9 Feng et al. [70] 

Manganese ferrite 

nanoparticles 

Arsenic 27.65 5 2 Martinez–Vargas et al. 

[71] 

Magnetite-maghemite 

nanoparticles 

Arsenic and 

chromium 

3.71 1.5 2 Chowdhury and Yanful 

[22] 

 

The results shown in Table 9 are noteworthy as most other adsorbents were synthesized from 

synthetic chemicals whereas Fe/AlO(OH) was recovered from authentic AMD, illustrating the 

importance of this study.  



36 
 

4. Conclusions 

This study demonstrated the successful synthesis of Aluminium enriched Ferric oxide-hydroxide 

(Fe/AlO(OH)) from authentic AMD via fractional precipitation. The synthesized Fe/AlO(OH) 

exhibited the highest known adsorption capacity for As(V) of 102 mg.g−1 (estimated by the 

Langmuir isotherm model). Batch adsorption experiments revealed optimal conditions for the 

removal of As(V) (>99% As(V) removal) from an aqueous system: 150 mg.L−1 of As(V) 

concentration, 1 g adsorbent, and 60 min equilibration time. As(V) removal was found independent 

of pH and temperature. The removal of As(V) was successfully modelled (R2 > 0.99) by the 

Langmuir-, Freundlich-, Two surface Langmuir-, Dubinin-Radushkevich-, and Dubinin-Astokov 

isotherm models isotherm models. These models showed that favourable adsorption took place on 

a heterogenous surface with very similar properties. The adsorption mechanism was identified as 

a combination of physisorption and mass transfer limited adsorption involving inner-sphere 

complexation on the adsorbent surface with concomitant release of H+ (drop in pH and positive 

ΔSo), while being insensitive to temperature (small ΔHo). The Langmuir kinetic model was able to 

successfully model the kinetics of adsorption (R2 = 0.995) for all As(V) concentrations (10 – 250 

mg.L−1) using a single reaction rate constant and the Langmuir isotherm thermodynamic 

parameters. Regeneration showed outstanding recovery of the adsorbent after five cycles, thereby 

showing marked potential in the reusability of the material. This double-edged study demonstrated 

the feasibility of valorisation of AMD by recovering valuable di-metals and employing them to 

curtail the impact of problematic pollutants.  
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