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SYNOPSIS

Widespread use of engineered nanoparticles (ENPs) in consumer products and industrial
applications has increased rapidly in recent years. Among the commonly used metal oxide
ENPs are aluminium oxide (nAl203) and copper oxide nanoparticles (nCuQO). These ENPs are
commonly applied in consumer products such as personal care products (PCPs), and therefore
are likely to co-exist in the aquatic systems. Hence, it is critical to consider the fate and
transformation of ENPs and other pollutants as mixtures in the aquatic systems. The influence
of water chemistry parameters such as ionic strength (IS), pH and natural organic matter
(NOM) in synthetic and natural water on the fate of ENPs were investigated. The
transformation processes considered, were aggregation and dissolution. The interplay of these

processes may have diverse pollutant implications for the aquatic organisms.

To date, numerous studies have reported on the fate and transformation of individual ENPs in
aqueous media. However, typically high exposure dosages were used that are unlikely to be
found in the natural aquatic environments. In addition, only a few studies have considered
mixtures of ENPs with organic pollutants such as triclosan (TCS). To address this knowledge
gap, the fate and transformation of individual, binary and ternary mixtures of nAl203, nCuO,
and TCS were investigated in deionised water (DIW) and natural river water. The latter was

sourced from the Elands river (ER) and Bloubank river (BR) both in South Africa.

All aggregation and dissolution kinetics were performed at low concentrations of ENPs. This
was to reflect the likely situation to be found in the environment. In DIW, humic acid (HA) (a
NOM surrogate) showed a concentration-dependent stabilization effect on aggregation for both
individual and mixtures of ENPs. High IS induced higher aggregation of ENPs in DIW. Hence,
NOM inhibits aggregation of ENPs whereas IS enhances aggregation. The pH inhibits
aggregation of ENPs to a lesser extent compared to NOM, but it enhances aggregation around
the point of zero charge. Both ENPs were found to be more highly stabilized in river water

compared to DIW.

Broadly speaking, ENPs exhibited concentration-dependent aggregation, it being lower in ER
compared to BR. The differences are attributed to variations in water chemistry, e.g. NOM and
the presence of electrolytes. Dissolution of ENPs was higher in ER than in BR water, and
higher at lower concentrations of ENPs. Dissolution of nCuO was enhanced in the presence of

nAl20s. Binary mixtures of ENPs had higher tendency to aggregate compared to the individual
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components. Combinations of nCuO or nAl2O3 with TCS were less likely to aggregate in river
water. This implies that the TCS acted as a stabiliser for the nanoparticles. However, this

stabilisation effect was compromised when both ENPs were present.

Since the ENPs do form agglomerates, they may undergo sedimentation. Consequently, this
could lead to interaction with benthic organisms. However, if they are stabilized in natural
waters, they might interact with pelagic organisms. Both cases imply the possibility of inducing

deleterious consequences.

The most important finding of the present study is that the behaviour of ENPs in water is very
complicated. In DIW, HA strongly inhibits aggregation of ENPs whereas IS promotes their
aggregation. However, in freshwater systems the aggregation of ENPs is uniquely influenced
by source-specific water chemistry factors that counteract with each other. This makes it
difficult to predict the fate and transformation of ENPs in natural aquatic systems. Hence, it
may not be possible to generalize on ENPs transformation outcomes, even of the same ENPs

type, in different water matrixes.

Keywords: aggregation kinetics, Al2O3 nanoparticles, binary mixture, CuO nanoparticles,

dissolution, monovalent electrolyte, river water, ternary mixture.
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Chapter 1: Introduction

1.1. Background

Engineered nanoparticles (ENPs) find widespread use in various fields. They are applied in
fields such as cosmetics, electronics, agriculture pharmaceuticals and personal care products
(PCPs) due to their novel properties such as magnetic, electrical, antibacterial etc, which are
not observed in their bulk counterparts (Chen et al., 2003b; Li et al., 2012; Matsoukas et al.,
2015; Piccinno et al., 2012). The widespread use of ENPs has led to their release into various
natural environmental compartments via intentional via unintentional routes as detailed in
Figure 1.1. Their release in the aquatic environment has become an environmental concern,
where their increasing presence has been indicated by both field measurements (Donovan et
al., 2016; Johnson et al., 2011) and modelling based on predicted environment concentrations
(PECs) (Boxall et al., 2007b; Keller and Lazareva, 2013; Mueller and Nowack, 2008). In
aquatic systems, ENPs can interact with biological lifeforms, and in turn, induce various toxic
effects to individual cells (Ivask et al., 2014; Wilke et al., 2016), whole organisms
(Manusadzianas et al., 2012; Pakrashi et al., 2013; Pakrashi et al., 2012; Sadiq et al., 2011;
Wang et al., 2011; Ye et al., 2017; Ye et al., 2018b), organs (Heinlaan et al., 2011; Thit et al.,
2017; Zhu et al., 2009), and fish (Abdel-Khalek et al., 2015; Benavides et al., 2016; Vidya and
Chitra, 2017).

The observed toxic effects depend on exposure linked to the nature of the transformed ENPs
released into the aquatic systems (Lowry et al., 2012; Lv et al., 2014; Omar et al., 2014). In
these, ENPs undergo numerous transformation processes including the physical and chemical
processes summarised in Figure 1.1. These processes are driven by the influence of the inherent
physicochemical properties of ENPs (e.g. size, shape, surface chemistry, etc.) (Fabrega et al.,
2011; Lowry et al., 2012; Wang et al., 2016). The chemical transformation processes include
effects arising from as pH, ionic strength (IS), the nature of natural organic matter (NOM)
present, etc. (Conway et al., 2015; Odzak et al., 2014; Peng et al., 2017a; Sousa and Teixeira,
2013; Yang et al., 2009; Ye et al., 2018a; Zheng et al., 2011). The transformation of ENPs may
lead to alteration of their behaviour, and ultimately the observed effects on biological lifeforms
(Musee, 2011a). The key transformation processes of ENPs include; dissolution, adsorption,
complexation, aggregation, and dispersion (Baalousha, 2009; Hotze et al., 2010; Lowry et al.,
2012; Misra et al., 2012; Wang et al., 2016). These processes control the fate, behaviour,
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bioavailability and toxic effects of ENPs (Amde et al., 2017; Thwala et al., 2016; Thwala et
al., 2013).

Intentional routes Unintentional routes
* Land filling * Accidental spills
* Wastewater discharge (from Sources and * Consumption of products
household, industry, and pathways containing NPs as additives
wastewater treatment plant * Deposition from
* Use of the NPs for atmosphere due to the air
environmental cleanup (e.g. pollution
water cleanup), agriculture
(e.g. nanofertilizer, pesticide),
etc
Chemical transformations Biologically mediated
* Dissolution transformations
* Exchange of surfactants Transformations * Distribution among
* Redox reactions . in the » o!'ganisms?
* Influence of other . * Bioturbation
inorganic chemicals Environment * Ingestion-egestion
dynamics related
' ‘ transformations
Physical transformations Interaction with macromolecules
» Aggregation and/or * Hydrophobic/electrostatic
agglomeration interactions
* Adsorption * Ligand exchange
* Deposition * Flocculation
* Hydrogen bonding

Figure 1.1: Sources, introduction routes, and summary of the transformations that ENPs
experience in the environment. (source: Amde et al. 2017; Reproduced with permission from

Elsevier)

The adsorption of NOM onto surfaces of ENPs may modify their surface properties. For
example, adsorption of NOM may impart a net negative surface charge. This increases the
interparticle repulsions of ENPs, thus rendering them highly stabilized via electrostatic
repulsion mechanisms (Chen et al., 2012; Ghosh et al., 2008; Lv et al., 2014; Mui et al., 2016;
Omar et al., 2014; Wang et al., 2014). The exposure media pH can influence the aggregation

and disaggregation by either increasing or decreasing the (-potential of ENPs (Baalousha,
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2009; Odzak et al., 2014). The IS, type and valence of the electrolytes (monovalent or divalent)
influence the behaviour of ENPs by compressing the electric double layer (EDL). This leads to
a reduction in {-potential promoting aggregation because of reduced inter-particle repulsion

(Peng et al., 2017a; Son et al., 2015).

Numerous studies have investigated the fate and behaviour of ENPs under various
environmental media including synthetic aqueous media (Godymchuk et al., 2015; Odzak et
al., 2014; Peng et al., 2017a; Romanello and De Cortalezzi, 2013), freshwater (Adam et al.,
2016; Conway et al., 2015; Van Koetsem et al., 2015) and wastewater systems (Brunetti et al.,
2015; Chaaque et al., 2014; Musee et al., 2014). However, the studies largely focused on single
ENPs. Yet, in actual environmental systems, ENPs co-exist as mixtures, either with other ENPs
or other pollutants ubiquitous in the environment. As a result, data for individual ENPs are
inadequate to predict ENPs fate and behaviour where they exist as mixtures. The products of
ENPs interactions may be unique and different from the constitute individual ENPs, therefore,
they would have different fate and behaviour and may exhibit different toxicity on aquatic

organisms.
1.2. Rationale for Study

The 21% century has been characterised by production and application of chemicals of
environmental concern. These chemicals are generally referred to as emerging contaminants
(ECs). ECs include a diverse collection of thousands of chemical substances that are largely
outside the scope of monitoring and regulation. These ECs may be broadly categorised as
micro-pollutants (MPOs) and engineered nanomaterials (ENMs) (nano-sized). MPOs
encompass a wide range of chemical substances most of which are largely outside the scope of
monitoring and regulation (Amoatey and Baawain, 2019; Naidu et al., 2016). Dominant classes
of ECs encompass numerous classes of compounds including pesticides, microplastics,
pharmaceuticals, personal care products (PCPs), hormones, endocrine disrupters, antibiotics
surfactants and their degradation products etc. (Naidu et al., 2016; Yan et al., 2009). The
pharmaceuticals and PCPs include thousands of chemical substances used by humans for
personal health or cosmetic reasons and in animal husbandry (Liu et al., 2013; Naidu et al.,
2016; Yang et al., 2017). Different types of ENMs include: metal, metal oxide, carbonaceous,
fullerenes and quantum dots with metal and metal oxides being the most commonly used

(Fabregaetal., 2011). These ECs and their metabolites enter into the aquatic system via various
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routes including land filling, accidental spills, discharge from sewage water treatment plants
(SWTPs), runoff water from the surface, leaching from soil, surface water drainage after
application of manure on the land as summarised in Figure 1.1 (Amde et al., 2017; Derksen et

al., 2004).

Among various types of ENPs, aluminium oxide nanoparticles (nAl2O3) and copper oxide
nanoparticles (nCuQO) have received a great deal of attention. This is because of their large
production volumes, widespread applications including in PCPs due to novel properties which
include: quantum effects, unique antimicrobial, electronic, optical, and structural strength
enhancement which not observed in their macroscopic counterparts (Lee et al., 2010; Singh et
al., 2011). The nAl2O3 are widely used, for example in commercial products such as high-
performance ceramics, cosmetic fillers, packing materials, polishing materials, semiconductor
materials, deodorants, paints, composite materials, heat transfer fluids and resins, wear-
resistant reinforcement and advanced waterproof materials, catalyst, and catalyst carriers
(Defriend et al., 2003; Khanna, 2008; Landry et al., 2008; Lewis et al., 2010; Wong and Kurma,
2008). Whereas nCuO find application in semiconductors, cosmetics, textiles, heat transfer
fluids and catalysts, e.g. in rocket propellant (Applerot et al., 2012; Das et al., 2013; Le Van et
al., 2016; Zhao et al., 2013). The increased use and production led to their release into various
environmental compartments including aquatic systems. However, not all these applications
lead to release into the natural environment as the ENPs are firmly embedded into the product
matrix e.g. in semiconductors where ENPs are supported in a solid matrix. However, cosmetics,
paints, catalysts, catalyst carriers, and textiles, among others, readily release ENPs into various
natural environmental compartments. Estimates suggest that 35% of globally-produced ENPs

are released into various aquatic systems (Sun et al., 2016).

Among chemical compounds used in PCPs, triclosan (TCS) was selected in this study. It was
selected because it is widely used and released in large quantities into the environment and has
a distinctive risk profile (Brausch and Rand, 2011). Because of numerous ECs in the
environment, organisms are concurrently exposed to a cocktail mixture of pollutants as
opposed to individual pollutants. In the aquatic environment, ENPs will co-exist with other
contaminants, e.g. TCS. This in turn, can result in transformations that lead to unique effects
on aquatic organisms. Both ENPs and TCS are toxic to aquatic organisms. For example, nCuO
has negative effects on the survival and growth of organisms (Galhardi et al., 2004; Nations et
al., 2011; Zietz et al., 2003). The nAl20s3 is toxic towards bacteria, algae, nematodes and other
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species in the environment (Fajardo et al., 2014; Jiet al., 2011; Wang et al., 2009). TCS is toxic
to a range of organisms in aquatic systems, including fish (Brausch and Rand, 2011; Gardner

et al., 2012).

The risk assessment of chemicals, for regulatory purposes, relies on the assessment of
individual chemicals and seldom considers exposure to multiple chemicals (Bopp et al., 2018;
Kienzler et al., 2016). ECs have raised toxicological concerns especially with regard to the risk
profile for individual chemicals. However, their potential interactions as mixtures of ECs or
other pollutants have not been critically considered (Batley et al., 2012). Toxicological studies
of organic-organic (Laetz et al., 2008; Pape-Lindstrom and Lydy, 1997), metal-metal (Chu and
Chow, 2002; Preston et al., 2000), organic-inorganic contaminant mixtures (Gauthier et al.,
2014; Wang et al., 2009) and EMNs-EMNs (Tong et al., 2015), were found to exert toxic
effects that markedly differ from those of the constituent individual contaminants. As such,
even though the toxic effects of individual contaminants may be well established, the
environmental risks posed by contaminant mixtures may not be predicted based on such data.
Ecosystems are exposed to complex mixtures of chemicals ubiquitous in the environment
whose effects may be different from the effects of individual components. For example, an
environmentally realistic mixture of 25 pesticides was observed to reduce the reproduction of
freshwater alga Scenedesmus vacuolatus by 46% whereas the individual components on their
own had close to zero effect (Junghans et al., 2006). Mixtures have been reported to exhibit
additive toxicity at low, environmentally relevant concentrations. However, synergistic effects
at higher concentration were observed (Bosgra et al., 2009). ENMs have been observed to be
carriers of other environmental pollutants through various mechanisms such as adsorption
(Trojan horse effects) (Baun et al., 2008). Lack of comprehensive data on the fate and
transformation of pollutants mixtures impedes the ability to draw systematic conclusions on
how to manage them to protect the environment. Therefore, for the regulatory purposes on
environmental monitoring, understanding the behaviour of mixtures of chemical pollutants is

critical.

The effects of ECs to aquatic organisms are controlled by their fate and behaviour (Tong et al.,
2015). The transformation processes detailed in subsection 1.1 influence the fate, behaviour
and bioavailability of ECs in the aquatic environment. The transformation of nAlO3
(Godymchuk et al., 2015; Mui et al., 2016; Pakrashi et al., 2012) and nCuO (Conway et al.,
2015; Heinlaan et al., 2016) has been studied in deionised water (DIW) and freshwater systems.
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However, studies based on the transformation of individual ENPs may not be adequate to
predict the fate, behaviour and potential impact of mixtures of ENPs and other co-existing
contaminants in the aquatic systems. Hence, recently an increasing focus on the implications
for cocktail mixtures of ENPs and other contaminants concurrently from diverse sources has
gained traction. Several studies have reported on the transformation joint effects of ENPs
mixtures (Huynh et al., 2014; Jun et al., 2013; Miranda et al., 2016; Tong et al., 2015; Wilke
et al., 2016) and ENPs-organic mixtures (Chen et al., 2018; Lopez-Doval et al., 2019) in
aqueous media. The current study is based on the fate and behaviour of binary and ternary
mixtures of nAl203, nCuO and TCS in freshwater systems. To the best of our knowledge, no
study has been reported on these aspects. Therefore, the current study is significant in reducing

this knowledge gap.
1.3. Study approach and aims
1.3.1. Hypothesis

It is hypothesized that the transformation of ENPs in aqueous media is not only dependent on
exposure media chemistry parameters (e.g., pH, IS, NOM, etc.,), but also on other
contaminants in macroscale and nanoscale dimensions. To test this hypothesis, aggregation
and dissolution of two metal oxides ENPs (nAl203and nCuO) and organic contaminant TCS

in synthetic and natural exposure media systems were investigated.

1.3.2. Aims

The aim of the current study was to investigate the aggregation and dissolution of individual,
binary and ternary mixtures of ENPs (nAl2O3 and nCuO) and organic pollutant TCS in
freshwater systems. The influence of water chemistry on dissolution and aggregation of

individual and mixtures of ENPs and TCS in river water systems were studied.
1.3.3. Objectives
The specific objectives of the project were to;

1. Study the transformation of nCuO and nAL2O3 in synthetic and river water systems.
il. Assess the interactions of binary mixtures of nCuO and nAl2O3 in synthetic and

river water systems
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1il. Investigate the influence of TCS on transformation of ENPs as binary and ternary

mixtures in river water systems

1.4. Outline of Thesis
The thesis is outlined in five chapters. Each of the chapters is detailed below.

Chapter 1 provides the background of the research, rationale of the project, aims specific

objectives and the layout for the thesis.

Chapter 2 Presents a comprehensive literature review of the relevant studies on the fate and
transformations of individual and mixtures of ENPs in various aquatic systems. It provides
detailed information of the analytical techniques used in the various investigations involving

transformation of ENPs in aquatic systems.

Chapter 3 provides information on the materials, experimental procedures, methods, and

characterisation techniques employed to achieve the objectives and aims of this study.

Chapter 4 provides findings and comprehensive discussions of the work herein. The influence
of water chemistry on the transformation of ENPs and plausible effects of their transformation

products to aquatic organisms are discussed.

Chapter 5 presents a summary of findings in the work. The overall conclusions and
recommendations for future work on the interactions of ENPs and TCS in natural aquatic

systems are presented.
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Chapter 2: Literature review
2.1. Nanotechnology

Nanotechnology is defined as the study, imaging, measuring, modelling, or manipulation of
matter with dimensions in the range 1-100 nm at least in one dimension where unique
phenomena enable novel applications. However, in certain cases the 100 nm limit does not
apply as EMNs are defined based on the nanometric-scale and materials possessing
characteristics different from their bulk counter parts (Maynard, 2011). The term
‘nanotechnology” was coined by Taniguchi et al. (1974) who described it as the precision
reduction of bulk materials to nanometer range in the film passivation of semiconductors. As
such, nanotechnology was viewed to encompass the processing, separation, consolidation, and

deformation of materials by one atom or one molecule (Hulla et al., 2015).

2.1.1. Engineered nanoparticles

An ENP may be defined as any intentionally produced particle that has a characteristic
dimension ranging from 1 to 100 nm and has properties that are not observed in non-nanoscale
particles with the same chemical composition (Auffan et al., 2009). However, other definitions
suggest this definition is limiting. One such definition considers an upper limit of 1000 nm
and defines ENPs as, any natural, incidental, or manufactured materials in an unbound state,
aggregate, or agglomerate where 50% or more of the total number of particles in a given
material being in size range 1 to 1000 nm, across all 3 dimensions (Jovanovié¢, 2015). However,
among the proposed definitions for ENPs, the most widely accepted definition is by the
European Union (EU) Commission which defines ENPs as any natural, incidental or
manufactured materials containing particles in an unbound state or as an aggregate or
agglomerate and where at least 50 % of the particles in the number distribution, one or more
external dimensions are in the size range 1-100 nm (Commission, 2011). In the current study,
the definition by EU is upheld. This decision is based on the rationale that ENPs with size range
below 30 nm are characterized by an excess of energy at the surface. Hence, these ENPs are
thermodynamically unstable which forms the basis of their novelty and yet particles above 30
nm share the same properties as their bulk counter parts (Auffan et al., 2009; Jolivet et al.,
2004). The high surface area of ENPs has a great effect on their properties. For example, the
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average surface energy of bulk materials is ca 0.56 J/g while that of ENPs at nanoscale ca. 1
nm is approximately 560 J/g which gives an increase by a factor of one thousand in surface
energy (Auffan et al., 2010). Novel properties of ENPs such as surface energy and reactivity
make it impossible to apply physicochemical, thermodynamic and toxicological knowledge of
materials at micron scale to materials at nanoscale (Auffan et al., 2010). Metal, metal oxide,
carbonaceous, fullerenes and quantum dots are among different types of ENMs. Metals and
metal oxides are the ENPs most commonly used in commercial and consumer products (Vance

etal., 2015).
2.1.2. Production of ENPs

The production of metal oxide based ENPs e.g. TiO2, ZnO, CeOz2, Al203, CuO and many more
has increased in recent years (Gao et al., 2013; Hou et al., 2017; Kunhikrishnan et al., 2015).
For example, in 2014 the worldwide production volume of nCuO was 570 tons and it was
projected to increase to 1600 tons by 2025 (Hou et al., 2017); whereas that of nAl2O3 was above
1200 tons in China alone (Gao et al., 2013). Currently, it is challenging to predict the exact
production volumes of ENPs. This is because most companies involved in their production
maintain a high level of confidentiality on the data concerning quantities they produce
(Hendren et al., 2011). This lack of accurate data on the production volumes of ENPs has
negatively affected the prediction of their environmental concentrations and the subsequent

fate and effects on aquatic organisms.
2.1.3. Synthesis and characterisation of ENPs

Nature generates natural nanoparticles through natural processes such as terrestrial dust storms,
erosion, forest fires, volcanic eruptions and other geochemical processes (Cupaioli et al., 2014;
Lead and Wilkinson, 2007; Nowack and Bucheli, 2007). Advances in technology has led to the
manufacturing of ENPs involving various techniques that can be broadly categorised as top-
down, bottom-up and hybrid techniques depending on the type of approach (Meyer et al.,
2009). These methods include synthesis, purification, characterisation and functionalization of
ENPs which determines the intrinsic physicochemical properties that affect the novel properties
of ENPs. Top-down technique entails specialised breaking, attrition and milling of bulk
materials to nanoscale level (Guo, 2005; Majumder et al., 2007). However, the ENPs produced
are heterogeneous, irregular and structurally defective with non-uniform size. Bottom-up

technique involves crafting structures atom by atom or molecule by molecule through covalent
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or supramolecular interactions (Ochekpe et al., 2009; Teo and Sun, 2006). Despite the random
movements of atoms which poses a challenge, bottom-up remains the preferred approach for
nanotechnology because it produces homogeneous particles with controlled growth and surface
properties (Mansoori, 2002; Ochekpe et al., 2009). ENPs may be functionalized using various
types of surface coatings such as citrate, polyethylene glycol (PEG), polyvinylpyrrolidone
(PVP), and other types of coatings depending on intended applications (Angel et al., 2013).
Functionalization leads to modification of surface chemistry and characteristics of ENPs,

which in turn influences their likely transformation in various environmental systems.

Characterization of ENPs is critical in evaluating their suitability for specific application. The
specific characteristics of ENPs dictates their transformation, fate, bioavailability, and toxicity
in various environmental compartments. Various techniques based on the principles of
microscopy, light scattering, photography and imaging, transmitted light and individual
particle sensors are now available for characterisation of ENPs. Some of the instruments used
for determining various parameters include: Zetasizer (surface charge and size distribution),
Scanning electron microscopy (SEM) (particle size, size distribution, morphology and
elemental composition), Transmission electron microscopy (TEM) (particle size, size
distribution, morphology and elemental composition), Powder X-ray diffraction (PRXD)
(crystallite size and crystallinity), Inductively Coupled Plasma Mass (ICP-MS) (mass
concentration and elemental composition), Inductively-coupled plasma optical emission
spectrometry (ICP-OES) (mass concentration and elemental composition), Single particle
inductively coupled plasma mass spectrometry (SP-ICP-MS) (elemental composition, particle
size, particle number and mass concentration), Ultra-Violet/ Visible Spectrophotometry (UV-
Vis Spec) (composition change), Fourier—transform infrared spectroscopy (FTIR) (surface
functionality), etc. In the current study, ICP-MS, PXRD, SEM, TEM and Zetasizer were used
to characterize the ENPs. Because of its great sensitivity and low detection limit, [CP—MS was

used in this study. The various analytical techniques used are summarised in Table 2.1.
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Instrument

Measured parameters

Merits

Demerits

References

Zetasizer

SEM

TEM

Particle size
distribution

Surface charge

Particle shape size and
size distribution
Particle morphology
Elemental
composition (via
EDS)

Agglomeration state

Particle size,

morphology and shape

Can analyse a wide range of particle size
(4 nm to 6 pm)
Measures both {-potential and HDD.

Surface details of nanoparticles with a
wide range of nano-dimensions upto as
low as 10 nm

Morphology, size and shape of the

nanoparticles can be determined

It is a single particle technique, which
detects in the regions of 5Snm to 500pm
Identifies the topology and morphology
of the ENPs

Requires suspension of the sample in a liquid and
it uses DLS technique which focusses on larger
particles especially the aggregates in the sample.
Does not provide the size and shape of individual
particles

Not able to qualitatively distinguish components
of mixture

Fails to display a true size distribution or
population size of the sample, as it has to be done
in solid phase

ENPs must first be coated with a conductive
material such as carbon or gold before analysis
Time consuming, laborious and costly

Lower resolution compared to TEM

TEM sample must be an ultra-thin layer so that
the electron beam can penetrate through the

material to give a comprehensive image

(Hornyak et al., 2008; Peters
etal, 2011; Zhang et al.,
2012)

(Hornyak et al., 2008;
Mavrocordatos et al.,
2004; Peters et al., 2011;
Tiede et al., 2008)

(Cao, 2004; Mavrocordatos et
al., 2004; Peters et al., 2011)
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UV-Vis
Spectroscopy

PXRD

ICP-MS

Elemental
composition (via
EDS)

Particle size
distribution

Aggregation state

Compositional change
in ENPs, and/or
organic compounds in
presence of other

environmental factors

Particle size
Particle size
distribution

Structure/crystallinity

Total mass

concentration

Ability to determine particle size from the
imaging of the ENPs mixtures observed

Higher resolution compared to SEM

Magnitude, peak wavelength and
bandwidth of the plasmon resonance are
dependent upon the size and shape of the
resulting ENPs found in a solvent
medium.

Cost effective method to determine
change in nanomaterial mixtures when

exposed with other chemicals or NOMs

Crystalline nanoparticle bulk material
can be compared to other powder patterns
so that the unique fingerprinting of the
sample can be used to determine the
qualitative nanoparticle material.

Estimating the average size of a single-
crystal nanoparticles or crystallites found
in nanocrystalline bulk materials by

means of applying the Sherrer equation.

It is very sensitive technique with low

detection limit upto ng/L

No topological, or morphological imagery can be

observed

Nanoparticles greater than 10 nm are easily
analysed using XRD, however smaller
nanoparticles are often not crystalline and
therefore XRD is not idea for their analysis

The sample must be in the solid phase, therefore

limiting the application of the technique

Sample preparation procedure is laborious

It is very costly

(Hornyak et al., 2008)

(Hornyak et al., 2008;
Sharma et al, 2012;
Uvarov and Popov, 2013)

(Laborda et al., 2016)
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e  Elemental .

composition
ICP-OES o  Elemental .
composition .

e  Mass concentration

SP-ICP-MS o  Elemental o

composition

e  Particle size, particle
distribution

e  Particle number .

concentration and

mass concentration

FTIR and e  Surface functionality .
Raman
Spectroscopy

Multiple analysis of sample composition

can be achieved simultaneously

Its detection limit is as low as ppb levels

It is less costly compared to ICP-MS

Utilised for  obtaining  additional
qualitative elemental information about
particle or dissolved forms of
nanoparticles present in a sample
Provides mass of the nanoparticle, i.e.
size of the nanomaterial provided the
morphology, size and density is known
Quantitative information may also be
provided about either the particle number
concentration, and/or the concentration
of the dissolved materials present in the
medium with high sensitivity at with

detection limit upto ng/L

FTIR is useful for qualitative information
about nanomaterials that are modified or
capped, provided that the photon
absorbed from the IR radiation by the
molecule excites the molecule such that a
vibrational energy is given off at a

frequency in the IR region

It is less sensitive than ICP-MS. Therefore, it

cannot be used to determine very low

concentration.

In the case of the nanoparticles aggregating in the
medium, the SP-ICP-MS data obtained is only
able to provide shape and size of the combined
mixture
Cannot

provide information about particle

morphology

Only gives vibrational and rotational information,
on single atom to atom interaction. The complete

structure is not able to be observed.

(Laborda et al., 2016)

(Hornyak et al, 2008

Navratilova et al., 2015)

(Hornyak et al., 2008
Jiang et al., 2017)
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e identification of hydrogen bonds and n—=n
interactions between ENPs and organic

pollutants

Abbreviations: DLS: Dynamic Light Scattering, , FTIR: Fourier Transformer Infra-red, HDD: Hydrodynamic diameter, ICP-MS: Inductively Coupled Plasma Mass
Spectrometry, ICP—OES: inductively-coupled plasma optical emission spectrometry, SEM: Scanning Electron Microscope, SP-ICP-MS: Single Particle Inductively Coupled
Plasma Mass Spectrometry, TEM: Transmission Electron Microscope, UV-Vis Spec: Ultra-Violet/ Visible Spectrophotometry, PXRD: Powder X-ray diffraction
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2.1.4. Application of ENPs

The application of ENPs in commercial and industrial products has increased in recent years
because of their novel properties which leads to improved product quality (Hansen et al., 2016;
Zhang et al., 2015). The production of metal oxide ENPs was estimated to reach 5 x 10° tons
by 2020 (Robichaud et al., 2009). Among metal oxide ENPs, nAl203 and nCuO have found
application in various commercial and industrial products as summarised in Table 2.2.
However, the release of ENPs from a given product category into the environment is dependent
on how they are embedded into the holding matrixes (Froggett et al., 2014; Musee, 2011b) and
product use (Hansen et al., 2016; Tiede et al., 2015; Wigger et al., 2015). For instance,
cosmetics, paints, catalysts, catalyst carriers, and textiles, are likely to readily release ENPs

into the aquatic systems as the final sink.

Table 2.2: Applications of nAl2O3 and nCuO in different product categories

ENPs Application Refs.

nAl,Os Personal care products, catalysts, ceramics (Zhang et al., 2015)
printers and toners (Pirela et al., 2014)
Fillers and coupling agents in polymers (Landry et al., 2008)
Heat transfer fluids (Wong and Kurma, 2008)
Ceramics, ultrafiltration membranes (Defriend et al., 2003)

nCuO Magnetic storage, solar energy transformation, batteries, (Applerot et al., 2012)

catalysis, electronics and sensors

Coating, catalysts, textiles (Anita et al., 2011)
Catalyst, superconductors, ceramics (Singh et al., 2016)
Electronic chips, heat transfer nanofluids, lithium batteries, (Ahamed et al., 2015)

gas sensors, semiconductors and solar cells

2.2, Fate processes and influencing factors

The fate, transformation and bioavailability of ENPs in the environment depends on the

physical and chemical transformations that they undergo: Aggregation, dissolution, adsorption,
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complexation and dispersion may increases or decreases their toxicity (Hotze et al., 2010;
Lowry et al., 2012; Misra et al., 2012; Wang et al., 2016). These physical and chemical
transformations are influenced by combined effects of abiotic factors such as pH, IS, and NOM
which affects the size and the surface charge of ENPs. The surface charge influences their
interactions through repulsive and attractive forces associated with their charge and charges of
other components ubiquitous in the environment such as NOM. Processes and abiotic factors
which control the fate, transformation and bioavailability of ENPs are discussed in the

following sections.
2.2.1. Adsorption

Adsorption is a process by which substances attach to the surface of solids by means of Van
der Waals attractions (physisorption), electrostatic interactions (ion exchange), or chemical
bonding (chemisorption) (Dabrowski, 2001; Pan and Xing, 2008; Rabe et al., 2011). In
physisorption, the adsorbate is weakly and non-specifically bound to the surface of ENPs. Ion
exchange and chemisorption involve either a charged interaction or chemical bonding to
specific available surface sites. Adsorption of substances (e.g. NOM) may have two opposing
effects on the stabilization of the particles. For example, if the surface coverage is partial, then
the dispersion may be destabilized, and aggregation occurs via a bridging effect between the
free surface and the non-adsorbed functional groups of the adsorbate. This usually observed in
the case of large molecules such as polymers or humic substances. However, if the surfaces of
the ENPs are fully covered, the dispersion may be stabilized via electrostatic and steric

interactions which impede aggregation (Saleh et al., 2010).

Adsorption of NOM imparts negative charges onto the surface of ENPs. Therefore, if ENPs
are positively charged (pH < pHzrec), electrostatic destabilization/stabilization is initiated
(process I in Figure 2.1). For negatively charged ENPs (pH > pHzrc), electrosteric stabilization
via ligand exchange mechanism occurs (process II in Figure 2.1). This impedes aggregation of
ENPs unless intramolecular or intermolecular bridging occurs that induces flocculation
(Philippe and Schaumann, 2014). Hydrophobic interactions between ENPs and NOM leads to
enhanced stability of ENPs (process III in Figure 2.1) (Yang et al., 2009). Surfaces of ENPs
have a high affinity for various macromolecules which are components of NOM (Auffan et al.,
2010). Adsorption of NOM decreases the bioavailability of ENPs. For example, the toxicity of
silver nanoparticles (nAg) was greatly reduced by the adsorption of NOM onto nAg (Fabrega
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et al., 2009). Organic macromolecules and inorganic ligands adsorb onto ENPs surfaces.
Consequently, they alter their surface chemistry and affect their behaviour in the environment
and in biological systems. For example, the mobility of ENPs in the environment is greatly
promoted by adsorption of polymer coatings onto surfaces of ENPs (Phenrat et al., 2010). In
addition, adsorption of NOM has a significant influence on stability of ENPs in freshwater

systems.

2.2.2. Dissolution

Dissolution is an energetically favourable interaction between the dispersed phase and the
continuous phase leading to a homogeneous phase (Borm et al., 2006; Mwaanga, 2012).
Dissolution entails the release of ions by ENPs into an aqueous media. The toxicity of metal
ENPs is partially attributed to the metal ions present following dissolution in aqueous media
(Leareng et al., 2020; Mashock et al., 2016; Song et al., 2020). Therefore, ENPs dissolution
play an important role on the observed toxicity of ENPs because released ions often are
attributed to the cellular responses of ENPs (Levard et al., 2012; Raghupathi et al., 2011; Zheng
et al.,, 2011). Various environmental factors (e.g. pH, IS and NOM) and physicochemical
properties of ENPs (e.g. surface energy, surface area, morphology, adsorbing species and
aggregation status) can affect their dissolution (Auffan et al., 2009; Borm et al., 2006; Lin et
al., 2010; Mwaanga, 2012). In addition, size and morphology have a significant influence on
dissolution as it is influenced by differences in surface area to mass ratio. Hence smaller ENPs

have higher solubility than larger ones (Mudunkotuwa et al., 2011).

Dissolution has been reported to increase with decreasing pH (Baalousha et al., 2008; Li et al.,
2013; Odzak et al., 2017; Omar et al., 2014). For example, the solubility of iron oxide ENPs
was reported to be 35% and 10% at pH of 2 and 3 respectively, and below detectable
concentrations at pH > 4 (Baalousha et al., 2008). The reason for the increased dissolution
were likely due to increased interparticle repulsions observed at low pH which leads to low
aggregation. However, this would depend on the point of zero charge of the ENPs. IS
compresses the EDL which reduces electrostatic repulsion energy leading to increased
aggregation. High aggregation leads to low dissolution because of the decrease in surface area
available for dissolution (Li et al., 2013). Hence, at high IS low dissolution was observed

whereas at low IS, dissolution was high (Odzak et al., 2015; Son et al., 2015; Yung et al., 2015).
17
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The presence of NOM in the exposure media has been reported to enhance the dissolution of

ENPs (Jiang et al., 2015; Li et al., 2013; Xiao et al., 2018).

However, it has also been reported that NOM adsorption onto the active sites of ENPs could
impede dissolution (Deonarine et al., 2011; Yu et al., 2017). NOM can lead to a shift in
thermodynamic equilibrium towards ions by chelation of released ions as the systems may not
violate LeChatelier's principle (Philippe and Schaumann, 2014). NOM may provide a coating
which can act as a significant kinetic barrier for the diffusion of released ions from the surface
of ENPs. In addition, NOM plausibly impede the diffusion of reagents necessary to enhance
dissolution (Philippe and Schaumann, 2014). Therefore, the net effect of NOM on dissolution
of ENPs depends on the nature of NOM itself, nature of ENPs and the characteristic chemistry
of the exposure media (Auffan et al., 2009; Mudunkotuwa et al., 2011; Mwaanga et al., 2014;
Philippe and Schaumann, 2014). The mechanism of how NOM influences dissolution has not
been satisfactorily elucidated despite the chelation and/or complexation of free metal ions
having been proposed as the underlining mechanism (Majedi et al., 2014; Omar et al., 2014;
Wang et al., 2015).

The dissolved ions may recombine to form ENPs or interact with other species forming
complexes as shown in process IV of Figure 2.1. In certain cases, during transformation
processes, oxide coating and sulfidation occurs after dissolution as summarised in processes V
and VI of Figure 2.1, respectively. The amount of total dissolved metal ions in a given system
is the sum of the free ions, metal ions in soluble hydroxo-complexes, and metal ions from
soluble metal-ligand complexes. Hydrophobic high-molecular weight ligands like major
components of HA consisting of abundant hydroxyl, carboxyl, and phenolic groups in high

concentration enhance the dissolution of ENPs (Jiang et al., 2015).

To determine the dissolution of ENPs, various laboratory separation and analytical techniques
are used. The techniques involve centrifugation and filtration through micron-sized filters such
as the 0.22 um filters to separate the ions from the particulates in solution. However, owing to
likely adsorption of released ions onto possible components of the exposure media and
complexation effects in turn may affect the quantitative recovery of released ions through
filtration. In addition, possible sorption of ions to the filter membranes may also lead to a

reduction in detectable ions. The recovered ions are preserved in acidic solution prior to
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analysis via various analytical techniques depending on expected ion concentration such as

ICP-MS, AAS, ICP—OES as summarised in Table 2.1.
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Figure 2.1: Adsorption (processes I-11I), dissolution (process IV), transformation (processes
V-VI) and stabilization/aggregation (processes VII-1X) behaviours of ENPs in the presence of
NOM. (Source: Wang et al 2016: Reproduced with permission from Royal Society of
Chemistry)

2.2.3. Aggregation

Aggregation of ENPs may be defined as a process where particles collide and attach with the
resultant aggregate strength being dependant on kinetics of the process which is influenced by
exposure media chemistry, particle surface chemistry and degree of agitation in the system (Lin
et al., 2010; Petosa et al., 2010; Wiesner et al., 2006). The van der Waals and electrostatic
attractions govern the formation of clusters of particles (Adamczyk and Weronski, 1999).
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Aggregation of ENPs essentially influences their fate, transport, reactivity, mechanical
strength, surface energy, solubility, electrical and thermal conductivity, sedimentation
bioavailability, and their toxicity (Lowry et al., 2012; Saltiel et al., 2004). There are two types
of aggregation, namely homo-aggregation and hetero-aggregation. Homo-aggregation takes
place between particles of the same ENPs whereas hetero-aggregation is between ENPs and
other types of particles which may be other types of ENPs, or other forms of particles present
in the environment. Aggregation leads to a reduction in the surface area to volume ratio which
influences the quantum effects (Lowry et al., 2012). The aggregation process and the nature of
aggregates formed are governed by collision frequency and attachment efficiency (Amal et al.,
1992). Hence, high collision frequency at higher concentration leads to rapid aggregation.
Aggregation is a thermodynamically favoured process as formation of aggregates results in
reduced overall surface energy of ENPs (Marie et al., 2014; Yung et al., 2015). In addition, the
extent of aggregation and deposition are dependent on the surface chemistry of the particles

and the porous media as well as the chemistry of the bulk solution (Petosa et al., 2010).

Aggregation of ENPs is largely influenced by abiotic factors: i.e. pH, IS and NOM of the
exposure media. The pH of the exposure media affects the surface charge of the ENPs which
influences the interparticle repulsion forces, thus affecting the aggregation process. Maximum
aggregation is observed around the pH of point of zero charge (pHzpc). At pHzpe, the surface
charge of the ENPs is zero whereas far away from pHzpc a stable suspension is observed due to
maximum interparticle repulsion as shown in processes VII and VIII in Figure 2.1 (Peng et al.,
2017a; Zhou and Keller, 2010). IS, depending on type and concentration of electrolytes, tends
to compress the EDL which reduces electrostatic repulsion energy leading to increased
aggregation. Furthermore, multivalent cations enhance aggregation via bridging mechanism
with NOM components as shown in Process IX in Figure 2.1 (Van Hoecke et al., 2011; Zhou
and Keller, 2010). The stabilization effect of NOM on ENPs has two components: The
electrostatic component due to negative charges imparted by NOM on the surface of ENPs
through adsorption and, the steric component resulting from adsorption of various
macromolecules present in NOM. The presence and concentration of NOM influences the
aggregation of ENPs by adsorbing onto the surfaces of ENPs providing a surface charge which
increases interparticle repulsive energy and initiates steric stabilization (Domingos et al., 2009;
Loosli et al., 2014b; Omar et al., 2014; Romanello and De Cortalezzi, 2013). It decreases the

probability of homo-aggregation via electrosteric (combination of electrostatic and steric)
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repulsions (Diegoli et al., 2008; Quik et al., 2010). The electrostatic stabilization of NOM is
due to the interactions of its carboxylic and phenolic functional groups with the surface of
ENPs (Arenas-Lago et al., 2019). In addition, biotic factors may also promote aggregation of
ENPs through attachment of ENPs to living organisms such as bacteria and algae (Ge et al.,
2015; Unrine et al., 2012) and release of biopolymers which may enhance aggregation via

bridge formation (Bone et al., 2012; Ferretti et al., 2003; Santschi et al., 1998).

The aggregation of ENPs is controlled by the inter-particle repulsive and attractive energy
which are influenced by the electrical double layer (EDL) (Fang et al., 2020; Mahdavi et al.,
2019). The formation of EDLs inside an aggregate and the resultant interaction of the double
layers of aggregates in close proximity involves the overlap of double layers and
correspondingly charge regulation (SchieB1 et al., 2012). The EDLs around particles of similar
chemical composition and crystal structure have the same polarity and strength. Therefore,
when two particles are in close proximity, the overlapping EDLs create a repulsive double layer
force (Bouhaik et al., 2013; Handy et al., 2008). If ENPs of similar chemical composition,
crystal structure and their EDLs have same polarity, a net repulsive energy barrier is created
leading to low aggregation. However, if their EDLs have opposite polarity net attractive force
result in promoting high aggregation which may lead to sedimentation (Bouhaik et al., 2013;

Solovitch et al., 2010).

Aggregation may fundamentally affect the nature of ENPs found in different sinks and
receptors. For example, the water column may contain smaller particles whereas the benthic
zone may contain larger particles or agglomerates (Romer et al., 2013). It may also enhance
bioaccumulation by making ENPs accessible (Ward and Kach, 2009) or by increasing the
ingestion rates (Croteau et al., 2014). At concentrations significantly higher than currently
environmentally relevant levels, sterically stabilized ENPs are prone to aggregation possibly
due to polymer entanglement and bridging mechanisms with divalent cations as shown in
process IX in Figure 2.1 (Alabresm et al., 2017; Lead et al., 2018). The physicochemical
processes that influence the fate and behaviour of ENPs in aquatic systems are summarised in
Figure 2.1. Aggregation of ENPs may be tracked using various instruments such as TEM,

Zetasizer based on DLS etc as summarised in Table 2.1.
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2.2.4. Exposure medium chemistry

The fate and transformation processes of ENPs in aquatic systems are dependent on exposure
media chemistry. The factors that influence exposure media chemistry include pH, IS and the
type and concentration of NOM. The following sub-sections discusses how these factors affect

the fate and transformation of ENPs in aquatic systems.
2.2.4.1. Potential of hydrogen (pH)

The pH defines the colloidal charge on an ion concentration scale based on the concentration
of H and OH in a given system (Hunter, 2013). Metal oxide ENPs can possess a positive or a
negative charge when dispersed in aqueous media depending on the pH of the exposure
medium. The surface hydroxyl groups of metal oxide ENPs get protonated at low pH leading
to positive (-potential whereas at high pH they are deprotonated hence have a negative (-
potential. However, a pH exists where a neutral charge point is observed. At this pH the
hydroxyls are neither protonated nor deprotonated, and a {-potential of zero is observed. This
point is called the pH of isoelectric point (pHiep) or pH of the point of zero charge (pHrzc)
(Lowry etal., 2016). Therefore, the pH may affect the protonation or deprotonation of hydrated
metal oxide surfaces and various ligands present in the exposure media which influences the
aggregation or stabilization of ENPs in the aquatic systems (Yang et al., 2009). Dramatic
aggregation of ENPs is observed at the pHpzc, whereas stable suspensions are observed at pH

ranges away from the pHrzc (Mui et al., 2016; Sousa and Teixeira, 2013).
2.2.4.2. Ionic Strength (IS)

The electrical conductivity of an aqueous solutions is dependent on the presence of ions which
are ubiquitous in the environment. The most common ions which influences the IS of aquatic
systems listed in order of decreasing conductivity are H", Na*, Ca?*, Mg?*, NH4", K*, CI', SO4*
, HCOy, COs*, F,, NO3, AP*Y, Fe*', HSO«, Li*, OH’, Fe**, Cu?*, Mn*, Zn**, NaSOx4™ and
NaSOs™ (Mccleskey et al., 2012). The influence of other ions, even if they may be present in
freshwater, on solution conductivity is usually negligible. The conductivity of an electrolyte

solution is calculated using the expression 2.2.

K= 2Aimi 2.2
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where K is conductivity, Aiis molar ionic conductivity of the i ion and m;is the molality of the
i ion in aqueous media. The degree of accuracy in theoretical conductivity depends on how
accurately A; and m; are measured (Visconti et al., 2010). For charged species in aqueous media,
the activity coefficient decreases with increasing IS but for uncharged species it increases with
increasing IS. Hence, dissolution of charged species increase with increasing IS whereas that
of uncharged species decrease with increasing IS within the limits of (IS <1 M), beyond which
the reverse process is observed as aggregation becomes highly favoured leading to a reduction
in the number of available sites for dissolution (Mwaanga, 2012). The IS of a system is

calculated as follows:

where IS is the ionic strength in mM, Ci is the concentration of the i species in mM, and Zi is
the charge of the i" species. The IS of freshwater systems varies widely, but generally it is less
than 10 mM. For example, most literature has reported IS of freshwater systems in the range
0.8-7.0 mM (Conway et al., 2015; Heinlaan et al., 2016; Leareng et al., 2020; Tong et al.,
2014).

According to the compression theory of the EDL, variations in IS may lead to changes in the
potential around the particles (Fang et al., 2020). EDLs result from the spontaneous charging
of particle surfaces in a liquid medium due to adsorption or dissociation processes (SchieBl et
al., 2012). EDLs of neighbouring particles interact with each other due to electrostatic and
osmotic forces between the ions and the surfaces (Schiefll et al., 2012). The interaction energy
is influenced by the concentration of ions. Therefore, increase in IS results in increased number
of mobile ions or counter ions in the compact layer which contributes to the decrease in electric
potential difference between the particle interface and solution (Fang et al., 2020; Pham and
Nguyen, 2014). The reduction in electric potential leads to thinning of the EDL around ENPs
surface with resultant enhanced aggregation (Fang et al., 2020; Handy et al., 2008; Solovitch
et al., 2010). The counterion association is highly pronounced at high IS such that the effective
charge number of ENPs approaches zero. Therefore, the major limiting factor to aggregation
becomes diffusion as electrostatic repulsion is at minimum (Kallay and Zalac, 2002; Pham and

Nguyen, 2014).
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2.2.4.3. Natural Organic matter (NOM)

NOM is formed as a result of microbial decomposition of microorganisms, animal-, and plant
residues present in various environmental compartments such as soil and water (freshwater,
groundwater, lake water, river water, etc.) (Matilainen et al., 2010; Nebbioso and Piccolo,
2013; Yuetal.,2017). NOM has a wide molecular weight (MW) variation up to about (10 kDa)
and it is characterised by the presence of functional groups such as aldehydes, ketones,
quinones, thiols, phenols, methoxyls and carboxyls (Aiken et al., 2011a; Nebbioso and Piccolo,
2013). Due to differences in the origins of NOM, its composition exhibits substantial
geographical and seasonal viability (Ritson et al., 2014). The concentration of NOM in
freshwater systems has been reported to be within the range of (1-10) mg/L (Philippe and
Schaumann, 2014; Yu et al., 2017).

The net negative charge on NOM is largely dependent on the degree of protonation and
deprotonation of the phenolic and carboxylic functional groups as a function of pH in a given
media. At low pH, these groups are largely protonated; hence NOM is less negatively charged
whereas at high pH they are deprotonated, and therefore have a high negative charge (Sun and
Lee, 2012). In freshwater and at near neutral pH and low IS, NOM molecules undergo structural
relaxation to extended shapes. This is due to intramolecular electrostatic repulsive interactions

(Stumm and Morgan, 2012).

The interactions of NOM and ENPs are thermodynamically favoured (Loosli et al., 2015b) due
to both entropic and enthalpic factors (Loosli et al., 2015a). Therefore, the adsorption of NOM
on ENPs is inevitable. Adsorption of NOM on ENPs is MW dependent where ENPs were found
to have higher affinity for higher MW NOMSs compared to lower MW forms (Chekli et al.,
2013; Mwaanga et al., 2014; Yu et al., 2017). The source and composition of NOM determines
its influence on the stability of ENPs in aquatic systems (Sikder et al., 2021; Sikder et al.,
2020). For example, Sikder et al. 2021 observed that NOM from the Pacific Ocean promoted
aggregation of 20 nm Platinum ENPs relative to NOM from Suwannee River where the
differences = were associated to elemental composition. NOM with high oxygen to carbon
ratio which indicates high presence of oxygen containing functional groups such as carbonyl
and carboxylic groups are more likely to impart high negative surface charge on ENPs. This
can lead to enhanced electrostatic repulsive forces, which in turn can promote ENPs stability

in aqueous media (Deonarine et al., 2011; Sikder et al., 2021). In addition, the interaction of
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NOM with ENPs in the lower nano-size range is more significant than with those in the higher
nano-size range (Chowdhury et al., 2013; Sikder et al., 2020). For example, Skider et al. 2020
observed that NOM promoted aggregation of polyvinylpyrrolidone coated platinum ENPs of

size 20 nm but stabilized larger sized ones of 95 nm.

Ligand exchange, via a three-step mechanism, has been proposed as the dominant mechanism
for NOM adsorption onto metal based ENPs. The first step involves surface hydroxyl
protonation of ENPs making them more easily exchangeable, and the second step is based on
outer-sphere complexation of protonated hydroxyls with NOM carboxylic groups. And, the last
step proceeds via inner-sphere complex formation mechanism in which exchange of ligands
occur through condensation reaction among the functional groups as summarised in process II
in Figure 2-1 (Yang et al., 2009; Yu et al., 2017). NOM adsorption through ligand exchange

involves a high binding energy resulting into an irreversible process (Yu et al., 2017).

Due to the adsorption of NOM, ENPs accumulate negative charges on their surfaces which
leads to electrostatic stabilization due to repulsive effects (Yang et al., 2009). Hence, NOM is
most often associated with the stabilisation effect on ENPs via electrostatic, steric or electro-
steric mechanisms. However, it is not always the case that the adsorption of NOM on ENPs
will impede aggregation. Under certain conditions it can promote aggregation. For example,
higher MW NOM including polysaccharides and peptides may enhance aggregation of ENPs
via formation of intramolecular cation-bridges enhanced by presence of divalent cations e.g.
Ca?" that facilitates complex formation with NOM functional groups such as carboxylate
groups providing multiple cross-linkers among ENPs (Bharti et al., 2011; Koh and Cheng,
2014; Murphy et al., 1994; Yu et al., 2017).

Depending on the type of NOM, charge screening on dissolved NOM may occur at high IS
conditions (Chen et al., 2003a; Mwaanga et al., 2014). Moreover, under certain pH and IS
conditions, NOM may undergo molecular aggregation or disaggregation (relaxation)
(Mwaanga, 2012; Stumm and Morgan, 2012) which may enhance the aggregation of ENPs. At
low IS or high pH, the surface charge of NOM increases due to ionization (most function
groups are in deprotonated state) and the resultant stabilization effect has a larger contribution
from electrostatic effects. Conversely, at high IS or low pH the surface charge on dissolved
NOM decreases due to charge screening with the observed stabilization effect largely being

due to steric effects (Illés and Tombacz, 2006; Mwaanga, 2012). The stabilization of ENPs is
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dependent on the characteristics of NOM such as molecular structure, MW, charge,
hydrophobicity and conformation (Mwaanga, 2012; Piccolo, 2001; Stumm and Morgan, 2012).
For example, if adsorbed NOM assumes a flat conformation on the ENPs, electrostatic effect
dominate stabilization whereas in extended conformations, steric effects become more
dominant (Tiller and O'melia, 1993; Yokoyama et al., 1989). NOM broadly can form
complexes with many different multivalent cations which may neutralize part of its negative
charges and modify molecular conformation (Majzik and Tombacz, 2007a; Majzik and
Tombacz, 2007b; Ottofuelling et al., 2011). Hence, multivalent cations have the ability to

simultaneously reduce both electrostatic and steric stabilization effects of NOM.

2.3. Fate and transformation of ECs in aqueous media

The fate and transformation of ECs in aquatic systems play a significant role on their effects to
aquatic organisms. Various factors influence their fate and transformation in the environment
such as molecular properties, polarity, functional groups, ionizability, physical form including
dissolved, colloidal or particulate and environmental factors including pH, IS, NOM and
temperature (Besha et al., 2019; Schwarzenbach et al., 2006). The following subsections
reviews the fate and transformation of TCS and selected ENPs as individual components and

as mixtures in various aquatic systems.
2.3.1. TCS a dominant organic EC in PCPs

The widespread use of the polychlorinated, binuclear and aromatic broad-spectrum
antimicrobials, such as the organic compound TCS, has raised serious concerns on
environmental safety (Carey and Mcnamara, 2015; Halden et al., 2017). TCS is used in more
than 2000 products including soaps, deodorants, shampoos, acne creams, detergents,
toothpastes, clothing, toys, carpets, plastics and paints (Barghava and Leonard, 1996; Halden,
2014; Smith, 2013). It is worth noting that TCS and ENPs share similar applications in PCPs.
Hence, they co-exist in aquatic systems and their interaction is inevitable. It was reported that
between 1992 and 1999, the majority of an estimated 700 consumer products with antibacterial
properties contained TCS (Schweizer, 2001). Globally, at least 1500 tonnes of TCS are released
every year via consumer products, most of which ends up in wastewater treatment plants

(WWTPs). Limited removal efficiency of TCS in WWTPs has been reported (Chalew and

26
© University of Pretoria

© University of Pretoria



4

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Que® YUNIBESITHI YA PRETORIA

Halden, 2009; Singer et al., 2002). Its concentration in freshwater systems ranges from 50 to
2300 ng/L and it is higher in wastewater up to micrograms (0.07—-14 000 pg/L) (Singer et al.,
2002). Table 2.3 gives a summary of environmental concentrations of TCS in surface water

from various parts of the world.

Table 2.3: Environmental concentrations of TCS in surface water from various countries

across the globe

Country TCS (ng/L) Refs.

Australia 21-75 (Ying and Kookana, 2007)

China 11-478 (Zhao et al., 2010)

Germany 10 (Bester, 2005)

Japan 0.6-5.9 (Coogan and Point, 2008; Dhillon et al., 2015)

United Kingdom (UK)  5-37 (Kasprzyk-Hordern et al., 2008; Sabaliunas et al., 2003)
South Africa 39-8720 (Lehutso et al., 2017; Musee, 2018)

Switzerland 74 (Okumura and Nishikawa, 1996; Xie et al., 2008)

India 944-9650 (Nag et al., 2018; Ramaswamy et al., 2011)

USA 1-2300 (Fair et al., 2009; Katz et al., 2013; Kolpin et al., 2002)

The ITUPAC name of TCS is 5-chloro-2-(2,4-dichlorophenoxy) phenol (Figure 2.2). It is
available as a white powder with a slight phenolic odour. The MW is 289.54 g/mol and the
molecular diameter is about 7.4 A (Rossner et al., 2009). Its solubility in water is less than
1 ng/L (Du Preez and Yang, 2003; Montaseri and Forbes, 2018). The pKa is in the range
7.9-8.1 (Pemberton and Hart, 1999) and this implies that, depending on pH of the exposure
medium, it may exist as partially a dissociated form. At pH < pKa it will exist in protonated
form whereas at pH > pKa it will be present in deprotonated form. This is of relevance as anions
do not generally adsorb as strongly on organic carbon and clay as their neutral counterparts
(Mackay and Boethling, 2000; Montaseri and Forbes, 2016). In aquatic environmental systems,
TCS is expected to adsorb onto suspended solids and sediments, posing a potential threat to

aquatic organisms (List, 2008; Montaseri and Forbes, 2016). Derivative compounds of TCS
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such as methyl triclosan, biphenyl ethers and chlorinated phenols, which are also toxic, have

been reported to be present in the aquatic environment (Fiss et al., 2007; Kanetoshi et al., 1987).

Cl OH

Cl cl

Figure 2.2: structural formula of 5-chloro-2-(2,4-dichlorophenoxy) phenol (Triclosan)

2.3.2. Fate and transformation of individual ENPs in aquatic systems

In aquatic environment, ENPs undergo numerous transformation processes as detailed under
subsection 2.2 driven by their inherent intrinsic physicochemical properties (e.g. size, shape,
surface chemistry, etc.) (Fabrega et al., 2011; Lowry et al., 2012; Wang et al., 2016), and
exposure media chemistry like pH, IS, type of NOM, etc. (Conway et al., 2015; Odzak et al.,
2014; Peng et al., 2017a; Sousa and Teixeira, 2013; Yang et al., 2009; Ye et al., 2018a; Zheng
et al., 2011). Many studies have documented the fate and transformation of various ENPs in
aqueous media (Collin et al., 2014; Fatehah et al., 2014; Luyts et al., 2013). The fate and
transformation of nAl203 and nCuO in aqueous media were mostly conducted in DIW with

only a few studies done in freshwater as detailed in subsections 2.2.2.1 and 2.2.2.2.
2.3.2.1. Fate and transformation of nAl>0; in aquatic systems

The fate and transformation of nAl2O3 has been studied in DIW (Ghosh et al., 2008;
Godymchuk et al., 2015; Mui et al., 2016) and in freshwater (Pakrashi et al., 2012). For studies
in DIW, ENPs were observed to undergo maximum aggregation at pH = pHiep which was in
the pH range 7.5-8.0, whereas ENPs were stable away from pHiep (Ghosh et al., 2008; Mui et
al., 2016). Aggregation was also observed to be promoted by IS due to compression of the EDL
and the effect was more significant at higher IS with divalent cations having greater influence
than monovalent cations (Godymchuk et al., 2015; Mui et al., 2016). Conversely, Godymchuk

et al., (2015) reported that the monovalent (NaCl) was more influential on aggregation than the
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divalent (CaClz). However, no rationale was provided for this rare observation. Both HDD and
C-potential were influenced by the presence of NOM. The {-potential becomes more negative
due to adsorption of NOM onto surfaces of ENPs and a reduction in size of aggregates is
observed because of electrostatic and steric effects (Ghosh et al., 2008; Mui et al., 2016). In
freshwater systems, nAl2O3 was reported to be stable within the first few hours of exposure but
aggregation increased over time and high dissolution (~94%) partly due to prolonged exposure
(Pakrashi et al., 2012). However, the characterisation results of the freshwater used in their
study were not provided hence no key influencing factors could be identified. A summary of

fate and transformation studies of nA12O3 in aqueous media are listed in Table 2.4.
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Table 2.4: Summary of fate and transformation studies on nAl203 and nCuO

Type and Specifications of
ENPs used

Exposure media and parameters

Instruments used

Description of fate and transformation findings

Reference

nALO3
Size: 60 nm

Surface area: 230 m%/g

v-nAL2Os Size: 20-30
Shape: equiaxed

Surface area: 8.49 m?/g

y-nALO3
Size: 5, 10, 20-30 nm

Shape: spheres and rods

DIW; pH (4-11)
HA concentration: 5-10 mg/L
ENPs concentration: 40 mg/L

Temperature: 25 £ 0.1 °C

DIW; pH: 6.7 +£0.5

IS: 0-100 mM (NaCl or CaCl)
ENPs concentration: 102 mg/L
Temperature: 25 £ 1 °C

Time: 48 h

DIW; pH range: 3—12

Malvern Zetasizer,

AFM

Malvern Zetasizer,

TEM, SEM

DLS, TEM, XRD,
ICP-OES

The (-potentials was positive at lower pH and and pHiep was
7.9 beyond which {-potentials was negative

Maximum aggregation was observed at pHiep

High negative C(-potentials and low aggregation was

observed in presence of NOM

Electrolytes were observed to enhance aggregation which
increased with increase in IS

The monovalent electrolyte (NaCl) destabilised ENPs more
than the divalent (CaCl>)

The C-potentials was influenced by pH and positive at lower
and negative and higher pH with pHiep was in the range
7.5—8 where maximum aggregation was observed.

Aggregation was enhanced by IS with CaClz having a higher

effect than NaCl. {-potentials decreased with increasing IS.

(Ghosh et al., 2008)

(Godymchuk et al., 2015)

(Mui et al., 2016)
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Q)

nALO;3
Size: < 50 nm
Shape: spheres

Surface area: 35-43 m%/g

nCuO
Size: < 50 nm
Shape: Nearly spherical

Surface area: 29 m?/g

nCuO
Size: 30-50 nm

Shape: Spherical

IS range: 1-1000 mM (NaCl) and 3-3000
mM (CaClz)

HA concentration: 1-50 mg/L
ENPs concentration: 614 mg/L
Temperature: not specified
Time: 24 h

DLS, TEM, XRD,
ICP-OES

Natural lake water

ENPs concentration: 50, 500 and 1000
ng/L

Time: 48 h (aggregation) and 6 months

(dissolution)

. Malvern Zetasizer,
Milli-Q water; pH: 3-12

TEM, XRD
IS range: 0—-100 mM (CaCly)
HA concentration: 1-50 mg C/L at pH 8
ENPs concentration: 100 mg/L
Time: 12 h
I DLS, TEM,
Milli-Q water; pH: 6-9
ICP-MS

Water hardness: 0—-300 mg/L as CaCOs

High negative C-potentials and low aggregation were
observed in presence of even at the lowest concentration of

HA (1 mg/L)

Aggregation was low in the first 6 h (< 100 nm) but increased
after 48 h (> 1000 nm)
Dissolution was about 94 % over the experimental time

frame

The (-potentials was positive at lower pH and negative at pH
> pHiep and pHiep was 10.

Maximum aggregation was observed at pHiep

Aggregation was enhanced by IS and {-potentials decreased

with increasing IS

NOM imparted high negative (-potentials and aggregation
was impeded.

The pH more influence on both aggregation and dissolution
compared to hardness or NOM

Formation of NOM~-Ca?" complexes reduced the ability of

NOM and hardness to promote aggregation

(Pakrashi et al., 2012)
(Sousa and  Teixeira,
2013)

(Son et al., 2015)
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nCuO
Size: 40 nm
Shape: Spherical or elliptical

Surface area: 131 m%/g

nCuO

Size: 20-100 nm

NOM: 0-10 mg /L
ENPs concentration: 4.14 mg/L
Temperature: 25 °C

Time: 10 days

Malvern Zetasizer,

TEM, FAAS

Milli-Q water; pH: 3-9 at IS 10 mM
NaCl

IS range: 1-100 mM (NaCl or CaCl; at
pH7

NOM: 1-100 mg /L at pH 7 and 10 mM
NaCl

ENPs concentration: 100 mg/L
Temperature: 25 °C

Time: 48 h

Malvern Zetasizer,
SEM, XRD,
ICP-AES

Natural water from various sources

ENPs concentration: 10 mg/L

The (-potentials was positive at lower pH and negative at pH
> pHier and pHiep was 6.21 at which maximum aggregation
and sedimentation was observed

High dissolution was observed at low pH (3) and it decreased

with increasing pH

IS promoted aggregation and sedimentation which
increased with increase in IS. The divalent electrolyte
(CaCly) influenced aggregation more than the monovalent
(NaCl). Increase in IS led to a reduction in {-potentials.
Dissolution was promoted by NaCl but exhibited by the
divalent CaClz

NOM imparted high negative (-potentials and impeded
aggregation with various types of NOM exhibiting different
degrees of influence

Aggregation was promoted in exposure media with high IS
and low NOM concentration

Sedimentation was observed to show positive relationship

with IS and an inverse relationship with NOM.

(Peng et al., 2017a)

(Conway et al., 2015)

© University of Pretoria

© University of Pretoria



#

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Que® YUNIBESITHI YA PRETORIA

Surface area: 12.31+0.05 Time: over 1 h for aggregation, 6 h for phosphates PO4* inhibited aggregation and imparted
m?%/g sedimentation and 90 days for dissolution negative charge on surfaces of ENPs
studies Dissolution was high in exposure media with low pH but, it

. was low in exposure media with high NOM concentration
Temperature: not specified

due to chelation and coating effects of NOM.

Malvern Zetasizer, High aggregation (>2000 nm) and sedimentation was (Heinlaan et al., 2016)

nCuO Natural lake water and Milli-Q water
UV-Vis spec., observed in lake water owing to high IS.
Size: 22-25 nm (powder) ENPs concentration: 1-100 mg/L ICP-MS Very low dissolution was observed due to high aggregation
Time: over 24 h (aggregation) and 9 days and sedimentation.

(dissolution)

Temperature: 22 £ 1 °C

Abbreviations: AFM: Atomic Force Microscopy, DLS: Dynamic light scattering, FAAS: flame atomic absorption spectrometer, ICP—AES: inductively coupled plasma atomic
emission spectroscopy, ICP-MS: Inductively Coupled Plasma Mass Spectrometry, ICP-OES: inductively-coupled plasma optical emission spectrometry, SEM: Scanning
Electron Microscope, SP-ICP-MS: Single Particle Inductively Coupled Plasma Mass Spectrometry, TEM: Transmission Electron Microscope, UV-Vis Spec.: Ultra-Violet/
Visible Spectrophotometry, XRD: Powder X-ray diffraction.
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2.3.2.2. Fate and transformation of nCuO in aquatic systems

Few studies have reported on the fate and transformation of nCuO in various aquatic systems.
The studies were conducted in DIW (Peng et al., 2017a; Son et al., 2015; Sousa and Teixeira,
2013), and freshwater systems (Conway et al., 2015; Heinlaan et al., 2016) as exposure media.
For studies conducted in DIW, {-potential of nCuO has been reported to be greatly influenced
by pH, it is positive in acidic pH range and negative at pH > pHiep (Peng et al., 2017a; Sousa
and Teixeira, 2013). Variations in pHier have been reported, i.e. pHier = 6.21 (Peng et al.,
2017a) and pHiep = 10 (Sousa and Teixeira, 2013). These observations suggest that pHiep may

be influenced by other factors, e.g. such as the presence of a coating on ENPs.

Both aggregation and dissolution have been observed to be influenced by pH. Maximum
aggregation was observed at pH = pHiep (Peng et al., 2017a; Sousa and Teixeira, 2013) whereas
maximum dissolution under acidic pH regime and minimal dissolution in basic pH range (Peng
et al., 2017a). IS was reported to promote aggregation with divalent cations exhibiting higher
influence than monovalent cations; attributed to larger compression of the EDL which in turn
led to a reduction in electrostatic repulsive force promoting inter-particle interaction, thus high
aggregation and subsequent sedimentation (Peng et al., 2017a; Sousa and Teixeira, 2013). The
monovalent electrolyte (NaCl) reportedly enhanced dissolution of nCuO which increased with
increasing concentration of NaCl whereas the divalent cation (CaClz) slightly inhibited
dissolution of nCuO (Peng et al., 2017a). These findings indicate that both IS and type of

electrolyte influence the aggregation and dissolution of nCuO.

The presence of NOM was observed to increase the {-potential (high negative) of nCuO due to
the adsorption of NOM by ENPs which imparts negative charge on surfaces of ENPs and
enhances their stability via electrostatic and steric stabilization (Peng et al., 2017a; Sousa and
Teixeira, 2013). In a study involving a combination of three factors (pH, water hardness and
NOM), the pH was reported to have greater influence on both aggregation and dissolution of
nCuO (Son etal., 2015). A combination of water hardness and NOM has been reported to cause
limited aggregation of ENPs. This was attributed to significant interactions as a consequence
of the binding of Ca*' to the carboxyl functional groups of NOM forming NOM-Ca?*
complexes reducing the ability of water hardness to compress the EDL and enhance
aggregation (Son et al., 2015). However, other studies have reported that the interaction

between Ca?" and NOM leads to formation of bridges resulting into enhanced aggregation of
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ENPs (Murphy et al., 1994; Yu et al., 2017). In natural water systems, high IS and low
concentration of NOM promote aggregation of nCuO (Conway et al., 2015; Heinlaan et al.,
2016). Phosphates (PO4+*) have been reported to form a negatively charged layer of copper
phosphate onto the surface of nCuO which in turn increases the negative charge density and

promote electrostatic repulsion impeding aggregation (Conway et al., 2015).

NOM impedes dissolution of nCuO in aqueous media. For example, Conway et al. (2015);
investigated the dissolution of 1 mg/L nCuO in wastewater and storm runoff with NOM
concentrations of 2.38 and 6.49 mg/L where dissolution was found to be < 10% and 0 %,
respectively. Miao et al. (2016); reported a dissolution percentage of < 5% in wastewater.
However, other findings hold that the presence of NOM enhances the dissolution of ENPs
(Jiang et al., 2015; Xiao et al., 2018). Systems with low pH promote dissolution of nCuO
(Conway et al., 2015). Ionic species present in natural water matrixes, e.g. CI"!, SO4*, PO4*>",
etc., can form complexes with released Cu?* from dissolution of nCuO. These findings suggest
that various water chemistry parameters such as IS, pH, NOM and presences of specific ionic
species such as phosphates and oxidation state of ions released by ENPs are key parameters
likely to predict the fate and transformation of ENPs in natural aquatic systems. The studies on

fate and transformation of nCuO in aqueous media are summarized in Table 2.4.

From Table 2.4, all the studies done in DIW used high exposure concentrations of ENPs
(40-614 mg/L) for nAl203 and (1-100 mg/L) for nCuO. These concentrations are orders of
magnitudes beyond environmentally relevant concentrations as evidenced by both field
measurements (Donovan et al., 2016; Johnson et al., 2011) and PECs based on modelling
(Boxall et al., 2007b; Keller and Lazareva, 2013; Mueller and Nowack, 2008). The IS range
used (0-3000 mM) is also far beyond what is environmentally relevant considering the fact
that the concentration of common electrolytes in the environment are very low. For example,
in freshwater systems, Na" concentrations ranges from 0.26 to 0.78 mM (Guo et al., 2001; Jalali
and Jalali, 2016), and much lower for K* (0.001 to 0.005 mM) (Talling, 2010). The study by
Peng et al. (2017) used 10 mM NaCl as background electrolyte during their investigations on
influence of pH or NOM on stability of nCuO, a concentration high enough to influence the

observed results as a consequence of high IS.

Investigations by Pakrashi et al. (2012) in natural lake water used low concentrations of ENPs

close to what is environmentally relevant. However, the physical-chemical properties of the
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natural lake water used as exposure media were not reported to aid account for the observed
behaviour such as the high dissolution of nAl2Os reported. Hence, all these studies have
fundamental limitations and their findings may not be sufficient to fully elucidate the fate and
transformation of nAl203 in freshwater systems. Such data is essential as realistic estimates of

ENPs fate in environmentally relevant conditions are largely lacking.
2.3.3. Fate and transformation of binary mixtures of ENPs in aquatic systems

A review on the fate and transformation of binary mixtures of ENPs with respect to
aggregation, dissolution, and adsorption is summarised in Table 2.5. Similar to the observations
under fate and transformation of individual ENPs in aquatic systems, interactions of mixtures
of ENPs in aqueous media are dependent on the exposure media chemistry parameters such as
pH, IS, NOM, type of electrolytes, UV radiation among others (Hazeem et al., 2016; Iswarya
et al., 2015; Wilke et al., 2019). A limited number of studies have reported on the fate and
transformation of mixtures of ENPs in aquatic systems (Azevedo et al., 2017; Benavides et al.,
2016; Fang et al., 2017; Hazeem et al., 2016; Huynh et al., 2014; Iswarya et al., 2015; Mansouri
et al.,, 2016; Tong et al., 2014; Wilke et al., 2016). Most of these studies reported hetero-
aggregation and adsorption of particulate and ionic species onto surfaces of less soluble
component ENPs in the mixture. However, these studies used either environmentally
unrealistic concentrations of ENPs or DIW as exposure media. Therefore, the findings may not
satisfactorily account for the transformation of ENPs in natural aquatic systems. Hence, this

remains a key data knowledge gap in this field.
2.3.3.1. Aggregation of mixtures of ENPs

Aggregation of binary mixtures of ENPs in various aquatic systems, e.g. DIW (Huynh et al.,
2014; Mansouri et al., 2016), algal medium under saline conditions (Hazeem et al., 2016), tap
water (Benavides et al., 2016) and natural water (Fang et al., 2017; Iswarya et al., 2015; Tong
et al., 2014) has been observed. Binary mixtures of ENPs with opposite surface charges in DIW
were observed to undergo concentration dependant hetero-aggregation driven by electrostatic
interactions. For example, Huynh et al. (2014) reported concentration dependent hetero-
aggregation on the interaction of binary mixtures of nAg and hematite nanoparticles (nHem),
nAg/nHem in DIW. Hetero-aggregation due to adsorption of one type of ENPs onto another

has been observed. For example, studies on the interaction of nCuO/nTiO2 binary mixtures in

36
© University of Pretoria

© University of Pretoria



P

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Que® YUNIBESITHI YA PRETORIA

DIW revealed adsorption of nCuO onto nTiO: leading to enhanced hetero-aggregation
(Mansouri et al., 2016).

For the nTi02/nZnO mixtures, maximum aggregation and sedimentation was observed at high
pH values in algal medium under saline conditions (Hazeem et al., 2016). The same mixture
was studied in natural water in which concentration dependant hetero-aggregation was apparent
as the concentration of nZnO increased (Tong et al., 2014). However, mixtures of the same
ENPs were observed to be stable in natural water at pH 7.7 where both ENPs had negative (-
potentials and the stability was linked to interparticle repulsive effects (Fang et al., 2017).

Investigation on the interaction between anatase and rutile forms of nTiO2 in sterile lake water
revealed that binary mixtures had negative {-potential although the individual components
ENPs had positive (-potential under the same exposure conditions and hetero-aggregation was
also observed (Iswarya et al., 2015). In summary, these findings suggest that several factors
including pH, exposure media chemistry, {-potential, mixture concentrations, ENPs properties
etc, influence the aggregation of binary mixtures of ENPs in aquatic systems. Fate and
transformation studies on binary mixtures of ENPs in various aquatic systems are summarised

in Table 2.5.
2.3.3.2. Dissolution and adsorption of binary mixtures of ENPs

Interactions of ENPs in terms of dissolution and adsorption in binary mixtures of ENPs are
dynamic and of great significance in assessing their ecological safety in aquatic systems. One
type of ENPs have been found to enhance dissolution of other ENPs in binary mixtures which
would lead to enhanced bioavailability of ionic species to aquatic organisms. For example,
nCeO: enhanced the dissolution of nZnO in cultivation media (Yu et al., 2016). Less soluble
ENPs with large surface area exhibited adsorptive effects on ions from soluble ENPs in the
mixture. This leads to the possibility of reduced ion bioavailability or induction of Trojan horse
effect. Both are critical phenomena in toxicological studies. For example, the interactions of
nAg/nTiO2 in Lake Michigan water (LMW) revealed adsorption of dissolved Ag® onto the
surfaces of nTiO2 (Wilke et al., 2016). In another study, entailing the nZnO/nTiO2 binary
mixtures in LMW, adsorption of Zn>" by nTiO2 was observed (Tong et al., 2014). Adsorption
of Ag" following the dissolution of nAg onto surfaces of nHem was observed during

investigations on binary interactions of nAg/nHem in DIW (Huynh et al., 2014). In addition, a
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reduction in dissolution of nCuO due to adsorption of Cu®* onto surfaces of nTiO2 was observed

following the interactions of nCuO/nTiO2 binary mixtures in DIW (Mansouri et al., 2016).

The foregoing dissolution and adsorption studies suggest that non- or low-dissociating ENPs
such as nTiO2 may modify the combined toxicity by competing with the bacterial surface to
adsorb the generated ions €.g. Ag” and Zn**. Overall, stable ENPs e.g. nTiO2, nFe203 and other
adsorptive surfaces in the environment may play an important role in mediating other forms of
ENPs as well as other ENPs-related metabolites (e.g. ionic species) in terms of bioavailable to
the aquatic organisms. A summary of studies on fate and transformation of mixtures of ENPs

is provided in Table 2.5.

Notably, most studies used unrealistically high exposure concentrations of ENPs considering
the current environmentally measured concentrations (Bhuvaneshwari et al., 2016; Garner and
Keller, 2014) and PECS (Boxall et al., 2007b; Gottschalk et al., 2013; Holden et al., 2014;
Keller and Lazareva, 2013; Musee, 2011c), which are in the lower pg/L range. The studies
which used natural water matrixes employed environmentally unlikely concentrations of ENPs
(Tong et al., 2014; Wilke et al., 2016). Studies which used environmentally relevant
concentrations of ENPs used synthetic water as exposure media (Azevedo et al., 2017,
Benavides et al., 2016). Most of these studies did not investigate aggregation and dissolution
kinetics and lack systematic design on fate and transformation of binary mixtures of ENPs.
Hence, the reported findings might not adequately reflect the fate and transformation of binary
mixtures of ENPs in natural aquatic environmental compartments. Therefore, there is need to
study the kinetics of the interactions of binary mixtures of ENPs in natural aquatic systems,
and at environmentally relevant concentrations. This will minimize the knowledge gap on fate

and transformation of binary mixtures of ENPs in various natural aquatic systems.
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Specifications of ENPs in the

mixture

Exposure media and parameters Instruments used

Description of fate and behaviour findings

Reference

nTiO2 (P 25) (80% Anatase
and 20% Rutile; size range
15-25 nm) and nZnO (Spheres
with radius 63.5 nm and rods
with length 156.6 nm and

diameter 47.1 nm)

nAg (Size 7.9 £ 2.4 nm, citrate
coated) and nTiO2 (P25)
(Shape; Spherical, size ~20
nm; 84% Anatase and 16%

Rutile)

TEM,
HPLC, PXRD, STEM,
XRD, XAS, FAAS

Zetasi
Lake Michigan water (LMW) (pH 8.4 ctasizer,

+0.1; DOC 1.77 mg/L and IS 4.77
mM).

Stock concentrations of 1 g/L of each
ENPs concentration range: 1-50

mg/L nZnO and 10-100 mg/L nTiOx.

Exposure duration: Over 48 h for

dissolution and adsorption

TEM, XRD, ICP-MS,
UV-Vis

Lake Michigan water (LMW) (pH 8.2
+ 0.1; DOC 1.77 mg/L and IS 4.68
mM)

ENPs concentration ranges: 5—40 pg/L
nAgand 0, 1, and 10 mg/L nTiO»).

Exposure duration: over 7 days for

dissolution and adsorption

Dissolution of nZnO and adsorption of Zn?>" onto nTiO2 was
observed. Concentration of Zn?* decreased with increasing
concentration of nTiOx.

Both ENPs had negative (-potentials but concentration
dependant heteroaggregation which increased with increasing
concentration of nZnO was observed and attributed to collisions
of ENPs.

Aggregation kinetics was not studied only dissolution and

adsorption kinetics were investigated

Adsorption of nAg onto nTiO2 was observed as evidenced by
the reduction in concentration of Ag™ in presence of nTiO2 with
maximum adsorption capacity for nTiO2 being ~1.81 + 0.36 pg
nAg/mg P25 nTiOx.

(Tong et al., 2014)

(Wilke et al., 2016)
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nTiO2 (Anatase and rutile).
(Anatase: shape; cubical and
spherical, size < 25 nm,
Specific surface area 45-55
m?/g) and Rutile: Shape; rods,
size; length < 100 nm and

diameter ~ 40 nm, Specific

surface area 130-190 m?/g)

nTiO2 (99.9% Anatase), size;
60—-80 nm), surface area; 32.5

m?/g.

and nZnO, size; < 100 nm

nALO; (Size: 20 nm) and
nZnO (Size: 50 nm)

nZnO and nAg (size and shape

unspecified)

TEM, SEM, Zetasizer,
UV-Vis, XRD, FT-IR,

Freshwater (VIT lake) (pH: 7.76 +
0.16; TOC: 13.89 £ 0.72 mg/L).

ICP-OES
ENPs concentration range: 0.25-1
mg/L
Exposure duration: over 72 h for
dissolution and adsorption
Natural water (Grand Canal in SEM,
ICP-AE
Hangzhou, China), (pH 7.7 £ 0.1; ¢ S
DOC 4.65 £ 0.25 mg/L).
ENPs concentration range: 10-25
mg/L nZnO and 15 mg/L nTiOz
Exposure duration: over 14 days
. TEM,
Dechlorinated tap water at pH 7.4 +
ICP-AES

0.02.

ENPs concentration range 10—-100

ng/L.

Exposure duration: over 48 h

Artificial hard water ASTM.

Zetasizer,

Zetasizer,

TEM, SEM, ICP-MS

Concentration ratio dependant heteroaggregation was observed
which increased with time at higher concentration ratio without

clear dependence on one type of ENPs.

Adsorption of anatase onto surfaces of rutile ENPs was observed
owing to the larger specific surface area of rutile compare to the
anatase.

Dissolution was not observed as it was below detection limit of

ICP-OES (0.003 mg/L)

Heteroaggregation was deduced without any reported influence
of concentration ratios of ENPs.
No influence of binary interactions of ENPs was reported on

dissolution

Aggregation of both individual and binary mixtures of ENPs was
observed without any indication as to which systems had higher
aggregation.

No dissolution of nAl203 was observed but for nZnO as Zn?*
were detected.

No clear influence due to binary interaction of ENPs was
reported

Dissolution of both nZnO and nAg decreased in the mixture
more so after 48 h. For example, at 0 h, dissolution of nZnO and

nZnO/nAg were 100 % and 95%, respectively.

(Iswarya et al., 2015)

(Fang et al., 2017)

(Benavides et al., 2016)

(Azevedo et al., 2017)

© University of Pretoria

© University of Pretoria

40



UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
YUNIBESITHI YA PRETORIA

Q)

nAg (spherical, 64.6 nm)

and nHem (spherical, 82.4

nm)

nZnO (Size: 28 nm) and nTiO2
(Anatase; 85.4 wt%, size 19
nm and rutile; 14.6%, size 20

nm)

nCuO (Size: 40 nm, specific
surface area 20 m?/g) and
nTiO2 (Anatase/rutile) (Size:
20 nm, specific surface area 20

m?/g)

ENPs concentration ranges: 0.25-5
mg/L nZnO and 1-25 pg/L nAg

Exposure duration: over 48 h

TEM, Zetasizer, ICP-
MS

Deionized water (Millipore) at pH
5.5.

ENPs concentration ranges: 2.2 mg/L

nAg and 1-30 mg/L nHem

Exposure duration: over 8 h

. SEM, EDS, XRD
Algal medium at pH 8-8.22 and

temperature § °C

ENPs concentration range: 10-30

mg/L nZnO and 10-30 mg/L nTiOx.
Exposure duration: over 35 days

TEM, SEM, Zetasizer,
XRD, UV-Vis,
ICP-OES

Distilled water with unspecified pH

ENPs concentration: 100 mg/L nTiO2
and 2.5-5 mg/L nCuO.

Exposure duration: over 48 h

No clear indication of how ENPs in binary mixtures influenced
the dissolution of each other as no trends were provided on

concentration ratios

Heteroaggregation was observed which was dependant on
concentration of nHem in the mixture and it was associated to
the electrostatic interactions between the positively charged
citrate coated nAg and the negatively charged nHem.
Dissolution of nAg was observed and the concentration of Ag*
in the binary mixtures of nAg/nHem decreased with increasing
concentration of nHem due to adsorption of Ag" on the surface
of nHem

Heteroaggregation and sedimentation of the binary mixture was
observed without any reported influence of ENPs on each other
Dissolution of nZnO in the mixture decreased with increasing
pH and no influence of nTiO2 was reported on dissolution of

nZnO

Concentration dependant heteroaggregation and (-potential was
observed which increased with increasing concentration of
nCuO in the binary mixtures and was associated with adsorption
of nCuO onto surfaces of nTiOx.

Dissolution of nCuO in the mixture was observed to decrease
because of adsorption of released Cu?* onto the surfaces of
nTiO: leading to decreased amount of measured concentration

of nCu?* in the mixture.

(Huynh et al 2014)

(Hazeem et al., 2015)

(Mansouri et al., 2016)
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Abbreviations: FAAS: flame atomic absorption spectrometry, EDS: Energy Dispersive spectroscopy, SEM: Scanning Electron Microscope, TEM: Transmission Electron
Microscope, UV-Vis Spec.: Ultra-Violet/ Visible Spectrophotometry, XRD: Powder X-ray diffraction, SP-ICP-MS: Single Particle Inductively Coupled Plasma Mass

Spectrometry. FTIR: Fourier Transformer Infra-red. NMR: Nuclear Magnetic Resonance.
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2.3.4. Fate and transformation of mixtures of ENPs and organic MPOs in aquatic

systems

The interactions between ENPs and organic pollutants are largely influenced by their specific
properties and environmental factors including pH, IS, NOM and temperature (Besha et al.,
2019). Sorption is the major mode of interactions between ENPs and organic pollutants in
aquatic systems. It is mediated through hydrogen bonding, n—m interactions and hydrophobic
interactions (Besha et al., 2017; Chen et al., 2017). ENPs and organic pollutants containing
functional groups like -COOH, —OH, —F, —-NH2, -NH- are susceptible to hydrogen bonding
with electronegative atoms such as N and O (Chen et al., 2017; Li et al., 2016). Adsorption
between ENPs and organic pollutants has also been associated with m—n interactions in
presence of m—donors and m—acceptor (Jiang et al., 2017; Li et al., 2016). Hydrophobic
interactions between non polar components of organic pollutants and neutral surfaces of ENPs

also contribute to adsorption (Chen et al., 2017; Lee et al., 2015).

In addition, electrostatic interaction have also been reported as another mechanism on the
interactions between ENP and organic pollutants in systems where charge interactions are very
strong (Lan et al., 2016). Pharmaceuticals with low MW have been observed to exhibit higher
adsorption capacity than higher MW ones linked to differences in their mobility in aquatic
systems. For example, carbamazepine with lower MW had higher adsorption capacity than
diclofenac characterised by higher MW (Suriyanon et al., 2013). The interaction of TCS and
copper nanoparticles (nCu) as binary mixtures was investigated and the results showed that the
concentration of free TCS decreased in the mixture, whereas the dissolution of nCu increased
in presence of TCS (Chen et al., 2018). These findings imply that the toxicity of TCS could be
mitigated by presence of nCu due to adsorption. However, toxicity of nCu could be enhanced
by presence of TCS due to the promoted dissolution as Cu?*, as the latter is largely responsible
for the toxicity of nCu. Therefore, interactions between ENPs and organic MPOs has the
capacity to alter the fate, transport and bioavailability of both ENPs and organic MPOs with

resultant significant implications on environmental safety.

The few studies done on the interactions of ENPs and organic MPOs so far focus largely on
the interactions of pharmaceuticals and ENPs and not much on interactions of PCPs and ENPs.
TCS and ENPs will co-exist in the aquatic environment due to similar applications e.g. in PCPs
and poor removal in WWTPs. Yet, the implication of their interaction as mixtures in aquatic
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systems remains poorly investigated. Hence in this thesis the interactions of binary and ternary
mixtures of nCuO, nAl203 and TCS in freshwater systems are investigated. The findings from
this study will be critical in increasing the understanding on the impacts of metal oxide ENPs
and TCS as a representative organic pollutant among many other aromatic organic MPOs in

aquatic systems.
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Chapter 3: Methodology
3.1. Materials

The nCuO (nanopowder < 50 nm, CAS No 1317-38-00), nAl2O3 (in suspension with size range
30-60 nm; 20 wt% in water, CAS No 1344-28-10), TCS (CAS No. 3380-34-5), humic acid
(HA) (CAS No 1415-93-6) (Characterisation details attached in appendix 3.1 as provided by
the manufacturer), sodium chloride (NaCl) (CAS No 7647-14-5) as well as the analytical
grades of nitric acid (HNO3), hydrochloric acid (HCI) and sodium hydroxide (NaOH) were all
purchased from Sigma-Aldrich (Johannesburg, South Africa). All materials were used as
received from the supplier without any further purification. Freshwater samples were collected
from two river systems in different hydrological zones with different physicochemical
properties, namely: The Elands River (ER) (25°32'58.4"S 28°33'53.4"E) in Gauteng Province
(South Africa), and the Bloubank River (BR) (26°0120.3"S 27°26'31.6"E) in North West

Province (South Africa).
3.2. Characterisation of river water and ENPs
3.2.1. Characterisation of river water

The river water samples used in the study were collected from ER and BR in (July 2017) and
(October 2017), respectively. All samples were filtered through a 0.2 um pore size standard
filter (Millipore) and stored in the fridge at 4 °C prior to use. Samples were sent for

characterisation at a certified laboratory, and the results are presented in Table 3.1.
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Table 3.1: Characterisation of freshwater samples from ER and BR of South Africa.

Parameter Unit ER water BR water
pH - 8.1 7.9
K* mg/L 4.24 3.13
Na* mg/L 15.6 224
Ca** mg/L 14.0 36.0
Cl mg/L 17.1 12.9
SO4* mg/L 9.03 6.77
Mg?* mg /L 9.82 31.0
NOs~ mg/L 0.33 0.20
PO43- mg/L 0.57 1.23
NH4* mg/L 4.27 3.40
Cutot mg/L <0.002 <0.002
Alot mg/L <0.002 <0.002
Fetot mg/L <0.004 <0.004
Zniot mg/L <0.008 <0.010
DOC mg /L 5.51 8.25
Alkalinity mg CaCOs/L 75.6 217
(EC) @ 25 °C mS/m 19.6 39.8
IS mM 248 5.35

DOC: dissolved organic carbon; Al total aluminium; Fey: total iron; Zny: total zinc; Cu: total copper EC:

Electrical conductivity

3.2.2. Characterisation of ENPs

A summary of techniques used to determine various aspects of the ENPs are presented in this
section. Only most salient features of the tools and techniques are highlighted. TEM is used to
characterise ENPs for particle size, morphology and size distribution as detailed in Table 2.1.
In the current study, TEM (JEM 2010F, JEOL Ltd., Japan) was used to characterise nCuO and
nAL0;s for particle size and morphology. Samples were prepared by dispersing 50 mg/L ENPs
in DIW. The samples were then placed on carbon-coated copper grids and dried in a desiccator

for 24 h before analysis.
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Bruker D8 Advance powder X-ray diffractometer (PXRD) with monochromatized Cu Ka
radiation with wavelength of 1.54 A was used to determine the phase structure and purity of
nCuO or nAl20s. A dispersion of nAl2O3 was dried in an oven at 80 °C for 24 h as PXRD
undertakes analysis in solid phase of the sample. 25 mg of dry powder of nCuO or nAl2O3

were used for the analysis.

Braunner, Emmett and Teller (BET) theory was applied to determine the specific surface area
of nCuO or nAl203 using the TriStar I 3020 surface area and porosity analyser (Micromeritics,
USA) equipped with V3.02 software. A Sample of suspension of nAl2O3 was dried on a watch
glass in an oven overnight. Then 1.5 g powders of nAl203 and nCuO were loaded in two

independent BET tube sample holders for analysis.

Malvern Zetasizer Nano series (Model ZEN 3600; Malvern Instruments, UK) was used to
measure (-potential and HDD using dynamic light scattering (DLS) for both individual and

mixture samples of ENPs in various exposure media.

Sedimentation kinetics of ENPs was studied using ultraviolet-visible (UV-Vis) spectroscopy
over 48 h. Measurements were done using a 1 cm optical path length quartz cuvettes on the

Hitachi high technology U-3900 spectrophotometer (USA).

SEM (Zeiss Crossbeam 540 FEG SEM, Zeiss Pty Ltd, Oberkochen, Germany) equipped with
an energy dispersive spectroscopy (EDS) was used to characterise pristine ENPs and to study
hetero-aggregation of the mixtures of ENPs. Mixtures of ENPs were prepared in river water
and sonicated for 30 min at 25 °C using ultrasonic bath to achieve homogeneity. The mixtures
were then kept at 25 °C for 24 h then shaken vigorously by hand to achieve homogeneity before
drops were dispensed on silver grid and kept in a desiccator for 24 h to allow for complete

drying. The samples were coated with gold before analysis.

ICP-MS (ICPE-9820, Shimadzu, Japan) was used to investigate the dissolution of nCuO and
nAl20Os3 in various exposure media. The samples were filtered to remove particles using Amicon
ultra-15 filters (MWCO 3 kDa) via centrifugation at 4000 xg for 45 min. The filtered samples
were preserved using 20 puL of concentrated HNOs before analysis, and the supernatant was

analysed for total dissolved copper and aluminium.

Visual MINTEQ (version 3.1, https://vminteq.lwr.kth.se) was used to predict speciation of

copper and aluminium in both river water samples based on the water chemistry parameters
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provided in Table 3.1. The Stockholm humic model (SHM) was used with default parameters
as model inputs as the actual values from the humic acids in the river water were not

established, and hence, will be considered in future works.

3.3. Aggregation Kinetics of individual and binary mixtures of ENPs in DIW

Aggregation kinetics of nCuO and nAl2O3 with respect to influencing factors that is, pH, IS
and NOM were investigated in DIW (ultrapure water, resistivity of 18.2 MQ cm, Elga PureLab
Option System, UK). Stock suspensions of 10 mg/L nAl203 or nCuO were prepared by adding
5.0 uL of nAl203 suspension or 1 mg of nCuO powder to 100 mL volumetric flask and diluting
with DIW to achieve specified pH, IS, or NOM concentration. The resultant suspensions were
sonicated for 30 min at 25 °C using ultrasonic bath to achieve homogeneity. From the resultant
suspensions, where necessary, further dilutions were done to achieve lower concentrations of
1 and 0.1 mg/L of nAl2O3 or nCuO. Binary mixtures of ENPs were investigated at
concentrations of (1, 0.1), (1, 1), and (1, 10) mg/L nAl203 and nCuO, where the values in the
parenthesis are for nAl203 and nCuO, respectively. Another set of samples were investigated
at concentrations of (1, 0.1), (1, 1), and (1, 10) mg/L where the values in the parenthesises are
concentrations of nCuO and nAl203, respectively. Notably, the concentrations of ENPs used in
this study were lower than most widely employed in numerous previous studies. However, they
are still orders of magnitude higher than environmentally relevant concentrations which are in
the lower scale of pg/L range. The concentrations used herein were informed by the detection
limits of the instruments used in this study such as the Malvern Zetasizer Nano series (Model
ZEN 3600; Malvern Instruments, UK). The Malvern Zetasizer was used to track changes in
HDD and {-potential hourly from 0 to 6, and then at 24 and 48 h. All measurements for the
HDD and C-potential were done in triplicates, and hence, reported as mean and standard

deviation (mean + SD).
3.3.1. Influence of pH

Stock solutions in the pH range 3 to 9 were prepared by adjusting the pH of DIW using either
HCI or NaOH and stored at 4 °C prior to use. The pH stock solutions were used as exposure
media to determine the influence of pH on aggregation and (-potential as detailed in section
3.3 except for binary mixtures which were only studied at pH 4 and 7. The obtained HDD and

C-potential results were used to determine the isoelectric point of nAl2O3 and nCuO.
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3.3.2. Influence of IS

Stock solutions of NaCl were prepared by dissolving 584.5 mg of NaCl in 1000 mL DIW using
a volumetric flask. This was diluted to yield a concentration of 10 mM NaCl. The pH of the
stock solution was adjusted to pH 7 using NaOH and where necessary further dilutions were
done to achieve concentration of 1 mM NaCl and the stock solutions were stored at 4 °C prior
to use. The stock solutions of 1 and 10 mM NaCl were used as exposure media to study the

influence of IS on aggregation and (-potential of the various ENPs concentrations over 48 h.
3.3.3. Influence of NOM

HA was used as a representative of NOM. Stock solutions were prepared by transferring 10
mg of HA powder into a 1000 mL volumetric flask and dissolved it in DIW to achieve
concentration of 10 mg/L HA. The solution was stirred using a magnetic stirrer for 2 h to ensure
complete dissolution and then the suspension was filtered using a 0.2 um pore size standard
filter (Millipore) to remove insoluble particles. The pH of the stock solution was adjusted to 7
using NaOH and stored under the same conditions as the stocks prepared in in section 3.3.2
prior to use or dilution to 1 mg/L HA where necessary. The stock solutions were used to
investigate the influence of NOM on aggregation and {-potential of individuals and binary
mixtures of ENPs at various concentrations. The samples under the influence of HA were

studied following the procedure detailed in the preamble of this section.
34. Aggregation Kinetics of individual and binary mixtures of ENPs in river water

The influence of river water on aggregation kinetics and (-potential of ENPs was studied using
river water collected from two rivers, BR and ER both in South Africa. The river water was
filtered, characterised and stored as detailed in section 3.2.1. The filtered river water was used
as exposure media to investigate aggregation kinetics and {-potential of ENPs at concentrations
provided in section 3.3. In addition, the concentrations of (0.1, 0.1) mg/L nAl2O3 and nCuO,
respectively, were investigated since the concentrations of ENPs in the natural aquatic
environment are likely to be very low. Where necessary, stock solutions at 10 mg/L. ENPs were
prepared in DIW at pH 7 in order to limit the influence of river water before exposure
experiments were carried out. The procedure provided in section 3.3 was followed during the

studies in river water.

49
© University of Pretoria

© University of Pretoria



4

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Que® YUNIBESITHI YA PRETORIA

3.5. Aggregation Kinetics of binary mixtures of ENPs and TCS in river water

Stock solutions of TCS were prepared by dissolving 1 mg of TCS into 0.5 mL of acetone. This
was done to ensure TCS was completely dissolved as it is insoluble in water. The resultant
mixture was transferred into a 100 mL volumetric flask and diluted using DIW to achieve a
concentration of 10 mg/L TCS and the stock solution was stored at 4 °C before use. Further
dilutions were done in river water as exposure media to achieve concentrations of 100 and 1000
ng/L TCS which were used to investigate the influence of TCS on aggregation kinetics and (-
potential of ENPs in river water. Suspensions of nCuO and nAl2O3 were prepared as described
in section 3.4. Further dilutions were done to obtain lower concentrations of 1 and 0.1 mg/L of
nAL0O3 or nCuO. Binary mixtures of ENPs and TCS investigated were at concentration of (0.1
mg/L ENPs, 100 ng/L TCS); (0.1 mg/L ENPs, 1000 ng/L TCS); (1 mg/L ENPs, 100 ng/L TCS);
(1 mg/L ENPs, 1000 ng/L TCS) in river water as exposure media. The samples were analysed
for {-potential and HDD over 48 h.

3.6. Aggregation Kinetics of ternary mixtures of ENPs and TCS in river water

The stock solutions of TCS and suspensions of ENPs prepared in section 3.5 were used to study
the aggregation kinetics of the ternary mixtures. Ternary mixtures were prepared at the lower
two concentrations of the ENPs (0.1 and 1 mg/L) and the two TCS concentrations (100 and
1000 ng/L). These concentrations of ENPs were chosen as they are close to what is expected
in the environment and the chosen concentrations of TCS are within what is expected in
freshwater systems as shown in Table 2.3. The concentrations of ternary mixtures are

summarised in Table 3.2.

50
© University of Pretoria

© University of Pretoria



P

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
QA YUNIBESITHI YA PRETORIA

Table 3.2: Mixture concentrations of studied ternary mixtures

Sample number nCuO (mg/L) nALO3 (mg/L) TCS (ng/L)
1 0.1 0.1 100
2 0.1 1 100
3 1 0.1 100
4 1 1 100
5 0.1 0.1 1000
6 0.1 1 1000
7 1 0.1 1000
8 1 1 1000
3.7. Dissolution of individual and mixtures of ENPs in river water

Samples of individual ENPs as well as binary and ternary mixtures prepared for aggregation
kinetics studies as described in sections 3.4, 3.5 and 3.6 were also used for dissolution studies.
In addition, samples were collected for dissolution studies after 2 and 48 h, and then filtered to
remove particles using Amicon ultra-15 filters (MWCO 3 kDa). The samples were then loaded
into 15 mL centrifugal filters and centrifuged at high-speed of 4000 xg for 45 min. Thereafter
10 mL aliquot of the filtrate were collected and preserved using 20 uL of concentrated HNO3
prior to analysis. For quality control, samples of inorganic salts of copper and aluminium, that
is (CuSO04) and (AICI3.6H20), respectively, within the same metal concentration as in samples
of ENPs were prepared following the same procedure. All measurements were done in
triplicates using inductively coupled plasma mass spectrometer (ICP-MS) (ICPE-9820,
Shimadzu, Japan).

3.8. Experimental measurements and statistical analysis

The results are recorded as mean value * standard deviation (mean + SD). Two-way analysis
of variance (ANOVA) was used for statistical differences. Differences within and between
samples were considered statistically significant when at p <0.05. Statistical analysis was done

using GraphPad Prism Version 5.04 (GraphPad Prism software Inc., San Diego, CA, USA).
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Chapter 4: Results and Discussion

4.1. Characterisation of ENPs
4.1.1. Characterisation of ENPS using TEM

TEM images of both nAl203 and nCuO (Figure 4.1) show that nCuO had a mixture of
hexagonal, rods, and spherical shapes with size range of 18-47 nm (Figure 4.1a). The nAl2O3
had both spherical and hexagonal shapes with size range of 35-55 nm (Figure 4.1b). Therefore,

TEMs size results were within the manufacturer’s specified values for each type of ENPs.

Figure 4.1: TEM images of (a) nCuO and (b) nAl203. The scale bars correspond to 100 nm.

4.1.2. Characterisation of ENPs using PXRD

The PXRD spectra patterns for the nAl2O3 and nCuO are shown in Figure 4.2. Results indicate
that the majority of the nAl2O3 was the monoclinic alpha phase (Figure 4.2a). Traces of the
hexagonal corundum were identified as an impurity phase. The PXRD spectra patterns for

nCuO indicate that it was a pure beta phase, i.e. free from impurities (Figure 4.2b).
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Figure 4.2: PXRD results of nAl203 (a) and nCuO (b).

4.1.3. Characterisation of ENPs using BET

The BET results showed that the surface area of nA1203 was 50.5 m*/g and that of nCuO was
29 m?/g according to the manufacturer. Therefore, the BET surface area of nAl203 was about

27-fold higher relative to that of nCuO.
4.2. Aggregation kinetics of Individual ENPs in DIW
4.2.1. Influence of pH

Results on the effects of pH (in the range 3—9) on HDD and ( -potential at different exposure
concentrations indicated the isoelectric point (IEP) for both ENPs was around pH 4 (pHiep).
The observed IEP of 4 is not out of the norm as it is influenced by numerous factors including
size distribution, morphology and coating material of the ENPs (Egerton, 2013). Previous
studies on nAl203 have reported pHiep of 7.7 (Mahdavi et al., 2015) and 7.5 to 8 (Mui et al.,
2016). At pH < pHiep, (-potential was positive but changed to negative at pH > pHiep in
agreement with earlier studies (Ghosh et al., 2008; Griffitt et al., 2008). The 0.1 mg/L nAl203,
at pH < pHiep, and highest pH of 9 had the highest HDD (1339 + 321) relative to those of 1
mg/L (1293 £ 277) and 10 mg/L (753 £ 139) (Figure 4.3b); but no clear trend was observed at
pH range 4 <pH < 9. The observed low HDD at high concentration of ENPs was attributed to
enhanced aggregation leading to the sedimentation of larger aggregates. This, in turn, led to
smaller aggregate sizes in the suspension as evidenced by lower HDD at the high exposure
concentration. High mass concentrations of ENPs results in higher particle number
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concentration which results in higher collision frequency between particles with resultant
increase in aggregate size and sedimentation as observed previously (Chekli et al., 2015; Fang
et al., 2017; Peng et al., 2017b). The reason for random HDD changes was due to aggregation
and disaggregation of ENPs at low concentration of 0.1 mg/L. Further, {-potential results
suggest that higher concentrations may hold higher surface charge (Figure 4.3a). Previously, it
has been reported that low particle number concentration at infinite dilution of ENPs can lead
to reduction in {-potentials (Tantra et al., 2010; Wang et al., 2013). Hence, this may plausibly
account at pH > pHiep, why 10 mg/L had the highest (-potential, and in turn, was more stable
based on limited HDD changes. Results indicated that at circumneutral pH (pH 7) irrespective
of ENPs exposure concentration, HDD values were < 1 000 nm; implying their likelihood to

be stable in the aquatic systems generally within pH range 6 to 9 (Carlson, 2002).

Similarly, for nCuO the highest HDD was observed at pHiep of about 4 which compares well
with pH 5.42 reported by (El-Trass et al., 2012). The lowest concentration of 0.1 mg/L
exhibited the highest HDD value (1 552 &+ 513 nm) (Figure 4.3d), and the least at 10 mg/L (804
+ 73 nm), and plausibly due to rapid aggregation of ENPs at high concentration resulted to
formation for larger aggregates leading to sedimentation, and therefore, lower HDD at 10
mg/L. However, although at 10 mg/L nCuO had the least HDD, {-potential results were similar
for all concentrations (Figure 4.3c) over pH range 3 to 9. This suggests that (-potential is
unlikely to be the only factor influencing aggregation in DIW under the conditions considered
(Figure 4.3d). Similar trends in the effect of concentration on aggregation of nCuO have been
reported (Heinlaan et al., 2016; Sousa and Teixeira, 2013) where measured aggregate size
increased as the exposure concentration decreased. Sedimentation at high concentration may
be the underpinning mechanism to this phenomenon exhibited by nCuO. Other soluble ENPs
such as nAg and nZnO in aqueous media exhibit increasing aggregation with increase in
concentration (Thwala et al., 2016). Hence, the stability of ENPs in aquatic environment are
not only pH dependent (Bian et al., 2011; Loosli et al., 2013), but on the type of ENPs as well,

as the results for nCuO indicate.

To understand the aggregation kinetics of ENPs over time, and at relevant pH in the
environment; further investigations were done on the effect of the {-potential on aggregation
at circumneutral pH (Figure 4.4). The results show that, although nAl2O3 had negative (-
potential (-13 and -19 mV) over 48 h at 0.1 mg/L (Figure 4.4a), changes in HDD were within
a narrow range of 664 to 794 nm (< 1 000 nm) over 48 h (Figure 4.4b). The polydispersity
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index (PDI) was in the range 0.4 to 1.0 implying the system had a wide distribution of particle
sizes due to dynamic aggregation and disaggregation processes (Donini et al., 2002; Lowry et
al., 2016; Nidhin et al., 2008; Sreeram et al., 2006). At 1 and 10 mg/L, higher {-potential in the
range of -20 to -25 mV was observed over 48 h. Consequently, concentration-dependent HDD
values were observed (Figure 4.4b). Hence, nAl2Os is likely to be stable at higher
concentrations in aqueous media compared to lower concentrations where the later are likely

to be found in the environment.

In addition, because of higher solubility of nCuO (Adeleye et al., 2014; Studer et al., 2010)
than nAL2Os (Wang et al., 2010), results show that the released positively charged Cu** species
may have contributed to the reduction of negative charges on nCuO (-potential. This is due to
increasing positive surface charge as concentration of Cu®* increases in the system as a result
of dissolution of nCuO. This, in turn, leads to screening of the negative charge on nCuO, thus
lowering the (-potential (Brown et al., 2016; Degen and Kosec, 2000; Thwala et al., 2013).
Conversely, where the (-potential (Figure 4.4c) were similar for the three exposure
concentrations at pH 7, results in Figure 4.4 indicate HDD decreased with increase in exposure

concentration.
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Figure 4.3: (-potential and HDD for nAl2O3 (a and b, respectively), and nCuO (c and d,
respectively) in DIW after 2 h. Error bars represent standard deviations (SD) for three

replicates.

The higher HDD observed at lower concentration of 0.1 mg/L. plausibly were due to other
factors besides the surface charge of ENPs and it warrants further investigation. The low HDD
observed at higher concentrations of ENPs are plausibly due to high aggregation and
sedimentation processes leaving only smaller particles in the suspension. Depending on ENPs
type, aggregation may vary considerably even at the same pH (pH 7), and exposure time (48
h) (Figure 4.4). For example, irrespective of exposure concentration, HDD for nAl2O3 was

lower compared to nCuO. The difference in aggregation was attributed to lower sizes range of
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nCuO (18-48 nm); hence rendering them more reactive compared to those of nAl203 (3547

nm) (Auffan et al., 2009; Rusanov, 2005). This is because the novel properties of ENPs are

greater at lower nano-size range than at higher size range (Auffan et al.,

2009). These

observations are in agreement with the predictions of the classical Derjaguin-Landau-Verwey-

Overbeek (DLVO) theory as reported elsewhere on studies involving hematite ENPs where 12

nm exhibited higher aggregation than 32 nm under identical exposure conditions (He et al.,

2008).
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Figure 4.4: C-potential and HDD for nAl2Os (a and b, respectively), and nCuO (c and d,

respectively) in DIW over 48 h at pH 7. Error bars represent standard deviations (SD) for three

replicates.

© University of Pretoria

© University of Pretoria

57



P

|
UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Rz

YUNIBESITHI YA PRETORIA

The influence of pH on aggregation of ENPs over 48 h at 0.1 mg/L. was investigated. The
results indicate that, irrespective of pH, both (-potential and HDD do not vary significantly
(Figure 4.5). pH values away from the pHiep show comparable HDDs within the experimental
time frame considered in this study. In addition, the influence of pH was investigated at higher
concentrations of 1 and 10 mg/L. The higher concentrations of nAl2O3 had higher {-potential
compared to the lower concentration of 0.1 mg/L whereas that of nCuO was comparable across
all the concentrations (Appendices. 4.1 and 4.2). The lower {-potential observed at lower
concentrations of nAl2O3 may be attributed to a high dissolution of nAl203 at lower
concentration (Table 4.2) where the released AI** may have had screening effect on the

negative charges of nAl203 with resultant reduction in {-potential.
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Figure 4.5: The {-potential and HDD for nALl2O3 (a and b, respectively), and nCuO (c and d,
respectively) in DIW within pH range of 3 to 9 over 48 h at 0.1 mg/L. Error bars represent

standard deviations (SD) for three replicates.

Sedimentation kinetics of ENPs was studied using ultraviolet-visible (UV-Vis) spectroscopy
over 48 h. No peaks were observed in the wavelength range 200 to 800 nm for both nAL2O3
and nCuO at the concentrations used in the study except water absorption peak as shown for
nCuO (Figure 4.6). Similar observation have been reported at variant concentrations of 25 to

100 mg/LL nCuO used for exposure (Heinlaan et al., 2016). However, this technique was
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nevertheless successfully applied for the characterisation of ENPs during synthesis where
absorption maximum wavelength for nAl203 is within the range 200 to 250 nm (Piriyawong et
al., 2012; Prashanth et al., 2015), whereas for nCuO it is 250 to 400 nm (EIl-Trass et al., 2012;
Naika et al., 2015; Son et al., 2009). Based on these results, UV-vis may not be a suitable
technique for studies involving sedimentation kinetics of the considered ENPs because of their
low absorption at low concentration. However, the technique is effective for ENPs that absorb
strongly in the UV-vis region such as nAg and gold nanoparticles (Haiss et al., 2007; Sikder et
al., 2018; Zook et al., 2011).
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Figure 4.6: UV-visible spectra of 1 mg/L nCuO in DIW at pH 7 over 48 h.

4.2.2. Influence of IS

Effect of IS on the stability of ENPs in aqueous media where an increase in electrolytes
concentration resulted in a reduction of (-potential, and in turn, an increase in ENPs
aggregation has been reported (Badawy et al., 2010; French et al., 2009; Wang et al., 2017).
Herein, the effect of IS on aggregation of nAl2O3 and nCuO was investigated using monovalent
electrolyte NaCl at circumneutral pH (pH = 7) at two concentrations of 1 and 10 mM in DIW.
Lower (-potentials were observed at higher IS (10 mM) over 48 h (Figures 4.7a and c¢) for both
ENPs, but it was more apparent for nCuO (Figure 4.7c). The effect was independent of

exposure concentration. At low IS (1 mM), no change in {-potentials was observed at exposure
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concentrations of 0.1 and 1 mg/L (Figures 4.7a and c) relative to the control (Figures 4.4a and
c¢). Compared to the control (Figures 4.4b and d), the changes in {-potential observed as IS was
increased from 1 to 10 mM had an insignificant effect on HDD, as shown in Figures 4.7b and
d. The exception was nAl2O3 after 24 h (Figure 4.7b) at 10 mg/L. For both ENPs, the PDI
ranged from 0.4 to 1 indicating wide size variations between smaller and larger aggregates in
each system. However, Godymchuk et al. (2015); reported a significant influence of IS on (-
potential and HDD from 0 to100 mM NacCl at circumneutral pH on nAl2O3 as described in
Section 2.3.2.1.

Results in Figure 4.7¢ indicate no considerable change in {-potential (< 5 mV) as IS increased
from 1 to 10 mM for nCuO at all concentrations of ENPs because Na" has low charge screening
effect on the EDL. Therefore, it exerts weak influence on aggregation (Peng et al., 2017a). In
studies, where significant {-potential reduction and corresponding increase in HDD were
observed for nCuO, both very high exposure concentrations of ENPs (e.g. > 100 mg/L) and IS
(up to 100 mM) were used as discussed in Section 2.3.2. For example, Peng et al. (2017)
investigated up to 100 mM NaCl on 100 mg/L. nCuO. Consequently, a decline in {-potential,
and high HDD were observed. The lower IS (1 mM) used in this study sought to mimic those
widely found in the natural environment (Guo et al., 2001; Jalali and Jalali, 2016), although it

was still much higher than the actual ones.

In freshwater systems, the concentration of Na* is in the range of 0.26 to 0.78 mM (Guo et al.,
2001; Jalali and Jalali, 2016); whereas K" is much lower at 0.001 to 0.005 mM (Talling, 2010).
This points to the likelihood that metal oxide ENPs are unlikely to be destabilized in freshwater
systems by monovalent electrolytes at the concentrations found in the environment. Khan et al.
(2018b) found that low IS, from the presence of monovalent electrolyte (NaCl), had at most a
very limited effect on the aggregation and sedimentation efficiency of nZnO. Overall,
monovalent electrolytes like Na" are unlikely to induce a change in the aggregation of metal-

based ENPs. This is indicated by the results for nAl203 and nCuO in Figures 4.7b and d.
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Figure 4.7: C-potential and HDD for nAl2Os (a and b, respectively), and nCuO (c and d,
respectively) in DIW at 1 and 10 mM NaCl (pH 7) over 48 h. Error bars represent standard

deviations (SD) for three replicates.
4.2.3. Influence of HA

Numerous studies have reported the ability of NOM to stabilize ENPs via various mechanisms
(e.g. surface hydroxyl protonation, outer-sphere complexation, inner-sphere complexation etc.)
as discussed in Section 2.2.4.3. Results of {-potential and aggregation shown in Figure 4.8

indicate that, as HA concentration is increased from 1 to 10 mg/L, HA imparted higher negative
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charge on the ENPs (increase in {-potentials) as shown in Figures 4.8a and c, for nAl203 and

nCuO, respectively.

As a result of the high negative charge imparted by NOM on ENPs, the interparticle repulsive
energy increased, thus inhibiting aggregation (Delay et al., 2011; Thio et al., 2011; Yang et al.,
2009; Zhang et al., 2009). In the absence of NOM (0 mg/L NOM) at circumneutral pH and 0.1
mg/L of ENPs, negative {-potentials of < -24 and < -10 mV were observed for nAl203 and
nCuO, respectively (Figures 4.4a and c). In contrast, after introducing 10 mg/LL. NOM, (-
potentials of less than -25 mV were observed as shown in Figures 4.8a (nAl20O3) and 4.7¢
(nCuO). Consequently, lower aggregation was evident (Figure 4.8b for nAl203 < 700 nm, and
Figure 4.8d for nCuO <800 nm). In addition, marginal variations in HDD were apparent for
both ENPs over the 48 h (Figures 4.8b and d) because HA-coated ENPs were less aggregated
compared to ENPs without the NOM coating. For example, for nCuO at 0.1 mg/L, HDD
increased to approximately 1400 nm in the absence of HA (Figure 4.4d). Thus, these results
offer antecedent evidence of adsorption of HA (although adsorption was not tracked in this
study because of poor absorption of the studied ENPs in the UV-Vis region) onto ENPs where

they enhanced their electrostatic repulsion; thus, leading to increased stability.
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Figure 4.8: (-potential and HDD for nAl2O3 (a and b, respectively), and nCuO (¢ and d,
respectively) in DIW at 1 and 10 mg/L HA (pH 7) over 48 h. Error bars represent standard

deviations (SD) for three replicates.

The increase in negative charge on the ENPs was due to the negatively charged adsorbed HA
molecules on the surfaces of nAl203 and nCuO at pH 7 via mechanisms discussed in section
2.2.4.3. Three plausible processes may account for the lower {-potential observed on nCuO in
the presence of HA. The larger surface area of nA1203 (50.5 m*/g) compared to that of nCuO
(29 m*/g) may have enhanced higher adsorption of HA on the former. This is because ENPs
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with larger surface area exhibit higher adsorption capacity for NOM (Monikh et al., 2018). For
instance, nFe203 was shown to adsorb more NOM with resultant higher {-potential than nTiO2
due to a larger surface area, irrespective of exposure media (e.g. groundwater, lake water, etc.)
(Chekli et al., 2015). Further, ligand exchange between HA and metal oxide ENPs may have
occurred (Yang et al., 2009), for example, the hydroxyl groups on metal oxide surfaces with
NOM may provide fewer hydroxyl groups for protonation which can partly be responsible for

the decrease in the measured {-potential (Bian et al., 2011).

In addition, organic anions in HA may have increased the negative charge density adjacent to
the particle surface. This causes a shift in the position of the shear plane further away from the
surface resulting in a decrease in {-potential (Bian et al., 2011; Zhang et al., 2009). This
phenomenon may likely have been the dominant one for nCuO. Other studies have reported
that HA promotes electrostatic stabilization at low concentrations (in this study 1 mg/L).
However, at higher concentrations, both steric and electrostatic stabilization processes enhance
the stability of ENPs (10 mg/L) (Chen et al., 2012). This may account for lower HDD at higher
HA concentration (10 mg/L) as shown in Figures 4.8b and d. Due to the complexity of the
interactions between ENPs and HA, plausibly the three processes may have occurred
concurrently which accounts for the differences in the aggregation of nAl203 and nCuO in the

presence of HA.

4.3. Aggregation Kinetics of binary mixtures of ENPs in DIW
4.3.1. Influence of nCuO on aggregation of nAl,Oz at pH 4 and 7

The influence of pH on aggregation of binary mixtures at pH 4 and 7 was studied. At pH 4,
concentration independent effect of adding various concentrations of nCuO to 1 mg/L nAl2O3
was observed on {-potential. The C-potential increased from ca. 0 mV in the absence of nCuO
to ca. +17 mV in the presence of 10 mg/L nCuO as shown in Figure 4.9a. HDD decreased at
lower concentrations of nCuO (0.1 and 1 mg/L). However, at the higher concentration of 10
mg/L nCuO, HDD was comparable to that observed from 1 mg/L nAl203 at its pHiep as shown
in Figure 4.9b. The results indicate that pHiep values of the mixtures are different from that of

the respective pure components. The lower HDD observed from mixtures may be attributed to
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the higher {-potential of the mixtures. The increase in {-potential at pH away from pHiep

promotes interparticle repulsion which impedes aggregation as discussed in section 2.2.5.1.

At circumneutral pH, concentration dependent effect of nCuO was observed on (-potential
which decreased from ca. -25 mV in the absence of nCuO to ca. -5 mV in presence of 10 mg/L
nCuO (Figure 4.9c¢). The reason for the reduction in {-potential at higher concentration of nCuO
in the mixture could be associated to the hetero-aggregation which could have led to the
reduction in particles number concentration with the resultant decrease in {-potential (Tantra
et al., 2010; Wang et al., 2013). In addition, the charge screening effect of released Cu>" from
the dissolution of nCuO may have reduced the observed {-potential. However, no meaningful
difference was observed during the first 5 h for HDD irrespective of mixture composition.
However, from 6 to 48 h the mixture of 1 mg/L nAl203 and 10 mg/L nCuO exhibited the highest
HDD (Figure 4.9d). The increase in HDD at high concentration of ENPs may be attributed to
increased particle collision frequency leading to enhanced aggregation (Amal et al., 1992). The

HDDs from the mixtures at 0.1 and 1 mg/L nCuO at both pH 4 and 7 are comparable.
4.3.2. Influence of nAl;O3 on aggregation of nCuO at pH 4 and 7

Introduction of 0.1 mg/L nAl203 to 1 mg/L nCuO in DIW at pH 4 led to negative (-potential
up to a maximum of -8 mV. However, increasing the concentration of nAl203 from 0.1 to 1 or
10 mg/L in the mixtures resulted in positive {-potentials up to a maximum of +17 mV at 10
mg/L nAl203 as shown in Figure 4.10a. The low {-potentials observed at lower concentration
of nAl203 may be due to the reduction in particle number concentration at infinite dilution of
ENPs which leads to the reduction in {-potentials (Bhattacharjee, 2016; Tantra et al., 2010;
Wang et al., 2013). For example, Wang et al. (2013), observed that increasing the concentration
of bare TiO2 from 0.5 to 5 mg/L at pH 6 resulted in an increase in {-potentials from -6.7 to 8.2
mV. During the first 6 h, HDD for nCuO was higher than that of any mixture concentrations
studied, but at 24 and 48 h there is no significant difference in HDD (Figure 4.10b). The
influence of nAl203 and nCuO on each other under various mixture concentrations was non-
uniform as attested by results of {-potential and HDD shown in Figures 4.9a and b, and Figures

4.10a and b.
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Figure 4.9: (-potential and HDD for pH 4 (a and b, respectively), and for pH 7 (¢ and d,
respectively) in DIW at 1 mg/L nAl>O3 with varying concentrations of nCuO over 48 h. Error

bars represent standard deviations (SD) for three replicates.

At higher pH of 7, concentration dependent increase in {-potential of the mixture was observed.
{-potential increased with increasing concentration of nAl2O3 in the mixture from <-10 mV at
0.1 mg/L to ca -20 mV at 10 mg/L nAl203 in the mixture. Notably, the {-potential for 1 mg/L
nCuO at pH 7 was in the range -9 to -13 mV (Figure 4.4c). Results showed marginal changes
in (-potential by adding low concentration (0.1 mg/L) nAl203 to 1 mg/L nCuO. However,
increasing the concentration of nAl203 to 1 or 10 mg/L, observed {-potential was higher than
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for individual nCuO (Figure 4.10c). Addition of various amounts of nCuO to a fixed
concentration of nAlOs; resulted in concentration-dependent (-potential and hetero-
aggregation. Both increased with increasing concentration of nCuO in the mixture linked to
adsorption of nCuO onto surfaces of nAl203 owing to its large surface area. This is apparent
from the trend seen after 6 h of exposure (Figures 4.9¢c and d). A similar trend was observed by
Monsouri et al., 2016 in their study involving nCuO and nTiO2. However, the variation of
nAl2O3 concentrations at a fixed concentration of nCuO yielded an increase in (-potential. A
plausible mechanism for the variations in surface charge imparted on the surface of ENPs could
be the selective sorption of NOM to surfaces of the ENPs. It is also plausible that nCuO adsorb
different NOM molecules compared to Al203. The adsorbed NOM molecules on surfaces of
the two ENPs might possess different surface functional groups and thus might impart different
surface charges as observed elsewhere (Louie et al., 2015; Yin et al., 2015). In part this could
be because the system had excess nAl2O3 uncoated by nCuO through adsorption (Figure 4.10c¢).
However, increasing concentration of nAl203 had no significant influence on HDD which may

be attributed to limited hetero-aggregation (Figure 4.10d).
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Figure 4.10: (-potential and HDD for pH 4 (a and b, respectively), and for pH 7 (c and d,
respectively) in DIW at 1 mg/L nCuO with varying concentrations of nAl2O3 over 48 h. Error

bars represent standard deviations (SD) for three replicates.
4.3.3. Influence of nCuO on aggregation of nAlO; in presence of electrolyte

The influence of IS on aggregation of binary mixtures of nAl2O3 and nCuO in DIW at pH 7
was studied. The (-potential decreased with increasing concentration of nCuO in the mixture.
For example, at 0.1 mg/L nCuO in the mixture and 1 mM NaCl, {-potential was in the range
of -16 to -18 mV. Increasing the concentration of nCuO in the mixture to 10 mg/L resulted in

a decrease in {-potential to the range -10 to -14 mV as shown in Figure 4.11a. This range is
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higher than what was observed for individual 10 mg/L nCuO but less than what was observed
for individual nAL203 at 1 mg/L (Figures 4.4a and c). The released ions from the dissolution of
nCuO may have screened the charges on surfaces of mixture ENPs leading to the intermediate
{-potential. In addition, at 10 mM NaCl, higher (-potential was observed for all mixture
concentrations compared to 1 mM NaCl (Figures 4.11a and c). These observations are contrary
to the predictions based on charge screening effect leading to compression of the EDL at higher
IS. However, for individual ENPs, {-potential decreased with increasing IS under identical
exposure media (Figures 4.7a and c). In the first 6 h, no significant differences in HDD were
observed despite variability in (-potential because ENPs undergo rapid aggregation and
disaggregation processes (Baalousha, 2009). The rapid aggregation and disaggregation
processes were also confirmed by the PDI which was in the range 0.3 to 1.0 suggesting wide
size distribution of particles in the system (Donini et al., 2002; Lowry et al., 2016; Nidhin et
al., 2008). However, after 48 h, the HDD increased with increasing concentration of nCuO in
the mixture as shown in Figures 4.11b and d. HDD was comparable at both 1 and 10 mM NaCl
except at 24 and 48 h where the 10 mM NaCl showed higher HDD (Figures 4.11b and d).

4.3.4. Influence of nAl,O3 on aggregation of nCuO in presence of electrolyte

The (-potential increased with increasing concentration of nAl20O3 in the mixture. For example,
at 10 mM NaCl and mixture concentrations of (1, 0.1) mg/L nCuO and nAl2Os3, respectively, (-
potential was in the range of -6 to -11 mV. However, after increasing the concentration of
nAlO3 in the mixture to the ratio (1, 10) mg/L nCuO and nAl203, respectively, (-potential
increased from -22 to -26 mV and the range for individual nCuO was 0 to -4 mV as shown in
Figure 4.12c. These results indicate that at high concentration of nAl203 in the mixture, there
are more particles in the system (higher particle concentration) leading to higher {-potential
beyond infinite dilution (Tantra et al., 2010; Wang et al., 2013). At high concentrations of
nAlLOs the released Cu?* from nCuO was insufficient to screen the charge, leading to the
observed increase in (-potential. Despite hetero-aggregation, the system had a wide particle
size distribution as evidenced by the PDI (0.4 to 1). This shows huge discrepancies between
smaller and larger aggregates of nanoparticles mixtures in a colloidal system. During the first
6 h, insignificant differences in HDD were observed. However, at 24 and 48 h, nAl2Os3
concentration dependent increase in HDD was observed as shown in Figures 4.12b and d. The
increase in HDD at higher concentration of nAl20O3 could be associated to hetero-aggregation
and low dissolution of nAl203. This is contrary to observations regarding the influence of IS
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on aggregation of individual components where (-potential decreased with increase in IS
(Figures 4.7a and c). Higher {-potential was observed for all mixture concentrations at 10 mM
compared to 1 mM NaCl. For example, at the mixture concentrations of (1, 10) mg/L nCuO
and nAl203, respectively, had {-potential in the range -17 to -18 mV and -22 to -26 mV at 1
mM and 10 mM NaCl, respectively, as shown in Figures 4.12a and c. A similar observation
has been reported (Godymchuk et al., 2015). Godymchuk et al. 2015 studied the influence of
IS due to NaCl on -potential of aluminium nanoparticles and observed that (-potential
increased with increasing IS. For example, it was 2.1 =0.3 mV at IS of 0.01 mM but increased

to 11.9 + 8.6 mV at higher IS of 10 mM.
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Figure 4.11: (-potential and HDD for 1 mM NaCl (a and b, respectively), and for 10 mM
NaCl (c and d, respectively) in DIW at pH 7 for 1 mg/L nAl2O3 with varying concentrations of

nCuO over 48 h. Error bars represent standard deviations (SD) for three replicates.

However, the increase in (-potential at higher IS for mixtures did not result in a decrease in
HDD. For example, at 48 h, the HDD increased from 1719 £+ 386 nm at 1 mM NaCl to 2934 +
879 nm at 10 mM NacCl as shown in Figures 4.12b and d. These results suggest that aggregation
does not depend on (-potential alone but, other factors may outweigh the interparticle repulsive
forces. In the current case hetero-aggregation was favoured based on the increased HDD

observed for mixtures compared to individual ENPs. This was most apparent at 24 and 48 h.
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Figure 4.12: {-potential and HDD for 1 mM NacCl (a and b, respectively), and for 10 mM NaCl
(c and d, respectively) in DIW at pH 7 for 1 mg/L nCuO with varying concentrations of nAl20O3

over 48 h. Error bars represent standard deviations (SD) for three replicates.

In part, this could be because of enhanced collision frequencies at higher concentrations leading
to rapid hetero-aggregation which is a thermodynamically favoured process in which particles
reduce their surface energy by forming aggregates (Marie et al., 2014; Nanda et al., 2003; Yung
et al., 2015). For example, the surface energy of embedded nAg is in the range 1.3-5.9 Jm™,
whereas that of the bulk Ag is in the range 1.065-1.54 Jm? (Nanda et al., 2003).
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Further investigations on the influence of IS on binary mixtures were conducted to establish
the trend between (-potential and IS on the mixtures. Samples for the mixtures of 1 mg/L
nALO;3 and 1 mg/L nCuO were prepared in DIW at pH 7 with IS in the range 0.1 to 100 mM.
The samples were analysed at 24 and 48 h. It was observed that {-potential increased with IS
up to the limit of 25 mM, above which {-potential decreased with resultant increase in HDD.
However, even at 100 mM the HDD was < 1000 nm which implies the mixture aggregates are
still in the nano range and would still induce toxic effects to both pelagic and benthic aquatic
organisms (Deng et al., 2017; Gomes et al., 2012; Mansano et al., 2018; Vidya and Chitra,
2017). The reason for the reduction in (-potential at IS (>25 mM) is attributed to increased
aggregation leading to the reduction in particle number concentration which results in reduced
charge density (Tantra et al., 2010; Wang et al., 2013). The results are summarised in Table
4.1.

Table 4.1: Influence of IS on aggregation of mixture of (1,1) mg/L nAl203 and nCuO,
respectively in DIW at pH 7

Concentration of NaCl 24 h 48 h
(mM) C-potential (mV)  HDD (nm) C-potential (mV) HDD (nm)
0.1 27+2 361 £41 -32+1 434 £ 65
1.0 31+2 472 £ 28 30+ 1 402 £29
10.0 36+1 402 £30 -35+1 383+ 14
25.0 -37+3 461 £ 71 -37+£3 410 £ 62
50.0 28 +2 469 + 24 28+1 532+43
100.0 24+ 1 908 + 46 -26+2 840 + 72

4.3.5. Influence of nCuQO on aggregation of nAl,O3 in presence of HA

The influence of HA (surrogate for NOM) on aggregation of binary mixtures of nCuO and
nALO;3 in DIW at pH 7 was studied. The interaction of NOM and ENPs are known to be
thermodynamically favoured, both entropically and enthalpically (Loosli et al., 2015a) (Loosli

et al., 2015b). Broadly, NOMs are negatively charged because of the presence of numerous
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carboxyl and phenolic groups as discussed in section 2.2.4.3. Regardless of mixture
concentrations, {-potential varied within a narrow range at a fixed concentration of HA that is,
-23 to -28 mV and -30 to -37 mV at 1 mg/L and 10 mg/L. HA, respectively (Figures 4.13a and
c¢). The concentration dependent increase in negative charge on ENPs in presence of HA was
due to the adsorption of HA which imparts negative charge on the surfaces of ENPs by
providing a coating (Stumm and Morgan, 2012; Yang et al., 2009). There was no significant
difference in {-potential among mixtures of various concentration. The HDD observed for
mixture concentrations of (1, 0.1) mg/L nAl203 and nCuO, respectively, was higher than that
observed for both individuals at the respective concentrations under same exposure conditions.
This was attributed to hetero-aggregation and increased collision frequency at higher particle
number concentration in the mixture. At lower concentration of HA (1 mg/L), HDD increased
with decreasing concentration of nCuO in the mixture. For example, at concentrations of (1,
0.1) and (1, 10) mg/L nAl203 and nCuO, respectively, HDD ranged from 800 to 906 nm and
554 to 600 nm, respectively (Figure 4.13b). Similar trend was observed at 10 mg/L HA; but
the difference in HDD among various mixture concentrations was much smaller as shown in
Figure 4.13d. The lower HDD observed at higher concentration of HA was due to the increased
surface charge of ENPs with (-potential less than —30 mV (Figure 4.13c) leading to electrostatic
stabilization (Jiang et al., 2015; Khan et al.,, 2018). The reduction in HDD at higher
concentration of nCuO in the mixture may be because of enhanced dissolution of nCuO in

presence of HA and adsorption of the resultant Cu®" by nAl2Os due to its large surface area.
4.3.6. Influence of nAl,O3 on aggregation of nCuO in presence of HA

The {-potential increased slightly from the range of -19 to -26 mV for 1 mg/L individual nCuO
to -24 to -29 mV for various mixture concentrations at 1 mg/L HA (Figure 4.14b). This is
evidenced by comparable HDD values irrespective of mixture concentration ratios (Figure
4.14b). The {-potential was slightly higher at higher concentration of HA, but had no significant
effect on the observed HDD. For example, for the mixture concentrations of (1, 0.1) mg/L
nCuO and nAl20s3, respectively, (-potential were in the range of -24 to -29 mV and -31 to -36
mV at 1 mg/L and 10 mg/L HA, respectively (Figures 4.14a and c). At higher nAL2O3
concentration, more active sites are available due to its large surface area (50.5 m?/g) leading
to enhanced adsorption of NOM. This led to higher negative charge as NOM is negatively
charged (Aiken et al., 2011b; Baalousha et al., 2008; Philippe and Schaumann, 2014). The
slight increase in (-potential at higher HA concentration resulted in a marginal decrease in
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HDD from 530 to 630 nm at 1 mg/L and to 426 to 570 nm at 10 mg/L HA for the mixture
concentrations (1, 0.1) mg/L nCuO and nAl2Os3, respectively (Figures 4.14b and d). Contrary
to concentration-dependent influence of nCuO on the aggregation of nAl2O3 at lower
concentration of HA (Figure 4.13b), nAl203 had no significant concentration dependent effect
on the aggregation of nCuO at 1 mg/L HA (Figure 4.14b). These observations indicate that the
influence of ENPs on each other in mixtures is not uniform as it is dependent on mixture

concentrations.
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Figure 4.13: C-potential and HDD for 1 mg/L HA (a and b, respectively), and for 10 mg/L HA
(c and d, respectively) in DIW at pH 7 for 1 mg/L nAl2O3 with varying concentrations of nCuO

over 48 h. Error bars represent standard deviations (SD) for three replicates.

Interactions of individuals and binary mixtures of ENPs in DIW as influenced by pH, IS and
HA herein indicate similarity on the influence of pH on both individual ENPs, and their
mixtures. The {-potential decreased with increasing IS for the individual ENPs whereas for the
mixtures it increased with increasing IS. The reason for this observation may be attributed to
higher particle number concentration in mixtures whose charge density outweighed the charge
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screening effect of IS. This finding is fundamental as it implies that the degree of influence of

IS on the fate and transformation of individual and mixtures of ENPs is not the same. At low
IS, monovalent electrolytes may have marginal influence on stability of mixtures of ENPs. The
lower concentration of HA (1 mg/L) imparted similar ranges of {-potential on both individuals
and mixtures. However, the individual ENPs were more highly stabilised than the mixtures.
This implies that 1 mg/L of HA coated more particles for individual ENPs than for mixtures
and therefore impeded aggregation. Higher concentration of HA (10 mg/L) imparted
comparable range of surface charge on both individual and mixtures of ENPs with (-potential
less than —30 mV. Hence, due to the high interparticle repulsive effects at higher {-potential,
no significant differences in HDD between singles and mixtures were observed (Loosli et al.,

2014a; Omar et al., 2014; Zhang et al., 2009).
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Figure 4.14: C-potential and HDD for 1 mg/L HA (a and b, respectively), and for 10 mg/L HA
(c and d, respectively) in DIW at pH 7 for 1 mg/L nCuO with varying concentrations of nAl203

over 48 h. Error bars represent standard deviations (SD) for three replicates.
4.4. Aggregation Kkinetics of individual ENPs in freshwater

The aggregation kinetics of individual ENPs was studied in river water collected from ER and
BR. The characterisation results of the water samples from the two river systems are listed in

Table 3.1.
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Figure 4.15: {-potential and HDD (a and b, respectively) in ER, and (c and d, respectively) in

BR for nAl203 over 48 h. Error bars represent standard deviations (SD) for three replicates.

Aggregation of ENPs was found to be concentration dependent contrary to observations from

investigations conducted in DIW. This is because at high concentration in DIW, rapid

aggregation occurred leading to sedimentation whereas in river water ENPs were more stable.

The sample with 10 mg/L showing the highest HDD and the one with 0.1 mg/L the least as

summarised in Figures 4.15 and 4.16 for nA1203 and nCuO, respectively. At higher exposure

concentrations of ENPs (1 and 10 mg/L), rapid aggregation was observed during the first 6 h

except for nAl203 in BR, although the difference was insignificant (Figures 4.15 and 4.16). At
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0.1 mg/L, for both ENPs, HDD remained stable < 350 nm over 48 h in river water (Figures
4.15b and d, and Figures 4.16b and d). The DOC (surrogate for NOM) (Table 3.1) can adsorb
onto surfaces of ENPs, and in turn provide a barrier against aggregation (Delay et al., 2011;
Stankus et al., 2011; Vindedahl et al., 2016). This led to stabilization of ENPs in the river
waters. The adsorption of NOM on ENPs has been confirmed using size exclusion
chromatography in which ENPs were observed to have a higher affinity for higher MW
compared to lower MW components of NOM initiating higher electrostatic and steric

stabilization of ENPs (Mwaanga, 2012; Yin et al., 2015).

For example, a study by Yin et al., (2015) reported that NOM with higher MW (>30 kDa)
enhanced aggregation whereas NOM with lower MW (< 30 kDa) impeded aggregation of
PVP—coated nAg. Increasing the concentration of ENPs from 1 to 10 mg/L, led to rapid
aggregation and disaggregation (especially during the first 6 h until ENPs attained stability
after 24 h). This raises the possibility of ENPs concurrently having residence between the
water, and sediment columns. However, based on {-potential and HDD results in Figures 4.15
and 4.16, ENPs concentrations had limited or no influence on aggregation in river water. After
48 h, the ENPs formed larger aggregates at 10 mg/L, an indication that at higher exposure

concentrations the ENPs were likely to partly sediment and settle at the bottom.

Results in Table 3.1 show that both river systems had NOM concentrations within the reported
range of values in the literature (1-10) mg/L (Conway et al., 2015; Heinlaan et al., 2016;
Leareng et al., 2020; Tong et al., 2014). The nature, type and concentration of NOM dictate its
net effect on stability of ENPs (Li et al., 2011; Wang et al., 2011). Studies have reported that
the adsorption of different components of NOM onto ENPs surfaces is dependent on NOM
type (linked to their MW and chemical functionality) and higher adsorption affinity is apparent
in NOMs with higher MW (Chekli et al., 2013; Mwaanga et al., 2014; Yu et al., 2017).
Therefore, although in this study the distribution of different NOM components (HA, FA, etc.)
in each river water were not determined, they may provide a partial account for the observed

differences in aggregation of the ENPs linked to differences in MW.

The HDD (< 700 nm) for both ENPs (Figures 4.15b and d, and Figures 4.16b and d) changed
insignificantly over 48 h due to the stabilizing effect as a result of water chemistry parameters.
This suggest their likely longer residence in the water column and interaction with pelagic
organisms. High concentrations of electrolytes (monovalent and divalent cations) shown in

Table 3.1 giving net IS of 5.35 mM in BR and 2.48 mM in ER may account for the higher
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ENPs aggregates observed at lower concentration (0.1 mg/L) in BR (Figures 4.15d and 4.16d),
despite the high concentration of DOC (8.25 mg/L) compared to ER with lower concentration
of DOC (5.51 mg/L) which would have countered the effect of IS by inducing stabilization
effects on the particles. These findings are in agreement with the literature in natural water
(Heinlaan et al., 2016; Romanello and De Cortalezzi, 2013). For example, Heinlaan et al.
(2016), studied the aggregation of nCuO in lake water collected from lakes Greifen and
Lucerne. The DOC concentrations were 3.4 and 1.1 mg/L with IS of 6 and 4 mM and pH 8.18
and 8.29, respectively. The authors observed that nominal concentration of 25 mg/L nCuO had
higher HDD (3358 £ 1037) nm in lake Greifen water with higher concentration of DOC and IS
compared to lake Lucerne water with lower concentration of both DOC and IS which had HDD
of 2795 £ 1148 nm. As a result, possible strong coagulation due to high concentration of
divalent ions e.g. Ca*" and Mg?* may have promoted aggregation in the presence of NOM via
formation of intramolecular cation-bridges (Koh and Cheng, 2014; Murphy et al., 1994; Yu et
al., 2017). This may account for the low stability of ENPs in BR due to high IS despite high
concentration of NOM. As such, stable and unstable dispersions of ENPs may likely remain in
water column or sediment, respectively. Therefore, under such scenarios, aquatic organisms
within the water column (e.g. filter-feeders like Daphnia magna, and fish) as well as benthic
filter-feeding invertebrates may concurrently be exposed to ENPs over extended period as

observed by Liu et al. (2013); under freshwater conditions.

Current and expected future concentrations of ENPs in freshwater systems are several orders
of magnitude lower than the 0.1 mg/L used in this study based on modelled (Boxall et al.,
2007b; Gottschalk et al., 2013; Keller and Lazareva, 2013; Musee, 2011c) and detected
concentrations (Donovan et al., 2016; Johnson et al., 2011; Peng et al., 2017a; Yang et al.,
2016). Hence, findings herein indicate that ENPs may be stable in natural water systems. This
implies the stabilized ENPs can interact with water-column or sediment dwelling organisms.

This may result in deleterious toxic effects to aquatic life.
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Figure 4.16: (-potential and HDD (a and b, respectively) in ER, and (c and d, respectively) in

BR for nCuO over 48 h. Error bars represent standard deviations (SD) for three replicates.

4.5. Aggregation Kkinetics of binary mixtures of ENPs in freshwater
4.5.1. Influence of nCuO on aggregation of nAl,O3

The interactions of nAl203 and nCuO in natural water from BR and ER were investigated under
various mixture concentrations. In ER, {-potential increased with increasing concentration of

nCuO in the mixture at fixed concentration of 0.1 and 1 mg/L of nAl2O3; but the differences
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were marginal (Figures 4.17a and 4.18a). However, in BR no considerable effect of increasing
nCuO concentration in the mixture was observed on {-potential (Figures 4.17c and 4.18c).
Despite the slight increase in {-potential in ER, no meaningful differences were observed in
HDD among the various mixture concentrations (Figures 4.17b and 4.18b). However, in BR,
HDD increased in the presence of nCuO as shown in Figures 4.17d and 4.18d. Previous studies
have reported high aggregation in binary mixtures due to hetero-aggregation (Iswarya et al.,
2015; Mansouri et al., 2016; Tong et al., 2014). In freshwater systems, {-potential had limited
influence on aggregation of ENPs because other factors originating from the complexity of
freshwater chemistry came into play. For example, higher MW components of NOM such as
polysaccharides and peptides may enhance aggregation of ENPs via formation of
intramolecular cation-bridges in presence of divalent cations. For example, Ca>" may facilitate
complex formation with NOM functional groups such as carboxylate groups providing
multiple cross-linkers among ENPs leading to enhanced aggregation (Bharti et al., 2011; Koh
and Cheng, 2014; Murphy et al., 1994; Yu et al., 2017).

Higher HDD was observed for mixtures compared to individual components in BR as
summarised in Figures 4.15d and 4.16d. For example, the HDD for 0.1 mg/L nAl2O3 ranged
from 321 to 349 nm whereas for 0.1 nCuO ranged from 273 to 302 nm in BR. However, for
the mixture at concentrations of (0.1, 0.1) mg/L nAl2O3 and nCuO, respectively, HDD ranged
from 477 to 651 nm (Figure 4.17d). The increase in HDD was attributed to hetero-aggregation
(Mansouri et al., 2016; Tong et al., 2014). Similar trends were observed for mixtures involving

1 mg/L nAl203 and various concentrations of nCuO (Figure 4.17d).
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Figure 4.17: {-potential and HDD (a and b, respectively) in ER, and (c and d, respectively) in
BR for 0.1 mg/L nAl2O3 with varying concentrations of nCuO over 48 h. Error bars represent

standard deviations (SD) for three replicates.

At pH 7.9, which was the pH of BR water sample, both ENPs were negatively charged with -
potential in the range (-10 to -13) mV for 1 mg/L. nAl2O3 (Figure 4.15¢) and for 0.1 mg/L nCuO
(-9to-11)mV (Figure 4.16c¢). Ideally, similar size range to that observed for individuals should
have been observed in the mixtures due to electrostatic repulsion between like charges.
However, larger aggregate sizes were observed in mixtures most likely because of higher
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collision frequency per unit volume resulting from increased particle number concentration.
The higher HDD may have been promoted by ENPs-ENPs hetero-aggregation which is
thermodynamically favoured despite both ENPs having negative (-potentials. Similar
observations have been reported previously (Iswarya et al., 2015; Tong et al., 2014). Tong et
al, (2014) studied the interaction of nZnO and nTiO2 in Lake Michigan water (LMW) as
exposure media. Both ENPs had negative (-potentials, but concentration dependant hetero-
aggregation which increased with increasing concentration of nZnO was observed. Iswarya et
al. (2015) studied mixtures of crystalline phases (anatase and rutile) nTiO: in sterile lake water.
This revealed mixture concentration- and time dependent hetero-aggregation which increased
at higher mixture concentrations without clear dependence on one type of ENPs. The enhanced
aggregation in binary mixtures was attributed to the interacting forces acting between the two
different nanoparticles, natural colloids present in the lake water and water chemistry of the
lake water. In the current study, the composition of river water (Table 3.1) must have influenced

the aggregation of binary mixtures of the ENPs.

In addition, the results indicate that HDD increased with decreasing concentration of nCuO at
fixed concentration of 1 mg/L nAl2O3 over 48 h. For example, maximum HDD was observed
from the (1, 0.1) mg/L mixture concentration and least from (1, 10) mg/L of nAl203 and nCuO,
respectively as summarised in (Figure 4.18d). The higher aggregation at low concentration of
nCuO in the mixture may have been driven by nCuO as it exhibits enhanced aggregation at
lower- compared to higher concentration (Heinlaan et al., 2016). No substantial differences
were observed in either (-potential or HDD for all the mixture concentrations in ER (Figure
4.18b). This may be attributed to the stabilisation effect of NOM which provides a coating
imparting negative charge on ENPs resulting in enhanced electrostatic stabilization. This may
have screened out the likely effect due to IS known to promote aggregation of ENPs. Higher
aggregation was observed in BR with high concentration of both NOM and ionic species such
as divalent cations of Ca?" and Mg?" as shown in Table 3.1. These electrolytes may have formed
complexes with NOM via formation of cation-bridges leading to enhanced aggregation
(Murphy et al., 1994; Yu et al., 2017). These results indicate that the variations in water

chemistry play a significant role on aggregation of ENPs in freshwater systems.
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Figure 4.18: (-potential and HDD (a and b, respectively) in ER, and (c and d, respectively) in
BR for 1 mg/L nAl203 with varying concentrations of nCuO over 48 h. Error bars represent

standard deviations (SD) for three replicates.
4.5.2. Influence of nAl;O3 on aggregation of nCuO

The influence of various concentrations of nAl2O3 on a fixed concentration of nCuO in BR and
ER water samples was studied. For individual ENPs, both {-potential and HDD increased with
increasing concentration of ENPs without meaningful differences over 48 h (Figures 4.15 and
4.16). In both river water samples, HDD for the lower concentrations of ENPs (0.1 and 1 mg/L)

were < 500 nm over 48 h, as discussed in section 4.4. For mixtures in BR, HDD was higher
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than that observed for individual ENPs and increased with increasing concentration of nAl2Os.
For example, HDD of the mixture consisting of 0.1 mg/L nCuO and 0.1 mg/L nAl203 was in
the range of 525 to 651 nm whereas that of the mixture consisting of 0.1 mg/LnCuO and 1
mg/L nAl2O3 was in the range of 908 to 1190 nm (Figure 4.19d). Enhanced hetero-aggregation
in the mixture may have been due to adsorption of nCuO onto nAl203 which was less soluble
and had larger surface area (Mansouri et al., 2016; Wilke et al., 2016). In ER river, HDD for
all mixtures was in the range 200 to 550 nm irrespective of mixture concentration. Increasing
the concentration of nAl203 on 0.1 or 1 mg/LL nCuO had no significant influence on HDD
(Figures 4.19b and 4.20b). Depending on the type of ENPs present at higher concentration in
the mixture, different aggregate sizes may be observed under the same exposure media. For
example, HDD in the range of 707 to 827 nm was observed in BR from the mixture
concentrations of 0.1 and 1 mg/L nAl2O3 and nCuO, respectively (Figure 4.17d). However,
HDD increased to a range of 908 to 1190 nm under mixture concentrations of 1 and 0.1 mg/L
nAl203 and nCuO, respectively (Figure 4.19d). However, in ER no significant differences were
observed in HDD of the mixtures (Figures 4.17b and 4.19b). These results indicate that both
mixture concentrations and water chemistry have significant influence on the aggregation of
mixtures of ENPs in natural water systems. Hence, it is impossible to make generalised

statements on fate and transformation of mixtures of ENPs in river water.
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Figure 4.19: (-potential and HDD (a and b, respectively) in ER, and (c and d, respectively) in

BR for 0.1 mg/L nCuO with varying concentrations of nAl2O3 over 48 h. Error bars represent

standard deviations (SD) for three replicates.

In BR, For the mixture at (1, 0.1) mg/L nCuO and nAL2O3, respectively. HDD decreased over

48 h from 783 nm at 0 h to 620 nm at 48 h. However, that of (1,1) and (1, 10) mg/L nCuO and

nAlOs, respectively, increased with the (1, 10) mg/L yielding maximum HDD of 1682 nm at

48 h as shown in (Figure 4.20d). These results are consistent with previous studies on the

aggregation of mixtures in freshwater systems where concentration dependent aggregation was

observed (Iswarya et al., 2015; Tong et al., 2014). For example, Tong et al. (2014) observed
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that the mixture of 1 mg/L nZnO and 10 mg/L nTiO2 had HDD of 765 + 51 nm whereas the
mixture of 20 mg/L nZnO and 10 mg/L nTiO2 had HDD of 887 4+ 82 nm. The trend, in which

aggregation was increasing with increasing concentration of nAl203 in the mixture, is opposite
to the influence of nCuO on nAl203 where aggregation decreased with increasing concentration
of nCuO in the mixture as shown in Figures 4.18d and 4.20d. In ER, HDD of the mixture was
comparable to that of individual nCuO as shown in Figure 4.20b. There was no significant
difference in {-potential with increasing concentration of nAl203 in the mixture at 1 mg/L
nCuO in both river systems as shown in (Figures 4.20a and c). These results show that the
aggregation of mixtures of ENPs is influenced by both mixture concentrations and the

chemistry of the exposure media.
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Figure 4-20: (-potential and HDD (a and b, respectively) in ER, and (c and d, respectively) in
BR for 1 mg/L nCuO with varying concentrations of nAl2O3 over 48 h. Error bars represent

standard deviations (SD) for three replicates.

Hetero-aggregation of nCuO and nAl2O3 was investigated using EDS in SEM and the results
are shown in Figure 4.21. The aggregates showed the presence of nCuO (Figure 4.21a) and
nAl203) (Figure 4.21b). Combined analysis by mapping showed random distribution of both
nCuO and n Al2Os3 in the aggregates confirming hetero-aggregation of the ENPs (Figure 4.21d).

The regions with high concentration of nCuO showed high contrast on the spectra for the heavy
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metal copper and lower contrast for aluminium as shown in (Figure 4.21c). The results provide
evidence of the existence of hetero-aggregation in the mixture. Notably, this imaging technique
can only show external distribution of ENPs on aggregates and not the internal composition of
aggregates. Hence supplementary analytical techniques which can give details on internal

composition of aggregates are necessary to confirm the hetero-aggregation.

(a) Cu Kal (b) Al Kal

Map Data 4 Map Data 4

Figure 4-21: EDS in SEM images of hetero-aggregation of mixture of 1 mg/L nCuO and 1
mg/L nAl203 in BR water sample (a) regions of nCuO in the aggregate, (b) regions of nAl203
in the aggregate, (c) high contrast regions of nCuO and low contrast regions of nAl20s3, (d)
hetero-aggregation of nCuO and nAl203 in the mixture
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Considerable variations in HDD and {-potential of singles and binary mixtures of ENPs were
observed in synthetic and natural water systems. The individual influences of water chemistry
parameters (pH, IS and NOM) on aggregation and (-potential of ENPs are different from
influence of natural water with complex physicochemical composition where counteracting
factors are responsible for the net effect observed. The findings reported herein indicate that
ENPs are more stable in natural river water than in synthetic water. Hence their behaviour and
transformation in natural water is different from that observed in synthetic water. Therefore,
this work contributes to the limited but growing knowledge on the influence of water chemistry
on fate and transformation of ENPs at environmentally relevant concentrations. However, more
studies are necessary on mixtures of ENPs in natural water systems at even lower
concentrations so as to generate more realistic data and aid risk assessment of ENPs in the

natural aquatic environment.

4.6. Aggregation kinetics of binary mixtures of ENPs and TCS in freshwater

4.6.1. Influence of TCS on aggregation of nAL,O;

The influence of TCS on aggregation of nAl2O3 in ER and BR water samples was investigated
and the results are summarised in Figures 4.22 and 4.23. Because of it is highly hydrophobic
nature, even in the deprotonated form, and its relatively high octanol-water partition
coefficient, TCS undergoes sorption with particles (Nghiem and Coleman, 2008; Trenholm et
al., 2006). The ENPs were stabilised by TCS in ER water. The stabilization was independent
of concentration of both nAl2O3 and TCS as shown in Figures 4.22b and 4.23b. Since
environmental concentrations of ENPs are still orders of magnitudes lower than 0.1 mg/L, TCS
plausibly can stabilise ENPs in freshwater systems. This implies that, in the presence of TCS,
ENPs may have longer residence in the water column, interact with pelagic organisms and
exert toxicological effects. The nAl2O3 have been reported to be toxic to various aquatic

organisms (Benavides et al., 2016; Pakrashi et al., 2013; Ye et al., 2018b).

However, in BR, TCS exhibited a concentration dependant destabilization effect on nAl20s3.
The effect was relatively higher at lower concentration of nAl203 (0.1 mg/L) as shown in Figure
4.22d. No significant influence of TCS was observed on {-potential (Figures 4.22¢ and 4.23c¢).

These findings suggest that, depending on water chemistry, TCS may enhance aggregation of
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ENPs. Despite the enhanced aggregation, ENPs are still in the nano-scale range and may still

pose toxicological effects to aquatic organisms.
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Figure 4.22: (-potential and HDD (a and b, respectively) in ER and (-potential and HDD (c

and d, respectively) in BR at 0.1 mg/L nAl2O3 with varying concentrations of TCS over 48 h.

Error bars represent standard deviations (SD) for three replicates.

© University of Pretoria

© University of Pretoria

94



4

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Que® YUNIBESITHI YA PRETORIA

These results point to either stabilization or destabilization of ENPs by TCS, and the extent of
these effects are dependent on the water chemistry. In ER, for example, nAl2O3 was stabilised
by TCS. However, the stabilization effect was independent of the concentration of TCS as
shown in Figures 4.22b and 4.23b. Nevertheless, the destabilization effect of TCS in BR was
concentration dependent but the difference was insignificant (Figures 4.22d and 4.23d).
Adsorption of TCS onto surfaces of ENPs was evidenced by the slight increase in {-potential
(Figures 4.22a and ¢, and 4.23a and c). Overall, the stabilization of TCS on ENPs was observed
in ER water whereas destabilization effect was observed in BR water. The reason for these
observations is attributed, in part, to the interaction of NOM with the organic pollutant TCS
(Pignatello, 2012). Pignatello (2012) reported that the interaction of NOM with other organic
pollutants is controlled by many factors. This includes a preference for micro-domains within
NOM that segregates interactions based on function groups such as aromatic or carbohydrate
domains. In addition, the interaction is also controlled by the presence of functional groups that
promote hydrogen bonding and a preference based on the configuration and conformation of
the molecules and strands at the microstructure level. The sorption of TCS on other particles is
influenced by the presence of NOM (Behera et al., 2010; Ferreira et al., 2002; Gu et al., 2007).
Hence the stabilization effect of TCS on ENPs was higher in ER with low concentration of
NOM (5.51 mg/L) than BR with a higher NOM concentration (8.25 mg/L). Therefore,
depending on the nature and concentration of NOM, strong or weak interactions may exist with
organic pollutants. This may influence the stabilization effect of organic pollutants on ENPs as

attested by the differences observed between ER and BR water samples.
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Figure 4.23: (-potential and HDD (a and b, respectively) in ER and {-potential and HDD (c
and d, respectively) in BR at 1 mg/L nAl203; with varying concentrations of TCS over 48 h.

Error bars represent standard deviations (SD) for three replicates.

4.6.2. Influence of TCS on the aggregation of nCuO

The influence of TCS on aggregation of nCuO in ER and BR water samples was studied and
the results are shown in Figures 4.24 and 4.25. In ER, TCS had a concentration independent
stabilization effect on nCuO and HDD was < 250 nm (Figures 4.24b and 4.25b). The adsorption
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of TCS onto ENPs provides a coating which minimizes ENP-ENP interactions leading the
observed stabilization effect (Chen et al., 2018). Despite TCS having high {-potential of ca. -
30 mV, it had no significant influence on {-potential of nCuO in river water (Figures 4.24a and
¢, and Figures 4.25a and c). Complex interactions between NOM and TCS in presence of
monovalent and multivalent ions in river water may have compromised the influence of TCS
on {-potential (Behera et al., 2010). These results indicate that in presence of TCS, ENPs will
be stabilised in ER water (HDD < 250 nm) as their environmental concentrations are orders of
magnitude lower than 0.1 mg/L (Donovan et al., 2016; Johnson et al., 2011). This implies they
will have a longer residence time in the water column and interact with pelagic organisms

leading to plausible toxicological effects.

However, in BR a destabilization effect of TCS on ENPs was observed (Figures 4.24d and
4.25d). For example, in presence of either 100 or 1000 ng/L TCS, HDD for 0.1 mg/L nCuO
ranged from 300 to700 nm (Figure 4.24d). The reason for the destabilization may be attributed
to the higher concentration of NOM in BR (8.25 mg/L) which might have impeded the
adsorption of TCS on surfaces of ENPs (Behera et al., 2010). In addition, the destabilisation
may also be attributed to specific interactions between NOM and TCS which are dependent on
the type and nature of NOM (Pignatello, 2011; Pignatello, 2012). TCS had marginal influence
on (-potential despite its significant influence on HDD compared to the reference (p < 0.05)
(Figures 4.24c and 4.25c). The destabilisation effect of TCS was independent of the
concentration of both nCuO and TCS as summarised in Figures 4.24d and 4.25d. Therefore,
despite the enhanced aggregation in presence of TCS, the aggregates are still in the nano-scale
range (< 1000 nm) Therefore, the ENPs may still induce toxic effect to pelagic organisms.
According to colloidal science, dispersed particles within the size range of 1 to 1000 nm will
be stable in the continuous phase while particles above this size range will undergo

sedimentation (Hotze et al., 2010).
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Figure 4.24: (-potential and HDD (a and b, respectively) in ER and (-potential and HDD (c

and d, respectively) in BR at 0.1 mg/L nCuO with varying concentrations of TCS over 48 h.

Error bars represent standard deviations (SD) for three replicates.

The stabilization of nCuO in ER was most likely due to adsorption of TCS onto ENPs as

evidenced by the slight increase in {-potential. Similar observations have been reported during

investigations on the interaction of TCS and copper nanoparticles (nCu) (Chen et al., 2018).

Chen et al. (2018) investigated adsorption of TCS on nCu using UV-Vis technique by mixing

10 mg TCS and 50 mg nCu in 1 litre of either DIW or synthetic wastewater with resultant

concentrations of 10 and 50 mg/L, TCS and nCu, respectively. They observed that 4.5 and 5.3
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mg of TCS were adsorbed on 50 mg of nCu in DIW and synthetic wastewater after 24 h,
respectively. Hence, in the current study adsorption of TCS may have been responsible for the
stabilization of ENPs in ER water samples. The reasons for the destabilisation of ENPs by TCS
in BR could be associated to the nature of interactions between NOM and TCS which could

have been strong and reduced the availability of TCS to stabilise ENPs.

The influence of TCS on stability of different types of ENPs in identical exposure media was
very similar. For example, both nAl203 and nCuO were stabilised to within a narrow range of
150—-250 nm at various concentrations of ENPs and TCS in ER. The stabilisation effect of TCS
was more significant at lower concentration of ENPs. In the current study, 0.1 mg/L (HDD <
180 nm) was more stabilised than 1 mg/L (HDD, 160 to 250 nm) ENPs under identical
concentrations of TCS and exposure media. However, differences in degree of aggregation at
the two concentrations were not significant. These findings suggest that the stabilising effect
of TCS on ENPs in the environment will be very significant since environmental concentrations
of ENPs are orders of magnitude lower than the lowest concentration used in this study (Boxall
et al., 2007a; Donovan et al., 2016; Gottschalk et al., 2013). In addition, the stabilising effect
of TCS was concentration independent. For example, the 100 and 1000 ng/L TCS stabilised
ENPs in ER to the same extent. These results suggest that even at lower concentrations (Table
2.3) in the environment, TCS may still stabilise ENPs. Based on the current experimental
results, the effects of TCS on stability of ENPs in freshwater are more distinctive under low
concentration of NOM (nature and type) in the exposure media. This is because the
concentration and type of NOM influences the interaction of TCS and NOM (Behera et al.,
2010; Pignatello, 2011). For example, the effect of TCS was more apparent in ER with lower
concentration of NOM than BR despite the various components of NOM not determined in the
two river systems. However, it is worth noting that the stabilization or destabilization effect
observed on ENPs as a result of TCS are dependent on the water chemistry of the exposure
medium. Due to the complexity of freshwater, the net effect observed on stability of ENPs is

the result of various influencing factors within the complex exposure matrix.
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Figure 4.25: {-potential and HDD (a and b, respectively) in ER and {-potential and HDD (c

and d, respectively) in BR at 1 mg/L nCuO with varying concentrations of TCS over 48 h.

Error bars represent standard deviations (SD) for three replicates.

4.7. Aggregation in ternary mixtures of ENPs and TCS in freshwater

The interaction of ternary mixtures of ENPs and TCS in river water samples was investigated.

In both river systems, the presence of TCS stabilised the ENPs with the effect being greater in

ER than BR water samples as shown in Figures 4.26 and 4.27. For example, in the absence of
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TCS, the HDD for binary mixtures of nAl2O3 and nCuO was in the range 250 to 590 nm
(Figures 4.17b and 4.20b) and 470 to 1200 nm (Figures 4.17d and 4.20d) in ER and BR water
samples, respectively. In the presence of TCS (100 ng/L), the HDDs decreased to the range of
180 to 400 nm (Figure 4.26b) and 440 to 820 nm (Figure 4.26d) in ER and BR, respectively.
The reduction in aggregation was likely due to the adsorption of TCS onto surfaces of ENPs
inhibiting aggregation (Chen et al., 2018). The stabilization effect of TCS was lower in BR
water with higher concentration of NOM than in ER water with lower concentration of NOM
(Table 3.1). This is because of the complex interactions that exist between organic pollutants
and NOM which may have minimised the interaction of TCS with ENPs at high concentration
of NOM (Behera et al., 2010; Ferreira et al., 2002; Gu et al., 2007). In both river system waters,
TCS had no significant effect on the (—potential of ternary mixtures as summarised (Figures
4.26a and 4.26¢). The (—potential was lower in BR than in ER and this may be attributed to the
screening effect resulting from both mono and divalent ions present at higher concentration in
BR water samples (Table 3.1). The adsorption of TCS on ENPs implies that TCS may enhance
the toxicity of ENPs by stabilising and enabling them to have a longer residence time in the
water column. In addition, ENPs may also enhance the toxicity of TCS to aquatic organisms

via the Trojan horse effect (Naasz et al., 2018; Tong et al., 2014).
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Figure 4.26: (-potential and HDD (a and b, respectively) in ER water in presence of TCS, and
{-potential and HDD (c and d, respectively) in BR water in presence of TCS over 48 h. Error

bars represent standard deviations (SD) for three replicates.

Notably, ternary mixtures with higher concentration of nAl2O3 had higher aggregation than
those with higher concentration of nCuO in the same exposure media. For example, the ternary
mixtures with mixture concentrations (100 ng/L TCS: 1 mg/L nCuO: 0.1 mg/L nAl203) had
HDD in the range of 180 to 220 nm and 440 to 490 nm in ER and BR water samples,
respectively. However, ternary mixtures with mixture concentrations (100 ng/L TCS: 0.1 mg/L
nCuO: 1 mg/L nAl203) had HDD in the range 240 to 370 nm and 460 to 630 nm in ER and BR
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water samples respectively. Hence, higher concentration of nAl203 enhanced aggregation. The
reasons for this trend may be attributed to the low dissolution and larger surface area of nAl2O3

(50.5 m*/g) compared to nCuO (29 m?/g) making it more reactive (Auffan et al., 2009; Lei et
al., 2018)
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Figure 4.27: C-potential and HDD (a and b, respectively) in ER water in presence of TCS, and
C-potential and HDD (c and d, respectively) in BR water in presence of TCS over 48 h. Error

bars represent standard deviations (SD) for three replicates.
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Increasing the concentration of TCS to 1000 ng/L in ternary mixtures had no considerable
influence on HDD which ranged from 180 to 430 nm in ER (Figure 4.27b) and 350 to700 nm
in BR (Figure 4.27d). Similar ranges were observed in presence of 100 ng/L TCS. The
comparisons on the influence of 100 and 1000 ng/L TCS on ternary mixtures of ENPs and TCS
are summarised in Appendix 4.3. These results show that the studied concentrations of ENPs
(0.1 and 1 mg/L) are low enough to be stabilised even by lower concentrations of TCS in the
freshwater systems (Table 2.3). In addition, measured environmental concentrations of ENPs
are orders of magnitudes lower than 0.1 mg/L used in this study (Donovan et al., 2016; Johnson
et al., 2011). Ternary mixtures irrespective of mixture concentrations were more destabilised
in BR water samples with higher concentrations of both NOM and electrolytes than in ER.
Based on these results, the aggregation of mixtures of ENPs and TCS is characteristically
influenced by water chemistry. Hence, in presence of TCS and probably other aromatic organic
pollutants, heteroaggregation of ENPs will still occur and aquatic organisms will be exposed
to aggregates of mixtures of ENPs and not the pristine ENPs. These findings indicate that in
natural water systems, ternary mixtures of ENPs and TCS will be stable and interact with
pelagic organisms where they may exert toxicological effects. Results of all aggregation and (-
potential experiments under the various exposure media are summarized in Appendices. 4.4 to

4.10.

Overall, the enhanced stability of ENPs in presence of TCS has two major implications. Firstly,
their high residence time in the water column implies increased transport and bioavailabilty to
pelagic organisms where they may induce adverse effects. Secondly, ENPs may increase the
toxicity of TCS via trojan horse effect as they are likely to transport adsorbed fractions of TCS
into aquatic organisms. These outcomes suggest that pelagic organism are more at risk to
mixtures of ENPs and TCS than benthic organisms. The findings herein contribute to the
knowledge on transformation of mixtures of ENPs and organic polutants which is critical on

their risk assessment in natural water systems.
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4.8. Dissolution of ENPs in river water
4.8.1. Dissolution of individual ENPs

Dissolution studies in river water matrixes from ER and BR over 48 h were done to gain
insights on the timescale effect on the potential exposure of nAl203 and nCuO in terms of ionic
and particulate forms. Results suggest that dissolution increased with time at a given exposure
concentration (0.1 and 1 mg/L). An exposure concentration of 10 mg/L. was considered too
high and unlikely to be found in the environment, and therefore of limited value in the

dissolution studies.

Dissolution of nCuO was observed to be time dependent. For instance, at 2 h it was 0.8% and
increased to 1.44% at 48 h in ER water at nominal exposure concentration of 1 mg/L (Table
4.2). Dissolution was higher in ER compared to BR. Hence it was also influenced by river
water chemistry. The higher dissolution in ER may be attributed to the low IS leading to
enhanced stability of ENPs with resultant high number of active sites for dissolution (Odzak et
al., 2015; Son et al., 2015). In addition, low concentration of NOM in ER may also account for
the high dissolution since at high concentration, NOM has been reported to impede dissolution
of ENPs (Conway et al., 2015). In BR water, at the same nominal exposure concentration of 1
mg/L, dissolution was 1.12% at 48 h. The presence of high NOM (Table 3.1) may have
adsorbed the Cu?* ionic species resulting in slightly lower observed concentrations. Moreover,
the high IS in BR promoted aggregation which resulted in small surface area of ENPs leading
to reduced number of active sites for dissolution (Gondikas et al., 2012; Li et al., 2013; Odzak
etal., 2015; Son et al., 2015). Visual MINTEQ predictions on Cu?" distribution in both ER and
BR water samples indicate that 100% of the released ions form labile complexes with NOM
(Table 4.3). High NOM has been reported to impede dissolution of nCuO in aqueous media
(Conway et al., 2015; Miao et al., 2016). For example, Conway et al. (2015) investigated the
dissolution of 1 mg/L nCuO in wastewater (pH 7.6, NOM 2.38 mg/L and IS 34.1 mM) and
storm runoff water (pH 6.6, NOM 6.49 mg/L and IS 4.4 mM) where dissolution was found to
be < 10% and 0 %, respectively. Copper tends to undergo disproportionation reactions leading
to the generation of Cu’, Cu* and Cu?" ionic forms. In the natural aquatic environment, complex
forming ions such as CI;, SO4* and PO4*" are ubiquitous (Conway et al., 2015; Fang et al.,
2017; Heinlaan et al., 2016; Tong et al., 2014). Therefore, this may lead to formation of various

precipitation complexes (e.g. CuS and Cu3(PO4)2). For example, the presence of sulphates in
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ER and BR water samples (Table 3.1) may have led to sulfidation processes forming highly
insoluble CuS (Conway et al., 2015; Ma et al., 2014). All these processes may lead to the

reduction in the concentration of detectable copper ions.

In addition, copper precipitates as a hydroxide in the pH range of 6.6 to 7.8 with ligands present
in freshwater (Dimkpa et al., 2015). This pH range is very close to the pH of the river water
used in this study. Hence, copper may have precipitated as a hydroxide. Dissolution of nCuO
at 1 mg/L decreased with increasing pH where at pH > 7.7 very low dissolution was observed
(<3%) (Odzak et al., 2014). Hence, the low dissolution observed in this study with river water
samples of pH 7.9 and 8.1 (Table 3.1), agrees with previous works (Conway et al., 2015;
Heinlaan et al., 2016). The low dissolution of nCuO in freshwater systems implies that the
reported toxicity of nCuO in aquatic systems may be largely attributed to the particulates and

not the ionic species.

Table 4.2: Dissolution of ENPs in natural river waters river water done in triplicates using

ICP-MS and recorded as mean values + standard deviation

Cu®" (ng/L) AP (pg/L)

River/ NC* 0.1 mg/L nCuO 1 mg/L nCuO 0.1 mg/L nAO3 1 mg/L nALO3

BR (2h) 4.07 +1.05 6.39 +0.60 4.36+1.76 17.90 £ 1.21
BR (48 h) 475+ 1.32 897+141 827+1.02 38.23+£1.92
ER (2 h) 2.84+0.71 6.40 = 1.54 14.87 £ 1.25 153.43 + 8.56
ER (48 h) 3.13+0.38 11.53+£2.41 22.29 +1.60 162.13 +7.87

*NC: nominal concentration. Data recorded as mean =+ standard deviations, where n = 3.

Dissolution of nAl2O3 at nominal exposure concentration of 1 mg/L was higher in ER
compared to BR water samples. The effect of time was apparent in BR water were dissolution
increased by more than doubled from 2 to 48 h (Table 4.2). In ER water, dissolution increased
from 29% at 2 h to 30.6% after 48 h whereas in BR, dissolution was < 8% even after 48 h
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(Table 4.2). The dissolution of nAl203 observed at 1 mg/L over 48 h in this study was much
lower compared to the one reported previously (Pakrashi et al., 2012). Pakrashi et al. (2012)
studied the dissolution of nAl20O3 at the concentration 1 mg/L in lake water and observed
dissolution of 94%. However, at lower concentration of 0.1 mg/L, after 48 h, dissolution
increased to 15.6% and 42.1% in BR and ER, respectively. Based on Visual MINTEQ
prediction on the distribution of AI**

systems, 93 and 81% of AI** formed the soluble ionic compound AI(OH)s in ER and BR,

at nominal concentration of 1 mg/L in ER and BR water

respectively (Table 4.4). This may account for the higher dissolution of Al2O3 detected in ER
water (Table 4.2). At least 5 and 17% of AI** formed labile complexes with NOM whereas at
least 1 and 2% formed hydroxides of aluminium in ER and BR, respectively, as shown in Table

4.4.

Low dissolution, especially in BR water, may be attributed to water chemistry driven-factors
such as NOM resulting in formation of complexes with released ions as predicted by Visual
MINTEQ (Table 4.4). In addition, adsorption of NOM onto surfaces of ENPs leads to the
formation of a coating that impedes dissolution (Ghosh et al., 2008; Pakrashi et al., 2012).
Herein, the high dissolution in ER water corresponds to low HDD observed (< 250 nm) at 0.1
mg/L compared to results in BR water where aggregates of > 300 nm were formed as shown
in Figures 4.15b and d, respectively. In addition, the released ions may undergo chelation with
components of freshwater such as NOM (Conway et al., 2015; Yang et al., 2009), making them
less available for detection. NOM does not only influence dissolution of ENPs, it also acts as
a scavenger for released ions by forming complexes with the released ions (Benjamin, 2002).
Due to slightly higher dissolution of nAl2O3 in freshwater systems, the reported toxicity of
nAl203 in aquatic systems may be attributed to both ionic species and particulates. These results
suggest that at environmentally relevant concentration (< 0.1 mg/L), ENPs may undergo

greater dissolution than was observed in the present study.
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Table 4.3: Distribution of Cu?* calculated by Visual MINTEQ from dissolved nCuO in ER

and BR water samples over 48 h

ER (% distribution Cu®") BR (% distribution Cu*")

Species/ NC* 0.1 mg/L nCuO 1 mg/LnCuO 0.1 mg/L nCuO 1 mg/L nCuO

/FA2CU (aq) 38.96 38.99 44.87 44 .88

/FA2CuOH(aq) 61.04 61.01 55.13 55.12

*NC: nominal concentration.

The speciation results of dissolved aluminium in ER and BR water samples based on modelling
using Visual MINTEQ showed that 100% of dissolved aluminium at nominal concentrations
of 0.1 and 1 mg/L nAl2O3 formed labile complexes with NOM and OH" in both river systems
(Table 4.4). In ER water, at least 87% of dissolved aluminium formed the anion AI(OH)4" and
about 12% formed complexes with NOM. In BR water, 69% and 81% of the dissolved
aluminium, at nominal concentrations of 0.1 and 1 mg/L nAl>Os respectively, formed the anion
AI(OH)4. Of the rest, 30% and 17% formed labile complexes with NOM, at nominal
concentrations of 0.1 and 1 mg/L nAl20s3, respectively. This is summarised in Table 4.4. Visual
MINTEQ predicted the absence of any free Al** for both river water samples. Typically, NOM
forms soluble metal complexes at neutral and alkaline pH conditions and most of the complexes
formed in the natural water matrixes are labile (Adeleye et al., 2014). Hence, the released

metal ions were still detected by ICP-MS.
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Table 4.4: Distribution of AI** calculated by Visual MINTEQ from dissolved nAl2O3 in ER

and BR water samples over 48 h

ER (% distribution AI*") BR (% distribution AI*")

Species/ NC* 0.1 mg/L nAO3 1 mg/L nAl2O3 0.1 mg/L nAO3 1 mg/L nAl2O3

Al(OH)* 0.03 0.03 0.06 0.07
Al(OH)3q) 1.33 1.43 1.63 1.92
Al(OH)«+ 86.69 93.18 68.59 80.82
/FA2AIOH@g ~ 11.90 5.34 29.58 17.11
JFA2AT ag) 0.05 0.02 0.16 0.09

*NC: nominal concentration.

4.8.2. Dissolution of Binary mixtures of ENPs in river water

Dissolution of binary mixtures of nAl203 and nCuO in natural water matrixes was

investigated over 48 h. The dissolution of nAl2O3 from all mixtures was below the detection
limit as no AI’" was detected. However, Cu®>" was detected from the studied mixtures due to
dissolution of nCuO. The dissolution was time dependent at a given exposure concentration

(0.1 or 1 mg/L) as shown in Table 4.5.
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Table 4.5: Dissolution of nCuO in river water samples done using ICP-MS and recorded as

mean values + standard deviation

Cu™* (ng/L)

nCuO nCuO (nCuO, nAl,03) (nCuO, nAl,03) (nCuO, nAl,03)
River* 0.1 mg/L* 1 mg/L* (0.1, 1) mg/L* (1,0.1) mg/L* (1,1) mg/L*
BR (2h) 4.07+1.05 6.39+0.60 6.33+1.53 15.33 £3.06 11.33£1.15
BR (48h) 4.75+1.32 897+141 8.00+1.00 15.67 +2.89 13.00 £ 0.00
ER (2 h) 2.84 +£0.71 6.40+1.54 3.33+1.53 6.67 +£2.08 4.00 £0.00
ER (48h) 3.13+£0.38 11.53+2.41 3.00=+1.00 5.00+1.00 5.33+1.15

*Nominal concentration of ENPs. Data recorded as mean + standard deviation, where n = 3.

The dissolution of nCuO was 0.80% at 2 h and increased slightly to 1.12% after 48 h in BR
water samples at a nominal exposure concentration of 1 mg/L (Table 4.5). However, in the
presence of 0.1 mg/L nAl2Os3, the dissolution increased to 1.92 and 1.96% at 2 and 48 h,
respectively. Despite the dissolution of 1 mg/L nCuO being low in BR water, it increased by
more than 100% in the presence of 0.1 mg/L nAl20O3 at 2 h. These observations are consistent
with the reduction in aggregation for the mixture of (1, 0.1) mg/L nCuO and nAlOs3,
respectively, where HDD decreased from 783 nm at 0 h to 620 nm at 48 h. This decrease in
HDD may have led to an increase in the number of available sites for dissolution (Gondikas et
al., 2012; Son et al., 2015). Increasing the concentration of nAl203 in the mixture to 1 mg/L, a
slight decrease in dissolution of nCuO was observed at both 2 (1.42%) and 48 h (1.63%). This
was in agreement with the observed increase in HDD at 2 h (927 nm) and at 48 (1008 nm)
compared to > 805 nm at both 2 and 48 h in presence of 0.1 mg/LL nAl2O3. The increase in
aggregation leads to reduction in the surface area and consequently, fewer available active sites
for ion release (Bian et al., 2011; Miao et al., 2010; Xiao et al., 2018). Hence, the observed
reduction in dissolution. In addition, the observed decrease in dissolution at higher
concentration of nAl203 may be attributed to adsorption of released Cu®" onto the surfaces of
nAl203 which had a large surface area (50.5 m?/g) as observed from other studies on various

systems (Mansouri et al., 2016; Tong et al., 2014; Wilke et al., 2016).
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The dissolution of nCuO in ER water samples at nominal exposure concentration of 0.1 mg/
was 3.55% at 2 h and increased slightly to 3.91% after 48 h (Table 4.5). No significant influence
of nAl203 was observed on the dissolution of nCuO in ER water irrespective of exposure
concentration and time (Table 4.5). These results are consistent with the observations under
the influence of nAl2O3 on the aggregation on nCuO where no significant influence was
observed (Figures 4.19b and 4.20b). NOM has been reported to enhance dissolution of ENPs
(Jiang et al., 2015; Philippe and Schaumann, 2014; Xiao et al., 2018). Chelation effects on the
surfaces of ENPs and binding to the released ions leading to deviation from dissolution
equilibrium have been proposed as the mechanisms by which NOM enhances dissolution of
ENPs (Jiang et al., 2015; Philippe and Schaumann, 2014). This may account for higher
dissolution in BR with higher concentration of NOM (8.16 mg/L) than ER with lower
concentration (5.07 mg/L). In addition, IS can promote dissolution for charged species since
their activity decreases with increasing IS to the limit of 1.0 M (Grenthe, 1997; Mwaanga,
2012). BR had higher IS (5.35 mM) compared to ER (2.48 mM) as shown in Table 3.1. This
may account for the higher dissolution observed in BR. The functional groups present in NOM
e.g. carboxylic and phenolic groups, can form complexes with released ions which may lead to
a reduction in the amount of detectable ions (Collin et al., 2016). In addition, other ions present
in natural water matrixes can form complexes as discussed in section 2.3.2.2. Hence, these
results indicate that both water chemistry and presence of other ENPs in the system have
significant influence on dissolution of nCuO. The low dissolution of nCuO implies that the
observed effects of nCuO to pelagic dwelling organisms may be predominantly associated to
the particulate forms as reported in toxicity studies (Abdel-Khalek et al., 2015; Heinlaan et al.,
2011; Thit et al., 2017).

4.8.3. Dissolution of Ternary mixtures of ENPs and TCS in river water

The dissolution of nAl203 and nCuO in ternary mixtures of nAl203, nCuO and TCS in river
water matrixes was studied over 48 h. However, the dissolution of both ENPs in the ternary
mixtures were below detection limit for ICP-MS. In both river systems, the presence of TCS
stabilised the ENPs as shown in Figures 4.26 and 4.27. The resultant adsorption of TCS onto
surfaces of ENPs may have provided a coating which possibly blocked the dissolution sites
leading to the absence of detectable ions (Yu et al., 2017). In addition, adsorption of NOM has
the potential to impede dissolution of ENPs by blocking active site on surface of ENPs
(Deonarine et al., 2011; Yu et al., 2017). The interaction of NOM with other organic pollutants
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is influenced by factors including such microdomains within NOM that segregates interactions
based on function groups such as aromatic or carbohydrate domains, presence of function
groups that promote hydrogen bonding and preference based on configuration and
conformation of the molecules and strands at microstructure level (Pignatello, 2012). Since
TCS is an aromatic phenol, it may have undergone interactions with NOM leading to changes
in the properties of NOM including molecular structure, MW, hydrophobicity, conformation
and charge which in turn affect the interaction of NOM with ENPs (Mwaanga, 2012; Stumm
and Morgan, 2012). For example, increase in MW of NOM results in increased adsorption of
NOM onto the surfaces of ENPs (Mwaanga, 2012). In the current study, adsorption of TCS
was evidenced by increased stability of ENPs in presence of TCS such that ternary mixtures of
ENPs and TCS had lower HDD (Figure 4.26) compared to binary mixtures of ENPs (Figures
4.17 and 4.19). Increased adsorption of NOM-TCS complexes on surfaces of ENPs may have
impeded the dissolution of ENPs by blocking active sites for dissolution on surface of ENPs
resulting in the reduction of released metal ions (Behera et al., 2010; Deonarine et al., 2011;
Yu et al., 2017). These findings suggest that despite the aggregate size of ternaries being
comparable to that of individual ENPs in the same exposure media, ternaries may pose reduced
toxic effects to aquatic organisms because of low dissolution as toxicological effects are usually
linked to ionic rather than particulate species (Leareng et al., 2020; Song et al., 2020; Tong et
al., 2015; Yu et al., 2016).

The low dissolution observed herein for singles, binary and ternary mixtures of ENPs implies
that the ecological effects of the studied ENPs are due to particulates species rather than ionic
species. The presence of aromatic organic pollutants in natural aquatic systems may reduce the
toxicity of ENPs resulting from ionic species but increase the effects due to particulate species
as a result of enhanced stability. These findings contribute to the increasing knowledge on the
interactions of mixtures of ENPs and organic pollutants. However, more work is necessary to
elucidate the underpinning mechanisms of interactions in mixtures responsible for the observed

effects.
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Chapter 5: Conclusions and recommendations
5.1. Conclusions

This study investigated the influence of water chemistry parameters such as pH, IS and NOM
on the transformation of ENPs. The aggregation and dissolution of individual ENPs, binary
mixtures of ENPs (ENP-ENP), binary mixtures of ENPs with TCS (ENP-TCS) and ternary
mixtures of ENPs and TCS (ENP-ENP-TCS) was studied in aquatic systems at the low
concentrations close to what is expected in the natural aquatic environment. This study
revealed that the aggregation and dissolution of nAl203 and nCuO are influenced by water
chemistry parameters (pH, IS and NOM), TCS and presence of other ENPs aquatic systems.
The critical findings in this study includes the revelation that the aggregation and dissolution
of ENPs is influenced not only by water chemistry parameters but also by the presence of
other ENPs and organic pollutants in aquatic systems. Three objectives were pursued to

achieve the aims of this study:

Objective 1: Transformation of nCuO and nAl203 in synthetic and river water systems.

The transformation of ENPs in aquatic systems was influenced by pH, IS and NOM. The pH,
determined the {—potential of ENPs which in turn influenced their state of aggregation.
Aggregation of ENPs was observed to reach a maximum at pHiep. The IS generated by the
concentrations of electrolytes, typically encountered in natural aquatic systems, is insufficient
to compress the EDL for significant reduction of {—potential. Therefore, the IS had an
insignificant influence on the aggregation of ENPs. NOM may have adsorbed onto surfaces of
ENPs, leading to increased (-potentials and impeded aggregation. In river water, with
extremely complex composition, the resultant transformation of ENPs is determined by
complicated interactions among water chemistry factors. These may counteract each other as
is evidenced by higher dissolution rates observed in ER compared to BR water. Also, larger
aggregates were observed in BR compared to ER water. In river water systems, ENPs are
primarily present as aggregates. The dissolution of ENPs is influenced by NOM coating the
surfaces of ENPs. This implies that organisms are seldom exposed to single particle ENPs, but
rather to their aggregates or the ions which they released. Because of chelation and precipitation

effects, the released ions might not pose the toxicity expected from studies conducted in
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synthetic water. In river water, ENPs are generally stable, this implies they are more likely to
interact with pelagic than benthic organisms. The observed variations in aggregation and
dissolution of ENPs in river water suggest that it is impossible to generalize the fate and

transformation of ENPs in aquatic systems.

Objective 2: Interaction of binary mixtures of nCuO and nAl2Os3 in synthetic and river water

The interaction of binary mixtures of ENPs was influenced by the same water chemistry
parameters mentioned before. At circumneutral pH, the (-potential was affected by the ratio of
the ENPs present in the binary mixtures. It decreased with increasing relative concentration of
nCuO. It also increased with increase in IS. However, in both cases, this did not significantly
influence the aggregation of ENPs in synthetic water. Adding NOM increased the (-potential,
possibly due to adsorption of NOM onto the surfaces of ENPs with resultant imparting of
negative charge. However, this also had only a marginal influence on aggregation. The reasons

might be due to the fact that the changes in the C-potential was insufficient to have an effect.

In river water, binary mixtures of ENPs formed larger aggregates, probably due to hetero-
aggregation. Larger aggregates were observed in BR compared to ER water. Dissolution of
nCuO was enhanced in BR water in the presence of low concentrations of nAl203. However,
this decreased at higher concentration of nAl203 possibly due to adsorption of Cu** on the
surfaces of nAl203. Strangely, no significant influence was observed in ER water. Therefore,
ecological effects, originating from copper ionic species, appear to be more profound in the
presence of low concentrations of nAl2O3. Both water chemistry and concentration ratios of
ENPs influence the transformation of mixtures of ENPs in aquatic systems. The high stability
of mixtures of ENPs in natural water systems implies persistence, i.e. long residence times.

This has implications for the aquatic organisms present.

Objective 3: Influence of TCS on the transformation of ENPs as binary and ternary mixtures

in river water systems

TCS stabilised ENPs in ER water but destabilised them in BR water. This was due to the
influence of differences in the physicochemical parameters (NOM and IS). The influence of

TCS on the aggregation of ENPs is similar but more pronounced at low concentrations of
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NOM. No significant effect of TCS on {-potential of ENPs was observed. The aggregation of
ternary mixtures of TCS and ENPs was lower compared to that of binary mixtures of ENPs
irrespective of differences in water chemistry. The resultant interaction of TCS and NOM
impeded dissolution of ENPs. The ions concentrations were below the detection limit. Hence,
in ternary mixtures, the expectation is that ecological effects will be limited. This applies to
effects arising from the presence of solvated ionic species, not for particulate ENPs. This
confirms that transformation of mixtures is unique and that it may not be possible to predict

the behaviour of mixtures based on the behaviour of the individual components alone.

These findings motivate the need to investigate specific interactions that exist between TCS
and ENPs and between TCS and NOM to elucidate the mechanisms underpinning the observed

transformations.

5.2. Recommendations

The fate and transformation of ENPs are not only influenced by water chemistry but also the
presence of organic pollutants and other ENPs in aquatic systems. Therefore, ENPs-specific
studies must be conducted to determine their fate and transformation. They simply cannot be
predicted based on studies done on other ENPs. The enhanced aggregation of nCuO at low
concentration is in contrast with the aggregation trends observed for other ENPs. It warrants
further investigation. Hence, the fate and transformation of ENPs in aquatic systems are unique
and are not predictable from experimental results based on DIW. Therefore, studies on the fate
and transformation of ENP mixtures in natural water systems, at environmentally relevant
concentrations, are recommended to support risk assessment of ENPs in the natural
environmental compartment. Furthermore, studies linking the exposure media composition

with dissolution and/or aggregation of ENPs are highly recommended.
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Appendix 3.1: Analysis certificate of the humic acid (HA)

SIGMA-ALDRICH

3050 Spruce Street, Saint Louis, MO 63103 USA

Email USA: techserv@sial.com Outside USA: eurtechserv@sial.com

Certificate of Analysis

Product Name:

Product Number:
Batch Number:
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CAS Number:
Formula:

Formula Weight:
Quality Release Date:

TEST

APPEARANCE (COLOR)
APPEARANCE (FORM)

THIN LAYER CHROMATOGR.

SOLUBILITY (COLOR)
SOLUBILITY (TURBIDITY)

SOLUBILITY (METHOD)

RESIDUE ON IGNITION

HUMIC ACID
technical
53680
BCBS1775V
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1415-93-6

29 JUN 2016

SPECIFICATION

BLACK

POWDER OR CRYSTALS
CORRESPONDS TO STANDARD
BROWN TO VERY DARK BROWN

TURBID TO VERY TURBID (>200
NTIJ)

0.1G IN IOML WATER

,::Lu(:g G‘ﬁ/f,_
Dr. Claudia Geitner Dr. Claudia Geitner

Manager Quality Control
Buchs, Switzerland
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RESULT
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POWDER
CORRESPONDS TO STANDARD

VERY DARK BROWN
VERY TURBID (>200 NTU)
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Appendix 4.1: Illustrates the influence of pH on aggregation of 1 mg/L nA1203 or nCuO in
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DIW over 48 h.
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respectively) in DIW within pH range of 3-9 over 48 h at 1 mg/L. Error bars represent

standard deviations (SD) for three replicates.

© University of Pretoria

© University of Pretoria

152



P

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
Que® YUNIBESITHI YA PRETORIA

Appendix 4.2: Illustrates the influence of pH on aggregation of 10 mg/L nAl203 or nCuO in
DIW over 48 h
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The C-potential and HDD for nAl203 (a and b, respectively), and nCuO (c and d, respectively)
in DIW within pH range of 3-9 over 48 h at 10 mg/L. Error bars represent standard deviations

(SD) for three replicates.
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Appendix 4.3: Illustrates the influence of TCS on aggregation of ternary mixtures of nAl20s3,

nCuO and TCS in rivers water over 48 h
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=100 ng/L TCS; 1 mg/L CuQ; 0.1 mg/L Al203 +100 ng/L TCS; 1 mg/L CuO; 1 mg/L Al203
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water over 48 h. Error bars represent standard deviations (SD) for three replicates.
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Appendix 4.4: Summary of aggregation and {-potential (ZP) results of nCuO in various exposure media over 48 h.

Exposure media 0.1 mg/L 1 mg/L 10 mg/L

ZP (mV) HDD (nm) ZP (mV) HDD (nm) ZP (mV) HDD (nm)
pH 7 -8—-11 925 — 1433 -9—-13 664 — 889 -6—-9 576 — 716
IS (1 mM NaCl) -5—-10 727—1317 -5—-7 684 — 1150 -5—-7 598 — 790
IS (10 mM NaCl) -3—-5 852 —1189 -3—-5 778 — 1150 3—-4 742 — 1192
HA (1 mg/L) -23 —-28 489 — 648 -19—-27 572—767 -20—-24 444 — 619
HA (10 mg/L) -30—-35 340 — 563 -28—-35 373 —507 -28—-34 405 —470
ER water -8 —-13 229 —249 -9—-16 312 —366 -14—-19 376 — 494
BR water -10—-11 273 —302 -11—-12 340—395 -11—-13 382 =515

© University of Pretoria

© University of Pretoria

155



P

[ ]

UNIVERSITEIT VAN PRETORIA
UNIVERSITY OF PRETORIA
YUNIBESITHI YA PRETORIA

Appendix 4.5: Summary of aggregation and {-potential (ZP) results of nAl2O3 in various exposure media over 48 h.

Exposure media 0.1 mg/L 1 mg/L 10 mg/L

ZP (mV) HDD (nm) ZP (mV) HDD (nm) ZP (mV) HDD (nm)
pH7 -13—-19 663 — 794 -20—-24  365—453 -22—-25 596 — 798
IS (1 mM NaCl) -8—-14 661 — 998 -14—-23 722 —995 -20—-29 599 — 798
IS (10 mM NacCl) -5—-9 801 — 1234 -9—-19 694 — 1007 -17—-23 874 — 2097
HA (1 mg/L) -20—-27 389 — 545 -24—-26  349—393 -24 —-26 518 — 638
HA (10 mg/L) -32—-36 379 —475 -32—-36  432—519 -33—-35 413 — 468
ER water 9—-14 204 — 264 -14—-15 248 —444 -14—-16 601 — 752
BR water 9—-11 321 —341 -11—-13 351 —440 -13—-14 581 — 895
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Appendix 4.6: Summary of results on influence of nAl2O3 on aggregation and {-potential (ZP) of nCuO in various exposure media over 48 h.
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Exposure media (1 mg/L nCuO, 0.1 mg/L nAl203)

(1 mg/L nCuO, 1 mg/L nAl203)

(1 mg/L nCuO, 10 mg/L nAl203)

ZP (mV)
pH7 -6—-10
IS(I mMNaCl) -9—-13

IS (10 mM NaCl) -6—-11

HA (1 mg/L) -24—-29
HA (10 mg/L) -31—-35
ER water -12—-16
BR water -7—-13

HDD (nm)
601 — 834
695 —916
838 — 1160
497 — 630
426 — 573
256 — 386

619 — 827

ZP (mV)
-13—-18
-14—-17
-15—-22
-25—-28
-30—-33
-15—-17
-11—-12

HDD (nm)
397 — 608
828 — 1327
813 — 2403
645 —773
468 — 559
331 —422

705 — 1050

ZP (mV)
-17—-19
-16 —-18
-22 —-26
-27—-29
-34—-36
-14—-16
-12—-13

HDD (nm)
542 — 744
541 —1719
1037 — 3138
692 — 778
501 — 606
462 — 602

712 — 1682
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Appendix 4.7: Summary of results on influence of nCuO on aggregation and {-potential (ZP) of nAl203 in various exposure media over 48 h.

Exposure media (1 mg/L nAL203, 0.1 mg/L nCuO) (1 mg/L nAl203, 1 mg/L nCuO) (1 mg/L nAL203, 10 mg/L nCuO)

ZP (mV) HDD (nm) ZP (mV) HDD (nm) ZP (mV) HDD (nm)
pH7 -16 —-21 342 — 445 -13—-18 396 — 608 -4—-13 607 — 955
IS(I mM NaCl) -16—-18 756 — 1191 -14 —-17 828 — 1327 -10—-14 713 — 1668
IS (10 mM NaCl) -15—-24 1109 — 1995 -15—-22 813 — 2403 -13—-16 695 — 2606
HA (1 mg/L) -25—-30 799 — 945 -25—-28 645 —773 -23 —-27 554 — 659
HA (10 mg/L) -31—-34 524 — 624 -30 —-33 468 — 559 -30 —-37 345 —530
ER water -15—-16 287 — 363 -15—-17 331 —422 -15—-18 346 — 464
BR water -11—-13 908 — 1191 -11—-12 705 — 1050 -11—-13 606 — 863
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Appendix 4.8: Summary of results on influence of TCS on aggregation and {-potential (ZP) of nCuO in river water over 48 h.

Exposure (0.1 mg/L nCuO, 100 ng/L (0.1 mg/L nCuO, 1000 ng/L (1 mg/L nCuO, 100 ng/L (1 mg/L nCuO, 1000 ng/L

media TCS) TCS) TCS) TCS)

ZP (mV)  HDD (nm) ZP (mV)  HDD (nm) ZP (mV)  HDD (nm) ZP(mV) HDD (nm)
ER water -13—-15 165—174 -14—-17 153 —169 -12—-19 162—201 -13—-19 172—226
BR water -4 —-11 291 — 677 -9—-12 320 — 665 -11—-16 465—631 -11—-14 432—764

Appendix 4.9: Summary of results on influence of TCS on aggregation and (-potential (ZP) of nAl2O3 in river water over 48 h.

Exposure (0.1 mg/L nAl2O3, 100 ng/L (0.1 mg/L nAL2O3, 1000 ng/L (1 mg/L nAl203, 100 ng/L (1 mg/L nAl203, 1000 ng/L

media TCS) TCS) TCS) TCS)

ZP (mV)  HDD (nm) ZP (mV)  HDD (nm) ZP (mV)  HDD (nm) ZP (mV)  HDD (nm)
ER water -14—-16 173 —190 -15—-16 174—184 -16—-18 187 —205 -17—-18 194 —208
BR water -12—-14 341 —617 -12—-14 413 —568 -14—-17 326—416 -14—-17  365—477
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Appendix 4.10: Summary of results on aggregation and {-potential (ZP) of ternary mixtures

in river water over 48 h.

Mixture Composition ER water BR water

(TCS (ng/L); nCuO (mg/L); nAl203 (mg/L)) ZP (mV)  HDD (nm) ZP (mV) HDD (nm)
(100; 0.1; 0.1) -12—-15  238—318 -11—-13 568 — 817
(100; 0.1; 1) -14—-17  237—367 -12—-14 461 — 626
(100; 1; 0.1) -16—-19 196 —295 -10—-14 443 — 484
(100; 1; 1) -15—-18  237—1321 -13—-14 545 — 683
(10005 0.1; 0.1) -12—-15  238—429 -11—-15 351 =556
(10005 0.1; 1) -15—-17 203 —247 -12—-14 504 — 1781
(10005 1; 0.1) -15—-19 185—260 -11—-14 440 — 519
(100; 15 1) -15—-18 259—397 -13—-15 471 — 694
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