
i 
 

 

 

Stability of gold and cerium oxide nanoparticles in aqueous environments, and 

their effects on Pseudokirchneriella subcapitata and Salvinia minima  

Submitted in fulfilment of the requirements for the degree 

Doctor of Philosophy in Microbiology 

Department of Biochemistry, Genetics and Microbiology 

in the 

Faculty of Natural and Agricultural Sciences 

at the 

University of Pretoria 

by 

Ntombikayise Mahaye 

 

 

Supervisor: Prof Don Cowan  

Co-supervisor: Prof Ndeke Musee 

 

2019 

 

  



ii 
 

Declaration 

I, Ntombikayise Mahaye, declare that this thesis, which I hereby submit for the degree of 

Doctor of Philosophy in the Department of Biochemistry, Genetics and Microbiology, 

University of Pretoria, is my own original work with guidance from the supervisors. In 

addition, I acknowledged and referenced all the sources used.  

I have not used work previously produced by another student or any other person to hand 

in as my own. 

I have not allowed, and will not allow, anyone to copy my work with the intention of 

passing it off as his or her own work. 

 

SIGNATURE 

 ...................................................................................................................................  

 

 

 

 

 

 

 

 

 

 

 

 

 



iii 
 

Acknowledgements 

Firstly, I would like to express my sincere gratitude to my supervisors Profs Don Cowan and 

Ndeke Musee for their guidance, support and reading through my thesis drafts. The 

accomplishment of this work and publication would not have been successful without their 

guidance and dedication.  

I am grateful to Dr Melusi Thwala of the CSIR for the guidance and discussions relating to 

experimental work and background in toxicology.  

I thank Miss Liesl Hill from CSIR for allowing me to use their facilities in the laboratory and 

for her guidance when algal experiments failed.  

I thank the CSIR for providing me with an opportunity and funding to further my studies after 

an internship with them. Special thanks also go to all staff and students at the NRE and Source 

Directed and Scientific Measures Research Group for providing me with a good atmosphere to 

do my research. 

I extend my gratitude to the DST-NRF Professional Development Programme for financial 

assistance. Without their support, I would not have been able to do this degree. 

I thank the University of Pretoria; Emerging Contaminants Ecological Risk Assessment 

(ECERA) Research Group and Centre for Microbial Ecology and Genomics (CMEG) for their 

facilities and materials provided. 

My deepest gratitude goes to a brother, friend and a mentor, Dr Ngogi Emmanuel Mahaye who 

had a huge trust in me and kept me motivated through difficulties.  

Lastly, I am forever grateful dear Lord for blessing me with the opportunity to do this PhD 

degree. 

 

 

 

 

 



iv 
 

Dedication 

I dedicate this work to my late brother, Mr Sanele Mahaye who until his last day never got tired 

of encouraging me to study hard.  He wanted me to have a PhD more than I wanted it myself. 

Ngiyabonga Nodange, ngaphandle kwakho nezifiso obunazo ngami bengingeke ngifike la 

engikhona.  

List of publication(s) from this study 

N. Mahaye, M. Thwala, D. Cowan, N. Musee. 2017. Genotoxicity of metal based engineered 

nanoparticles in aquatic organisms: A review. Mutation Research Reviews, 773: 134–160. 

THESIS CHAPTER 2 

Conference outputs  

Mahaye N, Thwala M, Cowan DA, Musee N. 2017. Do size and surface coating influence 

adsorption of gold nanoparticles to Salvinia aquatic plants? 8th International Young Water 

Professionals Conference, Cape Town International Conference Centre, Cape Town, South 

Africa, 10-13 December 2017. 

Mahaye N, Thwala M, Cowan DA, Musee N. 2015. The effects of metal and metal oxide 

nanoparticles on DNA stability in aquatic organisms: a review. 5th CSIR Emerging 

Researchers Symposium, CSIR, Pretoria, South Africa, 8-9 October 2015.  

 

 

 

 

 

 

 

 

 

 

 

 

 



v 
 

TABLE OF CONTENTS 

 

           Page  

TITLE PAGE………………...........................................................…………………………...I 

DECLARATION……………………………………………………………………………...II 

ACKNOWLEDGEMENTS………………………………………………………………….III 

DEDICATION……………………………………………………………………………….IV 

LIST OF PUBLICATION(S)………………………………………………………………...IV 

CONFERENCE OUTPUTS…………………………………………………………………IV 

TABLE OF CONTENTS……………………………………………………………………..V 

LIST OF TABLES…………………………………………………………………………...IX 

LIST OF FIGURES…………………………………………………………………………...X 

LIST OF ACRONYMS……………………………………………………………………..XII 

SUMMARY………………………………………………………………………………..XIII 

CHAPTER 1: BACKGROUND……………………………………………………………....1

         

1.1 Nanotechnology and engineered nanoparticles………………………………………........1

  

1.2 Study motivation…………………………………………………………………..............2 

1.3 Aims and objectives……………………………………………………………………….3 

1.3.1 Aims…………………………………………………………………………………3 

1.3.2 Objectives……………………………………………………………………………3 

1.4 Thesis layout………………………………………………………………………………4 

 

CHAPTER 2: GENOTOXICITY OF METAL BASED ENGINEERED  

NANOPARTICLES IN AQUATIC ORGANISMS: A REVIEW…………………………….5 

2.1. Introduction . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ………..5  

2.2. Mechanisms of ENP-induced genotoxicity . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ………10 



vi 
 

2.3. Methods for testing genotoxicity of ENPs . . . . . . . . . . . . . . . . . . . . . . . . . . . . ...............10  

2.3.1. The comet assay . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ……14  

2.3.2. The micronucleus test . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ……..14  

2.3.3. Chromosomal aberration assay . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …...15  

2.3.4. The Ames test . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ……15  

2.3.5. DNA laddering assay . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …..16  

2.4. Factors influencing genotoxicity of ENPs in aquatic systems. .  . . . . . . . . . . . . . ……...17 

 2.4.1. Physicochemical properties of ENPs . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …...17 

2.4.1.1. ENP size …………………………………………………………………….17 

2.4.1.2. Crystal structure . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ….18  

2.4.1.3. Surface charge . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …..18  

2.4.1.4. Morphology . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ………..19  

2.4.1.5. Surface area . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …19  

2.4.1.6. Surface coating . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . ….20  

2.5. The influence of co-pollutants . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . .  . ...21  

2.6. Concentration- and time-dependent effects . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …... 22  

2.7. Illumination effects . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . …23 

2.8. Particulate vs ionic species effects . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . . .  …24  

2.9. Conclusions……………………………………………………………………………...25 

CHAPTER 3: BEHAVIOUR OF GOLD AND CERIUM OXIDE NANOPARTICLES IN 

DIFFERENT ECOTOXICOLOGICAL MEDIA: INFLUENCE OF NANOPARTICLE’S 

SIZE, SURFACE COATING AND MEDIA COMPOSITION……………………………..27 

3.1 Introduction………………………………………………………………………………27 

3.2 Materials and Methods…………………………………………………………………...29 

 3.2.1 Characterization of Au and CeO2 NPs…………………………………………29 

3.2.2 Exposure media………………………………………………………………...30 

3.2.3 Data Analysis…………………………………………………………………..30 

3.3 Results and Discussion…………………………………………………………………...30 



vii 
 

3.3.1 Nanoparticles characterization…………………………………………………30 

3.3.2 Behaviour of NPs in different biological media………………………………..32 

3.3.3 Ultraviolet visible absorption…………………………………………………..38 

3.4 Conclusions……………………………………………………………………………....45 

 

CHAPTER 4: BIOACCUMULATION OF AU AND CEO2 NPS BY AN AQUATIC HIGHER 

PLANT (SALVINIA MINIMA)………………………………………………………………46 

4.1 Introduction………………………………………………………………………............46 

4.2 Materials and Methods…………………………………………………………………...48 

 4.2.1 Nanoparticles characterization…………………………………………………48 

 4.2.2 Exposure media………………………………………………………………...49 

 4.2.3 Test organism maintenance…………………………………………………….49 

 4.2.4 Bioaccumulation………………………………………………..........................49 

 4.2.5 Internalization or adsorption of NPs by plants………………………………...50 

 4.2.6 Data analysis…………………………………………………………………...50 

4.3 Results and Discussion…………………………………………………………………...51 

4.3.1 Nanoparticle characterization……………………………………………..........51  

4.3.2 S. minima growth rate……………………………………………………..........52 

4.3.3 Adsorption of Au and Ce on plant tissues……………………………...............54 

4.3.4 Mechanism of Au and CeO2 NPs accumulation………………………….........58 

4.4 Conclusions…………………………………………………………………………........60 

CHAPTER 5: GENOTOXICITY OF GOLD AND CERIUM OXIDE  

NANOPARTICLES IN ALGAE, SELENASTRUM CAPRICORNUTUM…………………..64 

5.1 Introduction………………………………………………………………………………64 

5.2 Materials and Methods…………………………………………………………………...67 

5.2.1 Characterization of Au and CeO2 NPs…………………………………………………67 

5.2.2 Test organism…………………………………………………………………….. …...67 



viii 
 

5.2.3 Exposure conditions……………………………………………………………………67 

5.2.4 Algal reference test with potassium dichromate……………………………………….68 

5.2.5 Effects of Au and CeO2 NPs towards P. subcapitata……………………….………….68 

5.2.5.1 Effects of NPs on algal growth………………………………………………68 

5.2.5.2 Effects of NPs on algal chlorophyll a content………………………………...69 

5.2.6 Effects of Au and CeO2 NPs to P. subcapitata at a molecular level……………………..69 

5.2.6.1 DNA isolation and visualization……………………………………………...69 

5.2.6.2 RAPD assay…………………………………………………………………..70 

5.2.6.3 AP site content………………………………………………………………..71 

5.3.6 Data Analysis…………………………………………………………………………...72 

5.4 Results and Discussion……………………………………………………………...........73 

5.4.1 Characterization of Au and CeO2 NPs in 10% BG-11 algal medium…………............73 

5.4.2 Cytotoxicity tests………………………………………………………………… …….75 

5.4.2.1 Effects of Au and CeO2 NPs on algal growth………………………..75 

5.4.2.2 Chlorophyll a content of P. subcapitata …………………………….76 

5.4.3 Genotoxicity studies…………………………………………………………………...82 

5.4.3.1 RAPD PCR assay…………………………………………………………….82 

5.4.3.2 AP Site content assay………………………………………………………...85 

5.5 Conclusions………………………………………………………………………………88 

CHAPTER 6: CONCLUDING REMARKS AND FUTURE PERSPECTIVES……………89 

6.1 Concluding remarks………………………………………………………………………89 

 6.2 Recommendations……………………………………………………………………….93 

CHAPTER 7: REFERENCES……………………………………………………………….94 

APPENDICES………………………………………………………………………………135 

  



ix 
 

LIST OF TABLES 

Table            Page  

Table 2.1: Quantities, applications and likely concentrations of ENPs in different 

environmental systems………………………………………………………………………...8 

Table 2.2: Strengths and limitations of genotoxicity assays……………………..…………..12 

Table 3.1: NPs mean sizes as reported by TEM……………………………………………...32 

Table 4.1: Summary of mechanisms of NPs accumulation by aquatic higher plants..............61 

Table 5.1: Dilutions for the DNA standard containing predetermined AP sites…………….72 

Table 5.2: Summary of Au and CeO2 NPs ECx concentrations reported on P. subcapitata…79 

  



x 
 

LIST OF FIGURES 

 

Figure                Page 

Figure 2.1: Number of publications per year………………………………………………….9 

Figure 2.2: Number of studies each genotoxicity assay was used…………………………...11 

Figure 3.1: TEM images of Au and CeO2 NPs………………………………………………31 

Figure 3.2: Influence of NP size and surface coating on the size distribution of  

Au and CeO2 NPs in different media over 48h………………………………………33 

Figure 3.3: Influence of NP size and surface coating on the ζ potential of  

Au and CeO2 NPs in different media over 48 h……………………………………………...35 

Figure 3.4: Au NPs size and concentration characterization data using NTA……………….37 

Figure 3.5: CeO2 NPs size and concentration characterization data using NTA.....................38 

Figure 3.6: UV-visible absorption spectra of CeO2 NPs in different media types…………...40 

Figure 3.7: UV-vis of Au NPs in DIW……………………………………………………….41 

Figure 3.8: UV-vis of Au NPs in 10HM………………………………...…………………...42 

Figure 3.9: UV-vis of Au NPs in DTW……………………………………………………...43 

Figure 3.10: UV-vis of Au NPs in BG-11 algal medium…………………………………….44 

Figure 4.1: Hydrodynamic diameters of Au and CeO2 NPs in DIW and 10 HM …………..52 

Figure 4.2: Plant biomass for treated plants and a control over 14 d………………………...53 

Figure 4.3: SEM images for untreated and NP-treated plant roots……………………..........55 

Figure 4.4: ICP-MS results: Au and Ce concentrations (µg/mg dry weight) on  

                  S. minima exposed to 10 HM at 1 mg /L……………………………………..…..57 

Figure 4.5: TEM EDX spectra on the roots of NP exposed plant samples…………………..59 

Figure 5.1: Hydrodynamic diameters for Au and CeO2 NPs in BG-11 algal medium………74 

Figure 5.2: Algae growth curves of P. subcapitata at different concentrations of reference 

toxicant and NPs……………………………………………………………………………...78 

Figure 5.3: Effects of Au and CeO2 NPs on chlorophyll a content of P. subcapitata……….81 



xi 
 

Figure 5.4: RAPD profiles generated using primers OPB1 and OPB14 for genomic  

DNAs extracted from P. subcapitata exposed to BPEI- and cit-coated Au NPs.....................84 

Figure 5.5: RAPD profiles of untreated and CeO2 NPs-treated algae………………………..85 

Figure 5.6: ARP-DNA standard curve……………………………………………………….87 

Figure 5.7: AP site content in algal DNA after exposure to NPs at 72 h and 168 h………….87 

 

  



xii 
 

LIST OF ACRONYMS 

ζ potential Zeta potential 

ANOVA Analysis of Variance 

AP sites apurinic/apyrimidinic sites 

ARP   Aldehyde Reactive Probe  

Au NPs Gold nanoparticles 

BER  Base excision repair  

BET  Brunauer Emmett Teller method 

BPEI  Branched polyethyleneimine coating 

CeO2 NPs Cerium oxide nanoparticles 

Chl a   Chlorophyll a  

Cit   Citrate coating 

DIW  De-ionised water 

DTW  De-chlorinated tap water 

DEEEP  Direct Estimation of Ecological Effect Potential guideline 

DLS  Dynamic light scattering 

EDX  Energy dispersive x-ray spectroscopy 

ENMs   Engineered nanomaterials 

ENPs  Engineered nanoparticles 

GTS  Genomic template stability 

HDD  Hydrodynamic diameter 

HM  Hoagland’s Medium 

HR-SEM High-resolution scanning electron microscope 

HRTEM High-resolution transmission electron microscope 

ICP-MS Inductively Coupled Plasma-Mass Spectroscopy 

NOM  Natural organic matter 

OD  Optical density 



xiii 
 

OECD  Organization for Economic Co-operation and Development 

NTA  Nanoparticle Tracking Analysis 

PCR  Polymerase chain reaction 

PEG   Polyethylene glycol  

PVP  Polyvinylpyrrolidone  

RAPD  Random Amplified Polymorphism DNA  

ROS  Reactive oxygen species 

  



xiv 
 

 

SUMMARY  

Engineered nanoparticles (ENPs) are class of emerging environmental pollutants, generally 

found at low concentrations and are therefore likely to exert sub-lethal effects on aquatic 

organisms. Among different kinds of NPs, metal and metal oxides NPs are most widely used 

in consumer products, targeted drug delivery and optical bioimaging. Rapid increasing use and 

applications of ENPs and their consequent emission into the environments raised the need to 

understand their potential effects to ecological systems. Yet, currently, the environmental fate, 

behaviour and potential toxic effects of NPs in the environment are poorly understood. The 

aquatic environment is at risk of exposure to NPs, as it acts as a final recipient for most 

environmental contaminants. To address this knowledge gap, the current study seeks to 

generate data on the fate and behaviour of NPs in aquatic systems and investigates their 

potential toxic effects on aquatic organisms. Amongst the less studied, but widely produced 

NPs are gold and cerium oxide NPs, therefore, likely to be released into the environment in 

high quantities. Algae, Pseudokirchneriella subcapitata and aquatic higher plant, Salvinia 

minima were selected as models for this study owing to limited nano-ecotoxicity data available.  

To investigate the influence of physicochemical properties of NPs and media constituents on 

the environmental fate and behaviour of NPs; the hydrodynamic diameters and zeta potentials 

for Au (5, 20 and 40 nm; citrate and branched polyethyleneimine coated) and CeO2 (>25 nm, 

uncoated) NPs were characterized in de-ionised water (DIW), 10% Hoagland’s medium, 

dechlorinated tap water and 10% BG-11 algal medium. Findings showed high agglomeration 

of NPs in biological media compared to DIW due to the low ionic strength of DIW. Instability 

of NPs in media was size and surface coating dependent, with smaller sized (5 nm) and citrate 

coated-Au NPs agglomerating rapidly. The much broader particle size distribution observed 

indicated (i) formation of agglomerates, (ii) instability of Au and CeO2 NPs in ecotoxicological 

media and (iii) inaccuracy of light scattering techniques in size analysis for non-spherical NPs.  

The interaction of Au and CeO2 NPs with S. minima indicated that (i) NPs were not internalized 

by S. minima irrespective of NP size, coating variant, and type, (ii) NPs can be adsorbed on the 

roots of S. minima but without inducing morphological level effects such as growth retardation 

and necrosis and (iii) adsorption was established as mechanism of NPs accumulation in S. 

minima. Exposure of P. subcapitata to NPs showed that (i) citrate-Au and CeO2 NPs neither 

inhibited P. subcapitata growth nor affected the cellular chlorophyll content; where slight 



xv 
 

growth inhibition was observed at 72 h, algae recovered after 96 h, (ii) genotoxicity assays 

revealed potential toxicity of NPs to algae at molecular level although no effects observed at 

morphological level and (iii) algae show an increase in genomic stability under long-term 

exposure conditions. Overall, the study showed that the behaviour of NPs in aquatic systems 

and their interactions with aquatic organisms are influenced by their physicochemical 

characteristics, exposure medium composition and exposure period; also, genotoxicity assays 

are more sensitive than cytotoxicity assays.  
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CHAPTER 1: INTRODUCTION 

1.1 Nanotechnology and engineered nanoparticles 

Nanotechnology, in general, encompasses the manipulation and application of materials at the 

nanoscale (Garnett and Kallinteri 2006), which are collectively referred to as engineered 

nanomaterials (ENMs). The word “nano” means “dwarf” in the Greek language (Bergeron and 

Archambault 2005) and is used as a prefix for one-billionth (Scientific Committee on Emerging 

and Newly-Identified Health Risks (SCENIHR), 2007).  Nanomaterials are any natural, 

incidental or manufactured material containing particles in a loose or aggregated state whereby 

50 % or more of the particle sizes range from 1-100 nm (EU 2011). Included in this definition 

are engineered nanoparticles (ENPs), whose production is currently driving nanotechnology 

growth. Engineered NPs include metals, metal oxides and alloys, carbon-based materials 

(fullerenes, nanotubes and fibres, silicates and quantum dots) and polymer composites (Aitken 

et al. 2006; Chaudhry et al. 2008; Hansen et al. 2016).  Among different kinds of NPs, metal-

based NPs (term includes both metal and metal oxides NPs) are most widely used in consumer 

products (PEN 2014; Vance et al. 2015; Hansen et al. 2016). The small size of NPs with unique 

electrochemical properties makes them useful for industrial processes and consumer 

applications. However, the same useful properties have raised concerns about their toxicity in 

the environment. 

The increased production and utilisation of NPs led to their release and accumulation in the 

environment (Klaine et al. 2008; Keller et al. 2013). This triggered concerns relating to their 

potential toxicity to humans and the environment a decade ago (Oberdörster et al. 2005; Nel et 

al. 2006). The aquatic environment is particularly at risk of exposure to NPs, as it acts as a final 

recipient for most environmental contaminants due to extensive use and disposal of NPs in 

everyday life (Scown et al. 2010; Keller et al. 2013). These concerns have been partly 

addressed through investigations on the potential effects of NPs at end-points such as 

genotoxicity, cytotoxicity, uptake, accumulation and transformation of NPs due to lack of 

knowledge regarding their environmental safety.  Of these endpoints, bioaccumulation of NPs 

in plants was considered as a process affecting the environmental fate of NPs (Schwab et al. 

2015). The presence of NPs at very low concentrations in the aquatic systems (Gottschalk et 

al. 2009; Baalousha et al. 2016; Bäuerlein et al. 2017) highlights the importance of acquiring 

genotoxicity data to support decision-making with the aim of protecting the health of aquatic 
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systems (as recognized by the Organization for Economic Co-operation and Development 

(OECD) (Warheit and Donner 2010; Kühnel and Nickel 2014). 

Estimates for the global nanotechnology market were that it will reach $ 48.9 billion by 2017 

(BCC Research 2012) and$ 64.2 billion by 2019 (BCC Research 2014). Even locally, from 

2005 to 2012 there has been a rise in nanotechnology investment up to ZAR 2.622 billion to 

support research and development in order to stimulate growth in nanotechnology (DST 2012). 

This suggests that different countries including South Africa are aware of the potentially 

beneficial impacts of nanotechnology. Therefore, this study aims to contribute to this goal by 

generating data to be used for risk assessment of NPs in environmental systems. 

1.2 Study motivation 

While there has been a recent increase in research into the biological effects of NPs on aquatic 

organisms, little is known of the genotoxicity of NPs relative to endpoints such as mortality, 

growth inhibition and cell membrane damage. A recent review reported that of 4346 articles 

on NPs toxicity, only 112 focused on genotoxicity studies and 94 were in vitro studies 

(Magdolenova et al. 2014). In addition, genotoxicity studies on the effects of NPs have largely 

focused on mammalian systems (Karlsson, 2010; Rim at al. 2013; Magdolenova et al. 2014; 

Golbamaki et al. 2015) and terrestrial plants (Mehrian and De Lima 2016; Rizwan et al. 2017). 

The lack of genotoxicity data on the interactions between NPs and aquatic organisms has been 

recently highlighted (Mahaye et al. 2017). To date, bacteria, crustaceans and fish, and TiO2 

and Ag NPs, are the most studied organisms and NPs, respectively. There is limited 

genotoxicity data on algae and aquatic higher plants and other NPs. Therefore, this study aims 

to generate data to address this current gap.  

The accumulation dynamics of NPs by aquatic plants are still poorly understood (Thwala et al. 

2016). Most NP toxicity studies have focused on acute exposure conditions (Arndt et al. 2013; 

Klaper et al. 2014). The overall long-term impact of NPs on ecosystems has also been poorly 

studied (von Moos and Slaveykova 2014; Mahaye et al. 2017). Hence, this study aimed to 

generate data on in vivo genotoxicity and accumulation of NPs in aquatic organisms under 

acute and chronic exposure conditions at environmentally relevant NP concentrations. The 

choice of the study organisms was based on the limited and contradictory ecotoxicity data on 

organisms that play important roles in complex aquatic communities. Aquatic organisms from 

different trophic levels were selected. Algae are sensitive test species to environmental 

pollutants, are easy to culture and are known to play an important role as primary producers in 

http://informahealthcare.com/action/doSearch?Contrib=Magdolenova%2C+Z


3 
 

the structure and functioning of ecosystems (Saison et al. 2010; Ji et al. 2011). The aquatic 

higher plant, Salvinia minima, was used as a model plant species because it can readily be 

cultured under laboratory conditions, has a high growth rate, can rapidly accumulate metals 

and provides the necessary plant biomass for ecotoxicological assessments (Sune et al. 2007; 

Prado et al. 2010).  

1.3 Aims and objectives  

1.3.1 Aims  

i. To investigate the stability of Au and CeO2 NPs in different biological media. 

ii. To investigate the accumulation of Au and CeO2 NPs by the aquatic higher 

plant, S. minima. 

iii. To investigate the genotoxicity potential of Au and CeO2 NPs to microalgae, 

Pseudokirchneriella subcapitata (formerly Selenastrum capricornutum). 

 

1.3.2 Objectives 

i. Review the current state of knowledge on the genotoxicity of metal-based (metals and 

metal oxides) NPs to aquatic organisms. 

ii. To investigate the influence of media composition on the agglomeration of Au and 

CeO2 NPs in different biological media (BG-11 algal medium, filtered de-chlorinated 

tap water and 10% Hoagland’s medium) used in ecotoxicity studies. 

iii. To investigate the influence of particle size (5, 20 and 40 nm) and surface coatings 

(citrate, and branched polyethyleneimine) of Au NPs on accumulation, and the route of 

Au and CeO2 NPs accumulation, by S. minima. 

iv. To determine (1) the influence of NP size and surface coating on the genotoxicity (DNA 

damage) potential of Au NPs to P. subcapitata (2) compare short term (72 h) and long 

term (168 h) exposure conditions, (3) compare the effects of metal (Au NPs) and metal 

oxide (CeO2 NPs) and (4) compare the effects of Au and CeO2 NPs to P. subcapitata 

at cellular and molecular levels. 
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1.4 Thesis layout  

i. Chapter 1: Provides background information on nanotechnology, engineered 

nanoparticles, aims and objectives of the study and thesis layout.  

ii. Chapter 2: Gives a review of the existing information relating to the effects of 

metal-based NPs on genotoxicity in aquatic organisms. 

iii. Chapter 3: Characterization and stability of Au and CeO2 NPs in different 

toxicological media. 

iv. Chapter 4: Bioaccumulation of Au and CeO2 NPs by an aquatic higher plant 

(Salvinia minima) 

v. Chapter 5: Genotoxicity of Au and CeO2 NPs to algae, Pseudokirchneriella 

subcapitata 

vi. Chapter 6: Provides a summary of all the chapters of the study and concludes with 

future perspectives. 

vii. Chapter 7: Provides a comprehensive list of references of all the chapters. 
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CHAPTER 2 

Genotoxicity of metal based engineered nanoparticles in aquatic organisms: a review 

2.1 Introduction 

The dramatic growth in the commercialization of nano-enabled products is driven by recent 

advances in the precision tuning of the functionality of engineered nanoparticles (ENPs) to 

meet stringent specifications and performance expectations (Schmid and Riediker 2008; 

Peralta-Videa et al. 2011). For example, ENPs finds applications in cosmetics and sunscreens 

(Wiechers and Musee 2010), bioimaging probes (Nel et al. 2006; Perrault et al. 2010), 

photovoltaic cells (Robel et al. 2006), therapeutics (Czupryna and Tsourkas 2006), drug 

delivery (Jin and Ye 2007), and catalysis (Hutchings, 2005; Thompson, 2007), with the global 

nanotechnology market projected at a compound annual growth rate of about 17.5% from 2016 

to 2022 (Global Nanotechnology Market Outlook 2022). Metal-based ENPs are most widely 

used in consumer products and applications (Bondarenko et al. 2013; Kahru and Ivask 2013; 

PEN 2014; Hansen et al. 2016), and these uses are summarised in Table 2.1. The increasing 

use of ENPs has led to their increasing release into the environment (Klaine et al. 2008; Scown 

et al. 2010; León-Silva et al. 2016) at different product lifecycle stages (Klaine et al. 2012), in 

wastewater treatment plants (Gottschalk et al. 2009; Sun et al. 2014; Bäuerlein et al. 2017) and 

river systems (Gottschalk et al. 2009; Musee, 2011; Gottschalk et al. 2013; Markus et al. 2016). 

The increasing production and utilisation of ENPs has also triggered concerns relating to their 

potential environmental health implications (Oberdörster et al. 2005) with respect to aquatic 

organisms, including bacteria (Huang et al. 2008; Kaweeteerawat et al. 2015), invertebrates 

(Galloway et al. 2010; Park and Choi 2010; Buffet et al. 2013) and fish (Chen et al. 2011; 

Mohmood et al. 2015; Rocco et al. 2015; Kaya et al. 2016). To date, most nanotoxicity 

assessments have focused on phenotypic end point-based cytotoxicity (Lan et al. 2014). Studies 

have demonstrated that low concentrations of ENPs, as are typically found in environmental 

systems, may not cause gross cytotoxic effects but may have effects at a molecular level (Lee 

et al. 2009; Bayat et al. 2015). For example, Lee et al. (2009) found that the cytotoxic effects 

of titanium dioxide (nTiO2), silicon dioxide or silica (nSiO2) and cerium oxide (nCeO2) 

nanoparticles on daphnids and chironomids were not apparent at the organism level for end-

points such as mortality, growth, or reproduction, but adverse effects were observed at the 

genetic level. Also, nTiO2 did not induce mortality in fish, Piaractus mesopotamicus under UV 
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and visible light conditions, but induced sub-lethal effects that were influenced by illumination 

conditions (Clemente et al. 2013). 

To date, both field experimental (Schmid et al. 2010; Piccinno et al. 2012; Bäuerlein et al. 

2017) and modelling (Musee, 2011; Gottschalk et al. 2013; Hendren et al. 2013; Sun et al. 

2014; Markus et al. 2016) studies have reported very low concentrations of ENPs in various 

environments, including wastewater, freshwater systems and agricultural soils (Table 2.1). 

Such data, therefore, suggest that the most likely impacts of ENPs in environmental systems 

may be restricted to sub-lethal effects, at a molecular level rather than as organismal effects as 

previously observed for conventional chemical pollutants (Saha et al. 2006; Olsen et al. 2013). 

Review findings of Holden et al. (2014) indicated the measured or modelled ENPs 

environmental concentrations ranged from a low ≤ 0.001 ppm to a high > 1000 ppm. The lowest 

concentrations were ≤ 0.001 ppm in surface water, wastewater treatment plant (WWTP) 

effluent and solid media (soil, sediments, and biosolids). The highest concentrations were in 

WWTP effluent (0.11 to 1 ppm) and biosolids (>1000 ppm). In the European Union, 

genotoxicity is recognised as an important biomarker for the regulation of chemical usage and 

disposal, especially in undertaking risk assessments in the context of regulatory toxicology 

(Pratt and Barron 2003). The presence of ENPs at very low concentrations in the aquatic 

systems (Table 2.1) highlights the importance of acquiring genotoxicity data to support 

decision-making with the aim of protecting the health of aquatic systems (as recently 

recognized by the Organization for Economic Co-operation and Development (OECD) 

(Warheit and Donner 2010; Kühnel and Nickel 2014).  

Genotoxicity biomarkers are regarded as useful tools for the assessment of chemical hazards 

in aquatic ecosystems (Bolognesi and Hayashi 2011). This is because chemicals, which damage 

DNA, even at very low concentrations, can significantly alter the functioning of ecological 

systems (Bolognesi and Cirillo 2014). The genotoxicity of a chemical entity can be assessed 

through a number of changes to the structure of DNA such as: strand breaks, point mutations, 

cytogenetic assays (induction of chromosomal aberrations and induction of micronucleus 

structures), changes in DNA repair processes, and via cell-cycle measurements (Ng et al. 

2010). DNA damage can lead to various cellular responses including cell cycle arrest, apoptosis 

and interference with DNA repair mechanisms (Harris and Levine 2005). Where DNA damage 

is not repaired or is mis-repaired, there is a high likelihood of genomic mutations. Persistent 

mutations have a high potential to cause cell transformation or cell death (Sharma et al. 2012).  
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Genotoxicity studies of ENPs have, to date, largely focused on mammalian systems as 

evidenced by these reviews (Karlsson, 2010; Rim at al. 2013; Chen et al. 2014; Magdolenova 

et al. 2014; Golbamaki et al. 2015). Recent reviews reported on the genotoxicity of ENPs in 

terrestrial plants (Mehrian and De Lima 2016; Rizwan et al. 2017). The authors are unaware 

of any comprehensive review of the effects of ENPs in field of aquatic biology, but note that 

some relevant studies were included in the review of de Lima et al. (2012). Here, we review 

recent studies on the genotoxicity effects of ENPs in aquatic systems. To achieve our study 

objectives, peer-reviewed literature on aquatic geno-toxicology was collected from two 

databases, namely; Science direct and Google scholar. For both databases, the publication date 

of focus was 2007 to 2017. The search terms for both databases were nanoparticles, 

nanomaterials, genotoxicity, DNA damage, aquatic organisms, metals, metal oxides. A total of 

936 studies were retrieved, but 860 papers were excluded from further analysis because they 

were abstracts, conference papers, reports, scientific proceedings, those reported genotoxicity 

of metal-based ENPs on humans and terrestrial organisms and genotoxicity of non-metal based 

ENPs (quantum dots and carbon nanotubes). After exclusion of such papers, only 76 peer-

reviewed articles were found to be relevant to this review. Annual publication trends are shown 

in Figure 2.1. Our objective here is to: (i) highlight mechanisms of ENP-induced genotoxicity, 

(ii) identify key inherent nanoparticle and environmental factors that influence the observed 

genotoxic effects, and (iii) highlight the challenges and shortcomings of the reported data and 

provide recommendations on how these challenges might be addressed.   
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Table 2.1: Quantities, applications and likely concentrations of ENPs in different 

environmental systems  

ENPs 

Global 

production 

(tons/year) 

Applications 

Concentrations in environmental 

systems (modelled values) 

WWTP 

effluent 

(µg/L) 

WWTP 

sludge 

(µg/g) 

Solid waste 

(µg/g) 

TiO2 
3000[1] 

88,000[2] 
Paint [3], sunscreen [4] 16 [5] 170 [5] 12 [5] 

Ag 55[1]; 452[2] 
Personal care products, laundry 

additives, paints and textiles [6] 

0.00017 

[5]; 

0.05−0.2 

[7] 

0.02 [5] 0.06 [5] 

CeO2 
55[1]; 

10,000[2] 
Fuel catalyst [1] 

0.00001[7]; 

<0.0001 [8] 

<0.01 

[8] 
<0.01 [8] 

SiO2 
5500[1]; 

95,000[2] 

UV-protection, ceramics, electronics, 

food, plastics, sunscreen [1] 
0.0074 [8] 0.21 [8] 0.31 [8] 

Fe3O4 55[1] 

Biochemical assays, removal of 

contaminants, bio-manipulation [1] 

- - - 

ZnO 
550[1]; 

34,000[2] 
Skin care products, sunscreens [9] 

2.3 [5];  

0.5-1.5 [7] 
24 [5] 0.89 [5] 

Al2O3 
55[1]; 

35,000[2] 

Batteries, grinding, fire protection, 

metal- and bio-sorption, paints [1] 
0.0025 [8] 0.07 [8] 0.10 [8] 

Au No data 
Drug delivery [10], and catalysis 

[11;12] 
0.10 [8] 2.90 [8] 4.26 [8] 

References: [1] Piccinno et al. 2012, [2] Keller et al. 2013, [3] Kaegi et al. 2008, [4] Gurr et al. 2005, 

[5] Sun et al. 2014, [6] Maynard 2006, [7] Gottschalk et al. 2013, [8] Boxall et al. 2007, [9] Christian 

et al. 2008, [10] Jin and Ye 2007, [11] Hutchings 2005, [12] Thompson 2007. Acronym: WWTP: 

wastewater treatment plant. 
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Figure 2.1: Number of publications per year
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2.2 Mechanisms of ENP-induced genotoxicity 

Detailed reviews of the biochemical and chemical processes that underpin ENPs genotoxicity 

have been presented elsewhere (Singh et al. 2009; Kwon et al. 2014; Magdolenova et al. 2014; 

Golbamaki et al. 2015; Carriere et al. 2017). However, for the purposes of laying a foundation 

for discussion in the following sections, we briefly highlight some basic concepts with respect 

to genotoxicity. Generally, genotoxicity is categorised into primary and secondary level effects. 

Primary genotoxicity can arise from the direct interaction of the genetic material with ENPs, 

and can be caused by the toxic action of particulates or released dissolved forms. In cases where 

ENPs do not cross into the nucleus but accumulate inside the cell, direct DNA contact is still 

possible during mitosis when the nuclear membrane breaks down. Primary genotoxicity can 

also occur in the absence of physical interactions between the DNA and ENPs, for instance as 

a result of ENPs interference with proteins essential for DNA replication, transcription, or 

repair (i.e. indirect DNA damage). Secondary ENPs genotoxicity mechanism occurs when 

ENPs induce a chronic in vivo inflammatory response that leads to excessive generation of 

ROS by macrophage and neutrophil cells, both as forms of defence response.  

To date, only primary genotoxicity has been observed in aquatic biota (Table A2.1). It has been 

suggested that for aquatic biota the approach to investigate genotoxicity should involve initial 

in vitro screening for genotoxic potential using the Ames test followed by an in vitro 

cytogenetic assay. Non-genotoxicity should be assumed if both tests are negative; where one 

of the tests is positive, then an in vivo test should be considered (Handy et al. 2012). It must be 

emphasised that, for reliable results, dynamic in vivo tests are preferred over static in vitro tests.  

2.3 Methods for testing genotoxicity of ENPs  

DNA strand breaks and mutagenicity endpoints are commonly assessed using Comet, Ames, 

chromosome aberrations (CA) and micronucleus (MN) assays. Gene expression is assessed 

using the Random Amplified Polymorphism DNA Polymerase Chain Reaction (RAPD-PCR) 

technique, by DNA microarrays, and via Real Time PCR (RT-PCR) (Kim et al. 2013; 

Rajkishore et al. 2013). For the 76 studies assessed for this review, eight different genotoxicity 

assays were used. The Comet assay is most widely used (Table A2.1 and Figure 2.2), probably 

because of its ability to detect low levels of DNA damage (among other strengths; as listed in 

Table 2.2). The MN assay was favoured over the CA assay (Doak et al. 2012). 
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Results in Table A2.1 suggest the Ames test, which is commonly used in toxicity assessments 

of conventional chemicals, was the least favoured assay for ENPs. This was probably because 

the assay mutagenicity results showed insignificant differences irrespective of ENP type (e.g. 

nCuO, nTiO2, nAg) (Warheit et al. 2007; Lopes et al. 2012; Ko and Kong 2014; Chen et al. 

2015). In addition, there have been suggestions that the Ames test is insensitive to the genotoxic 

effects of ENPs compared to the comet or MN assays (Landsiedel et al. 2009; Oesch and 

Landsiedel 2012; George et al. 2017). The histone H2AX phosphorylation (H2AX) and 8-

hydroxy-deoxyguanosine (8-OHdG) assays were reported in only one of the 76 studies (Table 

2), and will not be considered in this review. 

 

Figure 2.2: Number of studies each genotoxicity assay was used (n = 76). Gene expression 

methods included microarray, RT-PCR, DD-PCR and RAPD-PCR. 

 

 

 

 

 

 

 

 

 

https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=2&cad=rja&uact=8&ved=0ahUKEwi-lOLnx6LOAhVkCMAKHcLuAMEQFggpMAE&url=http%3A%2F%2Fwww.ncbi.nlm.nih.gov%2Fpubmed%2F22941631&usg=AFQjCNGhem0bH9VDQFR5oHTwgOkypOY73A&sig2=RHvJ43-DtThTQueaWzlkGQ&bvm=bv.128617741,d.d2s
https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=1&cad=rja&uact=8&ved=0ahUKEwiIiZLnpMjNAhUpJsAKHWxAA4IQFgg7MAA&url=http%3A%2F%2Fwww.oxfordbiomed.com%2F8-ohdg-assay-kit&usg=AFQjCNHJ5KPsrZALCiwCd1ighEn2nJ3vgA&sig2=oFQWCxbzvJVMqeet6V2adA&bvm=bv.125596728,d.d24
https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=1&cad=rja&uact=8&ved=0ahUKEwiIiZLnpMjNAhUpJsAKHWxAA4IQFgg7MAA&url=http%3A%2F%2Fwww.oxfordbiomed.com%2F8-ohdg-assay-kit&usg=AFQjCNHJ5KPsrZALCiwCd1ighEn2nJ3vgA&sig2=oFQWCxbzvJVMqeet6V2adA&bvm=bv.125596728,d.d24
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Table 2.2: Strengths and limitations of genotoxicity assays 

Assay  Strengths  Limitations 

Ames Ease of use and inexpensive [1] Poor at detecting genotoxins that induce large-

scale DNA damage [1] 

  
Not suitable for genotoxicity of ENPs owing to 

poor uptake of particulates by cellular systems [2] 

Comet Simple and fast to undertake [3] Limited sensitivity in mixed cell populations [4] 

 
Some indication of apoptosis [3] Quality of experimental performance crucial 

during electrophoresis process [3] 

 
Detect DNA repair in cells [5] DNA repair is problematic with ENPs as they may 

remain intracellular causing extra breaks (cannot 

be effectively removed through cleaning process) 

[5] 

   

MN Quick to perform, easy to analyse 

the results [3] 

Cell division is needed [3] 

 
Measures both chromosome 

breakage and chromosome loss 

reliably [6] 

Can only detect acentric fragments (for structural 

chromosome aberrations) [3] 

 
Ability to co-detect apoptosis and necrosis [3] 

 
Not cell type dependent [3] 

 

   

MN with 

CB 

Efficient in discrimination 

between cells with and without 

nuclear division [3] 

Possible interference of cyto-B with test agent [3] 

 
Detects dicentric bridges as 

nucleoplasmic bridges [3] 

Cytotoxicity of cyto-B varies between cell types 

[3] 

   

CA Identifies all chromosome 

mutation types [3] 

Laborious, time consuming, and costly [3] 

 
Ability to co-detect mitotic 

indices [3] 

Needs cell cultivation (mitosis) [3] 
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Agarose 

gel 

electroph

oresis 

Easily discriminates between 

apoptotic and necrotic modes of 

cell death [7] 

Time consuming and prone to loss of low 

molecular weight fragments during centrifugation 

steps [7] 

 
Can detect plasmid DNA 

damage, DNA cleavage, and 

DNA fragmentation [7] 

DNA isolation step requires relatively a large 

amount of starting material [7] 

  
Exhibits reduced sensitivity because of ethanol 

fixation as it removes smaller DNA [8] 

   

RT-PCR Requires small amounts of RNA 

[9] 

Expensive to analyse thousands of different 

transcripts in many samples [10] 

  
Requires expensive equipment and reagents [10] 

   

DNA 

microarra

ys 

Simultaneously measure the 

expression level of thousands of 

genes within a particular mRNA 

sample [11] 

False microarray data can be generated from 

degraded mRNA [11] 

  
There is a lack of rigorous standards for data 

collection, analysis and validation [11] 

   

DD-PCR Requires no prior knowledge 

about the gene or its sequence 

[12] 

Low reproducibility [12] 

  
A significant incidence of false positives [12;13] 

  
Under-representation and redundancy of mRNA 

signals [14] 

   

RAPD-

PCR 

Simple, sensitive and effective 

[15] 

Concerns about reproducibility of RAPDs have 

limited their wider use in environmental biology 

[16] 

 
No preliminary work such as probe isolation, 

filter preparation, or nucleotide sequencing is necessary [16] 

Table 2.2 References: [1] Doak et al. 2012, [2] Ko and Kong 2014, [3] SCENIHR, 2009, [4] 

David et al. 2011, [5] Karlsson, 2010, [6] Fenech, 2000, [7] Suman et al. 2012, [8] Telford et 

al. 1991, 1992, [9] Fryer et al. 2002, [10] Wong and Medrano 2005, [11] Russo et al. 2003, 
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[12] Tiao et al. 1996, [13] Yang et al. 1996, [14] Linskens et al. 1995, [15] Atienzar and Jha 

2006, [16] Ali et al. 2004 

2.3.1. The comet assay 

The comet assay is used to detect single and double-stranded DNA breaks in individual cells, 

both in vitro and in vivo (Bajpayee et al. 2013; Kumar et al. 2013). In addition, it can quantify 

alkali-labile sites (ALSs), oxidative DNA damage, DNA–DNA or DNA–protein cross-links 

and abasic sites (Pavanello and Clonfero 2000; Collins et al. 2008; Kumar and Dhawan 2013). 

The comet assay can also be used to monitor DNA repair processes (Collins, 2004), although 

this application may be limited for ENPs as they may remain within the cell for prolonged 

periods and continue to generate DNA breaks (Karlsson, 2010).  

The comet assay has been widely used in, for example, assessing genotoxicity of novel 

chemicals (Collins, 2004), monitoring environmental contaminants (Verschaeve and Gilles 

1995; Dixon et al. 2002; de Lapuente et al. 2015; Oberholster et al. 2016), in DNA repair 

research (Tice et al. 2000; Collins, 2004) and measuring the genotoxicity of ENPs in human 

and other mammalian systems (Sharma et al. 2012; Golbamaki et al. 2015). Further details on 

the comet assay have been provided elsewhere (Collins, 2004; Karlsson 2010; Nandhakumar 

et al. 2011; Kumar and Dhawan 2013; Bolognesi and Cirillo 2014; Golbamaki et al. 2015). 

Recently, a number of studies have reported the use of the comet assay to estimate the 

genotoxicity of ENPs in aquatic biota (Table A2.1).  

2.3.2 The micronucleus test 

The micronucleus (MN) assay characterizes chromosome damage and loss (Fenech, 2000) and 

has been widely used in genotoxicity studies of conventional chemicals in environmental 

systems (Kirkland et al. 2011). Micronuclei may result from aneugenic (whole chromosome) 

or clastogenic (chromosome breakage) damage (Doherty, 2011).  During in vitro genotoxicity 

testing using MN assay, cells are incubated with cytochalasin B (CB), an inhibitor of actin 

polymerization required for the formation of the microfilament ring that constricts the 

cytoplasm between the daughter nuclei during cytokinesis (Fenech, 2000). CB blocks cell 

division and MN are scored only in binucleate cells. Cytochalasin B is known to prevent 

endocytosis, and thus is likely to prevent uptake of ENPs. To overcome this challenge, Doak 

et al. (2012) incubated cells with ENPs prior to addition of CB and determination of MN 
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formation. OECD guidelines for the MN assay recommended removal of the test chemical(s) 

before addition of CB.  

However, unlike conventional chemicals, ENPs cannot be completely removed from cells after 

exposure (Doak et al. 2009), hence limiting the application of the MN assay in 

nanoecotoxicological studies. The confounding factors affecting genotoxicity assessment, 

including use of CB and presence of fetal bovine serum in cell treatment medium have recently 

been highlighted (Li et al. 2017). Recommendations have been made when analysing the 

induction of micronuclei using the flow cytometry based method as ENPs spectral properties 

(fluorescence or optical properties) can lead to unexpected interactions with experimental 

detection systems (Li et al. 2017; Nelson et al. 2017). Micronucleus assay data have been 

reported for studies of the effects of different types of ENPs on several aquatic organisms 

(Table 2).  

2.3.3 Chromosomal aberration assay 

Chromosome aberrations (CA) result from failures in repair processes when breaks either do 

not re-join or re-join in abnormal configurations (OECD 475, 1997). The in vitro CA test was 

developed to identify agents that cause structural chromosome aberrations in cultured 

mammalian cells. However, genotoxicity data on aquatic biota using the CA assay are now 

available (Table 2). This assay is substantially slower to perform compared to the MN test and 

cannot detect some chromosomal abnormalities such as aneugens and clastogens (Doak et al. 

2012).  

2.3.4 The Ames test 

The Ames test measures the frequency of mutagenesis in live cells by monitoring the 

production of the essential amino acid (histidine) in His- bacterial clones (Ames et al. 1975; 

OECD 471, 1997; Mortelmans and Zeiger 2000). The ease and cost effectiveness of the test 

make it widely favoured in the safety analysis of chemical substances (Doak et al. 2012). 

However, this assay appears to be inappropriate for the assessment of mutagenicity caused by 

ENPs. For example, a number of ENPs genotoxicity studies, using the Ames test, failed to 

generate evidence of genotoxicity, irrespective of the ENP type (Warheit et al. 2007; Lopes et 

al. 2012; Ko and Kong 2014; Chen et al. 2015). Results from this assay are also generally not 

consistent with those from other DNA damage assay methods. For example, Chen et al. (2015) 

showed that styrene-co-maleic anhydride (SMA) coated nAg did not generate a positive Ames 
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test result in S. typhimurium, while the same ENPs induced DNA damage in CHO-K1 (Chinese 

hamster ovary cell clone K1) cells as determined by the CA assay, attributed to inability of the 

Ames test to detect large scale DNA damage. This indicated that ENPs generated large 

deletions that are detectable in other assays, but not with the Ames assay maybe because of the 

deletion of the histidine gene, which blocks reversion of its defect and leads to cell death (Doak 

et al. 2012). 

2.3.5 DNA laddering assay 

The DNA laddering technique is used to visualize the endonuclease cleavage products of 

apoptosis (Wyllie, 1980). Induction of apoptosis is confirmed by an irregular reduction in the 

size of cells and by DNA fragmentation. DNA fragmentation is detected using techniques such 

as agarose gel electrophoresis, or by terminal deoxynucleotidyl transferase mediated dUTP-

biotin nick end labelling (the TUNEL assay), and the comet assay (Otsuki, 2000; Chandna, 

2004).  

Agarose gel electrophoresis is the most widely used method to detect DNA fragmentation 

because it can easily discriminate between apoptotic and necrotic modes of cell death (Kerr et 

al. 1972; Pandey et al. 1994). In a DNA fragment ladder obtained during electrophoresis, 

genomic fragments of irregular sizes are typical of necrotic cells, while a ladder-like 

electrophoretic pattern indicates apoptotic inter-nucleosomal DNA fragmentation (Abdel-

Khalek 2016). This method has drawbacks, such as a requirement for relatively large amounts 

of starting material, loss of smaller fragments during nucleic acid processing and a relatively 

long processing time. To address these limitations, Suman et al. (2012) modified the DNA 

isolation steps by inclusion of dimethyl sulphoxide (DMSO) in the lysis buffer. DMSO 

prevents the formation of folded DNA structures and helps reduce false DNA fragmentation 

(Kang et al. 2005). 

The DNA ladder assay has been used for genotoxicity testing of different ENPs in aquatic 

organisms such as Escherichia coli (Huang et al. 2008; Kaweeteerawat et al. 2015), midge 

(Oberholster et al. 2011) and fish (Ramesh et al. 2013).  Ramesh et al. (2013) showed that the 

DNA from zebrafish (Danio rerio) tissues treated with nSiO2 was substantially fragmented 

whereas DNA from the control tissues remained intact. 
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2.4 Factors influencing genotoxicity of ENPs in aquatic systems 

Following the release of ENPs into the aquatic systems, it is apparent that their biological 

effects, from molecular (Clemente et al. 2013; Garcia-Reyero et al. 2015; Mohmood et al. 

2015) to subcellular (Huang et al.2008; Bondarenko et al. 2012; Kaweeteerawat et al. 2015) to 

higher trophic level organisms (Kim et al. 2013; Ramesh et al. 2013) and to population level 

effects (Oberholster et al. 2011) are influenced by numerous and complex factors.  

These factors can be broadly categorized as: (i) the inherent or intrinsic physicochemical traits 

of ENPs (e.g. size, shape, chemical composition, surface coating, crystal structure, surface 

charge, etc.) (Kim and Choi 2008; Lee et al. 2009; Poynton et al. 2012; Garcia-Reyero et al. 

2015), (ii) interactions with other co-pollutants present in the aquatic systems (Canesi et al. 

2014; Fang et al. 2015; Falfushynska et al. 2015; Farkas et al. 2015), and (iii) extrinsic or 

functional properties such as ROS inducing capacity and dissolution (Bondarenko et al. 2012; 

Ali, 2014). The chemistry of the aqueous media (e.g. dissolved oxygen concentration, water 

hardness, pH, ionic strength and natural organic matter concentration (NOM)) has also been 

shown to influence the toxicity of ENPs (Cumberland and Lead 2009; El Badawy et al. 2010; 

von der Kammer et al. 2010; Ottofuelling et al. 2011; Li et al. 2010, 2012; Huynh and Chen 

2011; Zhang et al. 2011, 2012; Piccapietra et al. 2012; Batley et al. 2013; Selck et al. 2016).  

2.4.1 Physicochemical properties of ENPs  

2.4.1.1 ENP size 

Particle size may be an important factor in defining the influence of ENPs in biological systems 

(Podila and Brown 2013). As ENP size decreases, the surface area to mass or volume ratio 

increases, in turn affecting other physicochemical properties such as surface atom reactivity 

and electrical and optical properties (Grassian, 2008). A number of studies have demonstrated 

that the size of ENPs is inversely related to toxic potency (Chan 2006; Kim and Choi 2008; 

Lee et al. 2009). 

For example, Kim and Choi (2008) and Lee et al. (2009) compared the DNA strand break 

effects in Daphnia magna cells exposed to 15 nm, 30 nm, and 45 nm nCeO2 particles. The 

small- (15 nm) nCeO2 caused a higher frequency of DNA strand breaks compared to larger 

particle sizes and neither nSiO2 nor nTiO2 induced DNA damage at the same concentration (1 

mg/L) in M4 exposure media. No size-dependent DNA strand break effects have been reported 

for nTiO2 and nSiO2. This probably reflects the effect of the intrinsic chemical properties of 
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the ENPs, rather than particle size. Maltose-stabilized nAg showed size-dependent 

genotoxicity on mussel haemocytes and gill cells, with smaller (20 nm) ENPs being more toxic 

than larger (40 and 100 nm) ones (Katsumiti et al. 2015). Nano-sized Al2O3 (< 50 nm) has been 

reported to have induced genotoxicity to a greater extent than the same compounds in the macro 

form in bacteria (Bhuvaneshwari et al. 2016; Załęska-Radziwiłł and Doskocz 2016). Ruiz et 

al. (2015) reported a significant increase in micronuclei frequency in mussels exposed to nCuO 

compared to bulk CuO at the same Cu concentration (10 µg/L). Some apparently contradictory 

results have been reported; for example, Sharma et al. (2016) reported higher DNA damage by 

29 nm nAg than by 18 nm particles at the same concentration (800 µg/L) in fish exposed for 7 

days. 

 2.4.1.2. Crystal structure  

Crystal structure influences the cytotoxicity (Buzea et al. 2007; Ji et al. 2011; Katsumiti et al. 

2014) and genotoxicity (Gurr et al. 2005) of ENPs. The two widely used forms of nTiO2 are 

anatase and rutile, and each has a crystalline structure with specific properties (Schlich et al. 

2012). Anatase nTiO2 is generally more toxic than rutile nTiO2, as it has been shown to induce 

greater oxidative stress (Nel et al. 2006; Jin et al. 2011; Planchon et al. 2013). To date, few 

studies have reported the influence of ENPs crystal structure on genotoxicity (Clemente et al. 

2015) and cytotoxicity (Ji et al. 2011; Katsumiti et al. 2015) in aquatic biota. 

2.4.1.3 Surface charge 

The surface charge of ENPs controls their agglomeration and affects their toxicity in aqueous 

environments (Jiang et al. 2009). Surface charge plays an important role in regulating cellular 

uptake of ENPs (Fröhlich, 2012), since both the plasma membrane and intracellular 

environment are negatively charged. For example, anionic ENPs may be endocytosed at lower 

rates than cationic ENPs. As DNA is negatively charged, cationic ENPs appear to interact more 

significantly with genetic material (Kwon et al. 2014). The higher toxicity of positively charged 

ENPs can be attributed to the negative charge on the phospholipid membrane of organisms, 

thus increasing their interaction (Bozich et al. 2014). Although many studies reported the ENPs 

surface charge property (Table 2), only a single study by Dominguez et al. (2015) investigated 

the link between surface charge and genotoxicity. However, studies have reported that surface 

charge influences the toxicity effects of ENPs (El Badawy et al. 2011; Bozich et al. 2014; Silva 

et al. 2014; Abbaszadegan et al. 2015; Nasser et al. 2016). 
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2.4.1.4 Morphology 

The morphology of ENPs exerts a significant influence on their: (i) uptake (Pal et al. 2007; 

Shikha and Radhakrishna 2012), and (ii) fate (Khan et al. 2013). In studies where ENPs 

morphology was reported, no correlation to the observed genotoxicity was established. 

However, ecotoxicity studies have shown that morphology influences the toxicity effects of 

ENPs (Simon-Deckers et al. 2009; Shikha and Radhakrishna 2012; Nasser et al. 2016; Raman 

et al. 2016). For example, rod-shaped nZnO induced higher toxicity effects than nano-spheres 

to marine algae at similar concentrations (10 - 80 mg/L) (Peng et al. 2011). A shape-dependent 

interaction with E. coli has been reported, where truncated triangular nAg (1-100 µg/100 mL) 

displayed the highest biocidal action, compared with spherical and rod-shaped nAg particles 

(Pal et al. 2007). Silver nano-plates (0 – 25 µg/mL) were more toxic than wires and spheres in 

studies using a fish gill epithelial cell line (RT-W1) and zebrafish embryos (George et al. 2012). 

Raman et al. (2016) reported morphology-dependent toxicity of cobalt oxide ENPs (nCo3O4) 

at concentrations of 1 – 200 mg/L in the fish, Danio rerio, where block shaped nCo3O4 induced 

greater potent inhibition of liver GSH activity than spherical particles.  Such effects probably 

result from the fact that changes in shape are accompanied by alterations in surface area, which 

is closely linked to toxicity (Lee et al. 2014). 

 2.4.1.5 Surface area  

The size of ENPs is generally inversely proportional to surface area, solubility and chemical 

reactivity. Higher surface area and increased reactivity facilitates the uptake of ENPs by cells, 

potentially increasing cellular damage (Karakoti et al. 2006; Klaine et al. 2008; Johnston et al. 

2010; Hsiao and Huang 2011; George et al. 2012). These general relationships may be useful 

guides in the design of ‘environmentally friendly’ ENPs and/or to predict their fate and 

transport in environmental systems (Mulvihill et al. 2010).  

However, no clear relationship between ENPs surface area and genotoxicity has been 

established. Some studies have concluded that surface area is a less important parameter in 

dictating ENP toxicity than composition (Sayes et al. 2006; Gojova et al. 2007), but it is noted 

that the measurement of ENPs surface area in environmental systems is technically demanding 

(Fubini et al. 2010; Musee et al. 2010). The Brunauer, Emmett and Teller method (BET) 

commonly used for surface area determinations is effective for dry powder samples (Dhawan 

et al. 2009) and does not take into account the changes that occur during ENP exposure. The 
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ENP surface area is known to be associated with its agglomeration in the environmental media 

(Nel et al. 2009), which influences their bioavailability and toxicity (Warheit et al. 2009; 

Rabolli et al. 2011) and alters the available surface are for ENP-organism interaction 

(Djuris˘ic´ et al. 2015). Therefore, obtained surface area value using BET does not represent 

the actual surface area of the ENP agglomerates in the environmental media. Techniques and 

methodology for surface area measurements in the liquid and solid states are in an early stage 

of development (Bleeker et al. 2013). Currently, for ENPs in suspension, a relevant ENP 

parameter is the ENP agglomeration size than surface area.  

2.4.1.6 Surface coating 

Capping agents are used to stabilize highly reactive ENP surfaces in order to minimize 

aggregation and dissolution, and to retain certain properties (e.g. surface charge, size or shape) 

which are useful for targeted applications (Christian et al. 2008; Anantha et al. 2011). Surface 

coating has been shown to influence the chemical, physical and biological activities of ENPs 

in aqueous media (Baalousha et al. 2008; Li et al. 2013; Zhou et al. 2013; He et al. 2013; Zopes 

et al. 2013; Kim et al. 2016). 

The chemistry of ENP coating can decrease or increase toxicity, depending on the nature of 

interactions with the target organism. For example, polyvinylpyrrolidone (PVP) - and citrate-

coated nAg exhibited similar levels of toxicity to algae (IC50 values of 9.3 and 9.2 mg/L, 

respectively) whereas PEG-coated nAg was less toxic (IC50, 49.3 mg/L) (Kalman et al. 2015). 

It should be noted that the concentrations used in these studies are much higher than those 

typically found in the environment. Garcia-Reyero et al. (2015) reported multiple uniquely 

expressed genes after exposure of the fish Pimephales promelas to AgNO3 (3.81 µg/L), PVP-

nAg (50.3 µg/L), and citrate-nAg (50.6 µg/L) at concentrations three orders of magnitude less 

than those used in the algal toxicity study (Kalman et al. 2015). Poynton et al. (2012) 

investigated the effects of PVP-nAg (1.05 µg/L), citrate-nAg (0.43 µg/L), and AgNO3 (0.08 

µg/L) on gene expression profiles of D. magna, and demonstrated that only PVP-nAg induced 

DNA damage-repair genes. 
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2.5 The influence of co-pollutants  

Despite the growing concerns over the potential biological impacts of ENPs in aquatic 

environments, there is only limited information on their interactions with other chemicals 

(Canesi et al. 2014; Farkas et al. 2015). For example, Farkas et al. (2015) investigated the 

effects of nTiO2 on the blue mussel (Mytilus edulis) and determined the influence of nTiO2 on 

the toxicity of benzo (a) pyrene. Blue mussels were exposed to either nTiO2 (0.2 and 2.0 mg/L) 

or benzo (a) pyrene (20 μg/ L) and to combinations of these two compounds. An increase in 

chromosomal damage in mussel haemocytes following exposure to either nTiO2 or benzo (a) 

pyrene was observed, and co-exposure (nTiO2 and benzo (a) pyrene) induced significantly 

higher levels of DNA damage. A significant increase in erythrocyte nuclear abnormalities 

(ENA) was observed in fish, Anguilla anguilla at short (2, 4, 8) h and long (16, 24, 48, 72) h 

exposure times to silica-coated iron oxide ENPs (nFe3O4). In vitro exposure to mercury (Hg) 

caused a significant increase in 8-OHdG levels at 8, 24, 48, and 72 h. However, co-exposure 

of nFe3O4 with Hg showed no ENA increase at 2 h. These results suggest that nFe3O4-Hg 

complex formation effectively eliminated the DNA damage induced by exposure to nFe3O4 or 

Hg at short time periods (Mohmood et al. 2015). 

Canesi et al. (2014) investigated the effects of exposure of nTiO2, and co-exposure of nTiO2 

and 2, 3, 7, 8-Tetrachlorodibenzo-p-Dioxin (TCDD), on mussel gill cells using the comet assay.  

They observed statistically significant DNA damage in mussel gill cells exposed in vitro to the 

mixture (nTiO2 (100 μg/L) and TCDD (0.25 μg/L) (p < 0.05)), but not to nTiO2 alone. Similar 

results were reported by Banni et al. (2016) in M. galloprovincialis. Furthermore, an increase 

in DNA damage was observed in mussel gill cells exposed in vitro to TCDD (p < 0.05). These 

results suggest that the genotoxicity of nTiO2 was modulated by the organic additive. A study 

using the 8-OHdG assay in zebrafish (D. rerio) larvae indicated that nTiO2 treatment alone 

induced neither DNA damage nor generation of ROS. However, when exposed to 

pentachlorophenol (3, 10, and 30 µg/L) alone or in combination with nTiO2 (0.1 mg/L), both 

DNA damage and ROS generation were observed (Fang et al. 2015). 

The effects of nZnO and the likely modulation by co-occurring environmental stressors were 

assessed in the mussel, Unio tumidus. U. tumidus was exposed to nZnO (0.3 mg/L), Zn2+ (0.3 

mg/L), the Ca-channel blocker nifedipine (Nfd 0.1 mg/L) and combinations of nZnO and Nfd 

at 18 0C and 25 0C for 14 days.  Exposure to nZnO alone induced a ∼7-fold elevation of 

cathepsin D activity. Cellular responses to Zn2+ and nZnO were markedly different, an 

http://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=2&cad=rja&uact=8&ved=0CCUQFjABahUKEwii0LvNovHIAhXJ1hoKHWmrDEE&url=http%3A%2F%2Fwww3.epa.gov%2Fairtoxics%2Fhlthef%2Fdioxin.html&usg=AFQjCNH3JOEjDxBmjGcvmGNilRnaaZqVFg&bvm=bv.106379543,d.d24
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indication that the response to nZnO was not exclusively due to Zn release. At 25 0C nZnO 

induced oxidative injury, DNA fragmentation, and caspase-3 mediated apoptosis. DNA 

fragmentation was also induced by exposure to organic toxins (alone and in combination with 

nZnO). Together, these data indicate that nZnO toxicity to mussels is significantly modulated 

by organic pollutants, and enhanced by elevated temperatures (Falfushynska et al. 2015).  

An in vivo exposure of M. galloprovincialis to 0.1 mg/L nTiO2 to did not affect mt-20 gene 

transcription but a significant up-regulation of mt-20 gene expression, compared to controls, 

was observed in mussel gills exposed to cadmium dichloride (CdCl2) alone or a mixture of 

CdCl2 and nTiO2 (Torre et al. 2015). These results indicate that the presence of CdCl2 enhances 

the toxicity of nTiO2. The influence of CdCl2 (0.1 mg/L) on the genotoxicity of nTiO2 (1 mg/L) 

to the fish, D. labrax, was investigated at different genotoxicity end points (nuclear and 

micronuclei abnormalities, DNA damage, and genome template stability). The authors reported 

increased DNA damage in erythrocytes from fish exposed to CdCl2 (p < 0.05), but not to nTiO2. 

Exposure to nTiO2 alone was responsible for chromosomal alteration but ineffective in DNA 

damage. Co-exposure prevented chromosomal damage and led to a partial recovery of the 

genome template stability (Nigro et al. 2015). The exposure of the polychaeta, L. acuta, to 

arsenic (As, 0.05 mg/L) and nTiO2 (1 mg/L), separately and in combination showed that co-

exposure increased ROS levels and enhanced both lipid and DNA damage, compared to 

individual exposures (Nunes et al. 2017). 

2.6 Concentration and time dependent effects 

Both the duration of exposure and ENP concentration have been reported to influence the 

genotoxicity of ENPs to aquatic organisms. For example, comet assay results indicated both 

concentration- and time-dependent DNA damage in freshwater snails, Lymnaea luteola, 

exposed to nZnO, nCuO and nTiO2 (Ali et al. 2012; Ali et al. 2014; Ali et al. 2015) and Radix 

luteola (Ali et al. 2016). Similarly, significant concentration-dependent DNA damage was 

observed in the polychaete, Arenicola marina, after exposure to 1–3 g/kg nTiO2 (Galloway et 

al. 2010). The RAPD-PCR technique was used to assess the genotoxicity potential of nTiO2 (1 

and 10 μg/L) to zebrafish (D. rerio) exposed for 14, 21 and 28 days. The highest genotoxic 

effect was observed at maximum concentrations of nTiO2 (10 μg/L) after 21 days of exposure. 

Genome stability was reduced by 37% after 14 days of exposure, and increased with longer 

exposure times (Rocco et al. 2015).  
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Oberholster et al. (2011) investigated the genotoxicity of seven different ENPs (α-alumina, γ-

alumina, precipitated silica, silica fume, calcined silica fume, colloidal antimony pentoxide 

(Sb2O5), and superfine amorphous ferric oxide (Fe2O3) at concentrations of 5–5000 mg/kg. The 

percentage survival of Chironomus tentans decreased with increasing ENPs concentrations. 

The highest growth inhibition and DNA damage was observed at 5000 mg/kg, however, such 

high concentrations are not representative of the ENPs concentrations expected (or measured) 

in natural aquatic systems. A number of other recent studies (Wise et al. 2010; Munari et al. 

2014; Boran and Ulutas 2016; Schiavo et al. 2016; Sharma et al. 2016) have demonstrated both 

concentration- and time-dependent toxicity for a range of different ENPs and different test 

organisms (including the fish species Oryzias latipes and D. rerio, the mussel Mytilus edulis, 

and the alga Dunaliella tertiolecta).  

2.7 Illumination effects 

Photoactive ENPs show photo-dissolution under exposure to visible and ultraviolet (UV) light 

(Han et al. 2010), and induce oxidative stress effects through the production of ROS (Cho et 

al. 2004). No increase in DNA damage was observed, for example, in fish cell line (RTG-2 

cells) exposed to nTiO2 (50 µg/mL) over 4 h (comet assay), 24 h (modified comet assay), or 

48 h (MN assay) exposures in the absence of UVA irradiation, while a significant increase in 

DNA strand breaks was observed under UVA exposure. The observed DNA damage was 

linked to delayed cell proliferation, cell death and the induction of MN (Vevers and Jha 2008). 

The presence of nTiO2 (0.01 mg/L) under UV radiation caused higher plasmid DNA and 

chromosome damage in E. coli compared to the effect of UV radiation alone (Huang et al. 

2008). Both nZnO and nTiO2 are well known as photoactive ENPs (Kim and An 2012). 

Ultraviolet A irradiation of nTiO2 treated cells showed an increase in DNA damage in a fish 

cell line (GFSk-S1) compared to nTiO2 only, most likely due to hydroxyl radicals (Reeves et 

al. 2008). Fish (Piaractus mesopotamicus) were exposed to nTiO2 (0, 1, 10, and 100 mg/L) 

under visible light, and visible light with UV light (22.47 J/cm2/h) over 96 h (Clemente et al. 

2013). Under both illumination conditions, exposure to 100 mg/L nTiO2 inhibited intracellular 

acid phosphatase activity. However, this concentration is unlikely to be found in the 

environment. Under visible light, an increase in metallothionein levels in fish exposed to 1 

mg/L nTiO2 was observed. These findings demonstrate the importance of considering 

experimental conditions in nanoecotoxicological tests.  

http://link.springer.com/article/10.1007/s00253-012-4153-6#CR19
http://link.springer.com/article/10.1007/s00253-012-4153-6#CR10
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2.8 Particulate vs ionic species effects  

Some ENPs undergo dissolution upon exposure to aqueous media. It is therefore important to 

understand if the toxicity observed is a product of the nanoparticulate or of the ionic form of 

the ENPs. A concentration dependent up-regulation of ROS related genes in D. rerio after 

exposure to nZnO (1-100 mg/L) was not duplicated after exposure to Zn2+, an indication that 

the genotoxicity was due to the ENPs (Zhao et al. 2013). A study on the genotoxicity of nCu, 

nCuO, nCu(OH)2 (CuPro and Kocide), micro Cu, micro CuO, and Cu2+ to E. coli and 

Lactobacillus brevis indicated that nCu and nCuO were more genotoxic than their microsized 

counterparts at the same Cu concentration. Although the toxicities of nCu and nCuO were 

comparable to those of the ionic Cu species, the latter form was more genotoxic. The degree 

of degradation of plasmid DNA in E. coli and L. brevis was also in the order of Cu2+ > nCu > 

microCu (Kaweeteerawat et al. 2015).  The findings suggest a "Trojan-horse" mechanism for 

nCu toxicity, where ENPs are internalized within cells and then release high levels of toxic 

ions (Hsiao et al. 2015). 

The expression of stress-related genes (metallothionein, HSP 70, GST, p53, CYP 1A and 

transferrin gene) in the fish, O. latipes, was investigated in the presence of nAg and ionic Ag. 

The results suggested that these two Ag forms have different mechanisms of toxicity: the nAg 

(1 and 25 µg/L) induced cellular and DNA damage, carcinogenic and oxidative stress, and 

induced genes related to metal detoxification, metabolic regulation and radical scavenging, 

whereas ionic Ag induced inflammatory responses and metallic detoxification processes and 

the ionic Ag caused a lower overall stress response than nAg (Chae et al. 2009).  

A liver gene expression analysis in the organism Oncorhynchus mykiss, using a DNA 

microarray of 207 stress-related genes, showed statistical insignificant differences as about 

12% of the target genes responded to nAg, while 10% of the target genes responded specifically 

to ionic Ag (Gagné et al. 2012). A comparison of the effects of Nickel (Ni) ENPs and ionic Ni 

on the ascidian, Ciona intestinalis, showed, that the particulate forms were generally more toxic 

than the ionic form of the metal (Gallo et al. 2016).   A similar trend was observed in the 

exposure of the mussel Mutilus trossulus to nCuO (c.f. CuCl2), using DNA damage as the 

determinant of genotoxicity (Chelomin et al. 2017). 
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2.9 Conclusions 

The ENPs most commonly tested for genotoxicity are nTiO2 and nAg. This is expected because 

both ENPs are among the most widely produced and are used in many consumer products and 

industrial applications (PEN, 2014; Hansen et al. 2016). A wider scope of genotoxicity studies, 

using other metal based ENPs, is therefore required.   

The most commonly used test organisms for ENP genotoxicity studies are fish, invertebrates 

(daphnia, mussels, ascidian, snails, midge, clam and polychaetes) and bacteria. This is 

attributed to the availability of standardized test protocols and, to some extent, the position of 

the taxa in the food chain. No reports of genotoxicity studies using aquatic plants were found. 

We conclude that there is a clear need for further ENP genotoxicity research using a wider 

range of test organisms, particularly those that play important trophic roles in complex aquatic 

communities.  

Gene expression analysis, the Ames test, the micronucleus test, the chromosome aberration 

assay, the comet assay and the DNA ladder assay have been widely used in genotoxicity 

studies. The comet assay is the mostly frequently used, presumably because of its technical 

simplicity and ability to detect low levels of DNA damage.  Many of the ENPs assessed were 

found to cause genotoxic responses in the form of chromosomal fragmentation, DNA strand 

breaks and alterations in gene expression profiles. DNA and chromosome damage increased 

with increasing exposure times and ENP concentrations, but decreased as the size of ENPs 

increased. Different coatings on ENPs exhibited different toxicities. Genotoxicity was also 

found to be highly assay dependent. Where two assays were used in the same study, significant 

differences in the degree of toxicity were often noted. Our conclusion is that interpretations 

based on a single assay method may be misleading and in vitro tests need to be validated by in 

vivo tests, as suggested by the OECD. 

Most published studies did not report the physical properties of the ENPs (e.g., surface coating, 

surface area, morphology, and surface charge). As a result, not all variables are considered in 

the analysis of the apparent effects of the ENPs and the interpretation of their mechanisms of 

action. Nevertheless, there is some evidence that the physicochemical properties of ENPs are 

an important factor in their toxicity potential. A more complete characterisation of ENPs 

before, during and after introduction into the exposure media is therefore necessary to 
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understand any changes in physicochemical properties and the impacts of those changes on 

ENPs genotoxicity.  

We noted that in most studies where genotoxicity was reported, experiments were conducted 

at high ENPs concentrations unlikely to be found in the environment and under acute exposure 

conditions. ENPs exposure concentrations have been identified as one of the major concerns 

in hazard assessments (Holden et al. 2016), and it is recommended that high ENPs 

concentrations, that may alter media conditions, should be avoided. In practical terms, the 

highest ecological impacts from ENPs may result from chronic low dose exposures. We 

therefore strongly recommend that ENPs genotoxicity studies are conducted under chronic 

exposure conditions and at low ENP concentrations. 

We also note that studies on the relative contributions of the particulate and ionic forms of 

ENPs to genotoxicity are often contradictory. We therefore recommend that such future studies 

should always include control experiments using the soluble form of the metal. The use of 

dynamic dissolution assays to measure dissolution rate in appropriate aqueous media would 

also be highly informative. We particularly note that studies that link the physical 

characteristics of ENPs (particle size, crystal structure, morphology, surface area, surface 

charge and surface coating) to the observed genotoxicity are limited in number and scope, and 

we stress that more work is required to address this knowledge gap.  
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CHAPTER 3 

Behaviour of gold and cerium oxide nanoparticles in different ecotoxicological media: 

influence of nanoparticle size, surface coating and media composition 

3.1 Introduction 

The use of different types of nanoparticles (NPs) in consumer products such as medicinal 

products, food packaging and electronics (Zhao and Castranova 2011) is rapidly increasing, 

raising concerns on the behaviour and potential toxic effects of NPs in the environment (Farre´ 

et al. 2011; Sauve and Desrosiers 2014). Research on the behaviour and transformation 

processes of NPs in aquatic systems is necessary because of the known extent to which NPs 

currently enter aquatic systems (Gottschalk et al. 2013; Mahapatra et al. 2015; Bäuerlein et al. 

2017; Peters et al. 2018). Understanding the stability of NPs is essential in order to evaluate 

their bioavailability and potential toxic effects toward living organisms (von Moos and 

Slaveykova 2014). Metal-based NPs (term includes both metal and metal oxide NPs) have been 

incorporated in many products with many different purposes (www.nanoproject.org).   Among 

metal-based NPs, cerium oxide NPs are among the top ten NPs produced worldwide (Keller 

and Lazareva 2014). The use of CeO2 NPs in diesel engines (O’Brien et al. 2011), as fuel 

additives (Cassee et al. 2011), and in paints and cosmetics (Quik et al. 2010) has greatly 

increased their production, which has been estimated from between 100 and 1000 tonnes/year 

(Piccinno et al. 2012) to 10 000 tonnes/year (Keller and Lazareva 2014). Currently, there has 

been an increased use of gold (Au) NPs in electronics and medicine (Mahapatra et al. 2015). 

Drug delivery applications using Au-NPs are forecasted to have a 21 % share of the USD 136 

billion total markets of nano-drug delivery products by 2021 (Cientifica Ltd. 2012). The 

increased use of Au NPs could result in greater risk of environmental release and exposure at 

low concentrations (Tiede et al. 2009; Mahapatra et al. 2015).  

When introduced into aquatic environments, metal-based NPs undergo numerous 

physicochemical transformations (Lee and Ranville 2012) and are subjected to environmental 

processes, such as dissolution, agglomeration, aggregation and sedimentation (Xiao et al. 

2018).  This, in turn, determines the fate, transport and toxicological properties of NPs (Lowry 

et al. 2012).  Characterization of NP colloidal stability in the exposure medium is necessary 

for both scientific and regulatory viewpoints (Langevin et al. 2018). Nanoparticle exposure to 

such complex media alters the properties of NPs such as size, aggregation, agglomeration, 

surface chemistry and surface charge (Vijayakumar, 2014), attributed to the high ionic strength 
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of the exposure medium (Pamies et al. 2014), and adsorption of biomolecules from the medium 

on the NP surface (Cedervall et al. 2007; Monopoli et al. 2012).  This leads to changes in the 

biological traits or toxicology of NPs (Canesi et al. 2012; Lee and Ranville 2012). Furthermore, 

the stability, reactivity and bioavailability of the NPs are influenced by the physicochemical 

characteristic of aquatic media such as media composition, pH, ionic strength and NOM 

(Batley et al. 2013; Clavier et al. 2015; Wang et al. 2016; Peng et al. 2017; Xiao et al. 2018). 

The high ionic strength of biological media and the presence of electrolytes can result in 

aggregation or agglomeration of NPs. Among transformations, agglomeration is an important 

factor affecting the behavior of NPs in the environment (von Moos and Slaveykova 2014; 

Röhder et al. 2014), as it transforms NPs into multi-micron clusters, which alters the NPs size 

distribution, transport characteristics and biological interactions (Peng et al. 2017).  

Transformed NPs induce deleterious effects on organisms, such as reduced cell viability, 

enhanced oxidative stress and DNA damage (Goswami et al. 2017). The need for greater NP 

stability in high ionic strength media has driven researchers to explore different coating agents 

(Jokerst et al. 2011; Nghiem et al. 2012; Pyshnaya et al. 2014). To improve stability, NP 

surface chemistry has been modified with various capping agents. However, the coatings also 

change their bio-interactions (Medina-Velo et al. 2017).  

Understanding the environmental fate and behaviour of NPs after release into aquatic systems 

is essential for the prediction of the environmental implications of nanotechnology (Ellis et al. 

2018).  To date, there are limited data on the stability of Au and CeO2 NPs in toxicological 

media. The study of NP transformations is important as they affect exposure dose, the nature 

of the toxicant and have a direct impact on all (eco) toxicology data (Tejamaya et al. 2012). 

Therefore, the present study seeks to provide information on the fate and behaviour of Au and 

CeO2 NPs in biological media. To achieve our aim, the behaviour of NPs was assessed in three 

ecotoxicological media representative of different compositions widely used for the toxicity 

assessment of NPs to aquatic biota: 10% Hoagland’s medium (10% HM- used for duckweed 

and aquatic higher plants), BG-11 algal medium (10% BG-11-used for algal sp), dechlorinated 

tap water (DTW- used for Daphnia sp.) and de-ionised water (DIW - control) in the absence 

of organisms.  
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3.2 Materials and Methods 

3.2.1 Characterization of Au and CeO2 NPs 

Commercial citrate and BPEI coated-gold nanosphere suspensions were purchased from 

Nanocomposix, San Diego, United States. The suspensions were of three average sizes: 5, 20 

and 40 nm, according to the manufacturer's specifications. Suspension of uncoated CeO2 NPs 

(nominal size <25 nm as reported by the supplier) were purchased from Sigma Aldrich 

(Johannesburg, South Africa). Before starting the exposure experiments, both the size and 

morphology of NPs were determined by high-resolution transmission electron microscope 

(HRTEM; JEOL JEM 2100, Japan operating at 200 kV). Nanoparticle samples were prepared 

for TEM characterization by placing 10 µL of aqueous NP suspension on a carbon-coated 

copper grid which was covered and allowed to air-dry at room temperature (ca. 25 °C) prior to 

TEM analysis. Ten images were taken for all NPs and the average of 100 particles was used 

for size estimations. The hydrodynamic diameter (HDD) and zeta (ζ) potential (a key indicator 

of the stability of colloidal dispersions) of NPs in DIW (15 MΩ/cm) and in testing media, 10% 

HM (Sigma Aldrich, catalog number-H2395), dechlorinated tap water (DTW) and 10% BG-

11 algal medium were determined using dynamic light scattering (DLS; Malvern Zetasizer 

Nano ZS, Malvern Instruments, UK) and the nanoparticle tracking analysis (NTA, NanoSight 

NS500, NTA 3.0 software, Amesbury, UK). 

The DLS was operated at an angle of 173° at a controlled temperature of 25 °C and 

measurements were taken at position 5.50 mm. Each sample had ten measurements of 60 s with 

three repetitions. For NTA, three runs of 60 s each were performed for each replicate at a fixed 

temperature of 25 °C.  Both methods are based on the detection of the Brownian motion of 

particles in a liquid. Therefore, particles are illuminated by a laser and the scattered light is 

detected. The relationship between the size of a particle and its speed due to Brownian motion 

is defined in the Stokes-Einstein equation. All analyses for the mean sizes, size distributions, 

and ζ potentials were done in triplicate in all media types. The changes in the stability of CeO2 

and Au NPs in solution were examined by ultra-violet visible spectroscopy (UV-vis; DR3900 

spectrophotometer, Germany) at a wavelength range of 320–800 nm at 0, 2, 6, 24 and 48 h. All 

samples were analyzed using a quartz cuvette with a 1 cm optical path length.  
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3.2.2 Exposure media 

Three exposure media types: 10% Hoagland’s medium (Hoagland and Arnon 1950), 

dechlorinated tap water (USEPA 2002) and 10% BG-11 algal medium (DEEEP, 2004) were 

used in this study. The composition of the media is shown in Table A3.1 – A3.3. The 10% HM 

was prepared by dissolving 0.16 g Hoagland-modified basal salts mixture purchased from 

Sigma Aldrich (Johannesburg, South Africa) in 1 L DIW. The solution was hand shaken for 

about 1 min to facilitate dissolution of the salts mixture and was stored in the dark for at least 

24 h before use. The 10% BG-11 algal medium (referred to here as BG-11) was prepared as 

described in Direct Estimation of Ecological Effect Potential guideline (DEEEP, 2004). All 

chemicals were purchased from Sigma Aldrich and were dissolved in 1 L DIW. The BG-11 

algal medium was autoclaved at 121 °C. For DTW, the tap water was filtered through a 0.45 

µm filter and de-chlorinated by adding 12.5 mL of Tetra AquaSafe solution into 25 L of tap 

water. The pH of all the exposure media was adjusted to 7.0-7.5 with 0.1M HCl or NaOH. 

3.2.3 Data Analysis 

Three replicate tests were performed for each treatment, and the data are presented as means ± 

standard deviations (SD). The comparison between the treatments was performed by GraphPad 

Prism 7.04 software (GraphPad Prism software, La Jolla, CA, USA). A p-value < 0.05 was 

considered statistically significant.  

3.3 Results and Discussion 

3.3.1 Nanoparticle characterization 

Characterisation with TEM revealed that both citrate and BPEI-coated Au NPs had mixed 

morphologies with spherical shapes being predominant whereas the rods and pentagons were 

few (Figure 3.1 (a-f)). Cerium oxide NPs showed a mixture of shapes including triangular, 

tetrahedral and hexagonal (Figure 3.1 (g)).  The mean sizes (n=100)   were observed to be in 

agreement with the supplier's specifications (Table 3.1). Although the majority of CeO2 NPs 

was confirmed to be less than 25 nm, the formation of larger and more compact crystalline 

structures was observed. The reported measured size range by TEM (15-50 nm) referred to 

here is a diameter range regardless of particle shape. The presence of agglomerates larger than 

25 nm suggested that, even after sonication, primary particle sizes could not be attained (Nur 

et al. 2015).  Only a few independent crystals were found, most clustered together. The current 

findings agree with other studies (Singh et al. 2014; Leung et al. 2015; Alam et al. 2016; 
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Oriekhova and Stoll 2016; Yang et al. 2017), where CeO2 NPs agglomerated and were of 

irregular or mixed shapes and non-homogeneous primary particle size variation. 

  

 

Figure 3.1: TEM images of Au NPs (a) 5 nm-Cit, (b) 20 nm-Cit, (c) 40 nm-Cit, (d) 5 nm-BPEI, 

(e) 20 nm-BPEI, (f) 40 nm-BPEI and (g) CeO2 NPs. 
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Table 3.1: mean sizes of NPs as reported by TEM 

 
Manufactured size (nm) 

  

 
5 20 40 <25 

Cit-Au NPs 5.63 ± 1.38 20.71 ± 2.48 41.32 ± 4.02  
 

BPEI-Au NPs 5.03 ± 0.57 19.08 ± 2.65 41.33 ± 2.80 
 

CeO2 NPs        -     -       - 15- 50 

Results are reported as means (n =100) ± standard deviations. 

3.3.2 Behaviour of NPs in different biological media 

Figure 3.2 shows HDDs of Au and CeO2 NPs analysed with DLS at different time intervals at 

pH 7. The 20 and 40 nm Au NPs of both coatings showed smaller sizes in DIW compared to 

biological media over 48 h, attributed to the high ionic strength of the medium (Peng et al. 

2015). However, the same trend was not observed for both 5 nm Au NPs; these NPs were 

highly unstable in DIW compared to 20 and 40 nm Au NPs, reaching 657±195 nm (cit) and 1 

021±409 nm (BPEI) in just 2 h. The agglomeration was size dependent; with 5 nm Au NPs 

agglomerating more rapidly and 40 nm Au NPs the least (agglomeration order: 5 nm > 20 nm> 

40 nm). Similarly, high agglomeration from smaller sized NPs compared to larger counterparts 

has been observed elsewhere (Thwala et al. 2013; Iswarya et al. 2016). The effects are probably 

because of the increased surface area (Auffan et al. 2009). Agglomeration followed the order 

DTW > BG-11 > 10 HM > DIW for BPEI Au NPs; whereas, high agglomeration was observed 

in BG-11 for cit Au NPs and in DTW for CeO2 NPs. The findings indicated that the surface 

coating of NPs and media constituents influence their agglomeration. 
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Figure 3.2: Influence of NP size and surface coating on the size distribution of Au and CeO2 

NPs in different media types over 48 h. Results are reported as means±standard deviations (n 

=3). 
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The fast agglomeration observed in all media types indicated rapid instability of CeO2 NPs 

(Figure 3.2 (g)). The presence of non-spherical shaped NPs as observed by TEM may have 

introduced some uncertainties during size data evaluation due to the assumption of a spherical 

shape for all particles (Metreveli et al. 2016). Both NTA and DLS assume spherical NP shape, 

therefore the large particle sizes in DIW water could be because of heterogeneous light 

scattering due to particle shape. The NPs agglomerated immediately after introduction into 

DIW with HDD of 389±79 nm (0 h), 619±156 nm (2 h) reaching 441±43 nm after 48 h. Since 

CeO2 NPs were not spherical, such baseline HDD can only represent agglomeration trend than 

the actual size distribution of the NPs. Similarly, uncoated CeO2 NPs (28.4 nm) formed 

agglomerates between 200 -300 nm in ultrapure water (Oriekhova and Stoll 2016). After 48 h, 

the HDD in DIW decreased, but increased in 10HM and DTW suggesting agglomeration was 

induced by the high ionic strength of the testing media (Zhang et al. 2017). No further increase 

in size was observed after 24 h in DIW and DTW, suggesting that larger particles drop out of 

the solution and no longer contribute to size measurement.  

Both Au and CeO2 NPs exhibited net negative ζ potentials throughout the experiment duration 

(Figure 3.3). The ζ potentials were more negative in DIW than in the biological media for both 

NP types. The ζ potential shift towards zero indicated instability of NPs driven by the high 

ionic strength in different media types (Booth et al. 2015); and is consistent with the rapid 

agglomeration observed. Furthermore, the presence of phosphates in the medium has been 

reported to influence changes in ζ potentials and stability of CeO2 NPs (Röhder et al. 2014). 

Contrary to the manufacturer’s data of positively charged BPEI Au NPs, current findings 

showed that all BPEI Au NPs were negatively charged in all media types including DIW at pH 

7. The pH of the media was then varied (pH 3, 5, 7, 9 and 11) in order to evaluate if the ζ 

potential values were pH dependent. The 5 and 20 nm BPEI Au NPs were only positively 

charged at pH 3 over 48 h in DIW, while 40 nm BPEI Au NPs were negatively charged at all 

tested pH ranges in all media types. The 5 BPEI Au NPs were positively charged at pH 3 and 

5 from 0 to 24 h but became negatively charged at 48 h in 10 HM. Although Au NPs are known 

to be stable, current findings indicate that their stability changes during shipping (changes in 

temperature) and storage. Gold NPs have been reported to display alterations in ζ potentials 

after agglomeration (Pamies et al. 2014; Balog et al. 2015). Furthermore, Au NPs are known 

to have better stability at pH 10 compared to pH 6 and pH 7 (Tripathi et al. 2016). 
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Figure 3.3: Influence of NP size and surface coating on the ζ potential of Au and CeO2 NPs in 

different media types over 48 h. Results are reported as means±standard deviations (n =3). 

The 5 nm Au NP samples were excluded from NTA analysis as the technique cannot measure 

sizes below 10 nm (NanoSight NS500 operating manual, Version P553S). Particle 

concentration in DIW was higher than in biological media attributed to the low ionic strength 

of DIW (Figures 3.4 and 3.5). The media contain mostly divalent cations (Ca2+, Mg2+ or Na2+; 

Tables A3.1 and A3.2) that have been reported to induce higher agglomeration (Baalousha et 
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al. 2013; Xiao et al. 2018), thus causing sedimentation of NPs.The size distribution data 

obtained for all NPs using NTA (Figures 3.4 and 3.5) were smaller than that of DLS in all 

media types, in agreement with previous findings (Domingos et al. 2009; Kadar et al. 2010; 

Tantra et al. 2011; Oriekhova and Stoll 2016). This is because NTA measures NPs on a particle 

by particle basis as they move by Brownian motion in the solution (Hole et al. 2013). The 

different size measurement techniques can give complementary information on particle 

suspensions. In general, the polydispersity of NP suspensions poses a major challenge for 

accurate size determination. Furthermore, the difference in sizes obtained by DLS and TEM is 

due to size and shape polydispersity owing to the different measurement techniques (Zhang et 

al. 2012; Majedi et al. 2014; Miao et al. 2015). 
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Figure 3.4: Au NPs size (a, c, e and g) and concentration (b, d, e, f and h) characterization data 

using NTA. Bars denote standard deviations (n = 3).  
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Figure 3.5: Characterization data of CeO2 NPs using NTA (a) size and (b) concentration. Bars 

denote the standard deviations (n = 3). * denote statistical difference between DIW and 

biological media using one-way ANOVA, p < 0.05. 

3.3.3 Ultraviolet visible absorption 

UV–vis spectra provide information on the behaviour of NPs such as aggregation or 

agglomeration, dissolution and sedimentation (Afshinnia et al. 2018). The UV-visible 

absorbance spectra of CeO2 NPs are shown in Figure 3.6. Studies have reported CeO2 NPs to 

exhibit a strong absorption between 316 and 342 nm when dispersed in water (Dao et al. 2011; 

Girija et al. 2011; Tantra et al. 2011; Chelliah et al. 2012). The absorbance was higher at the 

maximum wavelength (λmax) from 0 – 6 h for DTW followed by 10 HM, BG-11 then DIW 

(Figure 3.6 (a- c)). A decrease in absorbance at λmax was observed after 24 and 48 h which 

either indicates NP agglomeration and/or dissolution (Baalousha et al. 2013; Baalousha et al. 

2015). However, based on HDD results in this study, a decrease in absorbance was attributed 

to agglomeration. In 10 HM, CeO2 NPs were highly unstable as indicated by a dramatic 

decrease in absorbance after 24 and 48h (Figures 3.6 (d), and (e)), suggesting loss of particle 

concentration (Tantra et al. 2011; Tejamaya et al. 2012) or sedimentation/aggregation (Römer 

et al. 2011; Hughes et al. 2017). In addition, the type of cations and anions present in the 

exposure medium is important for the agglomeration of NPs. For example, divalent cations 

have been reported to induce higher agglomeration than monovalent cations (Chen and 

Elimelech 2006; Huynh and Chen 2011; Baalousha et al. 2013; Topuz et al. 2014, 2015, Xiao 

et al. 2018). 

https://reader.elsevier.com/reader/sd/89FB0F01F68751EDB49862A84FCC1C4E69E8D81A95C4FCED068C7D0996A682110D15E32D144A4CD6758E71C94022A90A#pf8
https://reader.elsevier.com/reader/sd/89FB0F01F68751EDB49862A84FCC1C4E69E8D81A95C4FCED068C7D0996A682110D15E32D144A4CD6758E71C94022A90A#pf8
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The stability of the Au NPs was dependent on the size, surface coating of the NPs and the 

properties of the exposure medium, consistent with previous studies (Pinto et al. 2007; Pereira 

et al. 2014; Sharma et al. 2014). A size dependent absorption peak, for example, at 510, 520 

and 525 nm was observed for 5, 20 and 40 cit-Au NPs, respectively in DIW (Figure 3.7 (a), (b) 

and (c)). The absorption peak for all BPEI –Au NPs was at 525 nm (Figure 3.7 (d), (e) and (f)). 

Earlier studies have reported that similarly sized Au NPs with different coatings exhibited 

different stabilities (Hitchman et al. 2013), with BPEI coated particles being more stable than 

citrate coated NPs (Diegoli et al. 2008). These findings suggest that the surface coating of NPs 

influences their stability. Furthermore, current findings are in good agreement with the results 

of Feichtmeier et al. (2015) where the maximum absorption of cit-Au NPs was observed at 523 

nm. 

 A decrease in absorbance was observed after 2 h for BPEI-Au NPs in DIW followed by a peak 

broadening after 24 and 48 h for 40 BPEI-Au NPs (Figure 3.7 (f), suggesting particle 

agglomeration (Baalousha et al. 2013; Baalousha et al. 2015). The 20 nm cit-Au NPs remained 

stable for the entire test duration and 40 nm cit-Au NPs became less stable after 48 h as 

indicated by a decrease in absorbance in DIW. A decrease and increase in absorbance in DTW 

on the same sample as time progresses indicated that both agglomeration and de-agglomeration 

processes took place. Gold NPs were unstable in the biological media (Figures 3.8-3.10.) 

compared to DIW as indicated by (i) an increase or decrease in absorbance at λmax (ii) peak 

shift- appearance of a second peak at longer wavelengths (ca. 600 nm) and (iii) broadening of 

peaks. These observations suggested a loss of particle concentration from the solution as 

evident from the NTA results because of agglomeration (Römer et al. 2011) driven by the high 

ionic strength of the exposure medium (Clemente et al. 2013).  The cit-Au NPs in media were 

stable for only 6 h, after which broadening of peak and a decrease in absorbance was observed.  

Wang et al. (2014) reported similar findings on cit and cetyl-trimethyl ammonium bromide 

(CTAB) coated Au NPs. For BPEI-Au NPs, the absorbance started to decrease after 2 h 

(indicative of stability changes), suggesting agglomeration as a second surface plasmon 

resonance (SPR) peak was observed at a longer wavelength (ca.600 nm). This shift indicated 

changes in the Au NPs surrounding layer due to a coating (Nghiem et al. 2010), suggesting the 

formation of BPEI-Au NPs complex as reported for other coatings such as, PVP-Au NPs, or 

polyethylene glycol (PEG)-Au NPs and bovine serum albumin  (BSA)-Au NPs (Nghiem et 

https://link.springer.com/article/10.1007/s11051-015-3302-0#CR39
https://link.springer.com/article/10.1007/s11051-015-3302-0#CR38
https://www.sciencedirect.com/science/article/pii/S0048969717337348#bb0040
https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=7&cad=rja&uact=8&ved=0ahUKEwjZgeX_jdTXAhVCKcAKHeyJCeIQFghMMAY&url=http%3A%2F%2Fpubs.acs.org%2Fdoi%2Fabs%2F10.1021%2Facs.analchem.5b01077&usg=AOvVaw3yWxA-ypEj7Wo_v_RrOI3U
https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=1&cad=rja&uact=8&ved=0ahUKEwidiu315M_XAhWmAMAKHbhjB_wQFggwMAA&url=https%3A%2F%2Fen.wikipedia.org%2Fwiki%2FSurface_plasmon_resonance&usg=AOvVaw15fGTadOM46zVHfaOoMhzb
https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=1&cad=rja&uact=8&ved=0ahUKEwidiu315M_XAhWmAMAKHbhjB_wQFggwMAA&url=https%3A%2F%2Fen.wikipedia.org%2Fwiki%2FSurface_plasmon_resonance&usg=AOvVaw15fGTadOM46zVHfaOoMhzb
https://link.springer.com/article/10.1007/s11051-015-3302-0#CR34
https://www.google.co.za/url?sa=t&rct=j&q=&esrc=s&source=web&cd=4&cad=rja&uact=8&ved=0ahUKEwiK6rmAj9TXAhVEJcAKHcX0DjAQFgg_MAM&url=http%3A%2F%2Fpubs.acs.org%2Fdoi%2Fabs%2F10.1021%2Fjp300585d&usg=AOvVaw19IVJjqLXN226B6TT552_y
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al. 2012; Barreto et al. 2015). 

 

Figure 3.6: UV-visible absorption spectra of CeO2 NPs in different media types at different 

time intervals, (a) 0 h, (b) 2 h (c) 6 h, (d) 24 h and, (e) 48 h. Data is presented as means (n= 3). 

https://link.springer.com/article/10.1007/s11051-015-3302-0#CR35
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Figure 3.7: UV-vis of Au NPs in DIW (a) 5 nm Cit, (b) 20 nm Cit, (c) 40 nm cit, (d) 5 nm 

BPEI, (e) 20 nm BPEI and (f) 40 nm BPEI. Results are reported as means (n =3). Arrows show 

the position of the main peak.   
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Figure 3.8: UV-vis of Au NPs in 10 HM (a) 5 nm Cit, (b) 20 nm Cit, (c) 40 nm cit, (d) 5 nm 

BPEI, (e) 20 nm BPEI and (f) 40 nm BPEI. Results are reported as means (n =3).    
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Figure 3.9: UV-vis of Au NPs in DTW (a) 5 nm-Cit, (b) 5 nm-BPEI, (c) 20 nm-Cit, (d) 20 nm-

BPEI, (e) 40 nm-Cit, (f) 40 nm-BPEI. Results are reported as means (n =3).    

 



 

 44 

   

 

Figure 3.10: UV-vis of Au NPs in BG-11 algal medium (a) 5 nm-Cit, (b) 5 nm-BPEI, (c) 20 

nm-Cit, (d) 20 nm-BPEI, (e) 40 nm-Cit, (f) 40 nm-BPEI.  Results are reported as means (n =3).    
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3.4 Conclusions 

The need to characterize the physicochemical properties of NPs before and during NP exposure 

is essential in understanding the environmental fate and behaviour of NPs. Stability 

(agglomeration and surface charge changes) of Au and CeO2 NPs were investigated in different 

media types using NTA, DLS and UV-Vis spectrophotometry. Good agreement on the primary 

NP sizes was achieved by TEM. The use of multimethod approach for NP sizing increases the 

accuracy of data due to the complexity of NP samples and the limitations of each analytical 

technique. The use of light scattering techniques for size determination is limited for non-

spherical particles. Therefore, for accurate determination of NP size, analytical techniques 

suitable for non-spherical shaped particles and standardised sample preparation methods are 

recommended. 

The much broader particle size distribution observed indicated (i) formation of agglomerates, 

(ii) instability of Au and CeO2 NPs in ecotoxicological media and (iii) inaccuracy of light 

scattering techniques in size analysis for non-spherical NPs. Instability of Au NPs was size and 

surface coating dependent and was confirmed by a decrease in absorbance, broadening of SPR 

peak over time and an increase in size distribution at pH 7, which is a biologically relevant pH. 

The agglomeration of NPs in biological media tends to limit their performance and has a strong 

influence on their final fate in the environment. An increased stabilization results in better 

transport in the environment. The zeta potential of NPs at the same pH is affected by differences 

in media composition. The ζ potentials were more negative in low ionic strength DIW 

compared to high ionic strength media. Agglomeration increased with a decrease in NP primary 

size. The knowledge of NP transformations in biological media with the known composition 

can be translated into understanding the fate and behaviour of NPs in natural environmental 

systems. Data can also help to correlate the properties of NPs with (eco) toxicological 

responses, thus enabling prediction of the behaviour of NPs in natural environments.  

 

 

 

 

 



 

 46 

CHAPTER 4 

Bioaccumulation of Au and CeO2 NPs by an aquatic higher plant (Salvinia minima) 

4.1 Introduction 

The annual production of nanoparticles (NPs) is expected to reach 58,000 tonnes by 2020 

(Royal Society and Royal Academy of Engineering Report on Nanotechnology, 2004).  Due to 

their unique optical properties, low inherent toxicity and relatively simple surface 

functionalization (Bodelón et al. 2017), gold nanoparticles (Au NPs) are widely used in 

biomedicine (Abadeer and Murphy 2016; Dykman and Khlebtsov 2016; 2017), for 

photothermal therapy (Zong et al. 2017), drug delivery (Niikura et al. 2013; Zhang, 2015), and 

as catalysts (Priecel et al. 2016; Villa et al. 2016).  Cerium oxide NPs (CeO2 NPs) find wide 

applications like UV absorbent in sunscreens (Wu et al. 2010), fuel additive (Cassee et al. 

2012), and in biomedicine (Xu and Qu 2014). Nanoparticles can persist in the aquatic systems 

due to their aggregation, sedimentation, and slow degradation rate. This, in turn, increases 

uptake, accumulation, and bio-magnification of NPs in the food chain (García 2011).  

Accumulation of NPs in aquatic higher plants is driven by numerous factors, and the detailed 

account is found in recent reviews (Ma et al. 2010; Miralles et al. 2012; Schwab et al. 2016; 

Thwala et al. 2016). For instance, the accumulation of NPs has been reported to be dependent 

on the plant type, size of the cell wall pores, as well as size, concentration, morphology and 

surface properties of the NPs (Glenn et al. 2012; Taylor et al. 2014; Judy et al. 2011; 2012; 

Koelmel et al. 2013; Dan et al. 2016; Raliya et al. 2016; Song and Lee 2016; Khataee et al. 

2017). Accumulation and transport of NPs also depend on the nature of the plant tissue and the 

presence of UV radiation (Regier et al. 2015). For example, exposure of aquatic macrophyte 

Elodea nuttallii to copper oxide (CuO) NPs at 10 mg/L or dissolved Cu (II) at 256 µg/L showed 

stronger Cu accumulation in plants exposed to CuO NPs relative to Cu (II). Accumulation 

increased for both copper types in the presence of UV radiation (Regier et al. 2015). A 

concentration dependent accumulation in Spirodela polyrrhiza roots was observed following 

exposure to CuO NPs (3 and 6 mg/L) where the presence of NPs in root tissues was apparent; 

whereas no evidence of Cu was observed from 1 mg/L exposure (Khataee et al. 2017).  

In addition, findings of Glenn and Klaine (2013) indicated a size-dependent uptake of Au NPs 

in Azolla caroliniana where 4 nm NPs were readily taken up compared to larger sizes of 18 

and 30 nm. A species dependent accumulation was reported in Hydrilla verticillata and 



 

 47 

Phragmites australis exposed to ZnO (1000 mg/L). Results indicated higher Zn accumulation 

in P. australis than H. verticillata; indicating physiological differences among aquatic plants 

(Song and Lee 2016). Furthermore, the transformation of accumulated NPs was reported in 

Landoltia punctate exposed to different forms of Ag (Ag0 or Ag2S NPs, or AgNO3). After 24 

h, all three forms of Ag accumulated partially in the roots regardless of the form. Once 

associated with plant tissue, Ag0 NPs transformed into silver sulfide and silver thiol species, 

suggesting plant defence mechanisms were active on the root surface (Stegemeier et al. 2017). 

To date, there is limited but contradictory information on the accumulation of metal- and metal-

oxide NPs in aquatic higher plants linked to factors associated with their inherent 

physicochemical properties, and water chemistry of the exposure media (Glenn et al. 2012; 

Glenn and Klein 2013; Li et al. 2013). Review of the literature data show Au NPs as least 

investigated, and as a result, the mechanisms of their uptake into plants are far from being 

determined. Au NPs uptake or translocation is poorly understood and the results are 

inconclusive (Zuverza-Mena et al. 2017). In addition, published data do not offer a clear 

relationship between the observed bioaccumulation and the influence of physical-chemical 

properties of NPs and plants characteristics, which limits the ability to compare the results nor 

draw firm conclusions on the key driving factors. For example, Nekrasova et al. (2011) 

reported Cu accumulation to decrease with increasing exposure concentration (0.025-5 mg/L) 

in E. densa, attributed to an increase in agglomeration. While accumulation of CuSO4, bare 

(0.7-4.5 g/L) and styrene-co-butyl acrylate coated CuO NPs (0.3-1.2 g/L) increased with 

increasing NP exposure concentration in Lemna gibba for 48 h (Perreault et al. 2014).  Zinc 

accumulation in S. polyrhiza was directly related to exposure concentration (1-50 mg/L) (Hu 

et al. 2013).  The underpinning mechanisms of accumulation are also not well studied (Zhang 

et al. 2014, 2015; Movafeghi et al. 2017).  

Since aquatic higher plants are at the base of aquatic food chains, they are likely to act both as 

reservoirs of NPs and as sources for subsequent trophic transfer (Thwala et al. 2013; Thwala 

et al. 2016). In addition, higher level toxicity effects such as growth inhibition and reduction 

in chlorophyll content have been reported in aquatic higher plants exposed to NPs (Song and 

Lee 2016; Blinova et al. 2018). Sub-cellular effects such as the induction of oxidative stress, 

reduction of cell viability, and effects at the genetic level can also occur in organisms exposed 

to NPs (Bacchetta et al. 2017; Goswami et al. 2017; Mahaye et al. 2017; Movafeghi et al. 

2017).  
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Poor knowledge on the exact impact(s) of NPs accumulation in plants is exacerbated by the 

fact that published data were derived based on very high NPs exposure concentrations unlikely 

to be found in the aquatic systems (Gottschalk et al. 2009; Musee, 2011; Baalousha et al. 2016). 

For example, only at 300 mg/L Ag NPs were statistically significant changes in growth 

characteristics induced in A. thaliana plants under laboratory conditions (Sosan et al. 2016), 

which is much higher compared to the predicted environmental concentration of Ag NPs in 

different environmental compartments (Gottschalk et al. 2009; Holden et al. 2016; Choi et al. 

2017). Therefore, to draw meaningful conclusions, studies should be conducted using 

environmentally relevant NP exposure concentrations, and for extended periods (chronic 

exposure conditions). The goal of the present study was to investigate the bioaccumulation of 

Au and CeO2 NPs by the free-floating aquatic higher plant Salvinia minima under chronic 

exposure conditions (14 d) at environmentally relevant NP concentrations. Holden et al. (2014) 

showed that ENPs concentrations were lowest (≤ 0.001 ppm) in surface water, wastewater 

treatment plant (WWTP) effluent and solid fractions (soil, sediments and biosolids). The 

highest concentrations were reported in WWTP effluent (0.11 to 1 ppm) and biosolids (>1000 

ppm). S. minima was used as a model plant because it can readily be cultured under laboratory 

conditions, has a high growth rate, can rapidly accumulate metals and provides the necessary 

plant biomass for ecotoxicological assessments (Sune et al. 2007; Prado et al. 2010). Thus, the 

specific aims of the study were to: (i) determine the influence of particle size and surface 

coating on Au NP accumulation; and (ii) elucidate possible route(s) of Au and CeO2 NPs 

accumulation in S. minima.  

4.2 Materials and Methods 

4.2.1 Nanoparticle characterization  

Commercial citrate (cit) and branched polyethyleneimine (BPEI) coated-gold nanosphere 

suspensions were purchased from Nanocomposix, San Diego, United States. The suspensions 

were of three average sizes of 5, 20, and 40 nm according to the manufacturer’s specifications. 

Suspensions of uncoated CeO2 NPs (nominal size <25 nm as reported by the supplier) were 

purchased from Sigma Aldrich (Johannesburg, South Africa). Before starting the exposure 

experiments, both size and morphology of Au and CeO2 NPs were determined by high-

resolution transmission electron microscope (HRTEM; JEOL JEM 2100, Japan operating at 

200 kV) as reported in Section 3.2.1. 
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4.2.2 Exposure medium 

The 10% Hoagland’s medium (10 HM) was prepared by dissolving 0.16 g Hoagland-modified 

basal salts mixture purchased from Sigma Aldrich (Johannesburg, South Africa) in 1 L DIW 

(15 MΩ.cm). The solution was stored under dark conditions for a minimum of 24 h before use. 

An exposure concentration of 1 mg/L for each NPs size-type was prepared in 10 HM in 

triplicate, and bath sonicated for 30 min before initiating the experiment. During the 14 d 

experiment, the particle size distribution and concentration of the NPs were recorded using 

NTA at 24 h intervals. The NTA was set to perform three runs of 60 s each for each replicate 

at a fixed temperature of 25 °C. The 5 nm Au NP samples were excluded from NTA analysis 

as the technique cannot measure sizes below 10 nm (NanoSight NS500 operating manual, 

Version P553S). 

4.2.3 Test organism maintenance 

Samples of S. minima plants were collected from Hartbeespoort Dam, North West Province, 

South Africa (25.7401° S, 27.8592° E), and transported to the Council for Scientific and 

Industrial Research (CSIR) laboratories in sampling site water. In the laboratory, the plants 

were rinsed in tap water to remove attached debris, and thereafter, were acclimatised in a glass 

tank containing 5 L of 10 HM under natural light conditions for 2 weeks. The culturing tanks 

were cleaned, and 10 HM solution was replaced after every 5 d. 

4.2.4 Bioaccumulation  

Plants from the culturing tank(s) were manually dried and 500 mg fresh weight biomass of 

healthy plants was used as the test sample. The plants were exposed to 50 mL of 10 HM 

containing 1 mg/L of Au or CeO2 NPs in 250 mL acid pre-washed glass beakers covered with 

transparent perforated parafilm to minimize evaporation. The exposed plants were kept in a 

shaking incubator at 100 rpm for 14 d at 21 ± 2 °C under 16: 8 h light: dark conditions, and 

light intensity of 5000 lux. After 2, 7 and 14 d of exposure, plants were harvested and dried on 

absorbent paper for ca 1 min before weighing to determine the fresh biomass weight. The roots 

and fronds were separated, dried at 80 °C for 6 h in acid-washed and pre-weighed crucibles, 

and then their dry weight was obtained after cooling. Dried plant material within the crucible 

was dry-ashed at 530 °C for 12 h in a furnace (Delta DTA9696, England), and then digested 

using 250 μL HNO3 until the ash was dissolved before dilution was done using DIW to achieve 

a 5% acid concentration. The resultant aqueous suspension was centrifuged at 3880 rpm for 10 
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min and total Au and Ce in the supernatant was measured using inductively coupled plasma 

mass spectrometry (ICP-MS) (Agilent ICP MS 7500cs, Agilent Technologies, Inc. 2006 Santa 

Clara, USA).  

4.2.5 Internalization or adsorption of NPs by plant 

After 14 d exposure, plant roots and fronds were separated. Each sample was fixed in 2.5% 

glutaraldehyde for 24 h and washed three times in 0.1M K-phosphate buffer pH 7.1 for 20 min, 

post-fixed with osmium tetroxide (OsO4) for 2 h, and re-washed as above. Samples were then 

dehydrated using increasing ethanol concentrations (35, 50, 70, and 90% (aqueous, v/v) and 

then three times at 100%) where each cycle lasted for 20 min and left in 100% ethanol 

overnight. After dehydration, samples were embedded into a 50:50 mixture of 100% ethanol: 

quetol epoxy resin for 1 h, 100% quetol epoxy resin for 4 h, then into new 100% quetol epoxy 

resin. The samples were polymerized at 60 °C in a drying oven for 36 h before they were 

sectioned (90–100 nm thick) using an ultra-microtome and examined using TEM coupled with 

energy dispersive X-ray spectroscopy (EDX) to confirm the presence or absence of Au and Ce.  

For the adsorption studies, the roots and fronds were separated after 14 d exposure, covered 

with aluminium foil and immediately frozen in liquid nitrogen. The samples were either 

immediately freeze-dried under vacuum using Advantage Pro Lyophilizer (SP Scientific, USA) 

for 28 h, or stored at - 80 °C until freeze-drying was undertaken. After freeze-drying, roots and 

fronds were mounted on scanning electron microscopy (SEM) stubs, carbon coated and viewed 

using SEM (SEM JOEL JSM 7500F; Japan using the secondary electron (SE) detector at an 

acceleration voltage of 2 kV); coupled with the EDX detector to map Au and Ce distribution 

at 15 kV. 

4.2.6 Data analysis  

Three replicates were performed for each treatment, and the data are presented as means ± 

standard deviation (SD). The significance of comparisons between the treatments was 

determined using GraphPad Prism 7.04 software (GraphPad Prism software, La Jolla, CA, 

USA), and p < 0.05 was considered significant. 

4.3 Results and Discussion 

4.3.1 Nanoparticle characterization  
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TEM results indicated that both cit- and BPEI-Au NPs had mixed morphologies with spheres 

as predominant compared to rods and pentagons shapes. CeO2 NPs TEM results showed mixed 

morphologies, namely: triangular, tetrahedral and hexagonal (Figure 3.1, Section 3.3.1). The 

mean sizes obtained were in good agreement with the supplier’s specifications (Table 3.1, 

Section 3.3.1). In 10 HM solution, 5 nm Au NPs were observed to agglomerate more rapidly 

compared to larger ones (20 and 40 nm) (Figure 4. 1). Agglomeration of metallic NPs has been 

reported to be size dependent (Zhang et al. 2011; Thwala et al. 2013; Iswarya et al. 2016) with 

higher agglomeration observed in smaller-sized NPs due to their high surface energy, and large 

surface area (Chen et al. 2007; Christian et al. 2008; Auffan et al. 2009; Ji et al. 2010). Herein, 

high agglomeration was observed in 10 HM than in DIW for both NP types. This is because 

Hoagland’s medium has numerous cations and anions that, in turn, induced the higher 

agglomeration of NPs compared to low ionic strength DIW (Song et al. 2013b). 
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Figure 4.1: Hydrodynamic sizes of Au NPs measured using DLS in DIW (a and b), 10 HM (c 

and d), and (e) CeO2 NPs over 48 h. Bars denote standard deviations (n = 3). Different letters 

indicate statistical difference between NP sizes using One-way ANOVA, p < 0.05. 

 

4.3.2 S. minima growth rate 

Exposure of S. minima to Au and CeO2 NPs at concertation of 1 mg/L for 14 d did not cause 

significant loss of biomass (p>0.05), and no cellular necrosis (i.e. fronds remained green) was 

observed, irrespective of NPs sizes and coating type as well as NPs type (Figure 4.2). These 

findings indicate low toxicity of Au NPs and agree with earlier observations for Ceratophyllum 

demersum, where exposure of C. demersum to higher exposure concentrations of Au NPs 
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(1.18–3.64 mg/L) for17 d did not induce toxicity. However, over extended exposure periods 

(28 d) phytotoxicity was observed (Ostroumov et al. 2014). Exposure of Hordeum vulgare 

plants to cit-Au NPs (10 nm, 1–10 µg/mL) for 21 d showed growth promotion at low NP 

exposure concentrations (1 µg/mL) but inhibition at higher Au-NP concentrations (10 µg/mL). 

Seed germination was not affected (at 1 to 10 μg Au/mL); however, plant growth yielded 

insignificant lower biomass at exposure concentrations ≥ 3 μg Au/mL (Feichtmeier et al. 2015). 

Low concentrations of NPs have also been reported to activate the repair mechanism of plants 

and enhance their growth (hormesis effect) (Barrena et al. 2009). CeO2 NPs have been shown 

to cause stimulatory (200–500 mg/L) and inhibitory (> 1000 mg/L) effects on Arabidopsis 

thaliana growth and the reduction in growth was linked to particulates forms of NPs and not 

Ce ionic species (Yang et al. 2017). However, the concentrations inducing plant growth 

inhibition are deemed too high and unlikely to be found in the environment. Furthermore, a 

study by Rico et al. (2015) reported an accumulation of CeO2 NPs on Hordeum vulgare without 

effects on seed germination and root elongation. However, CeO2 NPs may induce toxicity in 

plants at molecular levels (Rico et al. 2013a; Rico et al. 2013b). Therefore, to draw meaningful 

conclusions, genotoxicity data should support cytotoxicity studies on plants. In addition, long-

term exposure may enhance the interaction of plants with NPs and facilitate the detection of 

toxicity effects at different growth stages of the plant. 
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Figure 4.2: Plant biomass for treated plants and a control (plants exposed to 10 HM without 

NPs) over 14 d. Results are reported as mean values (n= 3) and bars denote standard deviations. 

4.3.3 Adsorption of Au and Ce on plant tissues 

Results indicated the interactions of the plants with Au and CeO2 NPs occurred through root 

surface adsorption (Figure 4.3). Bright white materials were observed on the roots surface. 

These spots were analysed by EDX to confirm the presence of Au and Ce on the roots (Figure 

A4.1). To determine whether Au and Ce were retained on the root surface or could be 

transported up to the fronds, the concentrations of Au and Ce in plant roots and fronds were 

analysed using ICP-MS. Au and Ce concentrations in both roots and fronds of the control 

(plants exposed to 10 HM without NPs) were below detection levels (< 0.001 µg/mg).  Findings 

for 20 and 40 nm Au NPs showed that plant roots generally accumulated higher NP 

concentrations compared to fronds (Figure 4.4 (c-f)), and hence in agreement with the literature 

(Shi et al. 2014; Conway et al. 2015). Nonetheless, roots may not be the only site of NPs 

absorption as aquatic plants can absorb nutrients via both roots and leaves (Denny, 1972).    
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Figure 4.3: SEM images for NPs exposed plant roots (a) 5 nm-Cit, (b) 20 nm-Cit, (c) 40 nm-Cit, (d) 5 

nm-BPEI, (e) 20 nm-BPEI, (f) 40 nm-BPEI, (g) CeO2 NPs and (h) control. Red circles indicate spots 

where EDX scan was taken. 
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Similar to findings of Das and Goswami (2017) where Cu accumulation in Salvinia cucullata 

was observed on both roots and fronds, in this study, Au and Ce also exhibited a similar 

phenomenon. Accumulation on samples exposed to 5 nm-sized Au NPs (both coatings) and 

CeO2 NPs was higher on the fronds than on roots (Figure 4.4 (a), (b), and (g)).   The cause for 

a different trend to plants exposed to 5 nm Au NPs compared to larger forms is currently 

unclear. Although NPs can be translocated from roots to leaves (Zhu et al. 2008; Lin et al. 

2009), no internalization was observed in this study, and therefore, translocation could not 

account for the high concentrations of Au and Ce found on the fronds. Therefore, the aspect 

requires further investigation. Whilst the absorption of nutrients in aquatic higher plants can 

also occur via leaves, currently, there is no credible justification why that process would only 

be selective for 5 nm Au NPs and CeO2 NPs.  

Au concentrations, except 40 nm cit Au NPs were highest on both roots and fronds at day 7 

compared to day 2 but decreased to a minimum in day 14 (Figure 4.4), suggesting the release 

of NPs from the roots or fronds surface back into the solution. This is because Au NPs adsorbed 

to the plant roots surface can be released back to the solution (Feichtmeier et al. 2015). The 

findings did not differ based on coating type. For 40 nm Au NPs of both coatings, Au 

concentrations on the roots decreased with increasing exposure period (Figure 4.4 (e) and (f)). 

Cerium concentrations increased with exposure period (Figure 4.4 (g)). A decrease in Au 

accumulation over time was attributed to the loss of particle concentration from the 10 HM 

solution as NPs form larger agglomerates (Figure 3.4, Section 3.3.2). Agglomerates tend to 

sediment, and in turn, lead to lower solution Au concentrations available for plants 

accumulation. To date, studies on interactions of S. minima with metallic NPs are scarce; yet 

the plant is a hyperaccumulator of heavy metals such as manganese, lead and nickel (Lizieri et 

al. 2011; Fuentes et al. 2014; Leal-Alvarado et al. 2016). Therefore, findings of the current 

study contribute to the limited body of knowledge on the accumulation metallic NPs by S. 

minima. 
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Figure 4.4: ICP-MS results of Au and Ce concentrations (µg/mg dry weight) on S. minima exposed to 

10 HM at 1 mg /L. Each value is a mean of three replicates and bars denote standard deviations. * 

denotes statistically significant differences between data points. Student’s t-test, p < 0.05.  
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4.3.4 Mechanism of Au and CeO2 NPs accumulation 

To date, numerous studies indicate that aquatic plants accumulate NPs through either 

internalization or adsorption processes due to a combination of influencing factors, namely:  

physicochemical properties of NPs, dose-exposure concentration and plant type as listed in 

Table 4.1. TEM coupled with EDX was used to qualitatively assess the internalization of Au 

and CeO2 NPs in roots and fronds where after 14 d, no evidence of NPs internalization into S. 

minima roots or fronds was observed, irrespective of NP type, size and coating variants (Figure 

4.5). Thus, in light of ICP-MS results in Figure 4.4, it was concluded that the adsorption 

mechanism accounted for the observed Au and CeO2 NPs accumulation in S. minima. To date, 

only handful studies have reported internalization of NPs in aquatic higher plants (Table 4.1), 

and thus, dynamics of what underpins whether internalization or adsorption mechanism is 

predominant in a given case remain poorly understood. Amongst the challenges to establish 

the predominant mechanism is due to lack of analytical capability and standardisation of the 

generally adopted techniques. As a result, findings to date are not robust, and therefore, a 

conclusive analysis is not possible.  

Although smaller particles are generally more rapidly internalized by plants (Stegemeier et al. 

2017), other influencing factors such as NPs composition, size, surface properties, cell wall 

pore size, plant species type, and exposure conditions may drive plant internalization of NPs 

(Glenn et al. 2012; Glenn and Klaine 2013; Koelmel et al. 2013; Taylor et al. 2014; Judy et al. 

2015; Stegemeier et al. 2015; Thwala et al. 2016). Therefore, in this study, the absence of 

internalization even for smaller-sized 5 nm Au NPs was attributed to high agglomeration 

observed in 10 HM (Figure 4.1 (c) and (d)). This is because agglomerates lead to NP sizes 

larger than cell wall pore size limit (where agglomerates of the size range of 114 to 2 095 nm 

were observed) of about 10 nm to 50 nm (Adani et al. 2011; Judy et al. 2012). For the same 

reason, among others, Taylor et al. (2014) observed no internalization of Au NPs (5 and 100 

nm) in Medicago sativa, but only ionic Au.  

Glenn et al. (2012) reported the adsorption of 18-nm Au NPs on Myriophyllum simulans and 

Egeria densa roots without internalization into the cells. In addition, Au NPs (5 and 20 nm; 10 

and 50 µg/mL) did not enter Hordeum vulgare roots irrespective of size and dose-exposure 

concentration (Milewska-Hendel et al. 2017).  In a study where Au NPs were applied directly 

into the cells of a root, Au NPs did not move into the neighbouring cells, suggesting that Au 

NPs do not translocate between the root cells (Milewska-Hendel et al. 2017).  Other metallic 
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NPs (e.g. Pb NPs) were shown to adsorb on S. minima cell walls of roots and leaves irrespective 

of NPs’ morphology (spherical or elongated) (Castro-Longoria et al. 2014). Furthermore, 

epidermal structures and exudate forms (e.g., amino acids, enzymes, or sugars) lining plant cell 

walls are known to present a layer that further transform NPs, and in turn, either facilitate or 

reject the uptake of NPs (Dietz and Herth 2011; Sabo-Attwood et al. 2012). Despite the absence 

of internalization, aquatic plants remain at risk as the aggregation of NPs on root surfaces can 

cause physical-linked damages to roots (Wang et al. 2015) by blocking cell wall pores and 

water transport capacity (Asli and Neumann 2009). This, in turn, reduces the concentrations of 

macronutrients (Ca, K, Mg and S) on the leaves, thus affecting the chlorophyll content 

(Martínez-Fernández et al. 2015).  Therefore, further studies on the effects of NPs at different 

life cycle stages of plants are recommended. 

 

Figure 4.5: TEM EDX spectra confirming the absence of Au and Ce on plant: (a) 5 nm cit Au 

NPs, (b) 20 nm cit Au NPs, (c) 40 nm cit Au NPs, and (d) CeO2 NPs. 
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4.4 Conclusions 

This study contributes to the body of knowledge on the accumulation of Au and CeO2 NPs by 

aquatic higher plants, and plausible mechanism of NPs interaction with plants. Results 

indicated that NPs were not internalized by S. minima irrespective of particle type, size, or 

surface coating variants. However, Au and CeO2 NPs can be adsorbed on the roots of S. 

minima; without inducing morphological level effects such as growth retardation and necrosis 

at environmentally relevant NP concentrations. The lack of NP internalization and 

phytotoxicity was linked to high agglomeration of NPs in 10 HM. The study also demonstrated 

the importance of taking into account the physico-chemical properties of NPs in 

bioaccumulation investigation in aquatic systems. Nanoparticle size but not the surface coating 

influenced Accumulation of Au NPs by S. minima. High concentrations of 5 nm Au NPs and 

CeO2 NPs accumulated in fronds compared to roots of 20 and 40 nm Au NPs. Currently, there 

is no credible justification why that process would only be selective for 5 nm Au NPs and CeO2 

NPs, and the aspect requires further investigation.   

Although NPs can be translocated from roots to fronds, no internalization was observed in this 

study, and therefore, translocation could not account for the high concentrations of Au and Ce 

found on the fronds. This aspect merits further investigation. Adsorption of NPs on the roots 

surface was confirmed in all instances irrespective NP size, coating variant, and type. Thus, 

adsorption was established as the mechanism of Au and CeO2 NPs accumulation in S. minima.  

Overall, results suggested that Au and CeO2 NPs can be adsorbed on the plant roots without 

internalization and translocation into fronds in S. minima. Even though these NPs did not exert 

toxicity to plants at morphological level, the low concentrations of NPs as found in the 

environment are likely to exert sub-lethal effects. Therefore, further studies at different end-

points at a molecular level (e.g., chromosomal abnormalities, DNA damage, and genome 

template stability) are recommended.  
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Table 4.1: Mechanisms of NPs accumulation by aquatic higher plants 

Plant Mechanism Detection 

Method 

ENP type ENP 

Properties 

Exposure media   Duration Dosage Controlling factor(s) Ref 

Myriophyllum 

simulans 

Adsorption TEM, STEM, 

SEM, EDX 

Au 4 nm; 

spherical; ζ –

14.1 mV 

Borehole water; 

pH 7.1; TOC;8.56 

mg/L; CaCO3 107 

mg/L; 

conductivity 

210mS/cm 

24 h 250 

µg/L 

Size: High accumulation from 

4 nm Au NPs compared to 18 

nm. 

[1] 

Azolla caroliniana Internalization TEM, STEM, 

SEM, EDX 

Au 4 nm; 18 nm; spherical;z –14.1 

mV; ζ –9.73 mV 

24 h 250 

µg/L 

Species type: internalization 

due to the presence of root 

hairs used by the plant to 

acquire nutrients 

[1] 

Egeria densa Adsorption TEM, STEM, 

SEM, EDX 

Au 4 nm; 18 nm; spherical; ζ –14.1 

mV; ζ –9.73 mV 

24 h 250 

µg/L 

Species type: E. densa did not 

absorb Au NPs of either size  

[1] 

Lemna minor Adsorption 

(leaves) 

SEM; TEM TiO2 275–2398 

nm; SSA 50 

m2/g;  

Steinburg growth 

medium; pH 5.5; 

CaCO3 166 mg/L 

14 d 0.01–10 

mg/L 

Exposure concentration: 

Accumulation increased with 

exposure concentration 

[2] 

Salvinia natans Adsorption ICP-OES ZnO 25 nm; 

uncoated; 

SSA; 90 

OECD growth 

medium; pH 6.5 

7 d 1-50 

mg/L 

Concentration: High 

agglomeration and settling of 

NPs at 20 and 50 mg/L 

[3] 
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m2/g; 1–10 

mg/L 

Schoenoplectus 

tabernaemontani 

Internalization 

(roots) 

TEM CuO;  

CdS QDs 

38 nm; SSA 

12.84 m2/g;z 

–2.8 Mv 

Hoagland’s  21 d 0.5-50 

mg/L 

NP type: Root uptake 

percentage for CuO NPs 

treatment ranged from 40.6 to 

68.4%, while the values were 

8.7 to 21.3% for CdS QDs 

[4] 

S. tabernaemontani Internalization SEM; TEM ZnO 35 nm;SSA 

43 m2/g;z  -

5.4 mV 

(start), -2.6 

mV (end) 

Nutrient solution, 

pH 6.4- 6.8 

21d 10-1000 

mg/L 

Particulate vs ionic form: 

Uptake of Zn from ZnO NPs 

was greater than that for Zn2+. 

[5] 

Spirodela 

polyrrhiza 

Internalization Epifluorescenc

e microscopy 

TiO2 8 nm, anatase  half-strength S. 

polyrrhiza 

specific culture 

medium 

6 d 0.05-10 

mg/L 

Structural characteristics: 

Anatase and crystalline TiO2 

NPs allow their remarkable 

movement into the root cells 

[6] 

S. minima Adsorption 

(leaves) 

TEM, SEM, 

XPS 

Pb spherical, 

17.2 ± 4.2 nm 

Hoagland’s 12 h 80 mM Morphology: Spherical NPs 

were found within the cell wall 

while elongated ones were 

associated with the cell 

membrane. 

[7] 
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S. minima Adsorption 

(roots) 

TEM, SEM, 

XPS 

Pb Elongated,  

53.7 ± 29.6 nm in length 

 and 11.1 ± 2.4 nm wide 

12 h 80 mM  [7] 

S. minima Adsorption 

(roots) 

TEM, SEM, 

ICP-MS 

Au  5, 20, 40 nm; 

spherical; 

citrate and 

BPEI coated 

10% Hoagland’s 

medium, pH 7 

14 d 1 mg/L Size: high agglomeration 

observed for smaller NPs  

NP type: NP concentration 

(µg/mL) decreased as time 

increase for Au, and increased 

with duration for Ce. 

[8] 

[1] Glenn et al. 2012, [2] Li et al. 2013, [3] Hu et al. 2014, [4] Zhang et al. 2014, [5] Zhang et al. 2015, [6] Movafeghi et al. 2017, [7] Castro-Longoria et al. 

2014, [8] current study.
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CHAPTER 5 

Genotoxicity of gold and cerium oxide nanoparticles to algae, Pseudokirchneriella 

subcapitata 

5.1 Introduction 

Rapid increasing use and applications of nanoparticles (NPs), and their consequent emission 

into the environments raise the need to understand their potential effects to ecological systems 

(Klaine et al. 2008; Scown et al. 2010; Châtel and Mouneyrac 2017). In aquatic ecosystems, 

microalgae play a crucial role as primary producers in the balance of aquatic ecosystems (Sadiq 

et al. 2011b). Algae are excellent aquatic model organisms for the toxicity examination of 

environmental pollutants due to their short generation time and high sensitivity to pollutants 

(Ji et al. 2011; Chen et al. 2012). The effects of nano-pollutants to algae could affect organisms 

at higher trophic levels (Mei et al. 2007; Rioboo et al. 2007).  To date, the effects of NPs to 

algae have been examined at morphological level endpoints, such as growth rate, biomass and 

chlorophyll content (Ji et al. 2011; Chen et al. 2012; Angel et al. 2015; Aruoja et al. 2015; Gao 

et al. 2016; Sendra et al. 2017; Chen et al. 2018). However, to understand the mode of NP 

toxicity, cellular biological response data should be supported with genotoxicity data (Demir 

et al. 2014; Golbamaki et al. 2015; Koehlé-Divo et al. 2018). The investigation of the effects 

of the pollutants at the genetic level is recommended due to the sensitivity of genotoxicity 

assays over cytotoxicity assays (Amaeze et al. 2015). In addition, the OECD has recommended 

genotoxicity assessment of NPs for regulatory and risk assessment purposes (Nanogenotox, 

2013; ANSES, 2014).   

Numerous types of biomarkers have been used to measure the effects of environmental 

contaminants in different systems (Canesi et al. 2011; Mouneyrac et al. 2014) using different 

techniques. Among the techniques used range from ecophysiology to molecular tools; and the 

findings offer early warnings on physiological alterations in organisms exposed to 

environmental pollutants (Buffet et al. 2015) or molecular impact through DNA damage 

(Bolognesi and Hayashi 2011; Załęska-Radziwiłł and Doskocz 2016; Koehlé-Divo et al. 2018). 

To evaluate the DNA damage, many studies have employed the Comet assay as reviewed by 

Collins (2004) and Mahaye et al. (2017). Although the Comet assay is widely used, this assay 

measures DNA lesions that can easily be repaired and is frequently used for monitoring of 

DNA repair processes (Azqueta et al. 2014). Therefore, this assay may have limited value in 

the evaluation of long-term consequences of exposure to environmental genotoxicants (Srut et 

al. 2015). Using the Comet assay, DNA repair is challenging in the presence of NPs, as they 

https://reader.elsevier.com/reader/sd/AF3816414CF6B15C205A57278A0A4A72D00757717AB4F0520258E263CCC130381056696660DD4CDF020C08508067AF81#pf7
https://reader.elsevier.com/reader/sd/AF3816414CF6B15C205A57278A0A4A72D00757717AB4F0520258E263CCC130381056696660DD4CDF020C08508067AF81#pf7
https://reader.elsevier.com/reader/sd/AF3816414CF6B15C205A57278A0A4A72D00757717AB4F0520258E263CCC130381056696660DD4CDF020C08508067AF81#pf7
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may remain intracellular for long periods causing extra DNA breaks (Karlsson, 2010). 

Therefore, the use of a wide range of robust methods to investigate NP-induced DNA damage 

is recommended. 

 

Robust methods include random amplified polymorphic DNA (RAPD) markers, which screen 

for changes in DNA profiles and which have been previously used to evaluate genomic 

instability. The advantages of the RAPD assay are that it does not require prior knowledge of 

the genome and uses short primers (10 bp). The assay also permits the detection of genetic 

alterations, after contamination with pollutants in aquatic organisms, as well as detection of 

intrapopulational polymorphism (Salem et al. 2014). RAPD analysis has been used to 

determine the genotoxicity of various chemical and physical agents both in vitro and in vivo in 

various systems (Jin et al. 2009; Culcu et al. 2010; Orieux et al. 2011; Geffroy et al. 2012; 

Rocco et al. 2012; Lerebours et al. 2013; Srut et al. 2015). The RADP assay has also been used 

to investigate the genotoxicity of NPs to aquatic organisms. For example, Amjady et al. (2016) 

investigated genotoxicity of Ag and CuO NPs (<20 nm) in E. coli. The authors reported 

differences in the number of bands in the gel images of exposed samples showing alterations 

in the DNA sequence by NPs.  Nigro et al. (2015) investigated the genotoxicity of the co-

exposure of cadmium chloride (CdCl2; 0.1 mg/L) and TiO2 NPs (1 mg/L) to the fish, D. labrax. 

An increased chromosomal and DNA damage in fish exposed to CdCl2 (p < 0.05) was 

observed, but not to TiO2 NPs. Co-exposure prevented chromosomal damage and led to a 

partial recovery of the genome template stability (Nigro et al. 2015). The genotoxicity potential 

of TiO2 NPs (1 and 10 μg/L) was also assessed in zebrafish (D. rerio) exposed for 14- 28 d. 

The highest genotoxic effect was observed at maximum concentrations of TiO2 NPs after 21 

d. Genome stability was reduced by 37% after 14 d, and increased with longer exposure times; 

attributed to activation of defence mechanisms against free oxygen radicals in fish exposed to 

TiO2 NPs (Rocco et al. 2015). Furthermore, the RAPD assay can detect genotoxicity even in 

cases where the Comet assay failed (Orieux et al. 2011).  

 

Another approach is the determination of abasic (apurinic/apyrimidinic, AP) sites which are 

ubiquitous DNA lesions generated by oxidative damage to DNA (Lindahl, 1993). AP sites are 

among the most frequent lesions in DNA, and occur as a result of one of the two processes: (i) 

hydrolysis of the N-glycosidic bond (depurination) (Lindahl, 1982; Loeb and Preston 1996), 

and, (ii) the removal of altered bases by DNA glycosylases (Weiss and Grossman 1987; Loeb 
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and Preston 1996) during the first stage of the base excision repair (BER) process (McCullough 

et al. 1999). Estimates are that 2 000–10 000 AP sites are generated spontaneously per cell per 

generation (Lindahl and Nyberg 1972; Lindahl, 1993), and if unrepaired, may lead to cell death 

and/or induce mutations (Loeb and Preston 1986). The assay has successfully been used, for 

example, to determine the formation of AP sites in Chinese Hamster Ovary cells (CHO) 

exposed to 0–300 μM of uranyl acetate (UA) over 48 h – where parent cell line did not show 

significant AP sites production when compared to control. These findings suggest that either 

UA did not induce AP site formation, or that BER mechanisms readily repaired the lesions. 

Using a repair-deficient cell line, UA induced AP sites after 24 h that were significantly reduced 

after 48 h (Yellowhair et al. 2018). Barbado et al. (2018) recently reported that an AP lyase-

dependent pathway could repair AP sites generated by the spontaneous loss of N7-

methylguanine in Arabidopsis. From a recent review by Mahaye et al. (2017) on genotoxicity 

testing of NPs based on various assays, no record of AP site assays applications was found for 

aquatic organisms. Yet the assay is essential in revealing whether repair mechanisms at DNA 

level occur following exposure of organisms to pollutants. 

A recent review reported that of 4346 articles on the toxicity of NPs, only 112 focused on 

genotoxicity studies (Magdolenova et al. 2014). Furthermore, most genotoxicity studies on the 

effects of NPs largely focused on mammalian systems (Karlsson, 2010; Rim at al. 2013; 

Magdolenova et al. 2014; Golbamaki et al. 2015), and terrestrial plants (Mehrian and De Lima 

2016; Rizwan et al. 2017). The lack of genotoxicity data on the interactions between NPs and 

aquatic organisms has been recently highlighted (Mahaye et al. 2017). To date, bacteria, 

crustaceans and fish, and TiO2 and Ag NPs, are the most studied organisms and NPs, 

respectively. Gold (Au) and cerium oxide (CeO2) NPs are among the priority NPs for 

immediate toxicity testing (OECD, 2010) – and are widely produced and used in consumer 

products and industrial applications (Piccinno et al. 2012; Hansen et al. 2016) – however, little 

is known on their potential genotoxic effects to algae and aquatic higher plants (Mahaye et al. 

2017). Therefore, this study seeks to generate data in an endeavour to contribute to filling this 

knowledge gap. However, the current study only focuses on the genotoxicty of NPs to algae, 

as the growth of aquatic higher plants is seasonal and plants were unavailable during the study 

period. The aim of the current study was to investigate the genotoxicity potential of Au and 

CeO2 NPs to the microalga, Pseudokirchneriella subcapitata (formerly Selenastrum 

capricornutum). Thus, the specific aims of the study were to (i) elucidate the influence of the 

physicochemical properties of NPs on the DNA integrity of algae, (ii) exposure duration (short- 

http://informahealthcare.com/action/doSearch?Contrib=Magdolenova%2C+Z
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(72 h) vs. long- term (168 h)), (iii) NPs type (metal (Au NPs) vs. metal oxide NPs (CeO2 NPs)), 

and (iv) compare cellular effects of NPs and those at molecular levels.  

 

 

 

5.2 Materials and Methods  

5.2.1 Characterization of Au and CeO2 NPs 

Au NPs of different sizes (5, 20 and 40 nm) and surface coatings (cit and BPEI) were purchased 

from Nanocomposix (San Diego, United States). CeO2 NPs (< 25 nm; uncoated) were 

purchased from Sigma Aldrich (Johannesburg, South Africa). Primary size and morphology of 

Au and CeO2 NPs were examined using high-resolution transmission electron microscope 

(HRTEM; JEOL JEM 2100, Japan operating at 200kV).  To determine the stability of NPs in 

10% BG-11 algal medium their hydrodynamic diameter (HDD) was measured using dynamic 

light scattering (DLS; Malvern Zetasizer Nano ZS, Malvern Instruments, UK) over 72 h (0, 2, 

6, 24, 48 and 72 h). 

 

5.2.2 Test organism  

The Algaltoxkit FTM was purchased from ToxSolutions (Johannesburg, South Africa). The de-

immobilization of P. subcapitata from the beads was performed according to the supplier’s 

instructions. This is a 72 h assay based on the growth inhibition of the micro-algae P. 

subcapitata. This microbiotest strictly adheres to the protocols for regulatory testing with 

microalgae recommended by international organizations such as the Organization for 

Economic Co-operation and Development (OECD) (OECD 201, 2006) and the International 

Organization for Standardization (ISO) (ISO 8692, 2004).  

 

5.2.3 Exposure conditions 

To prepare an inoculant for experiments, algae was incubated under controlled conditions 

(temperature: 25 ± 1°C; light intensity: 6000 Lux; light: dark cycle: 12 h –12 h day and night, 

and shaken continuously at 100 rpm) for 3 –4 d. Exponentially growing algal cultures (3 – 4 d 

old) were collected by centrifugation (10 000 rpm, 10 min), washed twice with 0.1 mL 

phosphate-buffered saline (PBS), and then once with 0.1 mL OECD 201 algal medium. Algal 

biomass was determined by measuring optical density (OD684) every 24 h for 72 h (Rodrigues 

et al. 2011) using a microplate reader (FLUOstar Omega BMG LABOTECH). All the 
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experiments were done using OECD algal medium (OECD 201, 1984). All chemicals 

(NaHCO3, NaNO3, NH4Cl, MgCl2·6(H2O), CaCl2·2(H2O), MgSO4·7(H2O), K2HPO4, KH2PO4, 

FeCl3·6(H2O), Na2EDTA·2(H2O), H3BO3, MnCl2·4(H2O), ZnCl2, CoCl2·6(H2O), 

Na2MoO4·2(H2O)) for the OECD algal medium were purchased from Sigma Aldrich and were 

dissolved in 1 L DIW (15 MΩ.cm). The OECD algal medium was prepared in sterile 

autoclaved glassware and the pH was adjusted to 7-7.5.  

 

5.2.4 Algal reference test with potassium dichromate 

To assess the test reproducibility, microplate algal growth inhibition assay was first performed 

using potassium dichromate (K2Cr2O7) as a reference toxicant. Algae were exposed to varied 

K2Cr2O7 concentrations (0.32 -3.2 mg/L) over 72 h. The algal growth inhibition was measured 

as OD684 every 24 h.  

 

5.2.5 Effects of Au and CeO2 NPs to P. subcapitata  

5.2.5.1 Effects of NPs on algal growth 

Preliminary studies (Appendix B) showed that following the OECD test guideline (OECD 201, 

2006), biomass increase in controls after 72 h was not high enough as should at least be 67x to 

meet the validity-criteria (ISO 8692). In addition, the biomass obtained after 72 h was 

insufficient for DNA extraction required in the genotoxicity studies. Therefore, Direct 

Estimation of Ecological Effect Potential guideline (DEEEP) test guideline (DEEEP, 2004) 

was followed and the culture was grown for 5-7 d before the test. Exponentially growing algal 

cultures (5 -7 d old) were collected as detailed in Section 5.2.3. All experiments were done in 

10% BG-11 algal medium as described in the DEEEP guideline (DEEEP, 2004). The volume 

of algal stock culture and cell density (cells/ml (millions)) were calculated according to 

Equation 1 (USEPA 2002) and Equation 2 (Rodrigues et al. 2011), respectively:  

 

 
𝑉𝑜𝑙 (𝑚𝐿) =

 𝑓𝑙𝑎𝑠𝑘𝑠  𝑥 𝑣𝑜𝑙 /𝑓𝑙𝑎𝑠𝑘 𝑥 10 000 𝑐𝑒𝑙𝑙𝑠/𝑚𝐿

𝑐𝑒𝑙𝑙𝑠/𝑚𝐿
       (1) 

 

where vol is the volume of stock culture required, flasks is the number of test flasks used, 

vol/flask is the volume of test solution per flask, and cells/mL is the cell density in the stock 

culture given by the expression:  
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𝐶𝑒𝑙𝑙𝑠/𝑚𝐿 = 𝑒
 𝑙𝑛𝜆684+16.439

1.0219           (2) 

 

where cells/mL is the algal cell density and λ684 is the OD at 684 nm 

 

The algal cells were exposed to five concentrations of Au and CeO2 NPs (0.0625, 0.125, 0.25, 

0.5 and 1 mg/L) at cell densities of 200 000 cells/mL under controlled conditions for 72 h. The 

control had no NPs. Exposure period was extended to168 h to investigate long-term effects of 

NPs to algae. Experiments were done in triplicates per concentration in 10 mL 6-well 

microplates.  

 

5.2.5.2 Effects of NPs on algal chlorophyll a content 

After 72 and 168 h exposures, chlorophyll a (Chl a) was extracted and the content determined 

used the approach proposed by Harris (1989).  Briefly, 1 mL from the control and exposed 

algal cells were centrifuged for 10 min at 13 000 rpm. The supernatant was discarded and the 

pellet was washed with DIW then 95% ethanol, vortexed for 2 min, and kept at 4 °C for 30 

min. The suspension was centrifuged for 2 min and the OD of the supernatant was read at 665 

and 649 nm. The content of Chl a was then calculated using the expression: 

 

 Chl a = 13.70𝐴665 − 5.76𝐴649                 (3)                                  

 

where A665 and A649 are the OD values (n=3) at wavelengths of 665 nm and 649 nm, 

respectively. 

 

5.2.6 Effects of Au and CeO2 NPs to P. subcapitata at a molecular level 

5.2.6.1 DNA isolation and visualization 

Exposure conditions and durations were the same as for cytotoxicity studies (Section 5.2.3). 

Following the collection of NP-treated and untreated algal cells after 72 and 168 h post 

exposure, DNA was extracted using a commercial kit, MasterPure™ DNA purification kit 

(Epicentre, USA). The extraction was done in accordance with the supplier’s instructions but– 

with three minor modifications. The modifications entailed samples incubated at 65 °C for 30 

min instead of 15 min, 3 µL RNase cocktail was added and not 1 µL (to increase the efficiency 

of cell lysis), and an additional 1 h incubation step at -20 °C after addition of isopropanol to 

improve DNA precipitation. Protein precipitation and DNA purification were achieved 
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according to the manufacturer's protocol.  DNA purity (OD260/OD280) and concentration 

(ng/µL) were determined using a Nanodrop 2000 Spectrophotometer (Thermo Scientific, US); 

with OD260/OD280 ratio ≥1.7 denoting contaminant-free DNA, and < 1.7 DNA containing 

contaminants. The DNA (3 µL) from different exposures was separated on a 1.5% ethidium 

bromide-stained agarose gel dissolved in 1 X TAE buffer (Tris-acetate-EDTA buffer, pH 7.5) 

at 90 mV for 45 min, and visualised with a UV transilluminator.  

 

5.2.6.2 RAPD assay 

Random Amplified Polymorphic DNA (RAPD) was performed by two 10-base pair RAPD 

primers; OPB1 (5'-GTTTCGCTCC -3') and OPB14 (5'-TCCGCTCTGG-3') sourced form 

Inqaba Biotechnical Industries (Pty) Ltd (Pretoria, South Africa). Based on preliminary studies 

in Appendix B, reagents volumes were adjusted, for example, volumes of the primer and DNA 

were increased to enhance the DNA-primer binding and to obtain clearer bands. Amplification 

was performed in 25 µL reaction volumes containing 1 µL primers, 6 µL DIW, 2.5 µL BSA, 

12.5 µL ready mix and 3 µL genomic DNA using a PCR thermocycler (T100™ Thermal 

Cycler). For the negative control, no genomic DNA was added but made up of 25 µL with 

DIW. The RAPD-PCR protocol entailed a warming step at 94 °C for 5 min, DNA denaturation 

at 94°C for 45 sec, annealing (46.8 °C for OPB1 and 44.3 °C for OPB14) for 30 sec, extension 

68 °C for 1 min, and final extension at 68°C for 10 min for 40 cycles. The amplified product 

was kept at 4 °C until gel electrophoresis. Bands were separated on a 1.5% ethidium bromide-

stained agarose gel at 80 mV for 2 h, then visualised using a UV transilluminator. A 10-kb 

universal DNA Ladder (Kapa Biosystems, Cape Town, South Africa) was used as the 

molecular weight standard. RAPD data analysis was performed by comparing the PCR product 

profiles for NP-treated samples with control samples. A genomic template stability (GTS) 

value was calculated as follows (Atienzar et al. 2002): 

 

 GTS% = (1 −
a

n
) ∗ 100                                          (4) 

where a is the average number of RAPD polymorphic bands detected in NP-treated samples 

and n is the number of total bands in the control. Polymorphisms in RAPD profiles include 

deletion of a normal band and induction of a new band in comparison to the control RAPD 

profiles. In this case, changes in RAPD profiles are expressed as a decrease in genomic stability 

of NP-treated samples in relation to profiles generated from the control. 
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5.2.6.3 AP site content 

DNA lesions were investigated using the DNA Damage – AP site – Assay Kit (ab211154: 

Colorimetric, Biocom Africa, Pretoria, South Africa) in accordance with the supplier’s 

instructions. The assay uses an Aldehyde Reactive Probe (ARP) designed specifically to react 

with an aldehyde group on the open ring form of AP sites. The kit used had a detection 

sensitivity range of 4-40 AP sites per 1 x 105 base pairs. The extracted DNA was diluted to a 

concentration of 100 µg/mL in TE buffer. Five µL of DNA (100 µg/mL) was mixed with 5 µL 

of ARP solution in micro-centrifuge tubes and incubated for 1 h at 37 °C. Ninety µL of TE 

buffer, 1 µL glycogen solution and 10 µL sodium acetate solution were added to each tube and 

then mixed by pipetting. Then 300 µL of 100 % ethanol was added to each tube before the 

mixture was incubated at -20 °C for 30 min. Then, mixtures were centrifuged at 14 000 xg for 

20 min, the pellet was retained while the supernatant was discarded. The pellet was washed 

three times in 70 % ethanol, air dried for 10 min, and finally suspended in 50 µL TE buffer. 

After ARP reaction, the ARP-derived DNA was diluted to 1 µg/mL in TE buffer.  

 

To determine AP sites in DNA, a 96 well DNA high binding plate was used. The standards 

were prepared as listed in Table 5.1. Fifty µL of DNA binding solution was added to 50 µL of 

ARP-derived DNA samples (1 µg/mL), and incubated at room temperature (ca 25 °C) for 2 h.  

The micro-well strips were washed three times in 250 µL 1X wash buffer and dried in an 

absorbent paper. Then, 100 µL of the diluted streptavidin-enzyme conjugate was added to each 

well, and the resultant solution was incubated at 37 °C for 1 h. Again, the micro-well strips 

were washed as above. One hundred µL of substrate solution was added to each well including 

blank wells and incubated in an orbital shaker for 20 min at room temperature. Then, 100µL 

of stop solution was added to each well including blank wells. Finally, the absorbance (OD450) 

was recorded immediately after preparation on a microplate reader. 

AP sites content was then determined by comparing the absorbance (OD450) from treated and 

untreated samples with a standard curve generated by the DNA standards containing 

predetermined AP sites. An average of the duplicate measurements for each standard, treated 

and untreated algal DNA samples was performed. The mean absorbance values for the blank, 

standards and treated samples were calculated. Then the blank values were subtracted from 
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each standard and treated samples to obtain blank corrected absorbance. The trend-line 

equation was fitted on the standard curve data and was used to calculate the AP site content per 

105 bp generated from treated and untreated algal DNA samples. The number of AP sites in 

treated samples was compared to the control to determine the level of genotoxicity (4-40 AP 

sites per 1 x 105 bp). 

 

Table 5.1: Dilutions for the DNA standard containing predetermined AP sites (n=2) 

Standard 

No. 

ARP-DNA 

Standard (µL) 

Reduced DNA 

Standard (µL) 

TE Buffer 

(µL) 

Final volume/ 

well (µL) 

AP Sites per 

105 bp 

1 20 0 100 50 40 

2 16 4 100 50 32 

3 12 8 100 50 24 

4 8 12 100 50 16 

5 4 16 100 50 8 

6 2 18 100 50 4 

7 1 19 100 50 2 

8 (blank) 0 20 100 50 0 

 

 

5.3.6 Data Analysis 

Three or two replicate tests were performed and the data are presented as means ± standard 

deviations. Data were analysed by analysis of variance (ANOVA) using GraphPad Prism 

V7.04 software (GraphPad Prism software, La Jolla, CA, USA). A p-value of < 0.05 (one-way 

ANOVA, two-way ANOVA or T-test) was considered statistically significant.  
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5.4 Results and Discussion 

5.4.1 Nanoparticles characterization  

The primary sizes and morphologies of the NPs used in this study are summarised in Chapter 

3 (Figure 3.1 and Table 3.1). The hydrodynamic diameter (HDD) of Au and CeO2 NPs in the 

BG-11 medium was studied over 72 h (Figure 5.1). CeO2 NPs formed agglomerates of 382±32 

nm at 0 h, which increased to 919±74 nm at 72 h. A non-significant (p > 0.05) increase in HDD 

was observed as exposure duration increased for CeO2 NPs and all Au NPs except 40 nm-sized 

BPEI NPs. The 40 nm BPEI Au NPs showed a decrease in HDD with increasing exposure 

duration. Overall, the BPEI Au NPs were more stable (smaller HDD) than cit Au NPs (Figure 

5.1). A size dependent increase in HDD of Au NPs for both coating types was observed, with 

5 nm NPs exhibiting the highest HDD and 40 nm the least (Figure 5.1 (a) and (b)). This effect 

is thought to be due to the high surface reactivity of smaller NPs, which interact more readily 

with the components (cations and anions) present in the exposure media (Auffan et al. 2009; 

Park et al. 2011; Iswarya et al. 2016). 
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Figure 5.1: Hydrodynamic diameters (n=3) for Au and CeO2 NPs in BG-11 algal medium. Bars 

indicate standard deviations. * denotes statistically significant differences between data points.  
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5.4.2 Cytotoxicity tests 

5.4.2.1 Effects of NPs on algal growth  

Growth inhibition curve of P. subcapitata following exposure to K2Cr2O7 at concentrations of 

0.32 -3.2 mg/L is shown in Figure 5.2 (a). Significant concentration dependent growth 

inhibition was observed following exposure to K2Cr2O7 in comparison to the control. Algae 

exposed to CeO2 NPs showed non-significant growth inhibition (p > 0.05) compared to the 

control up to 144 h, and at 168 h, exposure to NPs induced algal growth promotion (Figure 5.2 

(b)). Similar growth patterns (p > 0.05) between exposed algal cells and the control were also 

observed for all cit-coated Au NPs (Figure 5.2 (c), (e), (g)); indicating non-toxicity of Au and 

CeO2 NPs to algae at morphological level at concentrations tested in this study, or under high 

NP agglomeration regime. The presence of agglomerates larger than the pore sizes of the algal 

cell wall, which ranges between 5 and 20 nm (Zemke-White et al. 2000; Madigan et al. 2003) 

may contribute to non-toxicty as NPs were not taken up by algae. Furthermore, plants are 

known to export organic acids (Glenn et al. 2012), it is therefore plausible that citrate coating 

on the NPs hindered uptake (Glenn et al. 2012).  Both citrate-coated Au and CeO2 NPs were 

non-toxic to alga irrespective of NP sizes.  Previous studies showed that uptake of uncoated 

and agglomerated CeO2 NPs does not occur in algae (Röhder et al. 2014; Angel et al. 2015; 

Röhder et al. 2018).  

 

A concentration dependent decrease in cell density was observed for 5 nm BPEI Au NPs at 48 

and 72 h (Figure 5.2 (d)) compared to 5 cit Au NPs (Figure 5.2 (c)). After 96 h, cell recovery 

was observed for all concentrations of NPs except 1 mg/L (Figure 5.2 (d)). The highest 

exposure concentration (1 mg/L) showed a significant decrease in cell density compared to the 

control over 168 h. The findings indicate the influence of surface coating on the toxicity of NPs 

to algae. However, the precise mechanism by which NPs coating influences toxicity is still to 

be investigated (Becaro et al. 2015). The NPs coating has been reported to influence NPs 

interactions with algae. For example, exposure of Chlorella vulgaris to PVP- and citrate-coated 

Ag NPs had similar toxicity (IC50: 9.3 and 9.2 mg/L, respectively) compared to PEG-Ag NPs 

(IC50: 49.3 mg/L) (Kalman et al. 2015). Exposure of Thalassiosira pseudonana to 20 nm ZnO 

NPs with different coatings showed different toxicities. Uncoated and 3-

aminopropyltrimethoxysilane -ZnO NPs were more toxic than dodecyltrichlorosilane-coated 

ZnO-NPs (Yung et al. 2017). 

 

https://link.springer.com/article/10.1007/s10646-008-0214-0#CR143
https://link.springer.com/article/10.1007/s10646-008-0214-0#CR78
https://www.sciencedirect.com/science/article/pii/S0166445X18301000#bib0125
https://www.sciencedirect.com/science/article/pii/S0166445X18301000#bib0005
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 The lack of significant growth inhibition at tested NP concentrations hindered the calculation 

of the effective concentration that inhibits 50% growth of the population (EC50). Nanoparticle 

concentrations > 1mg/L were not tested in this study, as they are unlikely to be found in natural 

waters. Previous reports showed that the EC50 concentrations for Au and CeO2 NPs to P. 

subcapitata are above the concentrations used in this study (Table 5.2) or could not be 

calculated due to growth stimulation (Dědková et al. 2014).  

 

5.4.2.2 Chlorophyll a content of P. subcapitata  

The content of Chl a is an efficient indicator of the physiological health status in algal cells 

(Metzler et al. 2012; Li et al. 2015). The content of Chl a for P. subcapitata exposed to Au and 

CeO2 NPs is shown in Figure 5.3. The Chl a content in 5 cit, 20 cit, 20 BPEI, and 40 BPEI, for 

example, irrespective of exposure concentration, was not significantly different from the 

control (algae exposed to BG-11 medium without NPs). Hence, exposure of algae to Au NPs 

did not influence the synthesis of Chl a. Exposure to 40 nm cit Au NPs, however, showed a 

significant promotion of Chl a at 0.5 and 1 mg/L compared to the control at 72 h (Figure 5.3(c)). 

After 168 h, significant Chl a reduction was observed at all tested concentrations (Figure 5.3 

(c)), thus highlighting the importance of considering long-term exposure conditions. Similarly, 

short-term exposure of P. subcapitata to CeO2 NPs (0-100 mg/L) showed non-significant 

effects on photosynthesis (Velzeboer et al. 2008). However, under long-term exposure, 

CeO2 NPs inhibited photosynthesis and induce ROS (Rodea-Palomares et al. 2012). 

Furthermore, NPs bound onto algal membrane have been proposed to induce a reduction in 

light availability, and in turn, inhibit the photosynthesis process (Navarro et al. 2008; Schwabe 

et al. 2013). A decrease in Chl a content following exposure to 5 nm BPEI Au NPs at 1 mg/L 

(Figure 5.3 (d)) may account for the significant growth reduction of algae observed (Figure 5.2 

(d)). However, smaller sized-NPs alone do not necessarily translate to higher toxicity. The 

findings also show the role of coating on the toxicity of NPs (Angel et al. 2015).  

 

CeO2 NPs enhanced Chl a content at 72 h (p <0.05) and 168 h (p>0.05) at all concentrations 

(Figure 5.3 (g)). Similarly, other metal oxide NPs, such as ZnO and TiO2, were shown to 

enhance algal growth and to increase Chl a concentration in Picochlorum sp.  (Hazeem et al. 

2016) and P. subcapitata (Hong et al. 2005; Lei et al. 2007; Hartmann et al. 2010). Cerium 

nitrate was reported to promote chlorophyll content in Vigna unguiculata plants (Shyam and 

Aery 2012). The basis for the promotion of Chl a content in algal cells was suggested to be 

https://www.sciencedirect.com/science/article/pii/S0166445X14001052#bib0230
https://www.sciencedirect.com/science/article/pii/S0166445X14001052#bib0180
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caused by the conversion of other forms of pigments to Chl a as a response to reactive oxygen 

species (ROS) caused by exposure to NPs (Chen et al. 2012a). In this study, the observed 

biological effects on CeO2 NP-exposed algae were associated to the particulates and not the Ce 

ionic species due to the low dissolution of CeO2 NPs (Van Hoecke et al. 2009; Rogers et al. 

2010; Angel et al. 2015).  
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Figure 5.2: Algae growth curves of P. subcapitata at different concentrations of reference 

toxicant and NPs. * denotes significant differences between the control and treated samples. 
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Table 5.2: Summary of Au and CeO2 NPs ECx concentrations reported on P. subcapitata 

NP 

type 

NP properties Duration Exposure 

medium 

Exposure 

concentration 

ECx (mg/L) Ref 

CeO2  10-20 nm; 5 μ 

m, SA:80 m2/g; 

uncoated 

72 h USEPA TG 

medium, pH 

6.5 

1-200 mg/L 10.3 ± 1.7 mg/L and 

66 ± 22 mg/L 

(EC50) 

Rogers et 

al. 2010 

       

CeO2 14, 20, 29 nm; 

SA:61, 42, 29 

m2/g, 

72 h OECD TG 

201 (pH 7.4)  

3.2, 5.6, 10, 

18, and 32 

mg/L 

2.6 - 5.4 (EC10);  

 ≥ 0.052 and ≤ 

0.108 mg/L 

(NOEC) 

Van 

Hoecke et 

al. 2009 

CeO2 10-60 nm;30–

60 m2/g 

72 h OECD TG 

201 

0-1000 mg/L. 29.2 ± 3.0 mg/L for 

50nm and 35.7 ± 

2.3 mg/l for 25 nm 

(EC50) 

Rodea-

Palomares 

et al. 2011 

       

CeO2 10–34 nm, 1 μm 72 h USEPA 

synthetic 

fresh water, 

pH 6.46–

6.63 

1-100 mg/L. 7.6–28 mg/L for 

10–34 nm;  

59 mg/L for 1 μm 

(EC50) 

Angel et al. 

2015 

       

CeO2 4 and 10 nm, 

PAA coated, 

spherical; ζ:−25 

mV 

72 h OECD TG 

201 

0.015-0.2 

mg/L 

0.0058 mg/L 

(EC10); 0.024 mg/L 

(EC50) 

Booth et al. 

2015 

       

CeO2 11-20 nm  OECD TG 

201 

0.2-25 mg/L 0.5 mg/L (EC10);  

1.1 mg/L (EC20);  

4.1 mg/L (EC50) 

Manier et 

al. 2013 

       

CeO2 

 

 

CeO2 

<25 nm, ζ:19 

mV 

 

 

33-49 nm, 28 

m2/g 

72 h OECD TG 201, pH 8.1, 

 hardness: 25 mg/L 

conductivity: 165 μS/cm 

OECD TG 201 

2.8-7.5 mg/L 

(EC10);  

12-16.4 mg/L 

(EC50) 

 

1.24 mg/L (EC50) 

Manier et 

al. 2011 

 

Cerrillo et 

al. 2016 
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  43.67 nm, in 

ascorbic acid  

72 h OECD TG 

201 

5.125 - 82 

mg/L 

14 mg/L (EC50) 

28 mg/L (EC50) for 

non-coated Au NPs 

Dědková et 

al. 2014 

Au 

 

 

 

Au 

 

 

 

 

 

 

 

CeO2 

43.67 nm, PVP 

coated 

 

 

5, 20, 40 nm, 

citrate and BPEI 

coated 

 

 

 

 

 

>25 nm, 

uncoated 

72 h 

 

 

 

72 -168 h 

 

 

 

 

 

 

 

72-168 h 

OECD TG 

201 

 

 

 

10% BG-11 

 

 

 

 

 

 

10% BG-11  

0.005125 - 

0.08 mg/L 

 

 

0.0625- 1 

mg/L 

 

 

 

 

 

 

0.0625- 1 

mg/L 

could not be 

calculated due to 

growth stimulation 

 

0.98 (EC50), 0.26 

mg/L (EC10) for 5 

nm BPEI.  

Could not be 

calculated for other 

Au NP types due to 

growth stimulation. 

 

Could not be 

calculated due to 

growth stimulation 

 

Dědková et 

al. 2014 

 

 

Current 

study 

 

 

 

 

 

 

Current 

study 

Abbreviations: SA- NP surface area, ζ- zeta potential, PAA- poly-acrylic acid 
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Figure 5.3: Effects of Au and CeO2 NPs on chlorophyll a content of P. subcapitata. Results 

are reported as means ± standard deviations, n= 3. * denotes significant differences between 

the control and treated samples.  
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5.4.3 Genotoxicity studies  

Changes in the genetic material induced by Au and CeO2 NPs on DNA isolated from P. 

subcapitata were evaluated using the RAPD-PCR and AP-site techniques. The extracted DNA 

from all samples was pure enough for genotoxicity assays, with an absorbance ratio 

(OD280/OD260) ≥ 1.7 (Table A5.1). The DNA concentration was diluted to 40 and 100 ng/μL 

as initial concentrations for RAPD-PCR and AP site techniques, respectively. The results from 

preliminary studies (RAPD-PCR) revealed 46.8 °C and 44.3 °C to be optimum annealing 

temperatures for OPB1 and OPB14, respectively. As the cytotoxicity studies results did not 

differ based on the influence of concentration (Figure 5.2), three concentrations of NPs (0.0625, 

0.25 and 1 mg/L) were selected for the genotoxicity studies.  

 

5.4.3.1 RAPD PCR assay 

Figure 5.4 shows the RAPD profiles of isolated genomic DNA from treated and untreated 

samples. These profiles were also used to analyse genomic stability using Equation 4. A 

negative control (no DNA) was included to ascertain whether any band observed was 

attributable to DNA amplification. The OPB1 primer demonstrated DNA alterations in exposed 

samples relative to the control. The alterations were in the form of appearance of new bands 

and/or disappearance of normal bands observed in the control. For example, normal bands 

observed in the control disappeared for 5 nm (0.065 mg/L) and 40 nm (0.25 mg/L) cit Au NPs 

at 72 h (Figure 5.4 (a)) with a genomic stability of 0%. The loss of normal bands and appearance 

of new bands compared to the control was observed for all NPs exposures using OPB 1 primer 

(Figure 5.4 (a)). The loss of normal bands is linked to DNA damage such as single- and double- 

strand breaks, modified bases, abasic sites or chromosomal rearrangements (Atienzar et al. 

2002; Wolf et al. 2004). The appearance of new bands is likely due to DNA mutations (Atienzar 

and Jha 2006).  

 

The OPB14 primer produced same RAPD profiles for untreated and treated algal DNA for all 

NPs at 72 and 168 h irrespective of NP size and coating type (Figure 5.4 (c), (d), and (h)), with 

a genomic template stability of 100%. Similarly, RAPD profile analysis after exposure of 

Pseudomonas putida to Al2O3 NPs showed no difference to the control, which suggests an 

induction of DNA repair mechanisms (Załęska-Radziwiłł and Doskocz 2016). Using the 

OPB14 primer for BPEI Au NPs at 72 h, showed the disappearance of a normal band and 

appearance of a new band compared to the control (Figure 5.4 (g)). The number of bands from 
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72 to 168 h either decreased, or remained unchanged for both coating types at all three tested 

concentrations. However, 5 nm (0.065 mg/L) and 40 nm (0.25 mg/L) cit Au NPs showed an 

increase from 0 to 2 and 3 bands, respectively. OPB14 results, however, were not included as 

no differences observed between the treated and untreated samples.  RAPD profiles for CeO2 

NP treated algae using OPB1 were different from the control (Figure 5.5 (a)). However, the 

alterations were neither concentration nor time dependent, suggesting that NPs already induced 

the DNA damage at 72 h that persisted over 168 h. Using the OPB14 primer, CeO2 NPs- treated 

algal DNA showed RAPD profiles similar to untreated DNA at 72 and 168 h (Figure 5.5 (b)) 

with a genomic stability of 100 %.  

The genomic stability increased from 0-20% at 72 h to 40- 60% after168 h for cit-Au NPs. In 

agreement with the algal growth inhibition at 72 h and cell recovery at 96 h, results show an 

increase in genomic stability under long-term exposure conditions. This implies that under 

long-term exposure conditions, algae may acquire adaptive mechanisms to reverse the negative 

effects induced by NPs during early growth stages (Hazeem et al. 2015). Similarly, the genomic 

stability in zebrafish (D. rerio) exposed to TiO2 NPs was reduced by 37% after 14 d, but 

increased after 21- 28 d; attributed to activation of defence mechanisms against free oxygen 

radicals in fish exposed to TiO2 NPs (Rocco et al. 2015).  

Results from the present study indicate RAPD PCR assay reveal potential toxicity of Au and 

CeO2 NPs to algae at a molecular level although no effects were observed at a morphological 

level. Thus, the findings indicate the significant role of genotoxicity studies in assessing the 

potential environmental risks of NPs in aquatic biota. Similar to current findings, exposure of 

Saccharomyces cerevisiae to Au NPs showed DNA damage and ROS production without 

growth inhibition (de Alteriis et al. 2018). These findings support a recommendation made by 

Amaeze et al. (2015)   that genotoxicity assays are more sensitive than cytotoxicity assays.  

The RAPD-PCR has been used successfully with NPs in different aquatic organisms such as 

bacteria (Amjady et al. 2016; Załęska-Radziwiłł and Doskocz 2016), and fish (Dedeh et al. 

2015; Nigro et al. 2015; Rocco et al. 2015). Therefore, the current study contributes to limited 

data on the genotoxicity of NPs to different aquatic organisms especially algae, which play a 

crucial role as primary producers in the aquatic environment. Understanding the risk of NPs at 

lower trophic level could help predict the effects of NPs at higher trophic levels through the 

food chain. 
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Figure 5.4: RAPD profiles generated using primers OPB1 and OPB14. Abbreviations: c1- 

0.0625 mg/L, c2- 0.25 mg/L, c3- 1 mg/L, +c- untreated control, -c- negative control (no DNA) 

and lad- DNA ladder. 
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Figure 5.5: RAPD profiles of algae exposed to untreated control (+C), and 0.0625 (c1), 0.25 

(c2) and 1 mg/L (c3) treatments of CeO2 NPs with –C representing a negative control without 

DNA and lad is a DNA ladder. 

 

5.4.3.2 AP site content assay 

Boturyn et al. (1999) suggested that because of the relationship between the formation of AP 

sites and DNA damage, evaluation of AP site content could provide a measure of mutagen-

induced DNA damage. Genotoxicity caused by CeO2 NPs was not analysed using AP site assay 

as the initial DNA concentration was below the minimum required by the kit (100 ng/μL as 

shown in Table A5.1. The low DNA concentration was linked to significant growth inhibition 

in CeO2 NP-treated samples after 72 h (Figure 5.2 (b)).  Figure 5.6 depicts results of DNA 

standards (n = 2) containing predetermined AP sites. The trend-line equation (y = 0.0711x + 

0.088; R² = 0.9423) was fitted on the standard curve data and was used to calculate AP sites 

generated from treated and untreated DNA samples, and results of AP sites formation are 

shown in Figure 5.7. To determine the level of genotoxicity, the number of AP sites in treated 

samples was compared to the control.  Results indicated that the control samples had an AP 

site content of 15 ± 0.4 after 72 h (Figure 5.7 (a)) which increased to 18 ± 0.9 AP site per 105 

bp at 168 h (Figure 5.7 (b)).  
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However, a significant increase in AP site content was observed for cit- and BPEI-Au NP-

treated samples relative to the control at 72 and 168 h (Figure 5.7 (a), (b)) for all NPs except 

40 nm-sized particles at 168 h (Figure 5.7 (b)) especially for BPEI coated ones. Thus, AP site 

content as a function of time (72 h and 168 h) exhibited significant differences with respect to 

size (no differences at lower sizes but apparent at the higher size of Au NPs); but none as a 

function of NP coating type and NP concentration. The 40 nm Au NPs for both coating types 

showed a significant reduction in AP site content after 168 h compared to 72 h at all three tested 

concentrations (Figure 5.7 (a) and (b)). It was noted that although statistically insignificant 

increase in AP site content (33 ± 0.4 to 42 ± 9 AP sites per 105 bp) at 168 h (Figure 5.7 (b)) 

was observed for the 5 nm BPEI Au NPs at 1 mg/L; results were consistent with significant 

growth inhibition (Figure 5.2 (d)) and Chl a content reduction observed (Figure 5.3 (d)). 

Therefore, for 5 nm BPEI Au NPs, genotoxicity findings closely correlate with cytotoxicity 

end-points (growth inhibition and reduction in chlorophyll a content). In addition, although 5 

nm Au NPs showed high agglomeration compared to other sizes, the findings indicate that 

agglomeration does not reduce the reactivity of smaller sized NPs and their toxicity. Similarly, 

a study on the impact of agglomeration of Au NPs on the inflammatory response in rats showed 

that no major differences were observed between agglomerated (250 nm) and single (50 nm) 

Au NPs (Gosens et al. 2010). 

 

The results for 40 nm Au NPs herein indicate that exposure duration play a significant role in 

genotoxicity response of algae to Au NPs. However, to date, most toxicity studies on algae 

have focused on the effects of NPs during the exponential growth phase of up to 72 h (Schiavo 

et al. 2016; Iswarya et al. 2017; Morelli et al. 2018); where plausible recovery is not considered 

as observed in this study.  Findings from this study show that Au NPs can induce DNA damage 

to aquatic organisms such as algae at shorter exposure time, but repair can occur over extended 

exposure period due to DNA repair mechanisms active within algae. Repair of AP sites 

generated occur through the BER pathway by either AP endonucleases or AP lyase activities 

(Demple and Harrison 1994; Krokan and Bjørås 2013; Cunniffe et al. 2014; Barbado et al. 

2018).  Based on the current results it appears that the DNA repair mechanism is dependent on 

time and concentration. Thus, at higher NP concentration, no DNA repair was observed. 
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Figure 5.6: ARP-DNA standard curve with pre-determined AP sites 

 

 

Figure 5.7: AP site content in algal DNA after exposure to NPs at 72 h and 168 h. Values are 

reported as means ± standard deviations, n=2. C1, C2 and C3 represent NP concentrations of 

0.0625, 0.25 and 1 mg/L, respectively. 
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5.5 Conclusions  

The study contributes to the understanding of the ecotoxicity of Au and CeO2 NPs in the aquatic 

environment. It was observed that Au and CeO2 NPs agglomerated immediately upon addition 

to BG-11 algal medium, indicating the importance of considering the interactions of NPs with 

media constituents. Citrate coated-Au and CeO2 NPs, in the range of 0.0625–1 mg/L, neither 

inhibited P. subcapitata growth nor affected the cellular chlorophyll content. Where slight 

growth inhibition was observed at 72 h, the test organisms recovered after 96 h. Significant 

algal growth inhibition and Chl a content reduction was only observed with 5 nm BPEI Au 

NPs at 1 mg/L; suggesting the influence of physicochemical properties of NPs. 

RAPD PCR and AP site content assays revealed potential toxicity of Au and CeO2 NPs to algae 

at a molecular level although no effects were observed at a morphological level. Thus, the 

findings indicate the significant role of genotoxicity studies in assessing the potential 

environmental risks of NPs in aquatic biota; and that genotoxicity assays are more sensitive 

than cytotoxicity assays.  

Exposure duration plays a significant role in genotoxicity response of algae to NPs. Results 

showed an increase in genomic stability under long-term exposure conditions (168 h), 

suggesting the presence of adaptive mechanisms to reverse the negative effects induced by NPs 

during early algal growth stages. Significant differences were observed with respect to NP size, 

but none as a function of NP coating type and NP concentration. Results also showed that for 

5 nm BPEI Au NPs, genotoxicity closely correlated with cytotoxicity end-points, and 

agglomeration did not reduce reactivity of smaller sized NPs and their toxicity. Furthermore, 

results obtained using the OPB1 primer were more informative than for OPB14, from which it 

is concluded that the type of primer determines the reliability of the information obtained.  

The current study contributes to the limited available data on the genotoxicity of metallic NPs 

to algae, which play a crucial role as primary producers in the aquatic environment. 

Understanding the risk of NPs at lower trophic level could help predict the effects of NPs at 

higher trophic levels through the food chain. Finally, Au and CeO2 NPs could be considered as 

potential genotoxic nano-pollutants for algae.  
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CHAPTER 6: CONCLUDING REMARKS AND FUTURE PERSPECTIVES 

6.1 Concluding remarks 

Objective 1: Review on the genotoxicity of metal based engineered nanoparticles in aquatic 

organisms. 

The literature survey undertaken showed that ENPs are generally found at low concentrations 

and are therefore likely to exert sub-lethal effects (genotoxicity) on aquatic organisms. 

Nanoparticles were reported to cause genotoxic responses such as DNA damage (single- or 

double strand breaks), apoptosis, chromosomal fragmentation or alterations in gene expression 

profiles on aquatic organisms. The effects of the NPs were dependent on their inherent physico-

chemical properties (e.g. size, surface coating, surface area, morphology, surface charge, e.tc.), 

and the presence of co-pollutants. The fate and behaviour (dissolution, aggregation, 

agglomeration, and adsorption) of NPs in aquatic systems also influenced genotoxicity. 

However, less effort was put in correlating the observed effects of NPs to their inherent 

physico-chemical properties. A more complete characterisation of NPs before, during and after 

introduction into the exposure media is therefore necessary in order to understand any changes 

in physicochemical properties and the impacts of those changes on the genotoxicity of NPs.  

 Genotoxicity was also found to be assay dependent. For example, where more than one assay 

was used in the same study, significant differences in the degree of toxicity were often noted. 

Therefore, interpretations based on a single assay method may be misleading and in vitro tests 

need to be validated by in vivo tests, as recommended by the OECD. The comet assay was the 

most frequently used, presumably because of its technical simplicity and ability to detect low 

levels of DNA damage.  The literature survey indicated TiO2 and Ag as the most tested NPs 

for genotoxicity. This is expected as these NPs are among the most widely produced and are 

used in many consumer products and industrial applications (PEN, 2014; Hansen et al. 2016). 

To date, most genotoxicity studies have been conducted on fish, invertebrates (mostly daphnia) 

and bacteria, with limited information on algae and aquatic higher plants. Hence, there is a 

clear need for further genotoxicity research using a wider range of test organisms and NPs. 

Most studies where genotoxicity was reported, experiments were conducted at high NP 

concentrations unlikely to be found in the environment and under acute exposure conditions. 

Exposure NP concentrations have been reported as one of the major concerns in hazard 

assessments (Holden et al. 2016). High exposure concentrations of NPs that may alter media 

conditions, should be avoided.  
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Objective 2: Investigates the influence of NPs physico-chemical properties and media 

composition on the behaviour of Au and CeO2 NPs in biological media. 

Size and surface coating of the NPs and media constituents influenced the fate and behaviour 

of Au and CeO2 NPs. All NPs agglomerated immediately upon introduction into media; with 

smallest 5 nm Au NPs for both coating types agglomerating more rapidly compared to larger 

counterparts (20 and 40 nm). BPEI-coated Au NPs were more stable (smaller HDD) compared 

to citrated-coated Au NPs. All NPs were stable (smaller HDD and lower ζ potentials) in DIW 

compared to biological media; attributed to the low ionic strength of DIW. Agglomeration 

followed the order DTW > BG-11 > 10 HM > DIW for BPEI-Au NPs. High agglomeration 

was observed in BG-11 for citrate-Au NPs and in DTW for uncoated-CeO2 NPs. Instability of 

NPs in biological media was confirmed by a decrease in absorbance, broadening of SPR peak 

and an increase in size distribution over time at pH 7. 

The use of multimethod approach for NP sizing (TEM, NTA and DLS) increases the accuracy 

of data due to the complexity of NP samples and the limitations of each analytical technique. 

However, the use of light scattering techniques for size determination is limited for non-

spherical particles. Hence, the broader particle size distribution observed indicated (i) 

formation of agglomerates, (ii) instability of Au and CeO2 NPs in ecotoxicological media 

or/and (iii) inaccuracy of light scattering techniques in size analysis for non-spherical NPs. 

Therefore, for accurate NPs size determination, analytical techniques suitable for non-spherical 

shaped particles and standardised sample preparation methods are recommended. 

 

Objective 3: Investigates the influence of NPs physico-chemical properties and exposure 

period on bioaccumulation of Au and CeO2 NPs by aquatic higher plant Salvinia minima. 

Nanoparticles were not internalized by S. minima irrespective of particle type, size and coating 

type. Au and CeO2 NPs can be adsorbed on the roots of S. minima but without inducing 

morphological level effects such as growth retardation and necrosis at environmentally relevant 

NP concentrations. The lack of NPs internalization and phytotoxicity was linked to high 

agglomeration of NPs in 10% Hoagland’s medium. The findings demonstrated the importance 

of considering the influence of physico-chemical properties of NPs and medium composition 

on bioaccumulation by aquatic plants.  NP size and type but not surface coating influenced 

accumulation. The high concentrations of 5 nm Au NPs and CeO2 NPs accumulated in fronds 
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compared to roots of 20 and 40 nm Au NPs. NPs can be translocated from roots to fronds, 

however, in the absence of internalization in this study, translocation cannot be attributed to 

high concentrations of Au and Ce found on the fronds, thus the aspect requires further 

investigation.  

Although NPs can be translocated from roots to fronds, no internalization was observed in this 

study, and therefore, translocation could not account for the high concentrations of Au and Ce 

found on the fronds. This aspect merits further investigation. Adsorption of NPs on the roots 

surface was confirmed in all instances irrespective NP size, coating variant, and type. Thus, 

adsorption was established as the mechanism of Au and CeO2 NPs accumulation in S. minima.  

Overall, results suggested that Au and CeO2 NPs can be adsorbed on the plant roots without 

internalization and translocation into fronds in S. minima. Even though these NPs did not exert 

toxicity to plants at morphological level; the low concentrations of NPs as found in the 

environment are likely to exert sub-lethal effects. Therefore, further studies at different end-

points at a molecular level (e.g., chromosomal abnormalities, DNA damage, and genome 

template stability) are recommended.  

 

Objective 4: Investigates the influence of physicochemical properties of NPs on the DNA 

integrity of algae under short- (72 h) and long- term (168 h) exposure durations at cellular 

and molecular levels.  

Au and CeO2 NPs agglomerated immediately upon addition to BG-11 algal medium, indicating 

the importance of considering the interactions of NPs with media constituents. Citrate coated-

Au and CeO2 NPs, in the range of 0.0625–1 mg/L, neither inhibited P. subcapitata growth nor 

affected the cellular chlorophyll content. Where slight growth inhibition was observed at 72 h, 

the test organisms recovered after 96 h. Significant algal growth inhibition and Chl a content 

reduction was only observed with 5 nm BPEI Au NPs at 1 mg/L; suggesting the influence of 

NP physicochemical properties. 

   

RAPD PCR and AP site content assays revealed potential toxicity of Au and CeO2 NPs to 

algae at a molecular level although no effects observed at a morphological level. Thus, the 

findings indicate the significant role of genotoxicity studies in assessing the potential 
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environmental risks of NPs in aquatic biota; and that genotoxicity assays are more sensitive 

than cytotoxicity assays.  

The exposure duration plays a significant role in genotoxicity response of algae to NPs. Results 

show an increase in genomic stability under long-term exposure conditions (168 h), suggesting 

the presence of adaptive mechanisms to reverse the negative effects induced by NPs during 

early algal growth stages. Significant differences were observed with respect to NP size, but 

none as a function of NP coating type and NP concentration. Results also showed that for 5 nm 

BPEI A u NPs, genotoxicity findings closely correlate with cytotoxicity end-points, and 

agglomeration does not reduce the reactivity of smaller sized NPs and their toxicity. 

Furthermore, results obtained using the OPB1 primer were more informative than for OPB14, 

therefore, the type of primer determines the reliability of information obtained.  

The current study contributes to limited data on the genotoxicity of metallic NPs to algae, 

which plays a crucial role as primary producers in the aquatic environment. Understanding the 

risk of NPs at lower trophic level could help predict the effects of NPs at higher trophic levels 

through the food chain. Finally, Au and CeO2 NPs could be considered as potential genotoxic 

nano-pollutants for algae. 
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 6.2 Recommendations 

 

• The transformation of NPs upon introduction to the exposure medium, indicate the 

importance of considering the interactions of NPs with media constituents. The 

knowledge of NPs transformations in biological media with the known composition can 

be translated to the fate and behaviour of NPs in natural environmental systems, thus 

enabling prediction of the behaviour of NPs in natural environments. A complete long-

term characterisation of NPs before, during and after introduction into the exposure 

media is therefore necessary in order to understand any changes in physicochemical 

properties of NPs and the impacts of those changes on the biological effects of NPs. 

• The use of multimethod approach for NP sizing increases the accuracy of data due to 

the complexity of NP samples and the limitations of each analytical technique. The light 

scattering techniques currently used for NP size determination are limited for non-

spherical particles. Thus, for accurate NPs size determination, size analytical 

techniques suitable for non-spherical shaped particles and standardised sample 

preparation methods are recommended. 

• Adsorption of NPs to roots of aquatic higher plants contribute to green 

phytoremediation and environmental safety as aquatic plants can be used to remove 

nano-pollutants from the aquatic systems. Therefore, more research in this area using a 

wide range of plant types is highly encouraged.  

• The use of cytotoxicity and genotoxicity assays under short- and long-term exposure 

conditions revealed different biological effects. In addition to cytotoxicity studies, 

genotoxicity studies conducted under chronic exposure conditions at environmentally 

relevant NP concentrations are recommended to assess the environmental risks of NPs 

on aquatic biota. Based on insufficient research information available, further research 

is recommended to identify the exact mechanisms on the genotoxicity of NPs on aquatic 

biota. 
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APPENDICES 

APPENDIX A 

Table A2.1: Review on the genotoxicity of metal-based ENPs to aquatic organisms 

Organism 
group  

Organism name ENP  ENP Properties Duration Dosage Exposure media  Endpoint  Assay  Results                                                 Refs 
 

Fish T. carolinus TiO2 32 nm anatase, 65 

nm rutile 

24 -72h 150, 300 

mg/L 

Saline water,pH  8, 

5.77 mg/L DO 

DNA strand 

breaks 

Comet The tail lengths of all nTiO2 injected 

groups were significantly longer than 

those of the control groups, time and 

dose dependent effect. 

[1] 

 
T. carolinus TiO2 32nm anatase, 

65nm rutile 
24 -72h 150, 300 

mg/L 
saline water,pH  8, 5.77 
mg/L DO 

Nucleus 
damage 

MN nTiO2 induced time dependent 
erythrocyte nuclear abnormalities. 

[1] 

           

 
D. rerio ZnO 50-100 nm, 

spherical, irregular 
and short-rods 

144h 1-100 

mg/L 

ZCM, pH 7.2, DO > 

6.3 mg/L 

DNA strand 

breaks 

Comet DNA damage was enhanced with 

increasing nZnO concentrations. 

[2] 

 
D. rerio ZnO 50-100 nm, 

spherical, irregular 
and short-rods 

144h 1-100 

mg/L 

ZCM, pH 7.2, DO > 

6.3 mg/L 

mRNA 

expression 

qRT-PCR Transcription of Bcl-2 in nZnO-treated 

groups was significantly down-
regulated by 0.62-fold and 0.60-fold at 

50 and 100 mg/L nZnO, respectively, 

but no significant differences observed 

in the mRNA expression following Zn2+ 

exposure. 

[2] 

           

 
O. mykiss CuO 51 nm, spherical,  

ζ: -21 mV, SA: 18 

m2/g 

15-38h 10 μg/mL Saline solution DNA strand 
breaks 

Comet Significant DNA damage with respect 
to controls was detected only when Cu 

was injected as CuSO4. 

[3] 

           

 
P. mesopotamicus TiO2 < 25 nm,  ζ: −27.8 

to -31.9 mV 
96h 0- 100 

mg/L 
DTW, pH 7.5, DO 6.0 
± 0.6 mg/L. 

DNA strand 
breaks 

Comet No statistically significant differences 
between the UV or visible light groups 

were observed with Comet assay. 

[4] 

 
P. mesopotamicus TiO2 < 25 nm,  ζ: −27.8 

to -31.9 mV 
96h 0- 100 

mg/L 
DTW, pH 7.5, DO 6.0 
± 0.6 mg/L. 

Chromosome 
damage 

MN Nucleus alterations were significantly 
higher in the group exposed to 10 mg/L 

of nTiO2 under UV light, compared to 

the group exposed to the same 
concentration under visible light. 

[4] 

           

 
A. anguilla Fe3O4 100 nm, silica 

coated, ζ:-10.45 

mV, SA:20.2 m2/g 

2-72h 25 µg/L HBSS ENA MN Exposure to Fe3O4 alone displayed a 
significant increase in ENA at both 

early (2, 4, 8) and late (16, 24, 48, 72) h 

of exposure. 

[5] 
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A. anguilla Fe3O4-Hg complex 2-72h 50 µg/L HBSS 8-OHdG IBL 

International 

GmbH kit 

Fe3O4-Hg co-exposure revealed an 
increase in 8-OHdG levels at all the 

exposure length (except 16 h), 

suggesting that both Fe3O4 and Hg 
independently oxidized DNA. 

[5] 

           

 
O. latipes Ag 49.6 nm, cubo- and 

decahedral, ζ: -29.9 
mV 

96h 1,  25 μg/L fresh water,pH 7-8 Gene 

expression 

RT-PCR Ag-NPs led to cellular and DNA 

damage as well as carcinogenic and 
oxidative stresses, the ionic Agled to a 

lower overall stress response when 

compared with the nAg. 

[6] 

           

 
D. rerio Ag 5-20 nm, spherical 24h 30-120 

mg/L 

water based solution Gene 

expression 

RT-PCR The metal-sensitive MT2 mRNA was 

induced in the liver tissues of nAg-

treated fish, suggesting that Ag+ ions 
were released from nAg after treatment. 

The p53-related pro-apoptotic genes 

Bax, Noxa, and p21 were also up 
regulated. 

[7] 

           

 
O. latipes CMC-nZVI 49.3nm, CMC 

coated, ζ:-26.52 

96h, 14 d 1, 100 

mg/L 

ERM,pH 7.2, DO 2-3 

mg/L 

Gene 

expression 

PCR The mRNA expression of catalase was 

lower with CMC-nZVI or Fe(II) 
treatment (12.5–50 mg/L) than with 

control treatment, but was induced with 

n Fe3O4-containing treatment (12.5–50 
mg/L) 

 

[8] 

 
O. latipes Fe3O4 NR 96h, 14 d 1, 100 

mg/L 
ERM,pH 7.2, DO 2-3 
mg/L 

Gene 
expression 

PCR Long periods of aqueous exposure to 
Fe3O4 at a low concentration triggered 

defence mechanisms of antioxidant 
enzymes and caused minor mortality. 

[8] 

           

 
O. latipes Ag 23.5 nm, ζ:-23.3 

mV 

28 d 1,  25 μg/L Milli-Q water,pH 7 Gene 

expression 

RT-PCR The lower dosage of nAg induced 

higher transcription levels of stress-
induced biomarker genes than the 

higher dosage. 

[9] 

           

 
D. rerio Ag 1.7-3.10 nm, ζ:-

55.55 mV 
28 d 5-50 μg/L NR Gene 

expression 
Agilent 4 × 44K 
zebrafish 

microarray. 

Microarray analysis revealed a dose-
dependent response pattern. 

[10] 

           

 
D. rerio Au 14 nm, citrate 

coated, spherical, 

ζ:-50 mV 

20 d 16, 55 
mg/g  

DTW and 
contaminated 

sediment, pH 8 

Gene 
expression 

RAPD-PCR Expression of genes involved in 
oxidative stress, detoxification and 

DNA repair was observed. 

[11] 
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Gold accumulation demonstrated the 
lower bioavailability of nAu compared 

to ionic Au. 

[11] 

           

 
D. rerio TiO2 21 nm 28 d 1,10 µg/L FFW Gene 

expression 
RAPD-PCR  Genomic instability in the form of point 

mutations, genomic and chromosome 

rearrangements, deletions, and 

insertions was detected. 

[12] 

           

 
P. promelas Ag 20 nm, citrate 

coated 

96h 56 µg/L MHW, pH 8 Gene 

expression 

DNA microarray A common pathway in all treatments 

was cell cycle: G2/M DNA damage 

checkpoint regulation. 

[13] 

           

 
P. promelas Ag 20 nm, PVP coated 96h 56 µg/L MHW,pH 8 Gene 

expression 

qPCR There were 185, 423, and 615 

differentially expressed genes unique to 

AgNO3, PVP-AgNP, and citrate-
AgNP,respectively, relative to control. 

[13] 

           

 
D. labrax TiO2 2838 nm 7 d 1 mg/L ASW,pH 8.3 Gene 

expression 

qPCR Ahrr, erβ2, abcc1 and abcg2 genes were 

down-regulated with respect to 
controls. 

[14] 

           

 
O. mykiss Ag 20 nm in DIW, > 

50 nm aggregates 
in drinking water, 

ζ:-5.5Mv 

96h 0.06-6 

µg/L 

DW Gene 

expression 

qPCR Ag+ more toxic than Ag NPs [15] 

 
O. mykiss Ag 20 nm in DIW, > 

50 nm aggregates 

in drinking water, 

ζ:-5.5Mv 

96h 0.06-6 
µg/L 

DIW Gene 
expression 

DNA microarray The DNA break levels were lower with 
nAg and could not be explained by the 

presence of ionic Ag. 

[15] 

           

 
D. rerio SiO2 68.06 nm 7 d 2.5, 5 mg/L NR DNA 

fragmentation 

DNA laddering DNA from control tissues was intact, 

whereas the tissues treated with SiO2 

were all fragmented. 

[16] 

           

 
P. reticulata SnO2 27 nm 5 d 150 mg/L NR Aberrant cells CA The frequency of aberrant cells in the 

experimental fish did not differ 
significantly from that in the control 

group. 

[17] 

           

 
O. mykiss Ag 1-10 nm, PS 

coated, ζ:-13 to -16 
48h 3.1 - 31 

μg/mL 
DTW DNA damage DNA 

precipitation  
At the highest concentration Ag+ and 
nAg elevated ROS by 3- and 2-folds, 

respectively. 

[18] 
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in water;  −47 
to−77 in medium            

 
D. rerio TiO2 25-28 nm, ζ:-26.6 

mV, SA:48.7 m2/g 

6 d 0.1 mg/L FFW DNA 

oxidation 

8-OHdG  A significant upregulation of sod1 gene 

transcription was observed in 10 and 30 
ug/L PCP exposure groups (1.5-fold 

and 1.8-fold,respectively).n-TiO2 

treatment alone did not induce DNA 
damage, as well as generation of ROS. 

[19] 

           

 
C. batrachus Cu/CuSO4 <50 nm; 15-20 nm 

after 6 h 
sonication, 

spherical 

21 d 100 µg/L NR Gene 

expression 

RT-PCR The expressionof 3β-hsd increased 

significantly to 2.8 and 2.6(p<0.01) fold 
in CuSO4 and Cu-NPs treated 

groups,respectively when compared to 

control. 

[20] 

           

 
L. rohita Ag 18 and 29 nm, ζ: -

55, -31.4 mV, 

spherical 

7 d 100-800 

µg/L 

TW, pH 7.5-8.4;5.8-

7.3 mg/L DO 

DNA strand 

breaks 

Comet DNA strand breaks were dose, time and 

size dependent with a higher DNA 

damage occurring in 800 mg /L of 29 
nm than 18 nm at d 7. 

[21] 

       
Gene 

expression 

RT-PCR Stress related genes were down-

regulated, due to the production of free 
radicals and ROS. 

[21] 

           

 
D. rerio ZnO <100 nm; >200-

<1800 in DTW, 
SA: 25 m2/g 

96 h 0.2-6 mg/L DTW, pH 7.1, 93% DO Gene 

expression 

qRT-PCR A concentration-dependent increase in 

DNA strand breaks was detected. 

[22] 

  
ZnCl2 

 
96 h 0.1-3 mg/L ammonium: <20 mg/L DNA strand 

breaks 

Comet DNA damage was higher in Zn(II)than 

nZnO-exposed larvae. 

[22] 

           

 
O. mykiss Ag 20 nm; 11.6 nm 

after filtration, 
spherical, ζ: 0 mV 

96 h 40 μg/L 10%MWW,pH 7.55-

8.45, conductivity: 
273-340 S/cm; 

DOC:3.44-8.4; TOC: 

7.7-10.3 mg/L 

DNA strand 

breaks 

Alkaline 

precipitation 

No significant variation in DNA strand 

breaks were observed with nAg and 
AgNO3. 

[23] 

 
O. mykiss AgNO3 

 
96 h 4 μg/L 

 
[23] 

           

 
D. rerio CuO 51 nm, 336–364 

nm in E3 medium, 

irregular, ζ:-33 mV  

96 h 5-120 

mg/L 

E3 medium, pH 6.8–

7.2 

Apoptosis Acridine orange 

staining 

Both 40 and 60 mg/L treated embryos 

showed apoptotic signals than the 

control. The apoptotic signals were 
found in both the head and tail regions 

with intense staining. 

[24] 
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Zebrafish Ag 10 nm citrate 

coated, spherical 
12-36 h 0.2-1 mg/L NR Gene 

expression 
qRT-PCR Genes in haemoglobin complex were 

down-regulated in exposed embryos at 

24 h. 

[25] 

 
Zebrafish Ag 40 nm citrate 

coated, spherical 
12-36 h 0.2-1 mg/L NR DEGs Microarray nAg affected erythrogenesis mostly by 

their particles other than released ions. 
[25] 

           

 
Zebrafish Ag 26 nm ζ:-27.0, 

14.53 m2/g 

48 h 1000  μg/L MHW Transcriptome 

responses 

Microarray At 24 h, 237 genes were significantly 

differentially expressed in at least one 
treatment; that number increased to 918 

at 48 h. 

[26] 

 
Zebrafish Cu 26 nm, ζ:-0.69 mV, 

SA 30.77 m2/g 
48 h 100  μg/L MHW Transcriptome 

responses 
Microarray 

 

 
Zebrafish TiO2 25 nm, ζ:-25.1 mV, 

SA:45.41 m2/g 

48 h 1000  μg/L MHW Transcriptome 

responses 

Microarray 
 

           

 
P.mesopotamicus TiO2 anatase <25 nm, 543.9 in 

DTW,  ζ:27.8 mV 

21 d 100 mg/L Conductivity 1.3±0.2 

mS/cm, hardness 50.0 

mg/L 

DNA strands 

break 

Comet Pure anatase caused more oxidative 

damage without co-exposure to UV. 

[27] 

  
TiO2 

anatase:rutile 

(80%:20%) 

25 nm, 871.8 in 

DTW,  ζ:-27.6 mV 

21 d 100 mg/L DTW, pH 7, DO: 

6.0±0.6 mg/L 

Micronuclei 

abnormalities  

MN  The mixture anatase:rutile caused more 

sub-lethal effects when exposed under 

UV. 

[27] 

           

 
P. mesopotamicus Ag 50 nm, 57 nm in 

DTW, ζ:-12 mV 

24 h 2.5-25 

μg/L 

DTW, pH 7, total 

hardness 49 ± 0.1 mg/L 

DNA strand 

breaks 

Comet Significant DNA damage was reported 

on fish exposed to 10 and 25 μg/L nAg 

[28] 

           

 
D. labrax TiO2 24 nm, 972-1448 

nm in ASW, 

spheroid irregular 

7 d 1 mg/L ASW, pH 8 DNA strands 
break 

Comet Exposure to nTiO2 alone was 
responsible for chromosomal alteration 

but ineffective in DNA damage. 

[29] 

 
D. labrax CdCl2 

  
0.1 mg/L 

 
Apoptotic 
cells 

Diffusion assay Genome template stability was reduced 
after CdCl2 and nTiO2 exposure. 

[29] 

 
D. labrax TiO2+CdCl2 

   
Nuclear and 
micronuclei 

abnormalities  

MN Co-exposure prevented chromosomal 
damage and led to a partial recovery of 

the genome template stability. 

[29] 

       
Genome 
stability 

RADP PCR Increased DNA damage compared to 
controls was observed in erythrocytes 

from fish exposed to CdCl2 (p < 0.05), 

but not to nTiO2. 

[29] 

           

Fish cell 

line 

O. mykiss TiO2 anatase: 10-20 nm, 

ζ: -43, -15, 

SA:132.73 m2/g; 
2:8 anatase:rutile, 

20-150 nm, ζ:-65, -

12 mV, SA:20.75 
m2/g 

4h 1.6 - 4.8 

µg/mL 

MEM, pH 6.3-7.8 DNA strand 

breaks 

Comet DNA damage was observed at 4.8 

µg/mL nTiO2. 

[30] 
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C. catla  Ag 40.3 to 55.2 nm, 

spherical 
24h 2-64 

μg/mL 
Leibovitz's L-15,pH 
7.85–7.93, 4.5 to 5.8 

mg/L DO 

DNA strand 
breaks 

Comet Concentration dependent increase in 
tail DNA (%) compared to the control 

cells. 

 

[30] 

 
L. rohita Ag 40.3 to 55.2 nm, 

spherical 

24h 2-64 

μg/mL 

Leibovitz's L-15,pH 

7.85–7.93, 4.5 to 5.8 

mg/L DO 

Nuclear 

fragmentation 

Hoechst staining Apoptotic cells, condensation and 

fragmentation of the nuclei were 

observed at 64 μg/mL after 24 h (dose 
dependent effect), while no nuclear 

changes were observed in control cells. 

[31] 

           

 
GFSk-S1 TiO2 5 nm, anatase 2; 24h 1, 10,  100 

μg/mL 
L-15  DNA strand 

breaks 
Comet UVA irradiation of nTiO2-treated cells 

caused further increases in DNA 

damage, most likely due to hydroxyl 

radical formation. 

[32] 

           

 
GFSk-S1 TiO2 11-34.5 nm 4 - 48h 5, 50 

µg/mL 

MEM,DIW DNA strand 

breaks 

Comet The presence of ENPs in the absence of 

UVA gave a reduction in strand 

breakage over the negative control. 

[33] 

 
GFSk-S1 TiO2 11-34.5 nm 4 - 48h 5, 50 

µg/mL 

MEM,DIW Cytogenetic 

damage 

MN The DNA damage was linked to 

delayed cell proliferation and cell death. 

[33] 

           

 
O. latipes Ag 30 nm, spherical 24h 0.05–5 

µg/cm2 
Tissue culture Chromosome 

damage 
CA Concentration-dependent genotoxic 

effect. The damage included chromatid 

lesions, isochromatid lesions, 

chromatid exchanges and centromere 
spreading 

[34] 

           

Midge C. riparius CeO2 15, 30 nm 24h 1 mg/L Culture medium DNA strand 

breaks 

Comet The smaller-sized nCeO2 caused more 

DNA strand breaks. 

[35] 

 
  

C. riparius SiO2 7, 10 nm 24h 1 mg/L Culture medium DNA strand 
breaks 

Comet Neither exposure to SiO2 nor TiO2 had 
a genotoxic effect to C. riparius. 

[35] 

 
C. riparius TiO2 7 , 20 nm 24h 1 mg/L Culture medium DNA strand 

breaks 

Comet Size and NP dependent effect. 
 

           

 
C. riparius Ag 40–70 nm 24h - 25 d 0.5 -  4 

mg/L 

(acute) 

DTW Gene 

expression 

DD-PCR Up regulation of CrBR2.2 gene [36] 

 
C. riparius Ag 40–70 nm 24h - 25 d 0 - 1 mg/L 

(chronic) 

DTW DNA strand 

breaks 

Comet A dose dependent increase in DNA 

damage was observed 

[36] 
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C. tentans alumina 

(alpha, 

gamma) 

a=20–50 nm, g= 
80–400 nm, 

spherical, ζ: g= -

18.7, a=19.7 mV, 
SA: a=13, g=73 

m2/g 

10 d 5 - 5000 
mg/kg 

MH EPA water, pH 7.3 
and alkalinity (64 mg/L 

CaCO3) 

DNA 
fragmentation 

DNA laddering DNA cleavage occurred at 5000 mg/kg 
concentrations of precipitated silica, 

Fe2O3 and Sb2O5 NPs 

[37] 

 
C. tentans silica (Fume, 

Calcined, 

Precipitated) 

F=100–400 nm, 
C= 50–300 nm, P= 

20–100 nm, ζ: F= - 

21.1,C= -14.6,P= - 
1.76, SA: F=24, 

C=17, P=157 mV 

10 d 5 - 5000 
mg/kg 

MH EPA water, pH 7.3 
and alkalinity (64 mg/L 

CaCO3) 

DNA 
fragmentation 

DNA laddering 
 

 
C. tentans Fe2O3 50–150 nm, 

spherical, ζ: -18.5 

mV, SA:235 m2/g 

10 d 5 - 5000 
mg/kg 

MH EPA water, pH 7.3 
and alkalinity (64 

mg/Ll CaCO3) 

DNA 
fragmentation 

DNA laddering For g- and a-alumina treatments, the 
inter-nucleosome DNA ladder bands 

occurred at lower concentrations of 50 

and 500 mg/kg, respectively. 

[37] 

 
C. tentans Sb2O5 5000–15000 nm, 

mixed shape 

(spheres, 
irregular), ζ:2.35 

mV,SA:3 m2/g  

10 d 5 - 5000 

mg/kg 

MH EPA water, pH 7.3 

and alkalinity (64 mg/L 

CaCO3) 

DNA 

fragmentation 

DNA laddering 
 

           

Crustacean  D. magna Ag 40 nm, citrate 
coated 

24h 100 µg/L MHRW Gene 
expression 

q-RT-PCR A total of 466 genes were differentially 
expressed by at least one of the 

treatments. 

[38] 

 
D. magna Ag 35 nm, PVP coated 24h 100 µg/L MHRW Gene 

expression 

Microarray 

hybridization 

DNA damage repair genes were 

induced by the PVP nAg, but not the 

other treatments. 

[38] 

           

 
D. magna CeO2 15, 30, 45 nm 24h 1 mg/L M4 DNA strand 

breaks 
Comet Size dependent DNA strand breaks, 15 

nm CeO2 caused more damage. 
[39] 
 

  
D. magna SiO2 7,10,14 nm 24h 1 mg/L M4 DNA strand 

breaks 
Comet Neither exposure to SiO2 nor TiO2 

caused DNA strand breaks. 
[39] 

 
D. magna TiO2 7, 20, 200 nm 24h 1 mg/L M4 DNA strand 

breaks 

Comet 
  

           

 
D. magna CeO2 15, 30 nm 24h 1 mg/L Culture medium DNA strand 

breaks 

Comet The smaller-sized nCeO2 caused more 

DNA strand breaks. 

[35] 

 
D. magna SiO2 7, 10 nm 24h 1 mg/L Culture medium DNA strand 

breaks 
Comet Neither exposure to SiO2 nor TiO2 had 

a genotoxic effect. 
[35] 

 
D. magna TiO2 7 , 20 nm 24h 1 mg/L Culture medium DNA strand 

breaks 

Comet 
  

           



 

 
142 

 
D. magna Ag <50 nm 24h 0.5 - 1.5 

μg/L 
M4 DNA strand 

breaks 
Comet Both nAg and Ag ions increased DNA 

strand breaks  
[40] 

           

 
D. magna Au 3.8 nm, 8 nm in 

MHW, MPA 
coated, spherical, 

ζ: −18.5 mV 

24h 1, 10, 50 

μg/L 

MHW Gene 

expression 

qRT-PCR Positively charged nAu induced a 

greater ROS response than negatively 
charged nAu. 

[41] 

 
D. magna Au 4.9 nm, 12.8 nm in 

MHW, citrate 

coated, spherical, 

ζ:−15.3  mV 

24h 1, 10, 50 
μg/L 

MHW Gene 
expression 

qRT-PCR Mortality was only observed for the free 
ligand CTAB at 10 μg/L. 

[41] 

 
D. magna Au 5.7 nm, 17.9 nm in 

MHW, PAH 

coated, spherical, 
ζ: 17.9  mV 

24h 1, 10, 50 

μg/L 

MHW Gene 

expression 

qRT-PCR Both positively charged nAu and only 

one negatively nAu impacted 

expression of genes associated with 
cellular stress. 

[41] 

 
D. magna Au 50x14 nm, 20.7 nm 

in MHW, CTAB 
coated, rod, ζ:16.7 

mV 

24h 1, 10, 50 

μg/L 

MHW Gene 

expression 

qRT-PCR 
 

[41] 

           

Mussel M. 
galloprovincialis 

CuO 40-500 nm (DIW),  
sea water-above 

DLS detection 

limit, ζ: 26.3 in 
DIW, -7.72 mV in 

seawater 

21 d 10 µg/L Seawater, DIW, pH 7.6 
- 7.8  

Micronuclei 
frequency 

MN Micronuclei frequency increased 
significantly in mussels exposed to 

nCuO compared to bulk CuO. 

[42] 

 
M. 
galloprovincialis 

CuO 40-500 nm (DIW),  
sea water-above 

DLS detection 

limit, ζ: 26.3 in 
DIW, -7.72 mV in 

seawater 

21 d 10µg/L Seawater, DIW ,pH 7.6 
- 7.9 

Gene 
expression 

RT-PCR Transcription levels of cancer-related 
genes did not vary significantly. 

[42] 

           

 
M.galloprovincialis CuO <50 nm, spherical, 

SA:29 m2/g 
15 d 10 µg/L Natural seawater, pH 

7.8 
DNA strand 
breaks 

Comet Ionic forms presented higher DNA 
damage than nanoparticles 

[43] 

 
M.galloprovincialis Ag <100 nm, 

spherical, SA: 
5m2/g 

15 d 10 µg/L Natural seawater, pH 

7.9 

DNA strand 

breaks 

Comet Ionic forms presented higher DNA 

damage than nanoparticles 

[43] 

           

 
M.galloprovincialis TiO2 15–47 nm, oblong, 

SA: 54 m2/g 

96h 100 μg/L ASW DNA strand 

breaks 

Comet An increase in DNA damage was 

observed in isolated gill cells exposed in 
vitro to TCDD (p < 0.05), but not to 

nTiO2 alone. 

[44] 
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M. edulis Ag 13 nm, MPEG-SH 

coated, cubic 
4h 0.01-10 

mg/L 
HBSS DNA strand 

breaks 
Comet Significant increases in DNA strand 

breaks at 10 mg/L. No damage at low 

concentrations, this may be related to 

the short exposure period. 

[45] 

           

 
M. 

galloprovincialis 

TiO2 24 nm primary 

size, 972 - 1448 in 

ASW, spheroid and 
irregular 

96h 0.1 mg/L ASW, pH 8 DNA strand 

breaks 

Comet nTiO2 exposure did not affect DNA 

integrity, while CdCl2 induced DNA 

strand breaks.  In co-exposure 
experiments, the DNA damage was 

reduced to control level. 

 

[46] 

 
M. 

galloprovincialis 

TiO2 + CdCl2 96h 0.1 mg/L ASW, pH 8 Gene 

expression 

RT-PCR In vivo exposure to nTiO2 did not affect 

mt-20 gene transcription. A significant 

up-regulation of mt-20 with respect to 
controls was observed in the gills of 

mussels exposed to both CdCl2 alone 

and combined with nTiO2. 

[46] 

           

 
U. tumidus ZnO 35 nm 14 d 1.3 μM DTW, pH 7.3,  

8.67±0.51 mg/L DO 

DNA 

fragmentation 

DNA 

precipitation  

DNA fragmentation was induced by 

exposure to organic toxins, nifedipine 

(Nfd 10 μM) alone and in combination 
with nZnO, but not by nZnO alone. 

[47] 

           

 
M. 

galloprovincialis 

TiO2 10-65 nm, 130-304 

nm in ASW, 
irregular and 

spherical 

96h 100 μg/L ASW Gene 

expression 

qRT-PCR Transcriptomic analysis identified 48-, 

49 and 62DEGs in response to nTiO2, 
TCDD and n-TiO2/TCDD, respectively. 

[48] 

 
M. 
galloprovincialis 

TCDD/ TiO2+TCDD 96h 0.25 μg/L ASW Gene 
expression 

qRT-PCR No mortality was observed at both 
experimental conditions. 

[48] 

           

 
L. fortunei  TiO2 20 nm, 500 nm in 

Itapuã water, 
anatase 

2- 4 h 

(Comet) 

1-50 

μg/mL 

Itapuã water, Brazil, 

pH 7.6, DO: 1.90 mg/L 

DNA strand 

breaks 

Comet nTiO2 increased DNA damage levels at 

5 μg/mL after 2 h. After 4 h, DNA 
strand breaks were observed at all tested 

concentrations. 

[49] 

 
L. fortunei  TiO2 ζ: 15.65-18.29 mV, 

SA: 46.26 m2/g 
24 h 
(MN) 

1-50 
μg/mL 

Total hardness: 30 mg 
CaCO3/L  

Chromosome 
damage 

MN nTiO2 did not increase the MN 
frequency 

[49] 

  

 
      

 

 

 

 
M. edulis TiO2 

benzo (a) 

pyrene 

62-146 nm, 

uncoated 

96h 0.2-2 mg/L Seawater Chromosomal 

damage 

MN Chromosomal damage was detected in 

mussels exposed to single compound, 

which was further increased after 
exposure to the combination of nTiO2 or 

benzo (a) pyrene. 

[50] 
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M.trossulus CuO <50 nm, mean: 290 nm, 206 - 383 

in SW, SA: 25-40 m2/g 
0.02 mg/L Seawater DNA strand 

breaks 
Comet nCuO exposure produced remarkable 

effects and increased DNA damage 

significantly. 

[51] 

  
CuCl2 

  
0.02 mg/L Seawater DNA strand 

breaks 
Comet Both forms of Cu accumulated to 

different extents in mussel tissues. 
[51] 

           

Snail L. luteola ZnO 50 nm, polygonal,  

ζ: -15.3 mV, SA: 
>10.8 m2/g 

24, 96h 10 -32 

μg/mL 

TW DNA strand 

breaks 

Comet nZnO induce DNA damage in digestive 

gland cells through oxidative stress 

[52] 

           

 
L. luteola Ag 32 nm, spherical,  

ζ:−12.5 mV 

96h 4, 12, 24 

μg/L 

TW DNA strand 

breaks 

Comet Positive correlation was observed 

among ROS generation, apoptosis, and 
DNA damage 

[53] 

           

 
L. luteola Ag 32.40 nm, 

spherical,  ζ:−12.5 
mV 

96h 10-100 

μg/L 

DIW pH 7.03- 8.20 DNA strand 

breaks 

Comet nAg increased lipid peroxidation 

without uptake into the cells whereas 
Ag+ increased DNA damage. 

[54] 

           

 
L. luteola TiO2 34.1 nm,  ζ:-13.9 

mV 

7 d 9, 28 µg/L TW, pH 7.5-8.06, 6.2 

to 8.05 mg/L DO, 267 
to 282 mg/mL 

CaCO3,total hardness 

178 to183 mg/mL 

DNA strand 

breaks 

Comet A dose and time dependent effect was 

observed  

[55] 

           

 
L. luteola CuO 43.5 nm,  ζ:-13.7 

mV 

5 d 7, 21 µg/L TW, pH 7.24 -8.06, 

6.54 to 7.9 mg/L DO, 

259 to 284 mg/ml 
CaCO3. 

DNA strand 

breaks 

Comet A dose and duration dependent increase 

in DNA damage. 

[56] 

           

 
L. luteola TiO2 34.1 nm,  ζ:-13.9 

mV 

96h 28-84 

µg/mL 

TW,pH 7.5 -8.06, 6.20 

to 8.05 mg/l DOC 

DNA strand 

breaks 

Comet High levels of DNA damage at the 

highest concentration. 

[57] 

 
L. luteola TiO2 34.1 nm,  ζ:-13.9 

mV 

96h 28-84 

µg/mL 

TW,pH 7.5 -8.06, 6.20 

to 8.05 mg/l DOC 

Apoptosis Annexin V-FITC 

and propidium 

iodide staining 

Significant increase in Annexin V (+) 

cells (13.10 %) and late necrotic cells 

(17.59 %). 

[57] 

           

 
R. leuteola MgO 35 nm, 154 in TW, 

ζ:-19 mV 

24; 96 h  0-51 

µg/mL 

TW, pH 6.9 to 7.94, 6.8 

to 8.20 mg/L DO; 

conductivity: 247-
298.6 μM/cm; 

hardness: 159 -180 

μg/mL 

DNA strand 

breaks 

Comet DNA damage and enzyme increased 

more effectively at the higher 

concentration of MgO NPs at 96h. 

[58] 
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Clam M. balthica Ag 20 and 80 nm, PVP 
coated 

35 d 150-120 
μg/g 

NR DNA strand 
breaks 

Comet No DNA damage, a form dependent 
bioaccumulation was observed, ions > 

NPs > micro sized particles 

[59] 

  
CuO <100 nm 35 d 150-120 

μg/g 
NR DNA strand 

breaks 
Comet No DNA damage, a form dependent 

bioaccumulation was observed, ions > 

NPs > micro-sized particles 

[59] 

           

 
S. plana CuO 197 nm (DIW), 

810 nm (seawater),  

 ζ:26.3 mV DIW, -

8.3 in seawater 

21 d 10 µg/L Seawater DNA strand 
breaks 

Comet DNA strand breaks were observed for 
both soluble Cu and nCuO treatments. 

[60] 

           

Polychaete A. marina TiO2 32.4 nm, SA: 46.3 

m2/g 

10 d 1 -3 g/kg Marine sediment DNA strand 

breaks 

Comet Significant DNA damage was observed 

with nTiO2 compared to the controls 

and bulk TiO2. 

[61] 

           

 
H. diversicolor CuO 197 nm in DIW, 

810 nm in 

seawater, ζ:26.3 
DIW, -8.3 in 

seawater 

21 d 10 µg/L Seawater DNA strand 

breaks 

Comet DNA strand break was observed for 

both soluble Cu and nCuO treatments 

[60] 

           

 
L. acuta TiO2 NR 48 h 1 mg/L NR DNA strand 

breaks 
Comet Co-exposure induced an increase in the 

ROS levels, and damage in lipid and 

DNA. 

[62] 

 
L. acuta Arsenic NR 48 h 0.05 mg/L NR DNA strand 

breaks 
Comet DNA damage was higher in co-

exposure than exposure to only arsenic 

or nTiO2. 

[62] 

           

Ascidian C. intestinalis Ni <100 nm, 128.8-
151.4 nm in 

seawater 

2 h 0.001-0.1 
mg/mL 

Seawater Sperm DNA 
fragmentation 

In Situ Cell 
Death Detection 

Kit 

Ni NPs generated oxidative stress that 
in turn induced lipid peroxidation and 

DNA fragmentation, and altered sperm 

morphology. 
 

[63] 

  
NiCl2 

  
0.001-0.1 

mg/mL 

Seawater Sperm DNA 

fragmentation 

In Situ Cell 

Death Detection 
Kit 

No significant variation was observed 

in sperm DNA between NiCl2 and the 
control groups. 

[63] 

           

Bacteria S.typhimurium, E. 

coli 

TiO2 140 nm, SA: 38.5 

m2/g 

NR 100-5000 

µg/ plate 

Milli-Q water, pH 4.8 Mutagenicity Ames No mutagenicity observed [64] 
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S.typhimurium, E. 
coli 

TiO2 <100 nm, 
uncoated,   ζ: 5.04  

mV 

48h 0 - 2500 
mg/L 

Milli Q water, pH 
4.09–5.36 

Mutagenicity Ames A reduction in the number of revertent 
colonies was observed with TiO2, but 

no mutagenicity. 

[65] 

 
S.typhimurium, E. 
coli 

TiSiO4 <50 nm, uncoated,  
ζ:-23.4  mV 

48h 0 - 2500 
mg/L 

ASTM hard water, pH 
7.04–7.71 

Mutagenicity Ames No mutagenicity observed [65] 

 
S.typhimurium, E. 

coli 

Au 10x35 nm, rod, 

CTAB coated,  
ζ:15.3  mV 

48h 0 - 2500 mg/L Mutagenicity Ames No mutagenicity observed [65] 

           

 
S.typhimurium, E. 

coli 

CuO 30–50 nm NR 10 - 500 mg/L NR Mutagenicity Ames No significant mutagenicity was 

observed at the tested concentrations. 

[66] 

  
ZnO NR NR 10 - 500 mg/L NR Mutagenicity Ames No significant mutagenicity was 

observed at the tested concentrations. 

[66] 

  
NiO 30 nm NR 10 - 500 mg/L NR Mutagenicity Ames No significant mutagenicity was 

observed at the tested concentrations. 
[66] 

  
TiO2 <25 nm NR 10 - 500 mg/L NR Mutagenicity Ames No significant mutagenicity was 

observed at the tested concentrations. 

[66] 

           

 
S.typhimurium, E. 

coli 

Ag 8.6 nm, SMA 

coated, spherical, 

ζ: -40  mV 

48h 0.05-1.6 µg/plate Top agar 

(containing 

0.5% NaCl) 

Base-pair 

substitutions 

Ames SMA-nAg did not cause mutagenic 

effect 

[67] 

           

 
E. coli TiO2 20 nm 72h 0.01 µg/plate LB DNA 

fragmentation 

DNA ladder Presence of TiO2 caused more plasmid 

DNA and chromosome DNA damage 

than UV radiation only. 

[68] 

           

 
E. coli CuO 20-100nm, ζ: -16.5  

mV 

24h 100 μg/mL E. coli media 

MMD 

DNA 

fragmentation 

DNA ladder nCu and nCuO caused more damage 

than their micro sized counterparts at 

the same Cu concentration. 

[69] 

 
L. brevis CuO 20-100 nm, ζ: -16.5 

mV 

24h 100 μg/mL Lactobacilli 

MRS broth 

DNA 

fragmentation 

DNA ladder 
 

           

 
E. coli CuO 30 nm, SA: 25.5 

m2/g 
8h 0.635-6.35 mg/L LB DNA strand 

breaks 
Bioluminescence  nCuO induced the formation of ROS 

and single-strand DNA breaks. 
[70] 

           

 
S.typhimurium, E. 

coli 

ZnO 165 nm,  ζ: -26 mV 48h 0.008 - 8 µg/plate Top gar Mutagenicity Ames nZnO showed a two fold increase in 

revertant colonies compared to the 
negative control in TA98, TA1537 and 

E. coli. 

 

[71] 

 
E. coli TiO2 124 nm, ζ: - 17.6 

mV 

48h 0.008 - 8 µg/plate Top gar Mutagenicity Ames nTiO2 showed a statistical significant 

increase in the number of revertant 

colonies in TA98, TA1537 and E. coli 
(WP2 uvrA) 

[71] 
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P. aeruginosa Al2O3 13 nm, 362-726 nm 

in lake water, 

irregular and 

spherical, ζ: 25.9 
mV, SA: 85–115 

m2/g   

24h 0.25, 0.5,1 mg/L Lake water DNA strand 
breaks 

DNA alkaline 
unwinding  

nAl2O3 caused more DNA damage than 
the bulk particles in both bacterial 

strains. 

 
 

 

[72] 

 
B. altitudinis bulk-Al2O3 986-1679 nm in 

lake water, ζ: 3.05 

mV 

24h 0.25, 0.5,1 mg/L Lake water DNA strand 
breaks 

DNA alkaline 
unwinding 

Both n Al2O3 and bulk Al2O3 caused 
more DNA damage to Gram-negative 

bacteria than to Gram-positive bacteria. 

[72] 

           

 
N. europaea TiO2 41 nm, 85.8 in 

media, elliptical 
6 h 1-50 mg/L SCM, pH 7.45, 

2 mg/L DO 
Gene 
expression 

qRT-PCR amoA gene  was up-regulated under the 
stress of either 50 mg/L nCeO2 or their 

combination with nTiO2. 

 

[73] 

 
N. europaea CeO2 35nm, 113.6 nm in 

media, irregular 

6 h 1-50 mg/L Gene 

expression 

qRT-PCR The ZnO/CeO2 mixture impacted AMO 

activity profile; the amoA gene 

expressions were gradually down-
regulated with the increase of the co-

existing nCeO2. 

[73] 

 
N. europaea ZnO 95 nm, irregular 6 h 1-50 mg/L Gene 

expression 
qRT-PCR 

  

           

 
P. putida Al2O3 <50 nm,  ζ: >40 

mV 

16 h 0.1-1000 

mg/L 

NR DNA changes RAPD-PCR  Treatment with n Al2O3 led to a 

decrease in the genetic stability of DNA 
(GTS, %) compared with the negative 

control. 

[74] 

 
P. putida bulk-Al2O3 16 h 0.1-1000 

mg/L 
NR DNA changes RAPD-PCR nAl2O3 induced modifications of the 

genetic material to a greater extent than 

the same compounds in the macro form. 

[74] 

           

 
E. coli Ag <20 nm 4 h 30, 60 

μg/mL 
PBS, pH 7.4 DNA changes RAPD-PCR The presence or absence of bands in the 

gel images suggested changes in the 

DNA sequence by NPs. 

[75] 

 
E. coli CuO <20 nm 4 h 

  
DNA changes RAPD-PCR 

 

           

Algae 
          

 
D. tertiolecta ZnO 100 nm, 470-1040 

nm in ASW, ζ: -

10.51 mV 

24; 72 h 5-100 
mg/L 

Filtered ASW, pH 8 DNA strand 
breaks 

Comet At 25 mg Zn/L, the highest effect was 
observed with the 55% of nuclei 

damaged. 

[76] 

 
D. tertiolecta SiO2 10-20 nm, 1300-

1800 nm in ASW, 

ζ: -12.15 mV  

24; 72 h 125,200 
mg/L 

35‰ of salinity DNA strand 
breaks 

Comet After 24 h, at 125 mg/L, more than 70% 
of intact nuclei were observed. After 72 

[76] 
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h, an increasing genotoxic effect was 
observed.  

D. tertiolecta TiO2 25 nm, 1300-1350 

nm in ASW, ζ: -
10.7 mV 

24; 72 h 7.5,20 mg/L 
 

Comet After 24 h, nuclei were already 

damaged with  >70% of the nuclei 
extremely damaged after 72 h. 

[76] 
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Table A3.1: Composition of 10% BG-11algal medium  

 
Macronutrients Volume (mL) per 1 L 

A CaCl2.2H2O 1 

B NaNO3 10 

C K2HPO4 1 

D MgSO4·7(H2O) 1 

E NaHCO3 1    

 
Micronutrients  
H3BO3 

 

 
MnCl2·4(H2O)  
ZnSO4·7H2O 1 

F CuSO4·5H2O 
 

 
Co(NO3)2. 6H2O  
NaMoO4.2H2O  
Citric acid 

 

G Na2-EDTA.2H2O 1 

H Fe(NH3)-citrate 1 

 

Table A3.2: Composition of Hoagland's medium 

Macronutrient Per liter of nutrient solution 

KNO3 5 ml of 1 M 

Ca(NO3)2 4H2O 5 ml of 1 M 

MgSO4·7(H2O) 2 ml of 1 M 

KH2PO4 2 ml of 1 M   

Micronutrients Per liter (g) 

H3BO3 2.86 

MnCl2·4(H2O) 1.81 

ZnSO4·7H2O 0.22 

CuSO4·5H2O 0.08 

MoO3 0.02 

Fe-EDTA 1-5 ml of 1000 mg/L   

Minus nitrogen 
 

Ca(NO3)2 4H2O 0.75 ml of 1 M 

Ca(H2PO4)2·H2O 10 ml of 0.05 M 

CaSO4·2H2O 200 ml of 0.01 M 

K2SO4 5 ml of 0.5 M 

MgSO4.7H2O 2 ml of 1 M 
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Table A3.3: Composition of unfiltered tap water 

Physical and Aesthetic  

determinands 

Unit of measure Specification 

    

Conductivity mS/m > 0.0 to < 170.0 

pH at 25 ºC N/A > 5.0 to < 9.7 

Free Chlorine mg/L > 0.01 to < 5.0 

Residual Chlorine mg/L > 0.01 to < 5.0 

Total Chlorine mg/L > 0.01 to < 5.0 

Total Dissolved Solids mg/L > 0.0 to < 999.0 

Turbidity Aesthetic NTU > 0.01 to < 5.0 

Turbidity Operational NTU > 0.01 to < 1.0     

Chemical determinands-organic determinands 
  

Bromoform μg/L > 0.0 to < 100.0 

Chloroform μg/L > 0.0 to < 300.0 

Dibromochloromethane μg/L > 0.0 to < 100.0 

Dichlorobromomethane μg/L > 0.0 to < 60.0 

Microcystin as LR μg/L > 0.0 to < 1.0 

Phenols μg/L > 0.0 to < 10.0 

Total Organic Carbon as C mg/L > 0.0 to < 9.99 

Total trihalomethanes as 

THM 

μg/L > 0.0 to < 199.0 

    

Chemical determinands - micro determinands 
  

Aluminium as Al μg/L > 0.0 to < 300.0 

Antimony as Sb μg/L > 0.0 to < 20.0 

Arsenic as As μg/L > 0.0 to < 10.0 

Cadmium as Cd μg/L > 0.0 to < 5.0 

Cobalt as Co μg/L > 0.0 to < 499.0 

Copper as Cu μg/L > 0.0 to < 2000.0 

Cyanide (recoverable) as CN μg/L > 0.0 to < 200.0 

Iron as Fe μg/L > 0.0 to < 300.0 

Lead as Pb μg/L > 0.0 to < 20.0 

Manganese as Mn μg/L > 0.0 to < 100.0 

Mercury as Hg μg/L > 0.0 to < 6.0 

Nickel as Ni μg/L > 0.0 to < 70.0 

Selenium as Se μg/L > 0.0 to < 20.0 

Uranium as U μg/L > 0.0 to < 30.0 

Vanadium as V μg/L > 0.0 to < 200.0     

Chemical determinands - macro determinands 
  

Ammonia as N mg/L > 0.0 to < 1.5 

Chloride as Cl mg/L > 0.0 to < 300.0 

Fluoride as F mg/L > 0.0 to < 1.5 
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Nitrate as N mg/L > 0.0 to < 11.0 

Nitrite as N mg/L > 0.0 to < 0.9 

Sodium as Na mg/L > 0.0 to < 200.0 

Sulphate as SO4 mg/L > 0.0 to < 250.0     

Microbiological determinands 
  

Confirmed E. Coli CFU/100mL > 0.0 to < 0.0 

Cryptosporidium species mg/L > 0.0 to < 0.0 

Cytopathogenic Viruses mg/L > 0.0 to < 0.0 

Faecal Coliforms CFU/100mL > 0.0 to < 1.0 

Total Coliforms CFU/100mL > 0.0 to < 10.0     

Other determinands 
   

Bromide mg/L > 0.0 to < 4.0 

Calcium as Ca mg/L > 0.0 to < 150.0 

Calcium Hardness as CaCO3 mg/L > 0.0 to < 370.0 

Magnesium as Mg mg/L > 0.0 to < 70.0 

Magnesium Hardness as 

CaCO3 

mg/L > 0.0 to < 280.0 

Orthophosphate as PO4 mg/L > 0.0 to < 1.0 

Potassium as K mg/L > 0.0 to < 50.0 

Silica as Si mg/L > 0.0 to < 25.0 

Total Hardness as CaCO3 mg/L > 0.0 to < 660.0 
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Figure A4.1: EDX spectra corresponding to SEM images confirming the presence and 

distribution of Au and CeO2 NPs on plant roots surface and the absence of NPs on the control 

samples: (a) 5 nm cit, (b) 20 nm cit, (c) 40 nm cit, (d) 5 nm BPEI, (e) 20 nm BPEI, (f) 40 nm 

BPEI, (g) CeO2 NPs and (h) control samples. 

APPENDIX B 

Optimization of PCR conditions for RADP assay 

 

Random Amplified Polymorphic DNA (RAPD) was performed by two 10-base pair RAPD 

primers; OPB1 (5'-GTTTCGCTCC -3') and OPB14 (5'-TCCGCTCTGG-3') sourced form 

Inqaba Biotechnical Industries (Pty) Ltd (Pretoria, South Africa). Amplification was performed 

in 25 µL reaction volumes consisting of 0.5 µL primers, 10 µL DIW, 12.5 µL GoTaq® G2 Hot 

Start Green Master Mix (GoTaq® G2 Hot Start Polymerase, dNTPs, MgCl2 and reaction 

buffers: Promega, USA), and 2 µL genomic DNA using a Polymerase Chain Reaction (PCR) 

thermocycler (T100™ Thermal Cycler). For the negative control, genomic DNA was not added 

and DIW was used to make up the 25 µL volume.  RAPD PCR conditions used by Wu et al. 
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(2013) were followed. The PCR steps consisted of DNA denaturation for 5 min at 95 °C, 

followed by 30 cycles of 40 s at 95 °C, 40s at 56 °C, and 2 min at 72 °C, then final extension 

for 10 min at 72 °C. The amplified DNA was separated at 90 mV for 1 h and visualised using 

a UV transilluminator. Following these PCR steps, no bands were obtained in 1% and 1.5% 

ethidium bromide-stained agarose gel dissolved in 1 X TAE buffer (Tris-acetate-EDTA buffer, 

pH 7.5). 

A gradient PCR was then used to find optimum annealing temperatures for each primer. A 

temperature range between 35 and 50° C was selected based on primer melting temperatures 

as provided by the supplier (39.5 °C for OPB1 and 43.6 °C for OPB14). The annealing 

temperatures tested for each primer were in the range of 35- 50 °C. The RAPD-PCR protocol 

consisted of the following steps: a 35 cycle warming step at 95 °C for 5 min, DNA denaturation 

at 95°C for 1 min, annealing (30 –50 °C) for 1 min, extension 74 °C for 1 min, and final 

extension at 74 °C for 10 min. The amplified product was gel electrophoresed at 80 mV for 2 

h and visualised using a UV transilluminator. No DNA bands were observed at any of the tested 

temperatures. Following the same procedure, the study was repeated with bovine serum 

albumin (BSA) in an attempt to enhance binding between the DNA and primer at an annealing 

temperature range of 35–50 °C (50.0, 48.7, 46.8, 44.3, 40.8, 37.8, 35.9, 35.5 and 35.0 °C). A 

comparison of results generated with and without BSA, showed the former had clear bands, 

and hence BSA was used in this study as DNA-primer binding enhancer. The annealing 

temperatures (46.8 °C for OPB1 and 44.3 °C for OPB14) with more visible bands for each 

primer were selected for the experiments. 
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Table A5.1: DNA concentrations (ng/µL) and purity (OD260/OD280) after 72 and 168 h 

NP type NP concentration 

(mg/L) 

DNA concentration (ng/µL) OD260/OD280 

72 h 168 h 72 h 168 h 

5 nm cit-Au  0.0625 298.2 156.3 1.91 1.88 

 0.25 

1 

127.1 

98.8 

100.6 

101.2 

1.88 

1.71 

1.79 

1.72 

20 nm cit-Au 0.625 101.5 110.2 2.02 2.1 

 0.25 231.4 123.3 2.03 1.92 

 1 236.8 152.3 1.94 1.89 

40 nm cit-Au 0.0625 100.5 105.3 1.96 1.79 

 0.25 

1 

128.7 

110.5 

112.1 

99.8 

1.94 

1.84 

1.81 

1.78 

5 nm BPEI Au 0.0625 214.8 110.2 2.01 1.99 

 0.25 195.8 101.2 2.05 1.87 

 1 99.5 96.9 2.09 1.78 

20 nm BPEI Au 0.0625 170.4 180.6 2.01 1.78 

 0.25 164.1 183.9 1.99 1.81 

 1 114.9 181.9 1.99 1.85 

40 nm BPEI Au 0.0625 240.5 170.2 2.04 1.76 

 0.25 166.9 151.1 1.88 1.79 

 1 199.7 145.3 1.86 1.79 

CeO2 NPs 0.0625 40.5 50.2 1.81 1.70 

 0.25 56.9 48.6 1.77 1.72 

 1 59.7 39.9 1.82 1.71 

 

 


