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Abstract

Coal mining and coal utilization in Mpumalanga have increased over the years due to
national reliance on coal as a source of power generation. In general, this has caused
significant deterioration of water quality wherever streams are impacted by acid mine
drainage (AMD). The aim of this research was to assess the use of in vitro bioassays as a
complement to, or potential future replacement of, waste effluent testing in whole animals
from AMD impacted watersheds subjected to passive and active treatment, correlating
observed changes with water chemistry analysis. To accomplish this goal, water samples
were collected and in vitro bioassays carried out to investigate generation of reactive oxygen
species by the water samples and cytotoxicity against Vero kidney cells, C3A liver cells and
trout RTgill-W1 cells. Primary fish gill cultures were established and used as sensitive in
vitro models for assessing possible contaminants in water, measuring the induction of
cytochrome P450 (CYP) 1A and resultant increase in 7-ethoxyresorufin-o-deethylase activity
as a potential biomarker in fish gill cells exposed to polycyclic aromatic hydrocarbons. The
genotoxic potential of AMD water on commercially available cell lines was also determined.

The study site was an impacted stream located downstream of a coal mine discharge point
whose effluent flowed away from the mine. Water chemistry results suggested high AMD
impact evidenced by acidity, elevated sulphates, increased conductivity and presence of
heavy metals. Al, Fe, Zn, Mn and Si were the major metals of potential concern in the AMD
impacted stream; sulphates and major ions like Ca, K, Na and Mg were present at levels
above target water quality range (TWQR) for effluents in receiving stream. The AMD
impacted stream caused increased generation of reactive oxygen species (ROS) detectable in
vitro in selected cell lines (Vero, C3A and RTgill-W1 cell lines), an indication of oxidative
stress. In-stream, active treatment with caustic soda was efficient at reducing metal burden,
with subsequent reduction in ROS generation in fish gill cell lines. For in vitro cytotoxicity
tests, passive and active treated AMD water was cytotoxic to cell lines (Vero and RTgillW1), with the fish RTgill-W1 cells exhibiting greater sensitivity compared to the mammalian
Vero cells. Mitochondria played a larger role in observed loss in cellular viability (increased
vacuolization, mitochondrial membrane swelling and damage), which was detected using
mitochondrial specific stains, and by transmission electron microscopy (TEM). Increased
dose- dependent cytotoxicity was observed in the fish gill and mammalian cell lines. Cells
exposed to water samples (AMD and reference sites) revealed significant differences (p <
v
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0.05) between the AMD impacted watershed and a relatively pristine site (reference site)
where exposure to the same cells maintained approximately 100% viability at all
concentrations for up to 72h exposure. The observed differences in effect in this study
demonstrate that the effluent from the coal mine negatively impacted surface water quality,
resulting in toxicity to cell lines, therefore creating an environment that would not be
conducive for the survival of biological aquatic communities and potentially of concern for
downstream human end users.

The induction of cytochrome P450 (CYP) 1A and resultant increase in 7- ethoxyresorufin-odeethylase activity in primary fish gill cultures exposed to polycyclic aromatic hydrocarbons
B[a]P, a known AhR agonist contaminant associated with coal mining, showed that there was
as increase in EROD activity which was not observed using the RTgill-W1 cell lines. Gill
epithelial cells isolated from the gills of Tilapia fish (Oreochromis mossambicus) bear close
similarities to fish gills in vivo and their capacity to respond to the presence of AhR indicates
that they may serve as a simple, cost-effect screening tool for assessing PAHs and dioxin-like
compounds in fresh water.

For genotoxicity evaluation, the Ames test performed without metabolic activation using
bacterium Salmonella typhimurium TA98 and TA100 strains revealed no indication of
genotoxic activity in any of the water samples. Genotoxicity assessment of all water samples
using the comet assay however exposed DNA damage to Vero and RTgill-W1 cell lines. A
significant reduction in DNA damage was observed following active treatment. The results
suggest that neither treatment technologies employed were efficient at removing all potential
genotoxicants so further improvements are required. The comet assay proved sensitive
enough to detect genotoxicity in reference water samples despite no known untoward effluent
inputs at the site, suggesting potential for this assay to be integrated into an environmental
monitoring framework.

The results obtained support the use of in vitro bioassays for evaluating toxicity of industrial
effluent through biological responses in test systems elicited following exposure, improving
ability to detect AMD polluted water. This could be beneficial when assessing the degree and
extent of impact of AMD in natural water sources, and the possible environmental impact
resulting from hazardous elements present in effluent water. In conclusion, these results
suggest that in vitro techniques involving cell lines and primary cultures from fish may serve
vi
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as simple, rapid and cost-effective tools for assessing risk and potential toxic effects of
contaminants in AMD waters.
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CHAPTER 1: Introduction
1.1 Background information

Power generation in South Africa is largely based on coal-fired power stations with 83% of
the total coal mined within the Mpumalanga Province (Mangena and Brent, 2006).
Historically, exploitation of coal in the Mpumalanga fields started in the early 1900s in the
Witbank (now eMalahleni) area, but gained momentum in the 1970s with the construction of
many coal fired power stations. There are over 10 000 km2 of hydraulically interlinked coal
mines in the Mpumalanga Province alone (Vureen, 2009). Mining operations have since
affected water quality within the Olifants River catchment area, where runoff and drainage
from mines have contaminated streams due to the presence of heavy metals and acidity,
raising potential environmental concerns, one of which is acid mine drainage (AMD)
(Hodgson and Krantz, 1998).

In order to adequately control water pollution and ensure acceptable water quality,
knowledge of the effects of pollutants upon the aquatic environment is required. Physical and
chemical analysis of water quality furnishes information on the condition of the stream, but
does not indicate the cumulative effects on the biota. Currently, commonly used methods for
investigating AMD impacted streams involve the use of macro-invertebrates (Jarvis and
Young, 2000; Rosenberg and Resh, 1993) and fish as bioindicators in acute toxicity tests by
identifying the concentration of contaminants that cause mortality (OECD, 1992; 1995).
These processes involve extended, costly and laborious experiments that take a long time
before results are available for interpretation. In South Africa, the Department of Water
Affairs and Forestry (DWAF) has been collecting data from the 1970s on the physicochemical characteristics of the country‘s water resources, but biological data is lacking, and
there is no preference yet for a specific AMD screening tool. An approach to characterize the
relative importance of AMD toxicity using in vitro techniques such as cellular bioassays to
detect acute toxicity from AMD contaminants in conjunction with an environmental water
quality surveillance system is needed. This could be innovative in terms of assessing
anthropogenic changes in aquatic ecosystems, thereby providing crucial inferences about the
health of an AMD-impacted stream and helping policy makers decide which level of change
is acceptable.
1
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In vitro cellular responses (cytotoxicity, oxidative stress, EROD induction) may be correlated
with analytical data of water quality, as functional and structural changes occur between
pollutants at cellular levels that would interfere with basic cellular functions within the
organism (Larsson et al, 1985). Poor water quality will clearly not sustain life and would
produce lethal alterations in vitro and in vivo. This study sought to determine how the
concept of cellular responses/toxicity could be applied to evaluate water sources impacted by
AMD effluent from a coalmine.
1.2 Properties of Acid Mine Drainage
AMD may have one or more of four complex mixtures of minerals with properties such as
high acidity (pH between 2.0 and 4.5), high metal concentrations, elevated sulphate levels
and excessive suspended solids and/or siltation, which result in toxicity (Campbell and
Stokes 1985). Coal contains pyrites, and wherever pyritic formations become exposed to air
and water, acid sulphate is formed, and acid mine water is produced. South Africa‘s coal
contains a considerable amount of pyrites (Thompson, 1980), and hence the oxidation of
sulphide minerals, typically iron pyrite or iron di-sulfide (FeS2) produces AMD (Gray, 1998).
AMD impacts the biological, chemical and physical components of the ecosystem and has
been identified as the single most significant threat to South Africa‘s environment, exerting
pressure on the fresh water systems and resources (Younger, 2001). The heavy metal
pollution of surface waters is worrisome, as an assortment of issues arises, from toxicity to
drinking water to food chain disruption, including other biological problems related to pH
imbalance and disruption in growth and reproductive patterns of aquatic organisms (Fostner
and Whittmann 1981; Lindegaard, 1995). Additionally, coal utilization is associated with
polycyclic aromatic hydrocarbons (Guerin, 1978; Ahrens and Morrisey, 2005), which are
problematic in the environment due to persistence. There are concerns about the harmful
effects of PAHs acting as endocrine disruptors in humans and wildlife and as suspected
potential carcinogens (Harrison et al., 1995; Kelce et al., 1995; Kavlock, 1996; Zakaria et al.,
2002).
A variety of AMD treatment processes are currently used, one of which involves the use of
wetlands as a passive method to treat AMD effluent and reports suggest that they are
effective at improving water quality (USDA and EPA, 2002). Active treatment may involve
the use of alkali to correct water pH and precipitate metals, which may give the appearance
2
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that the effluents are non-toxic, before being discharged into receiving streams (Akcil and
Koldas, 2006). Occasionally, treatment technologies may become insufficient or
uneconomical to maintain, such that a considerable amount of untreated AMD is left,
allowing persistence of elevated metal levels and acidity (Diz, 1997). One way to evaluate
the efficacy of such systems is by physical and chemical monitoring of the quality of the
effluent following treatment, in conjunction with biological effect assessment, because
environmental changes on a short-term and on a long-term basis may be detected though
bioassays (Burgman and Lindemayer 1998; Mota Marques et al., 2000; Ji et al., 2004; Kelly
et al., 2006).
1.3 Problem statement and motivation
Important deductions about the health of a stream can be made by assessing whether change
has occurred and to what extent (Chapman et al., 1995). Chemical analyses of water columns
only provide an insight into the stream conditions, leaving out the cumulative effects of
contaminants such as AMD, thus failing to identify other detrimental disturbances (Karr and
Chu, 1999; Chapman, 2007). This deficit may be overcome by combining water chemistry
analysis with in vitro-based bioassays in order to evaluate contaminant risk and hazards in the
environment for possible toxicity. Observed changes could then be correlated with water
chemistry parameters that can help target problem areas and monitor recovery.

By convention, the impact of contaminants on aquatic environment is assessed through the
use of a single species (e.g. use of fish such as fathead minnow, zebra fish, and rainbow
trout), or small invertebrates (Daphnia magna), bacteria, and algae (Fentem and Balls, 1993).
The Organization for Economic Cooperation and Development (OECD, 1992) targets the
endpoint of in vivo testing which is aimed at identifying the concentration lethal to 50% of
the exposed fish, referred to as LC50. These laborious, expensive and extensive bioassay
protocols have the limitation of differences in sensitivity of single organisms to
environmental contaminants (Cairns, 1986; Chapman, 1981). Other factors like the life stage,
nutritional status, species behavior, and food preference, may influence species‘ sensitivity to
toxic agents (Mothersill and Austin, 2003). Lethality, which is usually an endpoint, is a
matter of concern and hence there is a need to promote alternative techniques, which have
become widely explored in environmental health research. These alternative techniques
which comprise in vitro or laboratory based methods, satisfy the 3R‘s (reduce, replace and
3
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refine) in current research and toxicological studies involving wastewater effluent testing, by
providing an alternative to whole animal testing, since large numbers of samples can be
screened rapidly at a reasonable cost and fewer laboratory animals are used. Its use in
investigating and monitoring of AMD impact in receiving streams helps detect fluctuations in
water quality that may have been missed by periodic chemical analyses alone, as well as
detecting biological responses within a given period as it is impracticable to obtain a
complete profile of all potential toxicants in water columns at all times.

1.4 Hypothesis

The research question may be stated as follows: are in vitro cellular responses in cell lines
useful to investigate and study AMD toxicity?

1.5 Study aim and objectives

The aim of this study was to develop an in vitro based monitoring system for assessing
toxicity associated with AMD effluent from coal mines.

The following objectives were undertaken to achieve the aim of this study:
1. Investigate the generation of reactive oxygen species (an indicator of oxidative stress) in
species relevant cell lines as a bio-indicator of the safety of treated acid mine water.
2. Determine, in vitro, cytotoxic end-points of bioavailable water contaminants in cell lines
exposed to AMD, to determine if cytotoxic responses correlate strongly with water chemical
parameters in streams.
3. Establish and validate primary fish gill cultures in freshwater fish (Oreochromis
mossambicus) as an in vitro toxicity monitoring system using specific endpoints such as
CYP1A induction as biomarker of exposure to environmental contaminants for potential
toxicity evaluation of environmental samples.
4. Determine the genotoxic potential of impacted stream by AMD effluent using the comet
assay and the Ames test in human and fish cell lines.

4
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1.6 Thesis structure

Chapter 1
Chapter one describes the background and motivation for the research; it addresses the
problem statement and provides a general overview of AMD as well as the goals and
objectives of the research.

Chapter 2
This chapter provides a general insight into water resources in South Africa and water
quality. It highlights the economic and domestic importance of coal mining and its
environmental toll. It also describes monitoring and bio monitoring of South African aquatic
systems, the economic, ecological and environmental importance of AMD, and the chemistry
and formation of AMD along with currently available treatment options.

Chapter 3
Chapter three describes the main environmental characteristics of the study sites in terms of
the location, geography and mining history. It also describes the water chemistry analysis
techniques employed and incorporates a discussion of the water chemistry results.

Chapter 4
This chapter describes the use of reactive oxygen species generation (an index of oxidative
stress) in species relevant cell lines (mammalian cell lines and a fish gill cell line) as a
monitoring tool for treated and untreated AMD water. This study showed the potential use of
a simple technique involving a dye, DCFH-DA, for rapid biomonitoring of the quality of
treated AMD water relating to the formation of ROS and subsequent cellular effects
(Objective 1).

Chapter 5
The in vitro cellular toxicity of AMD water samples to mammalian cell lines and a fish gill
cell line are assessed in this section. In vitro cytotoxicity, which usually precedes in vivo
lethality, was examined. Cell viability was determined using the tetrazolium-based
colorimetric (MTT) assay and the neutral red viability test. Ultrastructural changes following
exposure were assessed by TEM and finally, efforts to correlate toxicity with changes in the
5
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physicochemical parameters of polluted water versus clean water were made (Objective 2).

Chapter 6
Chapter six addresses the need to assess biological responses in primary cultures arising from
fish gills because these cultures bear closer similarities than continuous, transformed
commercial cell lines to in vivo systems for possible detection of contaminants present in
water samples. Primary gill cultures from fish (Oreochromis mossambicus) were established
and validated for their ability to act as an in vitro toxicity monitoring system for contaminants
such as benzo(a)pyrene, a polycyclic aromatic hydrocarbon, which is commonly associated
with coal utilization (Objective 3).

Chapter 7
This chapter evaluates the possibility of using a mammalian (Vero monkey kidney cell line)
and a fish gill cell line (RTgill-W1) in assessing the genotoxicity of water samples from an
AMD impacted stream, following passive treatment (a wetland) and active treatment by
conventional physical and chemical processes (Objective 4).

Chapter 8
This section comprises the General Discussion and Conclusions, summarizing the main
results concluded from the research and providing future research perspectives.

Chapter 9
References.

6
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CHAPTER 2: Literature review
2.1 Drivers of change in aquatic ecosystem
A number of factors are responsible for changes observed in the aquatic ecosystem. Such
factors may be physical (light and temperature), chemical (organic and inorganic, nutrients),
environmental or biological. These factors may influence ecosystem health, occurring at
different rates. Generally, rivers and streams undergo fairly predictable daily and seasonal
changes in physical chemistry and biota (Townsend and Riley, 1999). One of the most
disturbing drivers of change in the aquatic ecosystem is human activity. Globally, humans
play significant roles in shaping and disturbing stream ecosystems (Resh and Grodhaus,
1983; Petersen et al., 1987; Younger, 2001). These actions vary from construction of dams, to
major earth movement or land clearance, deforestation, introduction of exotic species, and
pollution from industrial, urban, agricultural and mining sources. These human-related
stressors could negatively impact on aquatic ecosystems and modify their ‗health‘. The
ability of the aquatic ecosystem to cope with stressors depends largely on its resilience. It
becomes more challenging when the object of stress is anthropogenically induced. Severe
disturbances may result in changes that alter the river‘s biota, thus affecting the entire
biological context of the river, which may then become irreversible, when the natural ability
of the river to withstand such stress has been exceeded.

When changes are naturally induced and are within an aquatic ecosystem‘s evolutionary
experience, the ecosystem retains its capacity to maintain its self-organizing processes and
does not become transposed to an alternative stable state (Holling, 1973; Gunderson et al.,
2002). Aquatic ecosystems, nevertheless, display more sensitivity to changes related to
human activities (Bornette et al., 1998; Ward, 1998). The degree to which a natural
ecosystem is sustainable, as it withstands human impact while maintaining its ecological
structure and function over time, is termed ―stream health‖ (Scrimgeour and Wicklum, 1996).
Stream health can be determined by measuring the biological condition and assessing if
change has occurred and to what extent. Not all contaminants are pollutants, but all pollutants
are contaminants, and in order to determine when a contaminant becomes a pollutant,
biological measurements are required in addition to chemical measurements (Chapman et al.,
2003).
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2.2 Coal mining in South Africa
South Africa is the world‘s sixth largest coal producer, generating approximately 220 Mt coal
per year (DME, 2004). Coal is produced when huge deposits of vegetative material undergo
geochemical processes known as coalification. Coal is made up primarily of organic elements
(e.g. C, H) and inorganic elements (e.g., Al, Fe, Ca, Mg, Na, K, and S), and it also contains
trace elements (including As, Be, Cd, Co, Cr, Hg, Mn, Ni, Pb, Sb, and Se) (U.S. EPA, 1982;
U.S. EPA, 1983). Coal may be mined either at the surface or underground. This is determined
by the location of the coal relative to the surface. The country's coal mining industry is the
second largest mining sector after gold, with coal supplying 55% of the country‘s total
domestic power needs (Tshwete et al., 2006). There is sustained national reliance on coalbased energy production and of the 450 million tons of waste generated annually, the mining
industry is responsible for 70%. This takes its toll on land usage, surface and underground
water quality (AngloGold Ashanti Annual Report, 2004).

Historically, coal mining has played a significant role within the Upper Olifants River
catchment area of Mpumalanga, resulting in the disposal of mine wastewater that is freely
discharged into the natural environment which constitutes an ecological disaster. As a
country challenged by a water security dilemma, along with an aggressive mining industry,
extensive ecological damage seems inevitable.
2.3 Acid mine drainage as a global problem
There is no doubt that mining and its environmental impact has caught global attention, with
the continued drive and awareness in research (Warhurst and Noronha, 2000). The exposed
surface area of sulfur-bearing rocks is increased during mining, and this causes the generation
of excess acid beyond the natural buffering capabilities found in host rock and water
resources. AMD has become a universal environmental problem that adversely affects both
surface and ground waters. This is characterized by the formation of several soluble iron
sulphates, the production of acidity due to the presence of hydrogen ions, and subsequent
metal dissolution and leakage, following the oxidation and hydrolysis of metal sulphides
(pyrites) in water permeable strata. AMD, as a complex pollutant, has a high concentration of
iron and sulphate, a low pH and an assortment of elevated concentrations of a variety of
8
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metals (Parsons, 1977; Gray, 1997; Kelly, 1988; Heath and Eksteen, 2005). AMD is not only
a problem emanating from active, abandoned and liquidated mines: waste rocks and mine
tailings are prone to generating more AMD (Younger and Robins, 2002). If not mitigated, the
environmental and ecological, human health and economic consequences of AMD have longlasting effects. A number of factors are responsible for controlling AMD; first is the
production of the acids (the oxidation reaction involving the metal sulphides), the second is
the control of the products resulting from the oxidation reactions (which may react with other
minerals or potentially neutralize the acids) and lastly, factors that are associated with
managing the waste generated (Ferguson and Erickson, 1988), as effective waste
management is crucial to reducing environmental pollution.
Worldwide, mine effluents affect an estimated 19 300 km of streams and river and 72 000 ha
of lakes and reservoirs causing serious damage (Johnson and Hallberg, 2005). Management
options in Alaska involve water treatment measures that encompass physical and chemical
methods. Neutralization methods using lime or other suitable alkaline agents are the preferred
choice of chemical treatment method employed. Other methods incorporate the use of
suitable wetlands and bioreactors that aim to reduce surface bacteria, allowing for
precipitation of metals as metal sulfides (NSCEP, 2006).
In New Zealand and Australia, effluent water quality is regulated by State and Federal
Government legislation and discharged water treated to meet effluent limits using chemical
precipitation methods and/or reverse osmosis (NWQMS, 2000).
In South Africa, legislation and policies relevant to water resources and the mining industry
is vested in the Water Act of 1956, later amended as the Water Amendment Act, 1984 (Act
96 of 1984). This law broadened water quality management, in that industrial effluent and
sources other than effluent were subjected to pollution control regulations.
The DWAF overseers and ensures continued adequate water supplies of acceptable quality
for all recognized users defined in the Water Act 1956 (Act 54 of 1956) which are: domestic,
industrial, agricultural, environmental and recreational. The DWAF shifted from the Uniform
Effluent Standards approach to water pollution control to enforce the General and Special
effluent standards and later, due to continuing deterioration water quality, the Receiving
Water Quality Objectives approach for non-hazardous substances and the Pollution
Prevention approach for hazardous substances were adopted. This embodies water quality
9
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management policy aspects of the anticipatory or precautionary principle to environmental
protection in order to avert danger and minimize risk to the environment (Fulles et al., 1996
Literature review: Policies and legislation applicable to mine water)

2.3.1 Economic importance of AMD
Mining activities and the resultant AMD generation usually have widespread impacts on
various aspects of the natural environment. With significant environmental and socioeconomic impacts arising from AMD pollution, the complications associated with mining
waste are rated second only to global warming, because of the potential irreversible
destruction of ecosystems and associated ecological risk (EEB, 2000). The cost of mitigation
of environmental damage from AMD is huge and pollution has persisted even from mines
established in Europe during the Roman Empire prior to 467 AD (CSS, 2002). In the
Canadian mining industry, an estimated $2 to $5 billion dollars‘ environmental liability cost
due to AMD was proposed (MEND, 2001), as the effects of AMD encompass land and water.
In the US, negatively impacted streams from an estimated 20 000 to 50 000 mines stretch for
about 8 000 to 16 000 km (USDA, Forest Service 1993). It is estimated that over $15 billion
will be needed for the reclamation of watersheds affected by AMD in Pennsylvania
(Rossman et al., 1997).

In South Africa, AMD constitutes immense environmental liabilities for the South African
Government, especially from closed and abandoned coalmines (Adler et al., 2007). The
Department of Water Affairs and Forestry (DWAF) has spent over US$20 million in the last
decade, investigating and cleaning up historic pollution (Schwab, 2002). The actual damage
cost (calculated cost per environmental impact) on the environment is difficult to project as
the amount and concentrations of pollution and waste generated by this exploitation may
incur external costs to agents other than the mining industry.

2.3.2 Environmental/ecological importance of AMD
Discharge of acid mine water from either ongoing mining activities or from abandoned
mining areas perturbs the integrity of freshwater ecosystems, fisheries, human health, and
local rural economies (Feasby and Jones, 1994; Pulles et al., 2005). The resulting toxicity is
related to a combination of factors often difficult to separate, including pH alone, increased
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bioavailability of metals at low pH and the precipitation of metal hydroxides (Campbell and
Stokes, 1985).

In water, fish may become exposed to metals through their gills or by ingesting contaminated
sediments and food, causing toxicity and impairing respiration (Hare, 1992). Metals can
adversely affect reproduction rates and life spans of aquatic organisms, bringing about the
disruption of the food chain in aquatic environments, reducing the quality of water, as well as
bio-accumulating in tissues of plants, macro-invertebrates and fish (Lindegaard, 1995; Heath,
2001). Elevated metals can be so toxic to aquatic organisms that streams become barren
(Kimmel, 1983). In some cases, tolerant species replace sensitive ones to compensate for
biodiversity loss at low pH (Gerhardt et al., 2004). The degree of toxicity arising from AMD
observed in aquatic organisms is influenced by metal speciation, pH, hardness, uptake site,
previous exposure, and differences between affected species (Gerhardt, 1993). Acidity has
been reported to mobilize metals, thereby making the metals more soluble and toxic to
aquatic organisms in coalmine drainage (U.S. EPA, 2005). Low pH conditions change gill
membranes or the mucous that coats the gills, causing a decrease in oxygen, which can result
in death due to hypoxia (Howells, 1983; Playle and Wood, 1989). Levels of pH below 5.0
may impair osmotic and homeostatic electrolyte mechanisms (Fromm, 1980).

Further environmental impacts include coating of the surface of streams and streambeds
which destroys habitat, diminishes availability of clean beds for spawning, and reduces fish
food items such as benthic macro-invertebrates (Koryak et al, 1972; Scullion and Edwards,
1980). It also diminishes aesthetic value and recreational use (Ahmad, 1991). Severe
degradation of soil quality and aquatic habitats resulting from AMD pollution to the
environment has been reported (Adler and Rascher, 2007). Environmental damage from
AMD pollution can persist for a long time after mine closure, compromising the health and
safety of nearby communities. This is because water quality emanating from mine dumps
may be harmful, usually far below what national quality standards permit, and may render incontact surface water constituents such as streams completely sterile (U.S.EPA, 1994; DEAT,
2006). A case in point is the acid mine water seeping into Blesbokspruit catchment in the
Witbank Coalfield of South Africa which was reported to have a pH of 2.8 and a sulphate
concentration of 1440 mg/L, killing all vegetation in a 3 hectare area (Bell et al., 2002).
Younger (1997) referred to AMD as the single greatest source of fresh water pollution. The
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report from Gitari et al. (2009) highlighted the potential danger of drinking water
contaminated by AMD in eMalahleni, Mpumalanga Province of South Africa. Acid mine
water discharge can also result in localized flooding, foundation weakening, ground
deformation, corrosion of pipes and clogging, which could have devastating consequences
(Dumpleton et al., 2001).

2.4 Chemistry and formation of AMD
A chain of complex geochemical and biological reactions leads to the formation of AMD.
When sulphide minerals in rocks become exposed to oxidizing conditions such as those seen
in the process of mining, or where there has been a major earth movement (Durkin and
Herrmann, 1994). Of all the sulphide minerals, iron sulphides are the most prominent
(Skousen et al, 1993).

1) FeS2 + 7/2 O2 + H2O → Fe+2 + 2 SO4-2 + 2 H+
2) Fe+2 + ¼ O2 + H+ → Fe+3 + ½ H2O
3) Fe+3 + 3 H2O → Fe (OH) 3 + 3 H+
4) FeS2 + 14 Fe+3 + 8 H2O → 15 Fe+2 + 2 SO4-2 + 16 H+

Figure 2.1: Equations for the formation of acid mine drainage (from Wildeman et al., 1993).

In the first reaction shown in Figure 2.1, the sulphur is oxidized to sulphate and ferrous ion is
released. The second equation, which is pH dependent, involves the conversion of ferrous ion
to ferric ion. This reaction is thought to progress faster at a pH of nearly 5. In the third
reaction, ferric ion undergoes hydrolysis to produce ferric hydroxide; a yellow precipitate
referred to as ‗yellow boy‘ ensues, which usually lines the streambed and gives it its
characteristic orange-yellow color.

The last reaction involves the oxidation of additional pyrites by ferric iron until the pyrite is
decreased. This reaction further worsens the acidity and more H+ is produced. Acidophilic
microorganisms such as Thiobacillus sp., Gallionella ferruginea, Thiothrix sp.,
12
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Metallogenium sp., and Leptothrix discophora (Overly, 1997; Lopez et al., 1999) found in
AMD waters can act as natural catalysts for many of the oxidation reactions involved in
AMD formation, causing AMD formation to progress at a faster rate (Wildeman et al., 1993).

2.5 Treatment technologies for AMD
To minimize or prevent pollution of water resources, mine water is usually treated to a degree
that makes it acceptable for release into natural water resources. There are a number of
different treatment technologies that may be considered, incorporating passive and active
treatment, and this targets elevated metal levels and acidity which are common outcomes of
AMD. Factors such as site characteristics and the treatment methods employed have an
impact on the effectiveness of the water treatment. The passive treatment system is mostly
employed for abandoned or liquidated mines because they are relatively inexpensive to build
and require minimal maintenance, making it more cost effective. Passive treatments usually
involve wetlands that operate without the need for chemical adjustments or mechanical
assistance and are usually designed to perform optimally at lower flow rates. The majority of
wetlands support the growth of vascular plants which in turn reduces the rate of flow of water
and provides microenvironments within the water column, as well as supplementary sites for
establishment of microbial communities (USDA and EPA, 2002). Although this system has
proven to be effective at improving water quality, it has to be properly designed for the flow
rate and chemistry of the discharge, so that water quality becomes suitable enough for
discharge into a receiving stream (Hedin et al, 1994; Milavec, 2000).
On the other hand, active water treatment systems involve highly planned water treatment
facilities which involve manipulation of acid mine water in order to achieve water quality
standards stipulated in a discharge permit. Active treatment produces better water quality
with an improved degree of certainty over passive treatment. According to the Best Practice
Guidelines for Water Resources in SA Mining Industry BPG H4: Water treatment (2007), the
active system involves chemical or biological processes such as:


pH adjustment. A base reagent is added to acidic (low pH) mine waste water for
neutralization. Lime (Ca(OH)2), caustic soda (NaOH) and limestone (CaCo3) can be
added to acidic mine water to raise the pH to 7 or higher (Van Staden, 1979).



Metal precipitation. A base reagent is added to acidic, metal-bearing mine waste
13
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waters to precipitate metals as metal hydroxides that are insoluble.


Biological based treatments (sulphate reduction/removal). This process involves
adding chemicals such as barium chloride/hydroxide/oxide to sulphate-rich mine
wastewaters to promote the chemical precipitation of sulphate from the water after
lime neutralization.



Ion exchange. This involves a purification process of water or the recovery of a
valued component from solution. This process involves exchange of unwanted ions or
potentially harmful ones to a harmless ion (i.e. H+ and OH-) from the solid to the
solution and vice versa.



Membrane processes (reverse osmosis and electrodialysis reversal). This process aims
to separate and remove molecules from solution. This is achieved by driving the
solvent/water through a semi-permeable membrane, thereby separating and removing
the solutes from the solution e.g. removal of salts through reverse osmosis (RO);
desalination.



Adsorption treatments (used mostly for sludge treatment). The process involves
collecting or accumulating molecules at a surface/interface where they can be
removed. The constituents are attracted to the surface of the adsorbing substance and
held there by weak reversible forces such as van der Waals forces. Other processes
involve electrochemical treatment technologies and physical process technology (e.g.
gravity settling, filtration, evaporation) etc.

In spite of the fact that the chemical mechanism of AMD is well understood, predicting its
ecological impact or accurately assessing the situation still poses some challenges due to the
complexity of the processes involved, because environmental factors such as climatic,
hydrological, geomorphic, geological and biological conditions influence each outcome.
2.6 South African water resources and water quality
South Africa is a relatively dry country, having a low and variable rainfall below the world
average with 66% of the country being semi-arid to arid; it is consequently regarded as a
water scarce country (Kriel, 1975; DWAF, 1993, DWAF, 1996). Water is a valuable and
limited natural resource that justifies the need for better conservation and monitoring, in
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order to achieve vital water quality levels. South African water resources and quality are
experiencing challenging circumstances with respect to mining (Owens and Burke, 2009).
This has led to deterioration in the quality of water in many surface streams, as water
pollution results from AMD (Thompson, 1980; Koldas, 2000).

The general health of an aquatic environment is usually assessed based on the water quality,
which denotes the biological and chemical constituents as well as physical variables in the
river. Water may become negatively impacted such that its quality is compromised, thus
making it unsuitable for use. The South African Department of Water Affairs and Forestry
through the Water Act of 1956, and the Water Amendment Act, 1998 (Act 36 of 1998)
embarked on policies aimed at re-evaluating and developing better water quality
management. This was done to make available adequate water supplies of acceptable quality
for domestic, industrial, agricultural, environmental and recreational use. It is therefore of
utmost importance to achieve quality of a natural water resource appropriate to that of its
intended use, geared towards protecting all forms of aquatic life and life cycle.

The major issue facing water quality is water utilization by industries, especially the mining
industry whose activities result in water pollution (Gouldie, 1993). Grobbelaar et al. (2000)
reported deterioration in water quality in streams in South Africa over the last 20 years due to
mining, and of particular relevance is the coal mining industry where seepage and discharges
arising from coal mines have made their way into water bodies. This has affected the overall
state of impacted rivers or streams and underground aquifers because they contain heavy
metals, which is one of the primary causes of toxic pollution and serious water quality
deterioration. These challenges therefore necessitate effective monitoring to improve and
solve the water quality situation. While a number of studies have been conducted on AMD in
the developed world, information in literature available for Asia, Africa and South America is
still relatively scarce (Johnson et al, 2001; Harris et al, 2003; Sracek et al, 2004).

With regard to pollution, aquatic ecosystems are the most vulnerable as they act as sinks for
chemicals from surrounding terrestrial ecosystems. Aquatic organisms become submerged in
"various exposure medium" within their habitat (Clements and Newman, 2002). Many
investigations of AMD impacted streams and rivers have made use of one or more biological
indices (Jarvis and Young, 2000). Currently in South Africa, no specific AMD screening tool
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is favored and none exists which employs both physicochemical and bio-indicator parameters
in conjunction.

2.7 Monitoring and biomonitoring of South African aquatic systems
One tool for identifying and assessing biological condition and change in aquatic ecosystems
is using biological monitoring. Biomarkers provide a more detailed assessment of pollution,
as they demonstrate the effects on abiotic and biotic components (Bayne et al., 1988).
Biomarkers give an indication of an ecosystem‘s health and the robustness of resident
organisms (Stageman et al., 1992). They are useful tools for identifying and assessing
biological condition and change in aquatic ecosystems, and have been used for quality
environmental monitoring through measurement of direct mortalities to detecting sub-cellular
injury following exposure to pollutants (Di Giulio and Benson, 2002). Biological monitoring
focuses on monitoring the aquatic community rather than the physico-chemical environment
and is a more appropriate health indicator of the water system (Cox, 1991), as it provides an
opportunity to detect changes in water quality which may have been missed by periodic
chemical analyses alone.
Of particular interest in aquatic ecosystem health assessment is evaluating the ‗integrity‘ of
the system in comparison with relatively pristine sites (reference sites) that have experienced
very little human interference and are shaped mostly by evolutionary and biogeographic
forces. This approach uses the least disturbed streams to establish one end of the scale of
reference and the highly disturbed sites to establish the other end of a scale (Wright, 1995).

The Department of Water Affairs and Forestry previously known as the Department of Water
affairs in its review of water quality management policies, adopted the receiving water
quality based approach for its non-hazardous substances and a prevention based approach for
its hazardous substances, different from previous regulations where all effluent was only
required to meet a general or special effluent standard (Van der Merwe and Gobler 1990).
This change in policy allowed for limits in levels of pollutants to be based on the water
quality requirements of each user in a particular water system, an example being the aquatic
organisms as users in a stream or river.
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Although monitoring of South African aquatic ecosystems has been done by assessment of
water chemistry, the general consensus is that measuring the physical and chemical
components of water cannot exclusively supply information about the health of an aquatic
system (Lawrence and Williams, 1991; Ten Brink and Woudstra, 1991). This is so because
measuring the levels of chemical substances in the environment is no indication that chemical
pollution has occurred, and neither is the extent and significance of such pollution alone or
relative to other stressors determined simply by measuring the levels of chemical substances
in the environment (Ludwig and Iannuzzi, 2005). Such measurements furnish information on
substances and the concentrations at which they occur, but lack information on their ability to
cause adverse biological effects in the natural environment. Therefore, contemporary
measures in ecosystem health assessment are directed towards monitoring the biological
components of the ecosystem (Breen, 1996), so as to compensate for shortcomings of
chemical monitoring that underestimate or even fail to detect some kind of environmental
degradation that may impair biological health (Karr, 1991; Planas, 1996). Since
biomonitoring is becoming the primary tool used in evaluating compliance to effluent limits
(Herricks and Schaeffer, 1985), in order to adequately protect aquatic life, it could be
incorporated into management policies (Metcalfe-Smith, 1991).

From the 1970s the DWAF has been collecting data on the physico-chemical characteristics
of the country‘s water resources, but still lacks biological data. For example the physicochemical water parameters generated by the Department of Water and Sanitation from 2002
to 2014, at one of the collection points in the study site selected for the current research
following active treatment (Figure 2.2) showed values that were in most cases above TWQR.
An increase in major ions such as Mg, Na, Ca and sulphate were observed, displayed by the
muacha key to the left. An average mean value for EC was at 143 mS/m and 968 mg/l for
TDS respectively. Variation in pH was also observed, being highest at 8.03 and lowest at
2.96 suggestive of AMD impact. The only metals analyzed by the Department were Al and
Si, whose mean average values were 20.3 mg/L and 2.87mg/L respectively.
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Fig 2.2: Physical and chemical water quality data collected by the Department of Water and
Sanitation from 2002 to 2014.

The South African National Water Act (Act 36 of 1998) through its Direct Estimation of
Ecological Effect Potential (DEEEP) approach for complex industrial wastewater discharge
(DWAF, 2003) established policies that reduce and prevent degradation of water resources
and established the National Toxicity Monitoring Program for Surface Waters (NTMP)
(DWAF, 2005) to monitor discharges into surface waters. This signified a renewed interest at
incorporating biological monitoring into water quality monitoring approaches. The aim of the
South African Water Act (Act No. 36 of 1998) is to protect the entire ecosystem provided for
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humans by rivers (e.g. provision of water, disposal of waste, supply of fish, plants, and other
biota). In addition to the ―basic human needs Reserve‖ there is provision for an ―ecological
Reserve‖ which is the water quantity and quality required to protect ecosystems to secure
ecologically sustainable development and use of the relevant water resource (WRC, 2003).

Traditionally, biotas such as macro-invertebrates, fish and algae have been employed for
biomonitoring. Benthic macro-invertebrates have been used to a great extent in diverse
aquatic stress assessment such as in organic pollution and acidification (Karr and Chu, 1999;
Cao et al., 2003; Sandin et al., 2004) and are suitable as indicators for stream hydrology and
oxygen depletion (Johnson et al, 2006; Hering et al, 2006). Some others have employed
bioaccumulation testing (Du Preez and Steyn, 1992), while others rely on the use of
invertebrate species assemblages within communities for biomonitoring (Palmer and O‘Keffe
1992). Algae on the other hand have proven useful in assessing nutrient enrichment, salinity
and acidity (Round, 1993) on the basis that they are stationary and reflect directly the
physicochemical conditions of their natural environment (Stevenson and White, 1995), while
fish are reported to be good indicators of habitat degradation and pollution (Bain et al., 1988;
Belpaire et al., 2000). Biological indices that focus on macro-invertebrates (Chutter, 1998)
and fish (Engelbrecht, 1992) have, however, received the most attention. Fish play a huge
role in studies relating to human and ecological health, and are thought to bridge the gap
better than any other class of organisms because environmental variables influenced by
countless human activities impact the evolution, genetics and adaptation of fish and
consequently their use in scientific investigations (Cossins and Crawford, 2005). Since fish
have better developed immune systems compared to invertebrates, other lesser organisms
may not replace studies on ﬁsh because they differ in responses to toxicity.
2.8 In vitro techniques

2.8.1 In vitro toxicity assessment
The majority of toxicity assessments associated with the aquatic environment employ the use
of whole animals (Buikena and Cairns, 1980). For acute toxicity tests, the Environmental
Protection Agency (E.P.A, 1996) recommends the use of aquatic species: Ceriodaphnia
dubia (daphnid), Daphnia pulex and D. magna (daphnids), Pimephales promelas (fathead
minnow), Oncorhynchus mykiss (rainbow trout) and Salvelinus fontinalis (brook trout) but
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the experimental protocols are usually extended, tedious, expensive and require the use of a
large number of animals. In the USA alone, an estimated 3 million fishes are used annually
for wastewater effluent testing methods (Tanneberger et al, 2013) and there is increased
pressure to reduce, replace and refine animal use in research and toxicological studies.
The need for alternative methods for evaluating contaminant risk and hazards in the
environment suitable for biomonitoring cannot be over-emphasized. The use of in vitro
techniques as an alternative system in toxicity assessment is not a new concept in research.
The principle behind this technique is that it provides the platform for toxic mechanisms at
molecular and cellular levels to be studied using cell cultures in a controlled environment,
usually in isolation from multiple physiological systems modulating such cells in vivo
(Castano et al, 2003; Kilemade and Quin, 2003). This hinges on the fact that functional and
structural changes occur between pollutants and cellular components within the organism
(Larsson et al, 1985) and consequently, pollutants will exert their effects by interacting or
interfering with basic cellular functions.
There is a scientific, technical and ethical convenience to cell culture use in toxicological
research. Toxic mechanisms and interactions can be studied at the cellular level due to the
absence of complicated toxicokinetics, hence establishing a structure-activity relationship and
classifying the toxic action of chemicals or complex environmental samples for their specific
effects. Large numbers of samples can also be screened rapidly at a reasonable cost and, most
significantly, cell culture use either as cell lines or primary cultures in aquatic toxicology
reduces the number of animals sacrificed.
A number of cell lines have been used for toxicity testing (Bols et al, 2005; Castaño et al,
2003; Segner, 2004; Schirmer, 2006). Fish cell lines have been employed in studies involving
fish infectious diseases, ecotoxicology, virology and immunology (Kocan et al, 1985; Babich
and Borenfreund, 1991; Segner 1998; Fent, 2001; Castano et al, 2003; Schirmer, 2006; Wolf
2007) as an alternative to whole animal tests. The majority of these cell lines are derived
from cold water fish, for example the RTG-2 cell line from rainbow trout gonadal cells (Wolf
and Quimby, 1962), brown bullhead catfish fibroblast (BB) (Zahn et al, 1995; Clemedson et
al, 1996), RGE-2 epithelial cells from Atlantic Salmon (Butler and Nowak, 2004), and
RTgill-W1 derived from the gills of the rainbow trout (Bols et al, 1994). Mammalian cell
lines have also proved useful in identifying and understanding the potential effects posed to
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humans by chemicals (Rees, 1980). They have been used to estimate the water quality of oilrefinery effluents (Richardson et al, 1977).
Cell lines offer the advantage of the ease of use, reproducibility and the ability to be prepared
in large numbers and cryopreserved. The downside is that differentiation from frequent reculturing could make them become susceptible to changes not characteristic of the tissue
from which they were derived (Druker et al, 1989; Castaño et al., 2003). There also exists the
likelihood of either overestimating (due to the absence of a compensatory, repair mechanism)
or underestimating (due to its volatility and/or poor solubility in the test system) toxicity
(Castaño et al., 2003; Mothersill and Austin, 2003).
The use of primary cultures as an alternative to whole animal testing has likewise generated
research interest. This is so because primary cultures are reported to be more organotypic,
because they maintain the three-dimensional structure of the tissue and cell-to-cell contact,
bearing better morphological similarity to the organ of origin (Pärt et al., 1993). An example
is primary gill cultures, which communicate through gap junctions (Sandbacka et al., 1999).

2.8.2 In vitro cytotoxicity and genotoxicity
Freshney (2001) defined cytotoxicity as ―adverse effect(s) observed in a cell that affects the
structural and/or functional processes essential for survival and proliferation following
exposure to exogenous chemicals‖. Cytotoxic effects are expressed as basal, selective or
functional cytotoxicity. Basal cytotoxicity is seen when cellular structures and/or functions
are attacked and commonly observed effects affect energy metabolism, plasma membrane
and ion regulation (Ekwall, 1983; Ekwall and Ekwall, 1988). Selective cytotoxicity is seen
with chemicals exhibiting preferential toxicity to particular cell types; an example is seen in
biotransformation potential found in specific cell types (Seibert, 1996). Functional toxicity
results in interference with cellular processes, threatening the survival of a particular organ or
even the organism as a whole (Mothersill and Austin, 2003).

The reaction of cells challenged with xenobiotics may follow patterns such as sequestration
as the cells concentrate the assault in a subcellular compartment (Sheehan et al., 1995).
Detoxification of the chemical by non-enzymatic reactions may likewise occur, as is seen
with antioxidants conjugation of Reactive Oxygen Species (ROS). Some proteins such as
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metallothioneins actively bind metallic xenobiotics preventing them from binding to other
sites, and lastly, xenobiotics may become enzymatically detoxified by specialized systems
such as the CYP450 systems for ease of excretion (Mothersill and Austin, 2003).
With in vitro cytotoxicity utilizing various endpoints that identify the effective concentration
of a chemical that impacts cellular functions by 50%, it is then possible to derive the effective
concentration (Fotakis & Timbrell, 2006; Gulden et al., 2005; Schirmer, 2006). Cellular
modes of action of contaminants can be interpreted because a number of in vitro assay
endpoints deal with cellular changes at the molecular, biochemical, histological, or
physiological level (Mothersill and Austin, 2003). An ideal endpoint is expected to be
relevant, reliable, sensitive, simple, rapid, and cost-effective (O‘Brien et al., 2000). With in
vitro cytotoxicity testing, mechanistic studies can be performed due to the absence of
complexities such as bioaccumulation and depuration found in vivo. Furthermore,
experimental conditions may be modified to suit research interest (Baksi and Frazier, 1990).

The most common endpoint of in vitro assays is cell death, measured following exposure to
contaminants, usually targeting a single cellular response; cell viability is detected with the
use of indicator dye (Schirmer, 2006). Fluorescent indicator dyes such as MTT (3-(4,5dimethylthiazolyl-2)-2,5-diphenyltetrazolium bromide) and neutral red are used for
measuring cell proliferation and cytotoxicity (Mosmann, 1983, Clothier, 1990; Cavanaugh et
al., 1990). MTT is a yellow water-soluble tetrazolium dye that is reduced by live, but not
dead, cells to a purple formazan. The MTT formazan produced in metabolically active cells is
proportional to the number of live cells present and can be measured spectrophotometrically,
so a decline in readings would indicate a reduction in cell metabolism and a loss of cell
membrane integrity (Mosmann, 1983). The neutral red assay provides a measure of
lysosomal function and is one of the most used cytotoxicity tests with many biomedical and
environmental applications (Babich and Borenfreund 1990; Spielmann and Liebsch, 1990;
Repetto and Sanz, 1993). The neutral red (NR) dye accumulates in the lysosomes of viable
cells that require the presence of an intact plasma membrane and sufficient energy (ATP)
levels, for a functional lysosome to accumulate the NR. The dyes are readily available,
relatively easy to use and inexpensive.

Other end points involving in vitro assays with regard to pollution related stress involve DNA
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damage assessment because carcinogenesis, teratogenesis and embryotoxicity are possible
consequences of genotoxic substances (Klobucar et al., 2003; Kurelec, 1993) which
adversely affects ecosystem stability (Mitchelmore and Chipman, 1998). A number of studies
using the Comet assay to detect genotoxicity in aquatic environments as a tool for
environmental pollution monitoring have been published (Schnurstein and Braunbeck 2001;
Avishai et al., 2002; Nehls and Segner 2005). The Comet assay detects DNA damage in
individual cells and can be performed on any eukaryotic cell type, usually requiring only a
small number of cells, and it is quite sensitive at detecting DNA damage (Shing et al.,1998).
The Ames genotoxicity assay, which utilizes the bacterium Salmonella typhimurium, has
been used to research the genotoxic potential of substances by assessing the genotoxicity of
nuclear DNA effects such as point mutations, gene reversion and gene conversion in specific
bacteria following exposure by evaluating the induction of mutation (Maron and Ames,
1983). Both the Ames and Comet assays have been recommended as effective genotoxicity
assays (Grummt, 2000; Reifferscheid and Grummt, 2000).

2.8.3 Primary gill culture bioassays
A primary culture is defined as one derived from cells, tissues or organs taken directly from
organisms (Schaefer, 1990). This culture system offers a number of advantages such as
retaining tissue-specific functions, and their capacity for biotransformation. Moreover, they
are considered to be more sensitive as they possess a higher metabolic capacity compared to
cell lines (McKim et al., 1985).

Primary gill cell culture is being put to use more frequently in fundamental and applied
research to examine the effects of heavy metals (Smith et al., 2001, Jönsson et al., 2006,
Walker et al., 2008, Leguen et al., 2011) and xenobiotics (Ramos and Cox, 1986; Celander et
al., 1997; Huuskonen et al., 1998 Visoottiviseth and Chanwanna, 2001). They are used in
toxicity test screening (Sandbacka et al., 1999; Kelly and Wood, 2001; Zhou et al, 2006), the
study of pathogenic viruses (Jose et al., 2010), investigating cellular defence mechanisms
such as metallothioneins (Walker et al., 2007) and EROD induction (Carlsson and Pärt, 2001;
Jönsson et al., 2006; Leguen et al., 2000).

23

© University of Pretoria

2.8.3.1 Primary gill cultures as aquatic biological indicators
The fact that aquatic organisms possess an organ as distinct and essential as the gills,
motivated the rationale for its choice as the preferred organ for use in assessing
contamination in the aquatic environment. The gills have been reported to be important in
toxicity risk evaluation in the aquatic system (Wood et al, 2002; Leguen et al, 2007; Craig et
al, 2007). Gills are the first targets for toxicants in the aquatic environment and the prime
uptake site of water-borne contaminants into fish (Spry and Wiener, 1991; Wood, 2001).
Therefore, the absorption and responses of the gills towards toxic chemicals is usually rapid
(Evans, 2005; Mallatt, 1985; Mallatt, 1995). The primary cause of death in acute fish toxicity
testing is damage to the gills (Mothersill and Austin, 2003). The gills perform gas exchange,
ion transport, acid–base regulation and osmoregulation which are a critical functions for
survival (Evans et al., 2005). Other functions, such as nitrogenous waste excretion and the
excretion of metabolites from xenobiotic biotransformation, explain their high sensitivity to
waterborne toxicants relative to mammalian systems (Wood, 2001). On that account, damage
to gills may therefore indicate a compromised functioning of the organism and eventually
possible death.

Alternate gill model systems to traditional in vivo approaches exist in gill function research
(Fernandes et al, 1995, Wood and Pärt 1997, Sandbacka et al., 1999; Fletcher et al, 2000;
Chasiotis et al. 2010; Chasiotis and Wood, 2011a; Chasiotis and Wood, 2011b; Kelly and
Chasiotis, 2011) and primary gill cultures have been used successfully to assess aquatic
toxicants (Lilius et al., 1995; Part 1995; Sandbacka et al., 1999; Wood et al., 2000; Zhou et
al., 2006; Galvez et al., 2008; Farkas et al., 2011; Leguen et al., 2011).
In vitro preparations of gill tissue from fish result in monolayers of flat, irregular, polygonal
shaped cells bearing similarities to respiratory epithelial cells. The gill epithelium is made up
of respiratory epithelial cells, chloride cells and mucous cells (Part et al., 1993). The gill
epithelial cells can be cultured on permeable membranes that are able to tolerate water
exposure on the apical surface. The cells appeared to be mainly respiratory epithelial cells
and a considerable amount of chloride cells may be present (Wood and Part, 1997).

The use of primary gill cultures for detection of dioxin-like substances in complex
environmental matrices has also been of research interest because the gill tissue in aquatic
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species serves as a barrier to the surrounding environment, acting as an effective defense
against incoming xenobiotic compounds (Wood, 2001). The cytochrome P450 (CYP)
monooxygenase system are involved in the metabolism of polycyclic aromatic hydrocarbons
(PAHs) and their planar, halogenated counter- parts (PHAHs) such as polychlorinated
dibenzo-p-dioxins. These are a common source of contaminants present in the aquatic
environment that tend to bio-concentrate in fish and other aquatic animals due to their
lipophilic and persistent nature (Hahn et al., 1992). The 7-ethoxyresorufin-O-deethylase
(EROD) and aryl hydrocarbon hydroxylase (AHH) are readily induced by PAHs and PHAHs,
and are responsible for the biotransformation of many lipophilic xenobiotics (Poland and
Knutson, 1982).

2.9 Effects of coal derived PAHs on fishes
Another important environmental concern associated with coal combustion is the production
of polycyclic aromatic hydrocarbon (PAH) (Ahrens and Morrisey, 2005) and resultant
oxidative stress induction in aquatic organisms exposed to PAH (Winston and Di Giulio,
1991; Livingstone, 2001). CYP1A induction represents a sensitive biomarker of exposure to
dioxin-like pollutants, and is now extensively used in environmental monitoring (reviewed by
Bucheli and Fent, 1995). Consequently, relating the potential uptake of PAHs derived from
coal mining as a parameter of water quality, and subsequent AMD effluent generation needs
to be considered for environmental surveillance. Controlled laboratory exposure to test
responses of primary gill cultures to AMD impacted water along a receiving stream where
coal mining and utilization occur are an essential prerequisite for environmental water quality
surveillance. Bioassays of fish using primary cultured gill cells could be a vital means of
gaining information regarding changes in water quality with respect to potentially
carcinogenic organic pollutants such as PAH.

Cytochrome P450 activity (phase I) and phase II metabolites were detected in isolated gill
cells from the gulf toadfish (Opsanus beta) exposed to B[a]P (Kennedy and Walsh, 1994).
Localization of CYP1A to both pillar and epithelial gill cells has been reported for
topminnow (Poeciliopsis spp.) following exposure to B[a]P in water (Smolowitz et al., 1992).
Kennedy and Walsh (1994) reported the induction of EROD activity in microsomes from gill
tissue in Scup (Stenotomus chrysops) following intra-peritoneal injection of b-naphthoflavone
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(b-NF). It is likewise important to examine the presence and inducibility of CYP1A in
primary cultures of respiratory epithelial cells from the gill of Tilapia fish (O. mossambicus),
an indigenous fish species that is abundant and widely distributed. It is a recreational and
ecologically important species within the tropical and subtropical southern Africa region with
adequate background information (Skelton, 1993). O. mossambicus has been used
successfully as a test organism in a number of biomarker studies (Lee et al., 1996; Hwang
and Yang, 1997).

Setting in place an environmental water quality surveillance system which employs a
controlled laboratory exposure to assess toxicity associated with point source pollution, for
example from coal mines resulting in AMD, using in vitro techniques (primary cells and cell
line cultures could be innovative for assessing anthropogenic changes in aquatic ecosystems
for effective environmental assessment and monitoring. This could therefore provide crucial
inferences about the health of an AMD-impacted stream. This study has focused on
characterizing the relative importance of AMD toxicity on cultured primary gill cells and
other cell lines as a means of addressing the significance of toxicity as a monitoring
ecotoxicity tool for AMD contaminants.
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CHAPTER 3: Characteristics of the study sites and water quality
3.1 The Witbank Coalfield
South Africa‘s available coal resources are contained in 19 coalfields (Erasmus et al., 1981)
with the Springs-Witbank Coalfield and the Highveld (Eastern Transvaal) Coalfield being the
most important ones (Fig 3.1). Coal mining has been ongoing in the Mpumalanga area since
1870, for the purpose of power generation and the chemical industry. The Kromdraai or
Landrau colliery is located in the Mpumalanga Province, northwest of eMalahleni. It forms
part of the Witbank coalfields (Erasmus et al, 1981) and lies in the Olifants River catchment
area. The bulk of the mining conducted in the region is open cast operations, which causes
water from old underground workings as well as rain and ground water inflow to accumulate
in pits.

Fig 3.1: Location of the Witbank Coalfield
(Illustration courtesy of S. E. T. Bullock and F. G. Bell. Department of Geology and Applied
Geology, University of Natal, Durban, South Africa)
3.1.1 Topography of the area
The topography of this region is relatively high; there are several gently undulating surfaces
with numerous local streams, larger rivers and pans shaping the landscape (Fig 3.4).
Elevation surfaces are around 1540 meters above sea levels (Azzie, 1999).
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Fig 3.2: Topographic map of Kromdraai area, showing the mine outline and open cast area.
(Illustration courtesy of WRC report NO.1263/1/07 ISBN 1-77005-416-2, 2007).
3.1.2 Surface hydrology
The average annual rainfall in the study site is about 684 mm (South Africa weather service,
2007), and the mean annual evaporation is 1700 mm. Kromdraai has a relatively high
topographic area, and run-off usually drains from mining areas and main streams all flow
away from mining areas. The run–off of the area is 6.7% of the total rainfall (Midgley, 1994).
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3.1.3 Water quality
A large volume of mine-water stored and generated from a number of active mines in the
Witbank coalfields (Mpumalanga Province, South Africa) has great potential for acidification
because of the low natural base potential in the coal. Water from the evaporation dam in the
colliery discharges into the streams. The water qualities follow trends that are characteristic
of chemical oxidation of sulphides and resulting acidification. The average sulphate
production rate of 5 - 10 kg/ha of spoil per day at sulphate concentrations of between 1 000 2 000 mg/L has been reported (Hodgson and Krantz, 1998). The consequences of elevated
sulphate levels are such that there is a greater potential for algal blooms, disruption of the
riverine ecosystems and impairment of human health. An overall decrease in the aesthetic
value of the water is apparent, and when consumed, the water may produce adverse health
effects (DWAF, 2002).

Approximately 50 ML/day of water is discharged into the Olifants River Catchment per day
(Maree et al, 2004) and estimated post-closure decant from defunct coalmines in 2004 was
put at approximately 62 ML/d (DWAF, 2004). Grobbelaar et al. (2002) predicted decant of
360 ML per day would occur following closure of the entire Mpumalanga coalfields.

Potential human health risks and ecological injury could arise chiefly from elevated metals
(Adler and Rascher, 2007) as coal mining impacts on the aquatic environment, which
consequently affects the socio-economic situation of areas downstream of the river (DWAF,
2004). A study carried out by Coetzee et al. (2002), on the upper Olifants River to determine
metal bioaccumulation in fish identified aluminium (Al) as a toxic agent of AMD, and
reported that Zn, Cu, Mn, Pb, Cr, Ni, Al and Fe accumulated in the skin, muscle, liver and
gill tissues of fish.
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3.2 Site selection within the Witbank Coalfield
3.2.1 Location and description of the study area

The study was conducted where AMD water discharges into a receiving stream located
approximately 13 km downstream of an active mine, Kromdraai (25°46‘ 05.5‖S; 29° 07‘
15.5‖E) in the Highveld region close to Witbank (Mpumalanga Province, South Africa). The
study site was selected based on the stream order, stream depth, its accessibility and stream
characteristics (outflow from a wetland), and the fact that it is mainly impacted by AMD and
relatively free of other influences such as agricultural run offs and human sewage. The water
collection site is located several kilometers away from the coal mine and impacted stream
flows away from the mine. Effluent discharge outflowing from the mine undergoes passive
treatment, as effluent is passed through a wetland (Fig 3.3A-D). The sole aim is to ameliorate
water pollution because wetlands act as sieves removing heavy metals and sulphates. The
water outflow then passes into the free flowing stream where it is subjected to further
treatment to reduce acidity and heavy metal content of the AMD effluent (Zurbuch, 1996,
Brown, 2005). An in-stream neutralizing agent (such as caustic soda, hydrated lime or lime
stone) continuously dosed into the stream to increase the pH of the water (active treatment),
in order to further precipitate metals as hydroxides and improve the water quality (Fig 3.3EH). The in-stream neutralization method uses a fairly sophisticated system where the pH,
conductivity and flow measurements are taken. An automated continuous flow reading is
taken by the monitoring system, which calculates the amount of discharge, given the recorded
flow. The information is then relayed telemetrically to the monitoring station. Two water
collection points were selected along the course of the river (25°46‘ 05.5‖S; 29° 07‘ 15.5‖E),
the first being immediately following the wetland and the other point post–alkali treatment
(Fig 3.3I).

An ecologically similar reference site was selected. This site was a relatively pristine site
(reference site) outside of the influence of a colliery and located at 25°47‘6‖S; 28°28‘52‖E.
The water source was from a natural flowing spring and the water samples collected here
were referred to as ―reference site water sample‖ (R).
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Fig 3.3A-I: Kromdraai stream in Mpumalanga province of South Africa. (Photograph
courtesy of Liesl Hill, CSIR, South Africa) showing; (A-C) wetland D) streambed E) water
treatment plant (F-H) in –stream neutralization I) flowing stream post alkali treatment.
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3.2.2 Water sampling and water quality analysis

The term water quality describes all the factors that control the fitness of water for its uses, be
it physical, chemical, biological and aesthetic properties of water such that there is protection
of the health and integrity of aquatic ecosystems (DWAF, 1996). Most of these properties are
controlled or influenced by constituents that are either dissolved or suspended in water.

3.3 Materials and Methods
3.3.1 Selection and measurement of environmental variables

In this study, water sample collection was done during the low flow rate seasons and samples
were collected three times a year (between June and September 2014) over a period of two
years. The general climatic condition on sampling days were mild, relatively cool weather
with no rainfall; average temperature was between 20-23ºC. As water flow and water quality
are intimately linked, variation was reduced by limiting the water collection period to a
particular period. Two water collection points were chosen; a water point immediately
flowing from the wetland (termed untreated) and another beyond the dosing point of the instream neutralizing (termed the treated).

Physico-chemical data of water samples from the impacted stream were measured and
analyzed. A total of 24 water quality parameters were measured at each site. The water
quality parameters selected for analysis were those known to influence the overall health of
the aquatic ecosystem in South Africa (Pegram et al., 1997) and are suggestive of AMD
impact (FWPCA, 1968).

3.3.1.1 In situ measurements
In situ measurements of temperature, dissolved oxygen and pH were conducted at the water
collection points along the course of the stream. Temperature, dissolved oxygen and pH were
measured using a portable multimeter (HACH HQd, USA).

Dissolved states of these parameters were analyzed because pollutants in dissolved forms are
more bioavailable to aquatic biota and are key to observed detrimental changes in the aquatic
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environment (Chapman, 1988; Luoma and Rainbow, 2005). The pollutants of interest in
AMD are acidity, metals, solids and increased conductivity (Heath and Eksteen, 2005).

The electrical conductivity of water (EC) provides an estimate of the total dissolved salts
(TDS) in aquatic systems and is measured as an indicator pollutant of the TDS. The total
dissolved solids (TDS) in acid mine water includes bicarbonate, individual ions such as
calcium and magnesium, sulfate and conductivity (U.S. EPA, 1982). The TDS concentration
is related to the Electrical Conductivity (EC) of the water (DWAF, 1996). Salinization occurs
when the concentration of dissolved salts (salinity) increases (Williams, 1987), which is
characterized by a concurrent increase in total TDS levels.

Dissolved oxygen (DO) concentration provides a useful measure of the health of an aquatic
ecosystem, because DO concentration is critical for the survival and functioning of the
aquatic biota as it is required for the respiration of all aerobic organisms. When DO becomes
depleted, this could potentially lead to a compounded stress response in aquatic organisms.
Under such conditions, increased toxicity of zinc, lead, copper, cyanide, sulphide and
ammonia have been observed with juveniles of many aquatic organisms showing more
sensitivity, such as increased vulnerability to predation and disease (Walmsley and Butty
1980).

Chemical Oxygen Demand (COD) provides a measure of the oxygen requirement of organic
material present in the water (DWAF, 1996). When COD levels are high, it is indicative of
the presence of a large amount of organic material in the water sample.

Acidity is a measure of the concentration of available hydrogen ions. This is expressed as pH
or the logarithmic concentration of hydrogen ion concentration in water (U.S. EPA, 1986).
Industrial activities generally cause acidification either from low-pH point-source effluents or
from mine drainage and acid precipitation resulting largely from atmospheric pollution
caused by the burning of coal and the exhausts of combustion engines (Campbell and Tessier,
1987). Factors such as temperature, the concentrations of inorganic and organic ions, and
biological activity affect water pH. The pH may also affect the availability and toxicity of
constituents such as trace metals. Acidity in receiving waters can alter gill membranes or
change gill mucus resulting in death due to hypoxia (Grim and Hill, 1974). The toxic effects
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of acid pH values on fish increase as the concentrations of calcium, chloride and sodium
decrease.
3.3.1.2 Laboratory investigation
Water samples were collected as subsurface grab samples. Before sampling, the collection
bottles were rinsed twice with water at the point of collection and then filled to capacity. The
bottle mouth was faced upstream and submerged to a depth of about 20 cm. The plastic
bottles were placed on ice immediately for transport to the Consulting and Analytical
Services Laboratory (Environmental Laboratory) of the CSIR in Pretoria. Laboratory quality
assurance measures were taken to avoid microbial contamination by filtering water samples.
The quality of the reagents and materials were of research grade.

Heavy metal loading is considered to be one of the most toxic side effects of AMD (Johnson
and Thornton 1987). AMD usually contains an effluent laden with heavy metals such as Mn,
Zn, Pb, Cu, Al, As, Cr, Ni, Cd, Hg and Fe. Elevated metal concentrations can be toxic to
aquatic organisms (Kimmel, 1983).

Aluminium is one of the principal particulates emitted from the combustion of coal and is
present in soluble forms at low pH values (pH < 4.0), mainly in AMD waters and in natural
waters affected by acid rain. Al toxicity in fish appears to be related to interference with ionic
and osmotic balance and with respiratory problems resulting from coagulation of mucus on
the gills (Genter and Amyot, 1994).

Arsenic (Ar) is regarded as "very toxic and relatively accessible" to aquatic organisms (U.S.
EPA, 1986). Fish and invertebrate populations experience reduction in growth and
reproduction when exposed to arsenic, resulting in behavioral changes such as reduced
migration in fish. Ar is lipid-soluble and could therefore accumulate in fatty tissue; it can bioconcentrate in aquatic organisms because it has a high affinity for organic substances
(Mance, 1987).

Chromium exerts a toxic effect at different concentrations in different groups of aquatic
organisms. Toxicity results in a temporarily reduced growth phase for young fish at low
chromium concentrations. Fish are more resistant than aquatic invertebrates (Dallinger and
Rainbow, 1993).
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Copper (Cu) is one of the world's most widely used metals, and anthropogenic sources of
copper in the aquatic environment include liquid effluents and atmospheric fallout from
industrial sources such as mining, smelting and refining industries, coal-burning, and iron and
steel producing industries (U.S. EPA, 1986). Cuis a micronutrient and an essential
component of enzymes involved in redox reactions. It is toxic at low concentrations in water
and is known to cause brain damage in mammals (Dallinger and Rainbow, 1993).
Iron occurs most commonly in water as ferrous (Fe2+) and the oxidized ferric (Fe3+) states. In
oxygenated waters, most iron occurs as ferric hydroxide in both particulate and colloidal
forms and readily forms complexes with organic compounds. At high concentrations, iron
may become toxic, inhibiting various enzymes, but is usually found at low concentrations in
water columns. Iron release into the environment occurs by human activities, such as burning
of coke and coal, acid mine drainage, mineral processing, sewage, landfill leachates and the
corrosion of iron and steel (Förstner and Wittmann, 1981).

Manganese does not occur naturally as a metal in aquatic ecosystems but is found in various
salts and minerals, frequently in association with iron compounds (U.S. EPA 1986). It is
similar to iron in behavior and its concentration in water, as with dissolved Mn, is influenced
by changes in redox potential, dissolved oxygen, pH and organic matter (Van der Merwe,
1990).

Mercury (Hg) concentration in the environment is normally very low. In aquatic
environments, Hg and Hg-organic complexes are of interest because of their extreme toxicity
to aquatic organisms and the potential to bio-accumulate in the food chain. Hg is severely
poisonous to mammals, exerting both neural and renal toxicity (W.H.O., 1984).

Ammonia and ammonium salt toxicity to aquatic organisms is directly related to the amount
of free ammonia in solution. As pH increases, the NH4+ion is converted to NH3+, which is
considerably more toxic to aquatic organisms (USEPA, 1986). Un-ionized NH3+, affects the
respiratory systems of many animals, either by inhibiting cellular metabolism or by
decreasing oxygen permeability of cell membranes (Gammeter and Frutiger, 1990).
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Nitrites and nitrates are the dissolved forms of inorganic nitrogen. The mode of entry of
inorganic nitrogen into aquatic systems is through surface runoff, the discharge of effluent
streams containing human and animal excrement, agricultural fertilizers and organic
industrial wastes. Their presence in the aquatic environment plays a critical role in
eutrophication but this is usually not considered important enough for setting water quality
guideline limits for protection of aquatic ecosystems (Ashton, 1981).

Phosphorus concentrations are usually determined as orthophosphates, total inorganic
phosphate or total dissolved phosphorus. The most significant effect of elevated phosphorus
concentrations is the stimulation of growth of aquatic plants (Chutter, 1998) which results in
changes in trophic status usually accompanied by the growth of algae and other aquatic plants
in rivers, lakes and reservoirs.

3.3.2 Chemical analysis

The analysis of the metals: Al, Cu, Mn, Si, Fe, Zn, Ar and Hg were measured using
inductively coupled plasma atomic emission spectrometry (ICPAES) using standard methods
(CMP 1, CMP 26a, CMP 2 (Ar), CMP 3(Hg) at the CSIR Environmental Laboratory,
Pretoria.

Nutrients were analyzed using automated flow injection analysis. Nitrate and Nitrite (N) were
analyzed using the No CMP 26c method, ammonia nitrogen using method No CMP 26b, and
orthophosphate and phosphate using method No CMP 26f. Chloride and sulphate analysis
involved automated flow injection analysis method No CMP 26h and CMP 26i. Individual
ions such as Ca, Mg, K, and Na were measured using the ICPAES method No CMP 1, CMP
26a. Alkalinity was determined using the potentiometric titration method No CMP17 and
chemical oxygen demand was measured calorimetrically using method No CMP 24. All
values were measured according to the standard methods for water and wastewater
examination (APHA, 1992).

3.4 Results
Acid mine drainage had a negative impact on the water quality at the study site, Kromdraai.
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The mean pH value of water samples immediately flowing from the wetland throughout the
sampling period was 3.65 at the impacted site. The process of in-stream neutralization
increased water pH to a mean value of 8 following intervention (active treatment with caustic
soda). The mean conductivity of 300 mS/m at both collection points was well above values
obtained for the reference site and TWQR range (Table 3.1). The metal contaminants
likewise exceeded the TWQR, with total dissolved metals following passive treatment
(wetland) analyzed as 0.36 mg/L for Fe; Mn was high at 65 mg/L; Zn 3.4 mg/L; Si 9 mg/L
and Al 28 mg/L (Table 3.2). In order of ranking, Al, Zn and Mn ranked as the greatest metals
of potential concern, and this was calculated by determining the hazard quotient as maximum
concentration / TWQR. Metals are considered to be of potential concern when values > 1. For
example, the average concentration of Al after passive treatment was 5600 times greater than
the guideline levels. The South Africa‘s TWQR guideline level for Al in aquatic systems
(95% protection level) is 0.005 mg/L. The trigger value (guideline) concentration is 95% for
each metal applying to moderately disturbed systems to protect 95% of species. There are no
guideline values for Si and Fe, while Ar, Cr, Cu, and Hg were within guideline limits. There
is evidence of AMD impact with parameters exceeding TWQR for effluents discharged into
receiving water bodies, which is indicative of AMD and is potentially harmful for aquatic life
(Table 3.3).

Inorganic constituents of water samples from AMD impacted sites exceeded values of that
from the reference sites as Na, Mg, K and Ca levels were higher by several orders of
magnitude (Table 1). Significant mean difference in values for inorganic constituents (Fig
3.4) was observed for the analyzed water samples for the reference site compared with the
AMD impacted site. An increase in these inorganic constituents was observed in effluent
post-alkali treatment especially for Na and Ca, an indication of some level of salt
precipitation, although the differences pre and post-alkali treatment was not found to be
significantly different.

Metal analysis results comparing the reference site and the AMD impacted site showed
significant difference likewise in metal burden for Mn, Si, Al and Zn (Fig 3.5). These metals
were also found to reduce post-alkali treatment, but only Zn was found to be significantly
different in concentration following alkali neutralization, when associating untreated water
vs. treated AMD water effluent.
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Concerning nutrient levels, ammonia and nitrate levels were above values obtained in the
reference site, but orthophosphate and phosphate levels were comparable in both sites.

The reference site presented with good water quality in this study: metals, conductivity,
sulphates and inorganic constituents were significantly lower than those of the impacted
AMD site, although the site is considerably smaller in terms of its width and depth compared
to the impacted site. A significant difference in EC and sulphate levels between the reference
site and impacted site was observed. These values can serve as indicators for the level of
AMD impact, with values obtained from the impacted study site; it could be categorized as
‗highly impacted‘ (Table 3.1).

The pH of effluent water emanating from the wetland was also highly acidic, a feature
commonly observed in AMD effluent. A number of AMD parameters exceeded TWQR,
which raises possible environmental and public health concerns.

3.5 Discussion
In this study, the overall water quality declined due to acid mine drainage. Data on water
quality parameters by the Department of Water and Sanitation, as well as sampling carried
out throughout the 3 years‘ study showed similar declines due to acid mine drainage as
previously reported (Soucek et al., 2000; Cherry et al., 2001) which are characteristic of acid
precipitation (Rosemond et al., 1992), and/or the presence of heavy metals (Kiffney and
Clements 1994, Clements et al., 2000). The site could be regarded as being highly impacted
due to the low acidity, low alkalinity and the presence of heavy metals and sulphates using
the AMD impact criteria (FWPCA, 1968). The presence of metals especially the naturally
occurring metals like Fe and Al along with added acidity (H+) could have resulted in
increased metal bioavailability and consequent mobilization of metals into solution
(U.S.EPA, 2005). Al, Zn and Mn were of the greatest concern at the site, as they were found
at levels several orders of magnitude beyond the TWQR, and if bioavailable, these metals
may harm the fresh water ecosystem. When metals are present as free metal ions, they
become more bioavailable than metals bound as strong complexes or adsorbed to colloidal
and/or particulate matter (Batley, 2002). The presence of heavy metals such as aluminium,
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cadmium, uranium, zinc, cobalt, nickel, lead, manganese and copper are regarded as priority
metals of potential ecotoxicological concern in aquatic systems largely as an effect from
mining activities (Markich et al, 1997). Coetzee (2002), identified aluminium as a toxic agent
of AMD within the upper Olifants River of South Africa.

AMD from surface mines usually contains higher concentrations of manganese than those
from deep mines (ERG, 2006). An increase in Mn is mostly related to AMD because it is not
a naturally abundant metal; hence it is a good indicator for AMD impacted waters. The
reason for the high concentration of Mn post-alkali treatment may be because optimal
precipitation of Mn occurs at a higher pH, usually between 9 and 10 (mean) and treatment of
AMD by neutralization may not fully precipitate out the Mn.

Another important feature of the study site was the presence of sulphates and high levels of
specific ions such as Ca, Na, K and Mg contributing to increase in EC. Mining activity is a
major source of salts entering the rivers. Salinization poses a risk to biodiversity and
compromises the ecosystems and is a major stressor for fresh water ecosystems (Millennium
Ecosystem Assessment, 2005), in addition to the socio-economic consequence to downstream
end users. Coal mining provides favourable conditions for leaching of sulphates from coal
wastes into surface waters (Bernhardt and Palmer, 2011; Fritz et al., 2010). An indication of
the nutrient levels present show that the stream was oligotrophic, characterized by a low
accumulation of dissolved nutrient salts which supports only a sparse growth of algae and
other organisms.

3.6 Conclusion
The water quality results measured in this study demonstrate that both metals and sulphates
were present in inappropriate concentrations that may pose a challenge to some biota within
the ecosystem with the concomitant possibility of acid-stress affecting these organisms with
resultant possible loss in biodiversity. Metals and acid water components of mine water may
cause alterations in the biota of aquatic organisms. This study further highlights the
inefficiency of the wetland at effectively removing some metals of potential concern as they
were found at levels higher than TWQR. Active treatment with caustic soda reduced metal
burden, but affected the stream‘s aesthetics as water became colloidal with visible salt
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precipitates, thereby reducing dissolved oxygen and light penetration, as well as further
increasing the presence of major inorganic salts like Na, Mg, K and Ca and sulphate levels,
which increases TDS levels resulting in increased EC.
The complexity of AMD as a pollutant is not yet fully understood, as the presence of
pollutants makes it prone to generating more AMD (Younger and Robins, 2002) and the
disturbing environmental, ecological, human health and economic consequences of AMD
have long lasting effects.
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Table 3.1: Mean values for each of three sample collection stations defined in the study showing
physical and chemical water quality data (mg/l, n = 2 determinations) and target water quality
range (TWQR).

pH
Alkalinity
DO (%)
COD
Conductivity
(mS/M)
Ammonia as
N
Orthophospat
e
Nitrate+
Nitrite
TP
Magnesium
Potassium
Sodium
Calcium
Chloride
Sulphate

Reference site
6.5
6
7.9
<10
5.21

Untreated
3.65
2.75
7.1
10
320

Treated
8
6.4
5.05
33
326

TWQR
6-9
N/A
N/A
N/A
70-250

<0.1

6.7

6.45

0.5-2.5

0.23

0.15

0.15

N/A

<0.2

2.3

3.6

N/A

<0.2
<0.5
<1
<1
<0.1
<5

<0.25
160
9
43
475
3.5

<0.25
162
11
120
561
3.5

<5
N/A
N/A
N/A
N/A
N/A

<5

2215

2336

200
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Table 3.2: Mean values for each of three sample collection stations defined in
the study showing metal concentration (mg/l, n = 2 determinations) and target
water quality range (TWQR).

Reference
site
<0.03

Untreated

Treated

TWQR

28

0.22

0.005

<0.001

<0.01

<0.01

0.01

Chromiu
m
Copper

<0.01

<0.01

<0.01

0.007-0.012

<0.01

<0.03

<0.03

0.0003-0.0012

Iron

<0.02

0.36

<0.01

N/A

Mercury

<001

<0.005

<0.005

0.004

Mangane
se
Silicon

<0.01

65

39

0.18

2.6

9

2

N/A

Zinc

<0.02

3.4

0.044

0.002

Aluminiu
m
Arsenic
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Table 3.3: Water quality parameters that suggest AMD impact (FWPCA, 1968).

AMD Impact Group Criteria

Measurement AMD Criteria No AMD Moderate High

pH

<6

6.2-7.5

5-6.2

3-5

Alkalinity

<20mg/L

≥30

4-30

0-4

Iron

> 0.5 mg/L

-

-

-

Manganese

> 0.5 mg/L

-

-

-

Sulfates

> 75 mg/L

< 75

75-300

300-450

Aluminium

> 0.3 mg/L

-

-

-

Conductivity

> 350 μS/cm

-

-

-

Zinc

> 5 mg/L

-

-

-
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Fig 3.4. Comparison of the mean and SD of inorganic constituents of water samples from the
reference, untreated and treated water collection points.
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untreated

treated

Fig 3.5: Comparison of the mean and SD of metals present in water samples from the
reference, untreated and treated water collection points.
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Abstract
Reactive oxygen species (ROS) production and resultant oxidative stress (OS)
has been implicated as a pathway of toxicity in animal species exposed to
pollutants. The gills of aquatic animals and the liver and kidneys of mammalian
species are specific cellular sites of toxicity. Although the levels of pollutants
such as heavy metals found in acid mine drainage (AMD) water can be
quantified following treatment, it is unknown whether this is associated with an
equivalent reduction in cellular toxicity.
ROS production by AMD untreated (U) and after treatment (T) was quantified
in a fish gill cell line (RTgill-W1) and in two mammalian cell lines (C3A human
liver and Vero monkey kidney). ROS production was determined using the
oxidant sensitive fluorogenic probe, 2′, 7′-dichlorofluorescein diacetate
(DCFH-DA) following exposure to U and T, AMD water.
Treatment of AMD water resulted in a reduction in the levels of Al, Zn and Fe
while the levels of Mn remained unchanged. For U and T, AMD water a dosedependent decrease in ROS production was observed.
The percentage of ROS formation decreased from 14% to 4.5%. 16.4% to 7.2%
and 25.3% to 17.7% in the RTgill-W1, C3A, and Vero cell lines respectively
exposed to 100% AMD water, U and T. The presence of Mn and subsequent
ROS formation indicates that this water is still toxic to cells and further
processing may be required.
This study shows that the DCFH-DA assay in several cell lines can be used to
rapidly bio-monitor the quality of treated AMD water related to the formation
of ROS and subsequent cellular effects. However, cutoff levels for cellular
toxicity need to be established to ensure the safety of this water for aquatic
animals and for animal and human consumption.
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Keywords: acid mine drainage; bio-monitoring; DCFH-DA; reactive oxygen
species
4.1 Introduction
Coal mining is a major industry in South Africa as coal is the principal energy source
for the country (Mangena and Brent 2006). A number of the coalmines are located in the
Mpumalanga Province, which hosts more than 10 000 km2 of hydraulically interlinked mines,
supplying 83% of the total produced coal and accommodating eight of the country‘s ten
operational coal-fired power stations (Heath et al. 2010). Most of the rivers have been
negatively impacted by the extensive industrial and mining activities in the Mpumalanga
Province and the aquatic ecosystems are threatened (De Villiers and Mkwelo 2009). Coal
mining is the most important source of acid mine drainage (AMD) contamination affecting
the streams and rivers in the upper catchment of the Olifants River (Adler et al. 2007;
Driescher 2008).
AMD polluted water contains heavy metals which contaminate the aquatic ecosystem
and some notable effects of AMD on the lentic system could be chemical (increased acidity
resulting in an increased soluble, bioavailable metal concentration), biological (acute and
chronic toxicity) and ecological (loss of habitat and elimination of sensitive species) among
others (Gray 1997). In addition human exposure to heavy metals is mostly through the
ingestion of contaminated water through drinking, preparation of food or irrigation of crops
(Awofolu et al. 2005).
In order to improve the acid mine water quality, the use of neutralization agents such
as hydrated lime is employed as an active treatment method so as to precipitate hydroxides of
metals such as Fe and Al (Thompson 1980), hence reducing the metal burden and correcting
pH (Madeira et al. 2005). Such treatment methodologies give the appearance that the
effluents are non- toxic.
The general quality of a water body can be assessed by measuring the
physicochemical characteristics of the water, namely the pH, temperature, dissolved oxygen
(DO), total dissolved solids and specific inorganic elements (Simpi et al. 2011). However,
environmental monitoring by means of biomarkers provides a more detailed assessment of
pollution, as it demonstrates the effects on biota, and is preferably applied in conjunction
with chemical measurements (Bayne et al. 1988). Biomarkers give an indication of an
ecosystem‘s health and the condition of organisms inhabiting it, and have been used for
quality environmental monitoring (Stegeman et al. 1992). Biomarkers are applied as sensitive
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indicators of pollution to detect underlying stressful conditions (Stegeman et al. 1992).
The use of in vitro techniques to determine possible toxicological effects of effluent
compounds at the sub-cellular level versus whole or intact animal testing offers the advantage
of rapid, reproducible and more cost effective research (Bols et al. 2005; Castaño et al. 2003).
These in vitro systems have been extremely useful in the following studies: cytotoxicity
(Environment Canada 1990), drug metabolism and toxicity (LeCluyse 2001), molecular
toxicity (Blaauboer et al. 1998) as well as in predicting the biological reactivity of potential
toxic compounds (Barratt 2000). In vitro systems can be used to study cellular responses to
toxicants for example OS, glutathione homeostasis, cellular stress responses, changes in
enzyme activities and cytokine responses which, in conjunction with molecular studies,
become useful as biomarkers of toxic effects and for the prediction of potential toxic effects
in living organisms (Harries et al. 2001).
Cell line use in toxicity testing involving environmental contaminants has been
widely reported (Maruoka 1978; Kfir et al. 1981; Van Doren et al. 1984; Mochida, 1986;
Bols et al. 2005). An advantage of using cell lines is that the whole water samples containing
pollutants can be directly applied and this ensures that little or no toxicant is lost to extraction
processes and further sample processing (Dayeh et al. 2002). In addition cell types that
represent specific cellular targets can be used such as cell lines derived from fish gills. Fish
cell lines are used as potential alternatives to whole fish in testing environmental samples for
toxicity. The RTgill-W1 and RTL-W1 liver epithelial fish cell lines derived from rainbow
trout have been commonly used (Dayeh 2005). Heavy metals cause multiple organ toxicity in
mammals including human and specific organ sites of toxicity are the brain, liver and kidneys
André et al. 1991; Bouquegneau and Joiris, 1992; Dietz et al. 1998).
Mammalian cell lines such as the HepG2 and the Vero kidney cell line that represents
the liver and kidney can be used to evaluate mammalian toxicity. Mammalian cell cultures
have been used successfully in identifying and understanding the possible effects chemicals
pose to humans (reviewed in Rees, 1980) and in studies performed by health laboratories and
water quality regulators (reviewed in Hunt et al. 1986). Richardson et al. (1977) used
mammalian cell culture assay to evaluate water quality of oil-refinery effluents.
Fe, Cu, Cr and Va are redox active metals and generate ROS by redox cycling. Other
metals that do not undergo redox cycling such as Hg, Ni, Pb and Cd impair antioxidant
defense systems and may inhibit antioxidant enzymes or deplete GSH via direct binding.
Another mechanism is via the Fenton reaction whereby Fe2+ is oxidized by hydrogen
peroxide to Fe3+ with the formation of a hydroxyl anion and radical (Sevcikova et al 2011).
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The process of ROS production is a normal and important physiological process in cellular
metabolism. However, excessive ROS causes oxidative stress (OS) resulting in modification
of lipids, proteins and nucleic acids (Dat et al. 2003; Livingstone 2001; Mittler 2002).
ROS generation initiated by the presence of contaminants, resulting in OS has been
reported in biota exposed to pollutants, therefore suggesting a possible connection between
contaminant-stimulated ROS production and resultant OS as an established pathway of
toxicity in exposed organisms (Di Giulio et al. 1995; Kelly et al. 1998; Winston and Di
Giulio 1991). ROS production and the resultant OS have been associated with the presence of
metals, aromatic hydrocarbons, pesticides, polychlorinated biphenyls and dioxins in aquatic
ecosystems (Valko et al. 2005; Valko et al. 2007). Xenobiotic factors elevate ROS production
either by accumulating reactive intermediates, deactivating antioxidant enzymes, or by
depleting radical scavengers (Kelly et al. 1998). Hence, ROS production and resultant OS
have been connected to a number of pathological processes (Sies 1999; Djordjevic 2004).
A sustained increase in ROS generation (OH- radical, hydrogen peroxide, and
superoxide anion) leads to OS, which causes results in a distress in cellular metabolism and
its regulation, membrane and organelle damage and/or cellular death (Kelly et al. 1998).
Environmental pollutants that cause OS can easily modify the balance that exists between
pro-oxidants and antioxidant forces (Winston and Di Giulio 1991). These forces are present
in aquatic animals to prevent ROS-induced damage (Livingstone 2001).
Early stage OS attributable to ROS production has been investigated using an oxidant
sensitive fluorogenic probe, namely 2′,7′-dichlorofluorescein diacetate (DCFH-DA) to detect
intracellular ROS (Rosenkranz et al. 1992) as an early stage marker for xenobiotic-induced
OS in cultured fish and mammalian cell lines. DCFH-DA is a cell-permeable, nonfluorescent dye that easily crosses biological membranes because the acetate ether is
uncharged, but when cleaved by intracellular esterases it becomes charged and is retained
intracellularly (Pereira et al. 2003; Poljsak et al. 2005). When hydrolyzed, DCFH-DA
changes to non-fluorescent DCFH, but the presence or generation of ROS oxidises DCFH to
highly fluorescent dichlorofluorescein (DCF) (LeBel et al. 1992) and this increase in
fluorescence can be quantified and used as an index to determine the overall cellular OS.
AMD is a complex mixture and of specific concern is the presence of heavy metals
such as Al, Cd, nickel Ni, Pb and Hg that causes OS by redox cycling, depletion of GSH
levels, or catalysis of the Fenton reaction (Halliwell and Gutteridge, 1989; Valko et al. 2005;
Lushchak, 2008; Sevcikova et al. 2011).
In this study the potential use of ROS generation in RTgill-W1, C3A and Vero cell
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lines as bio-indicator of the safety of treated water from streams polluted by AMD was
investigated. .

4.2 Materials and Methods
4.2.1 Location and description of the study area
The study was conducted at the receiving stream ―Kromdraai‖ in eMalahleni,
Mpumalanga Province, South Africa, located between 25°46‘ 32.38‖ S and 29° 01‘ 23.77‖ E.
The AMD from the mine passes through a wetland into a free flowing receiving stream which
is continuously dosed with a neutralizing agent, in-stream, whose aim is to increase the pH of
the water, in order to precipitate metals as hydroxides and improve the water quality of the
AMD.
In situ measurements of temperature, dissolved oxygen and pH were conducted at the
two sample collection points along the course of the stream. Temperature, dissolved oxygen
and pH were measured using a portable multimeter (HACH HQd, USA). The water samples
collected immediately after flowing through the wetland (undergoes passive treatment) were
named the ―untreated AMD water sample‖ (U), while the water samples collected
downstream beyond the dosing tanks (which continuously supplied the neutralization agent)
were termed the ―post treated AMD water sample‖ (T). Samples were collected as subsurface
grab samples, and placed on ice immediately for transport back to the laboratory for analysis.
Water samples were analyzed by the Analytical Services, Chemistry Department, CSIR,
Pretoria for the following elements: ammonia, orthophosphate, phosphate, nitrate and nitrite,
aluminium, arsenic, chromium, copper, iron, mercury, silicon and zinc were determined
according to the methods of the American Public Health Association (APHA), 1995. Water
samples for bioassays were filtered through a 0.22-μm in-line filter within 2h of collection
and were stored at 4°C at the Faculty of Veterinary Science, University of Pretoria.

4.2.2 Cell cultivation

The C3A cell line (derivative of HepG2) was purchased from the American Type Culture
Collection (ATCC® CRL-10741TM) and the Vero monkey kidney cells (sourced from the
collection of the Department of Veterinary Tropical Diseases, Faculty of Veterinary Science,
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University of Pretoria) were grown in closed, filter-cap flasks at 37°C in Minimal Essential
Medium (MEM, Sigma-Aldrich®, USA). Vero monkey kidney cell culture medium was
supplemented with 0.1% gentamicin (Virbac, PHENIX, SA) and 5% foetal calf serum (FCS,
Highveld Biological® South Africa]), whilst the C3A cells were grown in antibiotic free
medium supplemented with 10% FCS and 1mM sodium pyruvate (Sigma-Aldrich®, St. MO,
USA). Cells of a sub-confluent culture were harvested and centrifuged at 200 x g for 2 min,
and re-suspended in growth medium supplemented as above, and 100 µl (5 x 104cells/ml)
were plated in each well of columns 2 to 11 of a 96-well microtitre plate. The plates were
incubated for 24 h at 37ºC in a 95% air 5% CO2 humidified environment.
The RTgill-W1 cell line (ATCC® CRL2523™) was cultured in Leibovitz's L15 medium
supplemented with 12% fetal bovine serum (FBS, Highveld Biological® South Africa) in
atmospheric air at 20ºC. Cells from a sub-confluent culture were re-suspended in cell culture
medium supplemented with 10% FBS and 2% penicillin-streptomycin (5000 U/l penicillin,
5000 µg/ml streptomycin, Gibco® Life Technologies, USA).

4.2.3 DCFH-DA assay for ROS generation

On the day of the assay, 50 µl of 75 µM DCFH-DA was added to 100 µl of medium
per well to give a final concentration of 25 µM DCFH-DA. After the cells were exposed for
45 min in 95% air 5% CO2 at 37°C for the C3A and Vero monkey kidney cells, and at room
temperature in atmospheric air for the RTgill-W1 cells, the excess extracellular DCFH-DA
was removed by two washes of phosphate buffered saline (PBS).
In order to assess ROS formation, the adherent cells with intracellular DCFH-DA
were exposed to varying concentrations of AMD from the untreated and treated AMD
samples. Dilutions of 100% (whole effluent); i.e. 75%, 50%, 25%, 12.5% 6.25%, 3.125%
1.562% and 0.781% were prepared using ultra-pure Milli-Q water that also served as the
negative

control.

For

the

positive

control,

2,2'-azobis-2-methyl-propanimidamide

dihydrochloride (AAPH) was used at 4 mg/ml dissolved in Milli-Q water. AAPH is a watersoluble azo compound, which is used extensively as a free radical generator; it is used often
in the study of lipid peroxidation and the characterization of antioxidants (Liégeois et al.
2000). Following the breakdown of AAPH, molecular nitrogen and two carbon radicals are
produced which may then combine to produce stable products or react with molecular oxygen
to give peroxyl radicals. The fluorescence was measured using a FLUOstar fluorescence plate
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reader (BMG, LABTECH, Germany) with temperature maintained at 37°C using a 485/520
nm excitation/emission filter. The fluorescence from each well was captured, digitized, and
stored on a computer using OPTIMA software. Readings were taken at intervals of 120 s in a
selected 30-cycle period up to 1h and the data were exported to Excel (Microsoft, Seattle,
WA, USA) spread sheet software for analysis.

4.3 Data analysis

Reactive oxygen species formation was expressed as a gradient of the fluorescent units of the
oxidized dye DCFH-DA from 0-1 h in the different concentration ranges expressed as a
percentage of the positive control, AAPH, which was given a value of 100% toxicity. The
Milli-Q water, which served as the negative control, was given a value of 0%.

ROS formation was calculated using the formula:

(

The net change in fluorescence per well was calculated by taking an average of the change in
fluorescence over time. The advantage of this method of analysis is that it calculates the net
changes in fluorescence, such that the calculated data directly reflects the percentage changes
of fluorescence over time from the cells in the same well. This method further cancels out the
background fluorescence in each well, and therefore, does not require a ―no cell‖ control.
Statistical analyses were performed with StatViewR (SAS Institute, Cary, NC, USA)
software, using analysis of variance (ANOVA) followed by Fisher‘s Protected Least Squares
Difference post hoc test for individual comparisons.

4.4 Results
The pH measured at the two sample collection stations varied considerably (Table
4.1), revealing significant acidification of the water emanating from the wetland i.e. U
(passive; natural treatment) into the receiving stream T (active; physical and chemical
treatments).
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Conductivity values observed in the U and T (315 and 317 mS/m) water samples were
much higher than the recommended guidelines (250 mS/m). The inorganic constituents of the
water U and T water had similar levels of total phosphorus, orthophosphate and ammonia.
The AMD water contained metals, Al, Cr, Cu, Fe, Zn, As, Hg, Mn and Si ions Table
4.1). Metal analyses performed on the water samples from the site showed values for Fe, Zn
and Mn to be much higher than the maximum recommended values for water to be used for
industrial purposes (Government Gazette 1984; Department of Water Affairs and Forestry
2004). Guideline values for wastewater or effluent produced by or resulting from the use of
water for industrial purposes for rivers and dams and suitable for protection of aquatic life are
also presented in Table 1 (Government Gazette 1984, Department of Water Affairs, Forestry
and Environmental Conservation 1980). However this water is often used for drinking, food
preparation and therefore the guidelines related the safety of water for domestic use and
human consumption is also presented in Table 4.1.
No data were available for Al and Si. The concentrations of As, Hg and Cr were
below the recommended guideline levels and with treatment the levels of these metals
remained unchanged. The in-stream neutralization process effectively removed Fe, Al, Zn
and Si from the water and the levels of Fe and Zn were within the recommended guidelines.
Only a slight reduction in Mn and sulphate following neutralization was observed. However,
total dissolved solids (TDS) values of Na, Ca, and Mg increased downstream when
comparing T and U water samples.
In general, U and T water samples presented higher metal levels than recommended
guidelines and this was noticeable for Mn, Al, and Zn.
In this study three cell lines were exposed to serial dilutions of U and T water (Fig
4.2-4.4). For all cell lines an increase in ROS production was observed following exposure to
increasing concentrations of AMD water (U and T).
Using whole effluents, the maximal amount of ROS generated was for the untreated
AMD water was 14%, 16.3% and 26.5% for the RTgill-W1, C3A and Vero cells respectively.
A direct correlation was found between % AMD concentration and % ROS formation for U
with a R2 correlation of 0.912, 0.985 and 0.945 for the RTgill-W1, C3 and Vero cell lines
respectively. The rate of decrease in fluorescence with decreasing % AMD concentration was
0.1044, 0.144 and 0.212 for the RTgill-W1, C3A and Vero cell lines respectively. The Vero
cell line was the most sensitive to the effects of U water due to the high fluorescence obtained
for 100% AMD concentration and gradient.
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Following treatment the maximal amount of ROS generated was for the untreated AMD
water was 4.56%, 7.22% and 17.71% for the RTgill-W1, C3A and Vero cells respectively. A
direct correlation was found between % AMD concentration and % ROS formation for U
with a R2 correlation of 0.983, 0.9016 and 0.969 for the RTgill-W1, C3A and Vero cell lines
respectively. The rate of decrease in fluorescence with decreasing % AMD concentration was
0.0358, 0.0601 and 0.156 for the RTgill-W1, C3 and Vero cell lines respectively. Fold
change in gradient U vs T was 2.916, 2.39 and 1.36 for each respective cell line indicating
that treatment of AMD water resulted in a decrease in ROS.

4.5 Discussion
Effluent discharge from mining activity impacts water bodies negatively causing a
drastic fall in pH, and a resultant increase in the presence of dissolved metals, such as Al, Fe,
Zn, Mn, Cu, or Cd (Grippo and Dunson 1996). A number of water parameters fell short of the
recommended standards; the South African guideline for conductivity in effluent that could
be discharged into the receiving water bodies is 250 μ/Scm (Government Gazette 1984). The
observed increase in conductivity indicates the level of pollution (U.S. Environmental
Protection Agency 1982). This raises a possible question of compliance, toxicity to water life
and suitability for downstream end users.
Aquatic pollutants have the potential to induce the formation of ROS in organisms
resulting in OS (Lesser 2006) that can lead to cellular dysfunction and death. The presence of
transition redox-active transition metals can initiate a reaction with hydrogen peroxide (H2O2)
to produce a highly reactive oxygen species (ROS), the hydroxyl radical (OH.-) via the
Fenton reaction (Walling 1975). Synergistic effects between different metals can cause
increased levels of oxidative damage. The concentrations of Al, Fe, Zn, and Mn levels are
very high in the effluent water from U (Table 4.1). Of the metals present in the river effluent
Fe, Cu, Cr, Ar can generate ROS by redox recycling while Hg depletes GSH and thiol
containing antioxidant enzymes. Both processes result in an increase in production of ROS
(see review Ercal et al. 2001). Interestingly Zn retards oxidative damage (Gibbs et al. 1985).
With post alkali in-stream treatment there was considerable reduction in heavy
metals. Optimal precipitation of Mn has been reported to occur at a higher pH between 9 and
10 (Means 2004). High levels of Mn are associated with ROS induced neurotoxicity (Gavin
et al. 1992) because glial cells form in vitro findings reveal a high affinity transport
mechanism for manganese (Aschner et al. 1992).
54

© University of Pretoria

An interesting observation in the AMD was its richness in inorganic salts and sulphate,
which may influence bioavailability and toxicity. Higher concentrations of K2+

(K+)

mono

ionic, Ca2+, Na+ and Mg2+ were observed to occur in the AMD, with concentrations
increasing downstream after the neutralization treatment.
McCulloch et al. (1993) reported that elevated TDS could also be toxic to freshwater animals
by causing osmotic stress and affecting the osmoregulatory capability of the organisms. In
the present study following treatment of the AMD water, heavy metal levels were reduced
but the levels of TDS increased because conductivity is an index for TDS pollutants (U.S.
EPA 1982).
The ability of U and T AMD water to induce oxidative damage in the RTgill-W1
cell line was evaluated. Two mammalian cells lines that represent specific cellular sites of
oxidative damage in mammalian species including humans were also included. For all cell
lines with treatment, there was a significant reduction in the measured levels of oxidative
damage. Contreras et al. (1995) reported a significant increase in ROS and lipo-peroxide
levels in seaweeds around the discharges of copper mines while Bopp et al. (2008) reported a
25-35 fold ROS induction in rainbow trout gill cells exposed to copper (total Cu 100 µM, pH
7). However of concern in this study is that although the concentrations of As, Hg and Cr are
below the recommended guideline levels, these metals may still cause oxidative damage
leading to cellular dysfunction and death.
Since a clear positive correlation has been reported between the number of viable
cells and consequent increase in DCF fluorescence (Bopp et al. 2007), it was necessary in
parallel to ROS measurements, to investigate cytotoxicity (results not shown) so that,
exposed cells do not become damaged from cytotoxic effects and as such underestimate ROS
formation.
The rise in pH of the stream achieved using in-stream alkali neutralization process
results in complexation phenomena and consequent metal hydroxide precipitates (Madeira et
al. 2005). A decrease in toxicity of effluent from an abandoned uranium mine was reported to
be concurrent with an increase in pH of the effluent (Franklin et al. 2000). This may account
for the reduced toxicity in effluent water T, as % ROS generated using whole effluent
showed a decrease from 26.5% to 17.7% in Vero monkey kidney cells, in C3A cells from
16.3% to 7.2% in C3A and 14% to 4.5% in RTgill-W1 cell lines. Water chemistry values for
metals such as Al, Fe, Zn and Si reduced by 21, 19, 146 and 4.5 fold respectively in effluent
water T (Table 4.1).
Consistent with these findings were those reported by Moore (1992) where increased
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ROS production was seen in isolated hepatocytes of dab (Limanda limanda) from polluted
sites compared to cleaner sites in the German Bight, North Sea. Schlezinger et al (2000) and
Choi and Oris (2000) likewise reported increased ROS production involving a number of
water borne contaminants like duroquinone (component of pulp mill effluent) and
benzo[a]pyrene (BaP) diones.
The use of in vitro contaminant-stimulated ROS production has been demonstrated in
a number of species for a number of contaminants (Livingstone 2001). In this study the
RTgill-W1, C3A and Vero cells lines were used and represented fish, human and monkey
species as well as being representative of specific organ systems. From this study, the Vero
cell line appeared to be the most sensitive to AMD water as it generated greater ROS
especially at higher effluent concentrations (Table 4.2) and this may be that the kidney is an
important target organ related to the toxicity of heavy metals such as cadmium (Gardner et al.
2006; Barbier et al. 2009). In addition, the RTgill-W1 cell line showed the greatest change, a
3.48 fold change in gradient when the effect of U on ROS formation is compared to T. The
RTgill-W1 cell line is derived from the epithelium of the fish gills, which is the first barrier
against toxicants entering the fish body (Wood 2001). Pandey et al. (2008) observed that
exposure to a mixture of heavy metals that included Cu, Cd, Fe and Ni caused a decrease in
the levels of antioxidant enzymes, GSH as well as an increase in lipid peroxidation, which is
associated with radical damage in fish gills. Koutsogiannaki (2006) also reported that a
decrease in GSH occurs following multi-metal exposure on gills, because heavy metal cations
have a great propensity for the –SH group of GSH (Viarengo 1993).
This study showed that the water quality parameters of the receiving stream were
adversely impacted by AMD discharge and the presence of metals in the water was at
environmentally relevant concentrations was detectable at cellular levels in cell lines through
transient increases in ROS production for both U and T, AMD.
Since biological diversity and the physiological state are direct indices of water
quality, in vitro techniques involving cellular ROS generation may serve as an alternative
relevant model for evaluating consequences of exposure to environmental pollutants.
This model system using cell lines that represent the target tissue of toxicity can be
routinely implemented and is a fast, easy and straightforward manner and to measure the
possible consequence of exposure to environmental pollutants. A limitation is that there is no
standard cutoff level for ROS formation, which indicates the degree of safety.
Together with other assays related to environment health research, may provide a
plethora of interesting research opportunities. Although this technique in determining ROS
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levels in multicellular organisms, particularly aquatic animals, is seldom used, we propose
that this method could be applied in conjunction with water chemistry analysis of polluted
streams as early onset detection of OS.
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Table 4.1: Water chemistry analytes of AMD water samples collected at Kromdraai,
Mpumalanga, South Africa compared to guideline values (Government Gazette 1984;
DWAF 1996, 2002, 2007) of effluent produced by or resulting from the use of water for
industrial purposes and South African water guidelines for domestic use.

Metals present as ions dissolved in water
Analysis

Unit

Untreated Treated

Guidelines Guidelines

AMD

for

for

industrial

domestic

use

use

AMD

Potassium (K+)

mg/l

12

13

0.1

N/A

Sodium (Na+)

mg/l

57

130

N/A

100

Calcium (Ca2+)

mg/l

500

552

N/A

N/A

Magnesium (Mg2+)

mg/l

153

169

N/A

170

Ammonia (NH4+)

mg/l

3.6

3.6

1

N/A

Sulphate (SO42-)

mg/l

2329

2072

1400

200

Chloride (Cl-)

mg/l

5

5

N/A

250

Alkalinity (CaCO3

mg/l

5

25

20

20-300

Nitrate & nitrite (NO3-)

mg/l

4

6.6

1.5

6

Orthophosphate (PO43-)

mg/l

0.2

0.2

1

N/A

Total phosphorus (PO43- mg/l

0.2

0.2

N/A

N/A

levels)

)
Aluminium (Al3+)

mg/l

6.9

0.32

N/A

N/A

Chromium (Cr2+/3+)

mg/l

0.01

0.01

0.05

N/A
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Copper (Cu+/2+)

mg/l

0.01

Analysis

Unit

Untreated Treated

Guidelines Guidelines

AMD

AMD

Industrial

Domestic

0.01

0.02

N/A

Iron (Fe2+/3+)

mg/l

0.38

0.02

0.03

0.1

Manganese (Mn2+/3+)

mg/l

75

34

0.1

0.05

Zinc (Zn2+)

mg/l

4.1

0.028

0.3

1

Arsenic (As3+)

mg/l

0.001

0.001

0.1

0.1

Mercury (Hg2+)

mg/l

0.001

0.001

0.02

0.005

Silica (Si4+/4-)

mg/l

11

2.4

N/A

N/A

Electrical conductivity

mS/m

314

317

250

70

25˚C
pH

at 20˚C

3.67

8.41

5.5 – 7.5

6-9

Chemical oxygen

mg/l

10

10

30

N/A

6.05

2.70

5.8

N/A

demand (COD)
Dissolved oxygen (DO) mg/l

* N/A = not available
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Table 4.2: Cell line with highest sensitivity to untreated and treated AMD
% AMD water

Untreated

Treated

100

Vero

Vero

75

C3A /Vero/RTgill-W1

Vero

50

Vero

Vero

25

Vero/C3A

Vero/C3A

12.5

C3A /Vero/RTgill-W1

Vero

6.25

RTgill-W1

Vero

3.125

RTgill-W1

Vero/C3A

1.562

C3A /Vero/RTgill-W1

Vero/C3A

0.781

C3A /Vero/RTgill-W1

Vero

*Statistical significance determined using one way ANOVA with p < 0.05

20
18

*

(%) ROS produced

16

14

*

12

*

10

Untreated

8

Treated

6

*

4

*

2
0
100

75

50

25

12.5

6.25

3.125 1.562 0.781

% AMD concentration

Figure 4.1: Percent (%) ROS produced in C3A cells. Data is an average of 9 data points
±SEM
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30

*

(%) ROS produced

25

20
Untreated

*

15

Treated

10
5

*

0
100

75

50

25

12.5

6.25

3.125

1.562

0.781

% AMD concentration

Figure 4.2: Percent (%) ROS produced in Vero cells. Data is an average of 9 data points
±SEM.

61

© University of Pretoria

18

(%) ROS produced

16

*
*

14
12

*

10

*

8

Untreated

*

*
*

6
4

Treated

*

2
0
100

75

50

25

12.5

6.25 3.125 1.562 0.781

% AMD water Concentration

Figure 4.3: Percent (%) ROS produced in RTgill-W1 cells. Data is an average of 9 data
±SEM.
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CHAPTER 5: Assessing the potential of cell lines as tools for the
cytotoxicity testing of acid mine drainage effluent impacting a
natural water resource
Preface
This chapter was prepared for submission to the ISI-rated journal Environmental
pollution and Research.

Iji OT, Myburgh JG, McGaw LJ.

Abstract
The present study focused on a water compartment impacted by acid mine effluent
from a coalmine. Effluent toxicity was evaluated for in vitro cytotoxicity against
mammalian (Vero) and fish (RTgill-W1) cell lines, while conducting a parallel
physical and chemical characterization of the stream. Metal analyses from water
samples showed that values in some cases, especially regarding Al, Mn, Fe and
sulphates, were much higher than the maximum recommended values established by
South African legislation regarding effluent in receiving streams. Two water
collection points were selected in the characterization of the impacted water column:
one immediately following a wetland (U) and another downstream (T) of the mixing
zone where alkali is used to increase water pH to reduce acidity and precipitate
metals. Another unaffected site served as the reference site (Ref).

Cell viability assays were employed to detect effects of water samples on cells
following exposure for 24h, 48h and 72h, namely the neutral red (NR), tetrazoliumbased (MTT) colorimetric assays and the lactate dehydrogenase assay (LDH) which
assess lysosomal, mitochondrial functions and cellular necrosis respectively. Toxicity
was detected in U and T water samples against both cell lines using the NR and MTT
techniques, being maximal at 72h with IC50 values of 23.9% and 20.5% (MTT), and
32.2% and 49.4% (NR) for Vero cell lines (U vs. T). IC50 values for the RTgill-W1
cell lines were 8.4% and 7.19% (MTT), and 10.5% and 35.3% (NR) for U and T
respectively, but no cytotoxicity was recorded for the water collected from the
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reference site. These assays were complemented with fluorescence microscopy and
transmission electron microscopy for visualization of effects of the water samples
against the cell lines. However, we observed no effects on viability expressed as LDH
leakage in the cells.

Results indicated differences in the cytotoxic potential between both cell lines with
the different assay techniques employed, and the MTT assay was more sensitive than
the NR. The loss of cell viability resulting in damage to cellular functions gives rise to
concerns regarding the potential risks for aquatic animals, as worldwide increases in
AMD are a threat to aquatic animal health. The same holds for downstream end users
exposed to point source discharges of the untreated and treated effluent from the coal
mine.

5.1 Introduction

In assessing the ecological risk of contaminated sites, a sequence of events involving
data collection is recorded in order to identify chemicals of potential concern, their
concentrations in different environmental compartments, and the risk associated with
such chemicals, so as to reduce uncertainties regarding toxicity (Weeks et al., 2004).
In the context of pollution, aquatic ecosystems are the most unprotected because they
serve as reservoirs for chemicals from surrounding terrestrial ecosystems, and
organisms within this ecosystem are usually submerged in "various exposure
medium" within their habitat (Clements and Newman, 2002). One of the most
disturbing drivers of change in the aquatic ecosystem is human activity. Globally,
humans play huge roles in shaping and disturbing stream ecosystems (Resh and
Grodhaus 1983; Younger, 2001). Mining activity has been identified as one
contributing to severe water pollution because of the generation of acidic waters (acid
mine drainage or AMD) resulting from mining activities and, most importantly, the
presence of heavy metals in such waters (Rahn et al., 1996; Bleise et al., 2003; Chen
et al., 2004). The presence of heavy metals in high concentration and acidic pH values
negatively affect aquatic ecosystems (Soucek, 2000). Usually in the aquatic
environment, toxicity of pollutants does not occur due to individual compounds but
from mixtures (e.g. AMD complex), and the combined effects of mixtures of
compounds could result in mixture toxicity (Backhaus et al., 2000; Faust et al., 2001).
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Coal mining is a huge industry in South Africa (Mangena and Brent, 2006), with
approximately 220 Mt coal produced per year (DME, 2004). A large proportion of
coal mines is located in the Mpumalanga Province, where coal mining operations
(existing and historic over the past 100 years) comprise over 10 000 km2 of
hydraulically interlinked coal mines hosting eight of the ten operational coal-fired
power stations, and supplying 83% of the total produced coal in the country (Vureen,
2009). Extensive mining activities in the catchment of Mpumalanga Province have
been reported to alter the hydrodynamics of most rivers, and threaten the aquatic
ecosystems due to acid mine water production (de Villiers and Mkwelo, 2009). In the
upper Olifants River, there are a number of reports of contamination of water through
pollution of AMD (Adler et al., 2007; Driescher, 2008), with resultant fish and
crocodile die-offs (Paton, 2008).

AMD is usually highly acidic (pH between 2.0 and 4.5) and high in metal
concentrations. It contains elevated sulphate levels and excessive suspended solids
and/or siltation, all of which cause toxicity (Campbell and Stokes 1985). During
mining processes, the host rock undergoes sulphide weathering and the acidity causes
dissolution and release of acidic metal-laden water into environmental compartments,
causing mortality of aquatic organisms in streams impacted by mine drainage
(USEPA, 2006). The US Environmental Protection Agency's Clean Water Act
considers heavy metals such as zinc, mercury, lead, cadmium, magnesium, aluminum,
copper, thallium, as well as other primary pollutants (PPE) to surge in concentration
at sites situated close to mining areas (Alberta and Badillo, 1991; Debenest et al.,
2012; Kelly et al., 2010).

Natural treatment processes involving wetlands have been utilized to improve water
quality in point and non-point sources of water pollution. The USDA and EPA (2002)
reported over 500 such systems operating in Appalachia alone used to manage AMD
from active and abandoned coal mines. The wetlands provide a dense growth of
vascular plants that soak up and regulate water flow, create microenvironments within
the water column, and provide attachment sites for microbial communities. Other
active treatment process for AMD abound with the most common being
neutralization, which corrects pH and precipitates metal, giving the appearance that
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the effluents are non-toxic (Madeira et al., 2005). Such effluents are subsequently
often discharged into receiving streams (Akcil and Koldas, 2006). In some instances,
treatment technologies may become insufficient or uneconomical to maintain, and as
such, a considerable amount of untreated AMD is left (Diz, 1997). One way to
evaluate the efficacy of such systems is by physical and chemical monitoring of the
quality of the effluent, alongside the use of biological indicators because they respond
to environmental changes on a short-term, as well as on a long-term basis (Burgman
and Lindemayer 1998; Mota Marques et al., 2000; Ji et al., 2004).

A number of test species such as algae, crustaceans, insect larvae and fish are
commonly used in aquatic ecotoxicology (OECD, 1998, 2000; Taylor et al, 1991;
Environment Canada, 1992; USEPA, 1994; ASTM, 1997, 2000). All of these employ
the use of whole animals (Buikena and Cairns, 1980), involving procedures in which
experimental protocols are extended, tedious, expensive, and require the use of a large
number of animals. There is an increased pressure to reduce, replace and refine
animal use in research and toxicological studies (Castaño et al., 2003) and the need
for alternative suitable biomonitoring methods for evaluating contaminant risk and
hazards in the environment cannot be over-emphasized. In vitro techniques as
alternative systems in toxicity assessment are not new concepts in research with the
use of mammalian cell lines to monitor water quality being previously reported
(Mochida, 1986; Kfir and Prozesky, 1981; Schirmer et al., 2001). Cell cultures,
derived from fish, have been effectively used as a biological substitute to the use of
whole animals (Segner, 1998; Strmac et al., 2000; Schirmer, 2004; Leguen et al.,
2011 Chasiotis and Kelly, 2011; Chasiotis and Kelly, 2011b; Chow and Wong, 2011;
Chasiotis et al., 2012; Kolosov and Kelly, 2013). The principle behind this is that it
provides a platform to evaluate responses to toxicants at molecular and cellular levels,
and these can be monitored in a controlled environment, usually in isolation from
multiple physiological systems modulating such cells in vivo (Castano et al., 2003).
This technique hinges on the fact that functional and structural changes are caused by
pollutants at cellular levels within the organism (Larsson et al, 1985) and
consequently, pollutants will exert their effects by interacting/ interfering with basic
cellular functions.
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In this study, to evaluate the cellular responses of cell lines following exposure to
toxicants present in effluent from a coalmine, subjected to passive or active treatment,
toxicity assays were carried out on mammalian Vero and fish RTgill-W1 cell lines.
This study addresses an ecotoxicological evaluation of a natural flowing stream
impacted by AMD effluent from a coal mine, whose effluent was subjected to both
passive (wetland) and active treatment (neutralization) methods. Since biomonitoring
is regarded as the prime tool needed to adequately protect aquatic life (Herricks and
Schaeffer 1985), in vitro cytotoxicity assays, involving multiple endpoint
measurements of cellular responses to contaminants was used to detect cytotoxicity of
AMD water to both Vero and RTgill-W1 cell lines. Lysosomal function was
determined using the Neutral Red (NR) assay, while mitochondrial function was
assessed

with

the

use

of

the

MTT

(3-(4,

5-dimethylthiazolyl-2)-2,

5-

diphenyltetrazolium bromides) reduction assay, and necrosis through the LDH assay.
A parallel physical and chemical characterization of the stream was done in
conjunction with the cytotoxicity assay to assist in interpreting any observed
cytotoxicity.

5.2 Materials and Methods
5.2.1 Location and description of the study area

The study site chosen was a receiving stream established downstream of a colliery,
Kromdraai (25°46‘ 05.5‖ S; 29° 07‘ 15.5‖ E) in the Highveld region, close to
eMalahleni (previously known as Witbank) in Mpumalanga Province. The acid
effluent from the mine passes through a wetland into a free flowing receiving stream
and two water collection points were chosen along the course of the stream. The water
sample collected prior to treating with a neutralizing agent (caustic soda) immediately
flowing from the wetland, was termed the untreated (U), whilst the one collected
downstream, beyond the point of an in-stream, neutralizing agent which is connected
to a dosing tank and monitored telemetrically, was termed treated (T).

A reference site characterized by slightly acidic pH (6.5), with absence of any metal
or other anthropogenic pollution and most importantly, outside the influence or
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impact of a mine, located at 25°47‘6‖S; 28° 28‘ 52‖E, served as the control site and
water samples collected here were referred to as reference (Ref).

5.2.2 Water chemistry
Water samples were analyzed by the Analytical Services Chemistry Department,
CSIR, Pretoria, for their physicochemical parameters. Nitrate, orthophosphate,
chloride, ammonia, nitrogen and sulphate were measured using automated flow
injection analysis. Heavy metals in their dissolved states were analyzed (Al, Cu, Mn,
As, Si, Fe and Zn) using the inductively coupled plasma atomic emission
spectrometry (ICPAES). Calcium, magnesium, potassium, phosphate and sodium
were measured likewise using the ICPAES methods. Alkalinity was determined using
the potentiometric titration and chemical oxygen demand calorimetrically, all
according to standard methods (APHA, 1995; APHA et al., 2005).

5.2.3 Collection and preparation of samples
Water samples collected as subsurface grab samples, over a period of two years
between July and September of each year were immediately placed on ice for
transport back to the laboratory for analysis and bioassays. Water samples for
bioassays were filtered through a 0.22-μm in-line filter within 2h of collection and
were stored at 4°C in the dark (maximum storage time: 3 weeks) at the Faculty of
Veterinary Science, University of Pretoria.

In situ measurements of temperature, dissolved oxygen and pH were conducted at the
collection points along the course of the stream. Temperature, dissolved oxygen and
pH were measured using a portable multimeter (HACH HQd, USA).

Powdered media was reconstituted with whole water samples before being exposed to
cell cultures. Powdered Minimum Essential Medium (MEM) (Gibco® Life
Technologies TM, UK) was used for Vero cells and Leibovitz medium (L-15M SigmaAldrich, St. Louis, MO, USA) was employed for RTgill-W1 cell lines. Water samples
were pH-adjusted using a pH meter (Thermo Fisher Scientific Inc.) and samples
filtered using a 0.22-μm-membrane filter (Acrodisc®syringe filter, Life Sciences,
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USA). The osmolality of water samples measured following reconstitution by
powdered

media

(Model

3320

Osmometer,

Advanced

instrument

INC

(Massachusetts, USA) were found to be within the range conducive for cell viability.
Control media reconstituted with sterile tissue culture water (Milli-Q50 France) was
supplemented to ensure the availability of essential nutrients using 5% fetal calf
serum (FCS, Highveld Biological, South Africa). Cell cultures from the Vero cell line
and the RTgill-W1 cell lines were exposed to a range of concentrations (3.75%, 7.5%,
15%, 30%, 45%, 60%, 75%, 90% and 100%) using control medium as diluent. For
comparison for each assay, the known cytotoxic compound doxorubicin
hydrochloride (Pfizer Laboratories Pty Ltd, SA) reconstituted to 100 μM stock
solution served as the positive control, using concentration ranges (0.07%, 0.15%,
0.30%, 0.625%, 1.26%, 2.5%, 5%, 10% and 25% (v/v)). Cells of a sub-confluent
culture were plated in a 96-well microtitre plate at a density of 100 µl of 1 x 105 cells
/ml / well for Vero cell and 100 µl of 2 x 105 cells /ml / well for the RTgill-W1 cell
lines were incubated for 24h at 37ºC in a 5% CO2 humidified environment and 20ºC
in an air incubator respectively before exposure to water samples. The duration of
exposure for the cells were 24h, 48h, and 72h after which cell viability was
determined.

5.2.4 Cell viability assay
Two fluorescent indicator dyes, namely MTT (3-(4,5-dimethylthiazolyl-2)-2,5diphenyltetrazolium bromide) (Sigma-Aldrich) and neutral red (Sigma Chemical Co)
were used to evaluate cell viability in Vero and RTgill-W1 cultures. The dyes are
readily available, relatively easy to use and inexpensive. The intensity of colour
(measured spectrophotometrically) of the MTT formazan produced by living,
metabolically active cells is proportional to the number of live cells present, therefore,
a decline in readings indicates a reduction in cell metabolism and a loss of cell
membrane integrity (Mosmann, 1983). The MTT assay was performed as described
by Mosmann (1983). The neutral red assay provides a measure of lysosomal function,
and was performed as described by Repetto et al. (2008). Absorbance was measured
using a microplate reader (BioTek®Synergy HT-BioTek Instruments, Winooski,
USA). Wavelengths were 570 and 690 nm for MTT, and 530 and 645 nm for neutral
red. Experiments were conducted in quadruplicate and were repeated at least four
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times.

5.2.5 Lactate dehydrogenase activity
The lactate dehydrogenase (LDH) kit purchased from Roche® was used to assess
cytotoxicity following exposure to effluent for 24h, 48h and 72h exposure. Leakage
into the culture medium was assayed by collecting the culture supernatant and
incubating with the reaction mixture. The LDH activity was determined as an
enzymatic assay that involved NAD+ being reduced to NADH/H+ by conversion of
lactate to pyruvate. The H/H+ from NADH/H+ is then transferred to the tetrazolium
salt INT that is reduced to formazan and absorbance is measured at 490 nm.

5.2.6 Transmission electron microscopy
Samples of RTgill-W1 cells incubated for 72h after each treatment (Media control,
Ref, U and T) were fixed at 4°C according to Iger et al. (1995) for electron
microscopy. The cells were dehydrated and embedded in Araldite 6005 resin, after
which ultrathin sections were contrasted with uranyl acetate and lead citrate. The
samples were examined in a Philips transmission electron microscope at an
accelerated voltage of 80 kV.

5.2.7 Phase contrast microscopy analyses
Cells incubated for 72h in different water sample treatments were observed for
mitochondrial activity. Rhodamine 123® (Sigma-Aldrich, USA) was used as a probe
for identifying viable mitochondrial cells. Rhodamine 123 is a cationic lipophilic dye
that compartmentalizes into the low electrochemical potential of mitochondrial
membranes. Active mitochondria in viable cells stain bright green while non-viable
cells result in loss of the dye due to loss of gradients within the cells. Similarly, using
MitoTracker®Green FM (Molecular Probes, Cedarlane Laboratories, Hornby, Ontario,
Canada), selected preparations were examined for the presence of mitochondria-rich
cells. Procedures for the preparation of MitoTracker® Green FM and staining of
cultured preparations have previously been described (Kelly and Wood, 2001).
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5.2.8 Statistical analysis
The raw data from cytotoxicity assays were collated and analyzed using Microsoft
Excel. Average absorbance readings of the treated plates (four wells per
concentration) were then expressed as a percentage of the average readings of the
untreated control. To determine cytotoxicity, the mean percentage inhibition relative
to the unexposed control ± standard deviation (SD) was calculated using the formula
[100 ((Mean Experimental data/Mean Control data) * 100)]. Control values were set
at 0% cytotoxicity and 100% viability. Statistical analyses were carried out using oneway analysis of variance (ANOVA) followed by Hartley's f-test for equal variance.
Inter- and intra-test variations were assessed using a two-way ANOVA or the
appropriate Students T-test. This data analysis was performed using OpenEpi, open
source calculator Version 3. Cytotoxicity data was fitted with an appropriate model
and IC50 values were calculated using linear regression. To test for significance in
IC50 values between the two cell lines, an unpaired t-test was used (p≤0.05).
Significance was set at p≤0.05. If significance was found, the data were further
examined with post-hoc T-tests.

5.3 Results
Water quality parameters of the studied sites and TWQR values are presented in
Tables 3.1 and 3.2. Physico-chemical parameters of Ref were generally more or less
similar to target water quality range (TWQR) and as such, it is not surprising that no
adverse cytotoxic effects were observed in cells exposed to water samples from this
site. Water chemistry results (Table 3.1) showed that possible potential contaminants
such as metals, salts and sulfates were not present at levels that could be of
environmental concern and were lower than suggested TWQR values.

The electrical conductivity values observed for U and T were much higher (around
320 mS/M)) than those recorded in Ref (5 mS/m), and the pH of U was acidic (pH =
3.65). In terms of their inorganic constituents, parameters such as ammonia,
orthophosphate, chloride, total phosphorus, nitrate / nitrite showed values that were
more or less similar for U and T, marginally increased values were seen for Mg and K
(U vs. T), while Na, Ca and sulfate levels increased in T compared to U (~ 2.79X; ~
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1.18X and~ 1.03X) respectively. These values were several folds higher than those of
the Ref and the TWQR values. Metal analyses performed in the water samples from
the sites showed values that, in some cases, were much higher than the TWQR for
aquatic ecosystems (DWAF, 1996) (Table 3.2). In general, U and T presented higher
metal levels than were observed for Ref and the recommended TWQR for effluents in
natural water resources. However, a noticeable decrease in metal concentration was
observed for water samples following in-stream neutralization, and this difference
was seen for metals such as Al ~(127X), Mn (1.66X), Fe (36X), Si (4.5X) and Zn
(72X), in effluent T compared to U.

No cytotoxicity (% loss in cell viability) was found for Ref site water samples against
both cell lines (Vero and RTgill-W1) at all concentrations tested (100% to 3.75%)
within the different exposure periods; 24h, 48h and 72h employing both the neutral
red (NR) and tetrazolium-based (MTT) colorimetric assays (Fig A). As such, it was
not possible to calculate the IC50 for the reference site water samples because cell
viability was close to 100% at all concentrations tested.

Water samples from impacted receiving streams, however, resulted in loss of cellular
viability in both cell lines exposed to U and T AMD water samples (p< 0.05) at the 48
and 72h exposure periods respectively. AMD water samples resulted in a dose–
dependent decline in cell viability in Vero and RTgill-W1 cell lines. Effluent water
was acutely toxic to both Vero and RTgill-W1 cell lines as evidenced by decreased
cell viability, which varied with duration of exposure and was maximal at 72h (Fig
5B-C). Exposure to U and T decreased cellular viability in Vero cell lines and RTgillW1 cells within 24h, but did not result in a 50% loss in cell viability.

Significant linear relationships, with slopes close to 1, were found when the IC50
values were derived. For Vero cells exposed to U, obtained IC50 values were 48h IC50,
= (43.7%; 52.9%), and 72h IC50, = (23,9%; 32,2%) for MTT and NR assays
respectively. The IC50 values obtained for RTgill-W1 cells exposed to U were 48h
IC50, = (25.2%; 51.4%), and 72h IC50, = (8.4%; 10.5%) for the MTT and the NR
assays respectively (Table 3.3). Cellular toxicity was detected likewise within 48h and
72h exposure periods in (T) effluent exposed to Vero and RTgill-W1 cell lines and
similarly, not within a 24h exposure period because IC50 remained higher than 50% at
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whole effluent concentration tested. From the water chemistry analysis (Tables 3.1
and 3.2), T contained lower metal concentrations but higher total dissolved solids (Ca,
Mg, K, Na and sulphates). Obtained IC50 values were numerically lower, but not
significantly different across all concentrations tested in both cell lines when
comparing U and T effluent. Obtained IC50 values for Vero cells exposed to T using
MTT and NR assays respectively were 48h Vero IC50, = (28.8%; 64%) and 72h EC50,
= (20.5%; 49.4%), while results for RTgill-W1 were 48h EC50, = (19,8%; 43,1%),
72h EC50, = (7.2%; 35.3%).
Comparing cell viability in cells exposed to U and T (Fig D) after similar exposure
periods, either 48h or 72h, showed significant differences (P<0.05) in cell viability
between Vero and RTgill-W1 cell lines within most of the concentration range tested.
To determine the role that duration of exposure has on either cell line while
comparing similar assay techniques (i.e. either MTT or NR assays) (Fig 5E), showed
that IC50 values were significantly lower (P<0.05) after 72h exposure compared to
48h, leading to assumptions that cell viability reduced with time following exposure
to effluent. A difference in sensitivity of cells was likewise observed (Fig 5F) when
comparing both assay techniques within the same exposure period. The RTgill-W1
cell line exhibited greater sensitivity (reduced cell viability and enhanced
cytotoxicity) to effluent U and T detected using the MTT assay technique when
compared to the Vero cell lines. When comparing the effectiveness / interacter
agreement between the two colorimetric techniques employed, both techniques
detected loss in cell viability in a dose-response fashion, but the MTT IC50 values in
Vero and RTgill-W1cells showed values that were significantly lower than those
obtained for the NR assays after the same duration of exposure (P<0.05). Significant
differences in cell viability were observed in both Vero and RTgill-W1 cell lines
within exposure periods of 48h and 72h and between the two assay techniques
employed, i.e. MTT vs NR.

Cytotoxicity determined with the LDH leakage assay (data not shown) in contrast to
the MTT or NR did not result in apparent cytotoxicity when used for the same
incubation periods, as no significant differences in LDH activity were detected among
any of the treatments compared to the control.
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The photomicrograph of RTgill-W1 cells showing mitochondrial fluorescence using
Mitotracker® presented with lower cell density and fewer fluorescing mitochondria in
cells exposed to U and T compared to controls; Ref (Fig 5G). Similarly,, a difference
in cell density was observed (not shown) in both cell lines exposed to U and T using
Rhodamine® for mitochondrial florescence and photomicrograph of exposed cells
showing cell density with the NR dye.

Transmission emission microscopy (TEM) images of cells (RTgill-W1) exposed to U
and T for 72h (Fig 5H) showed that mitochondria played a role in observed toxicity.
Ultrastructurally, mitochondria of cells exposed to U and T displayed morphological
alterations, as they became progressively more swollen and in some cases, rupture of
outer mitochondrial membranes was observed.

5.4 Discussion
In this study, Vero monkey kidney and RTgill-W1 (derived from fresh water fish) cell
lines were used as experimental models for the in vitro assessment of AMD effluent
from a coalmine impacting a natural water resource, by assessing its potential
cytotoxic effects on these cell lines. These cell lines can respond to certain
contaminants in water and display a dose-dependent relationship to toxicants present
in polluted AMD water. AMD is known to contain a complex mixture of potentially
toxic metals, salts and sulfates, usually at concentrations that pose a risk to the
environment and aquatic organisms (Campbell and Stokes 1985; Madeira et al, 2005).
The results obtained from the cytotoxicity assays indicate that exposure of RTgill-W1
and Vero cultures to increasing concentrations of the effluent brought about a
progressive loss of cell viability as assessed by indicator dyes. The MTT and neutral
red assays commonly used in in vitro cytotoxicity assays for screening of chemical
test agents revealed profound cellular damage in mitochondrial membrane integrity
and reduced lysosomal activity on exposure to AMD water. Associating the
cytotoxicity of industrial effluent to cell lines is of eco-toxicological importance as it
offers alternative monitoring strategies to the use of whole animals (Environment
Canada, 1990, Castaño et al., 1994; Hollert et al., 2000; Dayeh et al., 2002) because
they are fast, rapid and cost effective and align with the principles of replacement,
reduction and refinement in research (Hutchinson et al, 2003). They also satisfy
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ethical concerns associated with use of animals as a conservative estimate of 1 million
fish in the EU Member States and about 3 million in the US each year are killed for
research and regulatory purposes (Castaño et al., 2003; Tanneberger et al., 2013).
In this study, chemical and cytotoxicity tests were used to obtain information from
polluted AMD sites compared with a cleaner site. Test sites had differences in water
column (Tables 3.1 and 3.2) in terms of pH, metal load, sulphates and presence of
salt. A dose effect relation was observed for the concentrations tested (except for the
reference site) and 50% inhibitory concentrations were calculated for each of the cell
lines exposed to AMD effluent. The cell lines showed differences in cytotoxic
responses based on potential contaminants present in the water samples. Using the
water sample, Ref, from the cleaner site indicated there were no losses in cell viability
in both cell lines at all concentrations tested (Fig 5A). Physicochemical water
analyses showed that a wide range of contaminants usually present in polluted AMD
waters were absent in Ref samples (Tables 3.1 and 3.2). However, an indication that
toxic contaminants may have a localized effect within the AMD sites was reinforced
by the results obtained in the bioassays. For the Vero and RTgill-W1 cells,
cytotoxicity assays showed substantial deleterious effects of the water column on cell
viability, reducing cell viability by at least 50% within a 48h exposure period (MTT,
NR). This indicates that heavy metals and/or other contaminants measured were
bioavailable in the water samples at concentrations sufficient to cause toxicity. The
presence of Mn, Fe, Al, Si and Zn at such concentrations observed in our study site
suggested that these metals may present a risk to aquatic freshwater organisms,
because bioaccumulation of toxic compounds (such as metals) and their direct
exposure in the water column can result in abnormalities in aquatic organisms (Carls
et al, 1999; Heinz et al, 1999). A report by the Water Research Commission
confirmed Al, Fe and Mn were present at elevated concentrations in many surface
waters within and around our study site due to coal mining activities (WRC, 2009).
The metals were analyzed in their dissolved states and concentration of metals in their
free ionic state were reported to express direct toxic effects (Stumm and Morgan,
1996) as metals occurring in high concentrations are toxic to aquatic animals
(Kimmel, 1983). The presence of metals at the observed concentrations in U implied
the inefficiency of the passive treatment (wetland) at removing the metal load to such
levels that meet the TWQR. With measured water pH at 3.4, the acidity provides an
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environment in which metals become mobilized in acid mine drainage, and
consequently, metals become more soluble and toxic to aquatic organisms (USEPA,
2005). An outcome of a previous study within the catchment area of our chosen site,
confirmed that Zn, Cu, Mn, Pb, Cr, Ni, Al and Fe accumulated in the skin, muscle,
liver and gill tissues of fish (Coetzee et al., 2002). Discharges from mining activities
in affected streams in other studies presented with reduction in biodiversity and
alteration in species composition (Courtney and Clements, 2000; Soucek et al., 2000).
Loss of cell viability and consequent cytotoxicity was detected and reported in some
fish cell lines (Babich and Borenfreund, 1991; Segner, 1998). A 96h Zn exposure to
the Fathead minnow cell line (FHM) showed that the cell line was significantly more
sensitive compared to Fathead minnow fish (Rachlin and Perlmutter, 1968). Babich et
al. (1986) and Magwood and George (1996) reported a strong correlation for cationic
metals comparing in vitro/in vivo 24h exposure to metals assayed using the NR dye.
Using primary rainbow trout gill cells grown as a double-seeded insert epithelium,
predicted zinc and silver toxicity in a number of water compositions and were found
to exhibit similarity in sensitivity compared to in vivo experiments (Walker et al.,
2008). Likewise, cytotoxicity to cell lines resulting from exposure to industrial
effluents have been reported in the Rainbow trout liver cell line, R1 (Ahne, 1985);
Halder and Ahne, 1990; Rusche and Kohlpoth, 1993), RTgill-W1 cell line, (Dayeh et
al., 2002) and Rainbow trout gonad cell line, RTG-2 with experiments displaying
good correlation in toxicity ranking (Castaño et al., 2000; Castaño et al., 2003).
Dayeh et al. (2004) reported a dose-dependent decline in cell viability in both RTgillW1 and RTL-W1 cells exposed to metals common in mining effluent, measured with
alamar blue and 5-carboxyfluorescein diacetate acetoxymethyl ester indicator dyes.

There were differences between the two cell lines concerning their sensitivity to
substances present in the water samples. The RTgill-W1 cells appeared to be more
sensitive as indicated by the lower IC50 values obtained in the assay, bearing in mind
that the gill in the fish would be expected to make contact with environmental
contaminants first. This difference could be due to different uptake mechanisms by
the two cell lines. Kramer et al. (2009) reported that in most cases, mammalian cell
assays appear to be less sensitive than fish acute toxicity studies when assessing the
cytotoxicity of chemicals. The use of a fish cell line in assessing aquatic contaminants
is considered to be superior compared to using mammalian cell lines, because
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toxicants can be applied to fish cells at temperatures more representative of that in
their natural habitat, combined with the ease of comparing susceptibility within the
same species. In addition, a fish cell line is expected to better reflect the properties of
the fish from which they originated than cells of mammalian origin (Bols et al., 2005).
In addition, gill cells are thought to be a major path for the uptake of waterborne
toxicants and an organ prone to damage by metals (Wood, 2001; Castaño, 2003).
Normal gill functions are disrupted on exposure to waterborne pollutants (Wendelaar
Bonga, 1997) and direct toxic effects cause distress in the gill structure and function
(Sola, 1994; Mallatt et al., 1995). Basic cellular functions that can result in
cytotoxicity arise from xenobiotics in pollutants and the gills play an important role in
xenobiotic biotransformation in ﬁsh (Miller et al., 1989; Ueng and Ueng, 1995).

The cytotoxicity assays employed revealed different profiles, with the MTT assay
being the most sensitive, showing statistically significant difference between the
treated cells and the controls. This observation can be explained by the nature of each
assay; the MTT assay is mainly based on the enzymatic conversion of MTT in the
mitochondria, whereas the LDH leakage assay is based on the release of the LDH
enzyme into the culture medium after cell membrane damage. The neutral red assay is
a colorimetric assay that measures the uptake of the dye by functional lysosomes. The
results using both cell lines suggest that mitochondrial activity and cell viability
measured with MTT was more sensitive to contaminants present in the effluents
compared to lysosomal activity and LDH leakage. This may point to a specific
mechanism of toxicity in which the contaminants present in the AMD water samples
target the mitochondria rather than plasma membranes. Mitsuyoshi et al. (1999)
reported that the XTT (2,3-bis[2-methyloxy-4-nitro-5-sulfophenyl]- 2H-tetrazolium5-carboxanilide) assay, which is similar to the MTT assay, showed more sensitivity
than the LDH leakage assay. LDH release, which is an indicator of necrosis arising
from cell membrane damage, did not seem to play a big role in loss of cellular
viability evidenced by LDH assay results and the presence of intact plasma membrane
from TEM findings, a possible indication of an energy-dependent cell death
(apoptosis) at least preceding necrosis.

Differences in results based on test agent used and the cytotoxicity assay employed
have been reported with in vitro cytotoxicity (Weyermann et al., 2005). The
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mitochondria may be a more important site in metal induced toxicity (Lund et al.,
1993), as respiratory impairment appears to precede the plasma membrane
breakdown. It is believed that when mitochondrial respiration is inhibited, a
stimulation of dynamic oxygen related cell death might ensue leading to reactive
oxygen species being generated within the mitochondria, thus damaging the
mitochondrial components (Koizumi et al., 1996). Therefore, exposure to a
mitochondrial toxicant would give earlier and enhanced signs of toxicity using assays
based on mitochondrial respiratory activity, e.g. cadmium was reported to disrupt
mitochondrial function both in vivo (Belyaeva et al., 2002) and in vitro (Pourahmad
and Brien, 2000).

This effect was further substantiated by TEM findings in which the mitochondria of
the RTgill-W1 cells exposed to contaminated stream water showed a variety of ultrastructural changes (Fig 5H). The rupture of the outer mitochondrial membrane
facilitated by the state of the mitochondrial permeability transition through the
mitochondrial pore opening, is reported to be very common in apoptotic cells
(Halestrap, 2002; Sesso, 2004) as it is usually observed in the early stages of
apoptosis, in which the mitochondria become increasingly more swollen (Petit et al.,
1998). Mitochondrial pore opening as a consequence of mitochondrial swelling is
widely documented as promoting apoptosis (Halestrap et al, 1998; Halestrap et al.,
2002). Apoptosis has been detected in the absence of mitochondrial swelling and
collapse of the inner mitochondrial transmembrane potential (Zhuang, 1998; Liu,
1996; Finucane and Waterhouse, 1999). A previous experiment confirmed increased
ROS generation in cell lines exposed to water samples from our study site (Iji,
unpublished). Mitochondrial damage is known to be closely associated with the
generation of intracellular ROS that could lead to structural disruption of the
mitochondrion. When ROS are produced in excess, significant alterations in
mitochondrial membrane permeability ensues, the respiratory chain becomes
disrupted, with the possibility of DNA damage, which affects cell cycle sequence
(Pulido, 2003). Therefore, early signs of toxicity following exposure to a
mitochondrial toxicant would be detected in an assay based on mitochondrial
respiratory. Evaluating the presence of viable fluorescing mitochondria using the
Rhodamine dye and Mitoracker®Green FM stain, likewise showed fewer fluorescing
cells in U and T compared to Ref, an indication of possible effects on mitochondria
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activity.

In hydrobionts, metals are known inducers of oxidative stress generated either by
interference of metal-related processes or production of free radicals (Lushak et al.,
2011), which ultimately ends in cell death via apoptosis and/or necrosis. In aquatic
biota, dissolved metal ions are reported to enter biota membranes, causing toxicity
(Jarvis and Young, 2000; DeNicola and Stapleton, 2002). Of the metals present in the
river effluent, Ercal et al. (2001) reported that metals such as Fe, Cu, Cr and As could
generate ROS by redox recycling. RTgill-W1 cells exposed to Cu produced a dosedependent elevation in cytotoxicity and enhanced ROS formation (Bopp et al., 2008).
These results demonstrate the prospect of using cell lines for environmental
monitoring, as trout gill cells adapted for use in Canada have proven to be predictive
of rainbow trout lethality of effluents from pulp and paper industry (Dayeh et al.,
2002). For non-specific chemicals that cause acute toxicity and interference of basic
cellular functions, relative toxicity ranking between in vivo and in vitro appears to
correlate well (Kilemade, 2002). Bioavailability of contaminants to cells might be
responsible for the observed loss in cell viability, since metals recurrently have been
shown to be cytotoxic to fish cell lines (Babich and Borenfreund, 1991; Segner,
1998). Their presence in elevated concentrations in streams could be so toxic to
aquatic organisms such that living organisms could diminish largely in receiving
streams (Kimmel, 1983). Observed cytotoxicity in this study could exclude the
influence of pH and osmolarity of the effluent, as they were corrected to levels
required by the cells in the media. Differences in nutrient levels (ammonia, nitrate,
phosphate) in U and T were mostly marginal and not significantly different, and as
such are unlikely to be a contributing factor to the observed toxicity in the cell lines.

Mine effluents, in addition to being rich in metals, also contain elevated inorganic
compounds that influence metal bioavailability and toxicity (Antunes, 2007). In our
study site, metals occurred alongside elevated total dissolved solids (inorganic salts
and sulfates). Metals associated with sulfides are reported to be more bioavailable
(Griscom et al., 2000), and this could potentially explain the sustained cytotoxicity
(MTT assay) observed in T, despite a decrease in metal burden in the water. With post
alkali in-stream treatment there was considerable reduction in heavy metals (Table 2),
and though lower, levels still quite exceeded TWQR range and those obtained for the
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Ref site. A resultant increase in TDS (Mg, K, Ca, Na and sulfate) was observed for T
following alkali neutralization, resulting in an increased EC (U vs. T). Increases in
TDS concentration correlate with increased EC of water (DWAF, 1996) and an
extensive neutralization can increase TDS levels. Nobergh-King et al. (2005), in a
toxicity reduction evaluation case study, reported TDS toxicity in the invertebrate
Ceriodaphnia dubia even when heavy metals present in discharged effluent met
chemical- specific permit limits.

The presence of inorganic compounds such as Mg, Ca, P and Na has been described
to affect the mobility and transformation of metals and ionizable chemicals (Williams,
1987). As such, future mitigation measures should take into account the possible
ecological risk associated with salt precipitation. In the aquatic organisms, salinity
changes affect the buffering capacity of water that consequently affects metabolism in
organisms, which may result in stressful conditions associated with enhanced ROS
generation and initiation of oxidative damage (Liu et al., 2007).

One advantage of the use of multiple cytotoxic endpoints is that it gives a possible
insight into the toxic mechanisms, as an organism‘s response to a chemical stressor
culminates usually in lethality. In vitro cytotoxicity assays are useful for general
screening of chemicals in order to predict potential human toxicity (Clemedson and
Ekwall, 1999; Scheers et al., 2001). Since a correlation between cytotoxic alterations
in the cells can be made with the analytic data of water quality, poor water quality
will not sustain life, but produce lethal alterations in fishes. It is imperative to identify
substances causing an observed effect and their potential source, in which case a
combination of both in vitro bioassay and chemical analysis is suggested (Brack and
Schirmer, 2003; Kinani et al., 2010). In order to use fish as sentinels of environmental
and human health a good understanding of the key regulators of the fundamental
cellular events is crucial (Van der Schalie et al., 1999). It is therefore proposed to use
an alternative technique to predict toxicity for early detection of possible effects to
aquatic organisms, in terms of water quality management, for avoidance of potential
ecological disturbances. Using fish cell cultures as a substitute to whole fish in
assessing industrial effluents for toxicants is a huge research consideration (Ahne,
1985; Castaño et al., 1996; Dayeh et al., 2002) even though there are reports of lower
sensitivity of fish cell lines compared to in vivo fish exposure (Saito et al., 1991;
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Castano et al., 1996; Schirmer, 2006). Through in vitro cytotoxicity, basic cytotoxic
effects of a chemical, at concentrations that are at least as low as those that would
affect the whole organism, can be predicted (Kocan et al., 1985).

The current experiment suggests that site-specific information on the toxicity of
contaminants present in the aquatic system to cell lines can be obtained to assess the
threats posed by point source discharges of this nature in local freshwater resources.
Further work is required to understand the complex relationship between metals and
other inorganic ions and organic ligands in complex mixtures. The lack of dose–
response data for individual metals made it difficult to rank the potential contributions
of each metal and salts to overall toxicity. It is expected that the response of an
organism to a toxic compound would be in relation to its concentration (Escher and
Hermens, 2002); hence, target site concentration may play a role in the observed
differences in cell sensitivity. Another consideration with in vitro cytotoxicity is
interference by media components that could influence bioavailability in this test
system (Heringa et al., 2004).

The results of this study suggest that in vitro cytotoxicity could be helpful for
screening industrial effluent for cellular toxicity and perhaps serve as a complement
and/or substitute for fish toxicity testing. Selecting tests that have predictive value for
the expression of toxicity may, however, pose a challenge. Using cell lines to screen
for toxicants is beneficial relative to whole fish because the amount of sample needed
for testing is reduced, thus cutting shipping costs and handling, as well as the time
required to complete testing, and this can aid decision-making where an effect is
observed. Related in vivo toxicity assays with fish were not conducted to validate the
toxicity of AMD samples due to the above-mentioned constraints.

5.5 Conclusion
Additional findings should be considered to further show the reliability of the RTgillW1 bioassay as a replacement for the rainbow trout 96-h lethality test and enough
data generated to establish better correlations between in vivo and in vitro toxicity
assays. This is necessary so that the application of whole-water samples to cell lines
could then be routinely used to screen industrial effluents for the purpose of quickly
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identifying intermittent events of high toxicity, and to make decisions about measures
to be taken, with the aim of protecting aquatic organisms and human health. In vitro
cytotoxicity assays investigating effects on cell-specific functions would better
complement baseline cytotoxicity tests for proper risk evaluation.
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Figure 5A: Cell viability effects of different concentrations of water samples from reference site on Vero and
RTgill-W1 cell lines. Data is expressed as a percentage of unexposed controls ± SD of four replicates for each
exposure concentration (P<0.05) at different concentrations tested exposed for 24, 48 and 72h respectively.
Control values were set at 0% cytotoxicity.
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mean values at different concentrations tested at exposure periods of 24, 48 and 72h respectively.
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Figure 5D: Cell viability in Vero and RTgill-W1 cells lines resulting from similar exposure period (either 48h or
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Figure 5G: Phase contrast micrographs and mitochondrial florescence images of RTgill-W1 cells (Mitotracker
stain) following 72h exposure to reference site, untreated and treated AMD water samples in RTgill-W1 cell lines.
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Figure 5H: TEM findings of RTgill-W1cells exposed to media Ref site, untreated and treated AMD water samples
(N= nucleus, M= mitochondria). Intact mitochondria observed in Ref but swollen and loss of inner and outer
membrane seen in cells exposed to U and T.
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CHAPTER 6: Induction of 7-ethoxyresorufin-o-deethylase activity
by B[a]P in primary culture of gill epithelial cells from Tilapia
(Oreochromis mossambicus)
Preface
Manuscript prepared for submission to ISI rated journal Global Veterinaria
Iji OT, Myburgh JG, McGaw LJ

Abstract
Ecotoxicological studies utilizing in vitro techniques to detect and measure
chemically induced perturbations are fast gaining momentum. With regards to South
Africa, toxicity testing is a part of management of water resources. In our study,
primary gill epithelial cells established from the gills of indigenous fish (Oreochromis
mossambicus) were used to assess the CYP1A induction mainly as an alternative to
whole fish toxicity testing. Various concentrations of benzo[a]pyrene (B[a]P), a
potent aryl hydrocarbon receptor agonist usually found in contaminated water were
exposed to primary cultures of gill epithelial cells and a continuous cell line RTgillW1 cells. The primary gill epithelial cells responded to CYP1A induction, while the
commercially available RTgill-W1 cell line showed no activity (p < 0.001).
Cytotoxicity, determined by the methyl thiazol tetrazolium (MTT) assay, was not
observed following a 72 h exposure of the primary gill epithelial cells and the RTgillW1 cell line to different concentrations of B[a]P. The gill epithelial cells isolated
from the gills of Tilapia fish (Oreochromis mossambicus) bear close morphological
similarities to fish gills in vivo and their capacity to respond to the presence of AhR
indicates they may serve as a simple, cost-effect screening tool for assessing PAHs
and dioxin-like compounds in fresh water.
Keywords: Cultured gill epithelial cells, Oreochromis mossambicus, in vitro,
benzo[a]pyrene.

89

© University of Pretoria

6.1 Introduction
A number of industrial wastes and natural chemical compounds find their way into
the aquatic ecosystem from time to time, leaving a cumulative and lasting effect on
the already stressed hydrosphere (Schwarzenbach et al, 2006). In South Africa, a
major challenge to the aquatic ecosystem involves mining. eMalahleni, a city in the
Mpumalanga Province of South Africa is home to most of the country‘s coal reserves,
hosting 8 out of the 10 operational coal-fired power stations that supply 83% of the
total produced coal in the country (Vureen, 2009). Along the Upper Olifants River
catchment area of Mpumalanga, disposal of mine wastewater into natural receiving
water systems from coal mining creates an ecological problem. Mining activities are
reported to alter the hydrodynamics of most rivers, threatening the aquatic ecosystems
due to production of AMD (de Villiers and Mkwelo, 2009) with reported fish and
crocodile die-offs (Paton, 2008).

Often associated with coal production is the occurrence of polycyclic aromatic
hydrocarbons (PAHs) that may be leached along with other toxic metals, persisting in
the environment (Wang et al., 2008). The Department of Water Affairs and Forestry
(1996) have established standards for contaminants such as metals present in water
compartments but little or no information is available for the occurrence of PAHs in
South African waterways, especially in the region where coal is mined. The main
source of PAHs is incomplete combustion of organic materials such as is observed
with coal utilization, and there are reports of PAHs and other potent inducers of
CYP1A contamination in sediments and effluents resulting from point source
pollution (Gadagbui and Goksøyr, 1996; Olajire et al., 2005).

Fatoki et al. (2010) examined the levels of PAHs (azulene, pyrene, anthracene,
dibenzothiophene and fluoranthene) in water and sediment samples from rivers in the
vicinity of Thohoyandou and reported that sediments acted as reservoirs for PAHs.
Typically, PAHS are hydrophobic or lipophilic but they may still occur within water
compartments, and are known to have an affinity for lipids within organisms with
tendencies to bio-accumulate in the food chain (Jones and Voogt, 1999). Additional
concerns regarding PAHs is that they act as endocrine disruptors in humans and
wildlife (Harrison et al., 1995; Kavlock, 1996), impair the immune systems of top
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predator species (Safe, 1994), increase susceptibility to disease (Leonards, 1997) and
are potentially carcinogenic or mutagenic (Conney 1982; Xue and Warshawsky
2005).

A sensitive biomarker of exposure to dioxin-like pollutants is measured as the
induction of CYP1A, which is used extensively in environmental monitoring (Bucheli
and Fent, 1995). These enzymes are involved in biotransformation of both
endogenous compounds and xenobiotics. Certain xenobiotics induce CYP1A (Hahn,
2002), mediated via the aryl hydrocarbon receptor (Ah-receptor) pathway. This may
be detected either by measuring CYP1A mRNA or protein content, or catalytic
activity in which the substrate 7-ethoxyresorufin (EROD) is metabolized to
fluorescent resorufin. Some Ah-receptor agonistic pollutants include polyhalogenated
aromatic hydrocarbons (PHAHs), polychlorinated biphenyls (PCBs) (Behnisch et al.,
2003) and polycyclic aromatic hydrocarbons

(Lee and Anderson 2005) such as

benzo(a)pyrene (BaP) which is a well-known CYP1A inducer (Shimada and
Guengerich, 2006). Although analytical chemistry techniques can detect dioxin-like
compounds, the use of animal cell bioassays offers the advantage of a rapid and cost
effective method (Firestone, 1991; Hahn, 2002).

With regard to studies involving human and ecological health, fish are thought to play
a massive role; not only are they sensitive to changes in their environment, they have
better developed immune systems compared to invertebrates and, as such, lesser
organisms may not replace studies on ﬁsh because they differ in responses to toxicity
(Van der Oost et al., 2003; Siroka and Drastichova, 2004). Tilapia (Oreochromis
mossambicus), an indigenous fish species that is abundant and widely distributed, is a
recreational and ecologically important species within the tropical and subtropical
southern Africa region (Skelton, 1993). O. mossambicus has been used successfully
as test organism in a number of biomarker studies (Hwang and Yang, 1997; Li, 1997;
Chen, 2001; Shailaja and D‘Silva, 2003).

Fish gills are primary targets for toxicants in the aquatic environment and the
principal site for uptake of water-borne contaminants (Wood, 2001). The gills
function to excrete metabolites of xenobiotic biotransformation and are sensitive to
waterborne toxicants (Wood, 2001). Due to high metabolic rates in hepatic tissue, the
91

© University of Pretoria

EROD assay is typically conducted using fish liver. Gill tissue may be even more
suitable to detect biomarkers of exposure to waterborne pollutants due to first pass
effects in which pollutants absorbed through the gills may be metabolized before
reaching the liver (Levine and Oris, 1999; Jönsson et al., 2004).

The use of bioassays involving primary cultured gill cells in fish could be a vital
means of gaining information regarding changes in water quality with respect to
organic pollutants such as B[a]P. Primary cultures are considered to be more sensitive
than continuous cell lines as they possess a higher metabolic capacity compared to
cell lines (McKim et al., 1985; Lee et al., 1993) and are more stable during in vitro
incubation (Segner, 1998). They tend to retain their CYP1A expression capability
better than cell lines, which may have little or no ability to express CYP1A (Lee et al.,
1993). It has also been established that the metabolic profile of B[a]P in fish is
comparable quantitatively either in vivo and in vitro (Steward et al., 1990; Nishimoto
et al., 1992). Since biomarkers serve as early warning signals for exposure to
pollutants before observed undesirable effects in organisms or populations are
obvious, setting in place an environmental water quality surveillance system which
employs a controlled laboratory exposure to assess toxicity using in vitro techniques
such as primary cells and cell line cultures could be useful for assessing
anthropogenic changes in aquatic ecosystems for effective environmental assessment
and monitoring.

The main objective of this study was to evaluate the EROD assay in primary gill
cultures of Tilapia fish (O. mossambicus), an indigenous African freshwater fish, as a
tropical model species for detecting CYP1A induction in cultured gill cells following
waterborne exposure to B[a]P, a toxicant associated with coal utilization.

6.2 Materials and Methods
6.2.1 Fish
Male Tilapia fish weighing 70–100g were obtained from a local fish farm (De Wildt
fisheries, Brits) and were acclimatized in a 1500 l tank containing water with constant
aeration and water circulation. The tank was connected to an external filter system
that was cleaned once a week and half the water in the tank replaced with fresh
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running tap water weekly. The fish were kept at room temperature following the
natural variation over the year. During this time they were fed commercial fish pellets
five times a week. The pH of the running water was between 7.6–7.7 and the ionic
composition (mg/l): Na+; 21, Cl-; 27, Ca2+; 23, Mg2+; 13, HCO3-; 100, Alkalinity;
100. Ethical permission for the study was obtained from the Animal Ethics
Committee, University of Pretoria (protocol number V027-12).

6.2.2 Chemicals and cell culture medium
Trypsin, Leibovitz L-15 culture medium, penicillin and streptomycin, were purchased
from Gibco®(Life Technologies, USA). Fungizone, rhodamine 123, ethylenediaminetetraacetic acid (EDTA) was obtained from Sigma-Aldrich® (USA),
gentamicin 50 mg/ml from Virbac (South Africa) and fetal bovine serum (FBS) from
Highveld Biological® (South Africa). Culture dishes (Nunculon) were obtained from
Nunc®, Denmark, and 7-ethoxyresorufin and dicumarol were sourced from SigmaAldrich®. Other chemicals were commercial chemicals of reagent grade.

6.2.3 Cells isolated for primary cultures
Fish were starved for 3 days and then kept in sterile aerated tap water for 1h prior to
preparation of cells. After being stunned by a blow to the head, the fish were
decapitated. All procedures for gill cell isolation were conducted using sterile
techniques from this point onwards in a biohazard cabinet (ESCO class 11 BSC,
Labotec). The gill cell isolation protocol by Kelly et al. (2000) was adopted with a
few modifications.

In essence, gill arches were excised into a wash solution made up of phosphate
buffered saline (pH 7.7: 136.9 mM NaCl, 8.06 mM Na2HPO4, 2.68 mM KCl, 1.47
mM KH2PO4) containing the antibiotics penicillin (200 IU/ ml), streptomycin (200
µg/ml), gentamicin (12 µg/ml) and fungizone (2.5 µg/ml). Gill filaments were blotted
to remove excess mucus and were cut into approximately 1-mm3 pieces, and washed
3 times in 10 ml of the wash solution for 10 mins with frequent manual agitation.

The washed filaments were then subjected to three consecutive cycles of tryptic
digestion until filaments appeared translucent using trypsin (0.05% trypsin in PBS,
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with 5.5 mmol/l EDTA) for 20 min/cycle at 300 rpm on a shaker (microporous quick
shaker QB-9001). The tryptic digest was mechanically agitated following each cycle
using a transfer pipette in order to release the cells which were then strained through a
80 µm cell strainer into a stop solution (10% FBS + PBS pH 7.7) using a different cell
strainer each time. The stop solution containing the cells was then centrifuged for 10
min (260 g at 0-4°C), leaving a pellet, which was washed in cold rinse solution (2.5%
FBS + PBS pH 7.7) and centrifuged for 10 min at the same speed.

Cells were then re-suspended in cold L-15 culture medium supplemented with 5%
FBS, 100 i.u./ml penicillin, 100 µg/ml streptomycin and 20 µg/ml gentamicin into
flasks or 96 well microtitre plates at a density of 1-1.25 x 106 cells/cm2 and kept at
21°C in an air atmosphere incubator. After 24h, non-adherent cells were removed by
changing medium with above constituted L15 medium. Media change was repeated
after 72 h. After a further 24-48 h in culture, assays were carried out using the 96 well
plates.

6.2.4 Culture of RTgill-W1 cell lines
The RTgill-W1 cell line (ATCC® CRL2523™) was cultured in Leibovitz L15
medium supplemented with 5% FBS in an atmospheric air incubator at 20ºC. Cells
from a sub-confluent culture were re-suspended in cell culture medium supplemented
with 10% FBS at 0.2x106 cells/ well in a 96 well plate and allowed to attach for 24h
before assays were performed.

6.2.5 Ethoxyresorufin-O-deethylase (EROD) activity
This protocol was adapted from Behnisch et al., (2002). RTgill-W1 cells maintained
in whole culture media over 24h were plated at 0.2 x 106 cells /well. Primary gill cell
cultures at day 6-8 were containing an average of 1.68x105±0.25 cells/well were
assayed. Exhausted culture medium was removed and cells were exposed to a serial
dilution of B[a]P (1x10 -4 M to 1x10-12M) for 72h. The B[a]P was dissolved in
acetone, maintaining a final concentration of 3% v/v in each treatment. Control cells
contained no B[a]P but only 3% acetone. Experiments were repeated at least three
times and data represent replicates from three separate cell preparations. After 72h
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exposure to B[a]P, the exposure medium was removed and cells rinsed with PBS.
HEPES Courtland (HC) was prepared at pH 7.7 using 5 mM potassium chloride, 133
mM sodium chloride, 0.9 mM magnesium sulphate, 2 mM calcium chloride, 3 mM
sodium phosphate, 6 mM HEPES and 5 mM glucose. The HC-dicumarol buffer
contained 10µM dicumarol, to which 16 µM 7-ethoxyresorufin was added. A 100 µl
of HC–dicumarol + 7-ethoxyresorufin solution was added to the cells and the plates
incubated at 21°C for 2 h, after which 90 µl of the reaction mixture was transferred to
a 96 well black plate (Nunc, AEC Amersham, Kelvin, South Africa) containing 100
µl methanol. Fluorescence was measured at 544 nm excitation and 590 nm emissions
using a multiwell fluorescence reader (BioTek®synergy HT-BioTek instrument,
Winooski, USA).

6.2.6 Statistical analysis

All assays were performed in three independent experiments and the results are
presented as mean  SD (standard deviation) values. The significance of differences
at p<0.05 was examined by one-way analysis of variance (ANOVA), Hartley's f test
for equal variance. Inter- and intra-test the appropriate Student- T-test. This data
analysis was performed using open source calculator Version 3.

6.3 Results
6.3.1 Cell viability of primary fish gill cells
The average yield of cells from approximately 3 g wet mass of gill filaments was
79±13 x 106 cells (mean ± S.D, N=12), excluding red blood cells (RBC) with about
10% (n=6) being rhodamine positive, indicating the presence of mitochondria-rich
(MR) cells (Fig 1a, 1b). These were observed initially in culture, but did not
propagate, as they were not present at confluence. The attachment efficiency in
culture media, 24h after seeding was 32±5%. A number of RBC and non-viable cells
were removed when culture media was changed after 24 h. The single cells appeared
elongated while colonies appeared more as round cells (Fig 1b). The cells reached
confluence between 6-8 days. Attached cells, 24h after seeding, were incubated with
the fluorescent dye rhodamine to detect presence of chloride cells, and Fig 1c and d
show bright green fluorescent cells which were not seen at confluence.
95

© University of Pretoria

a

b

c

d

Fig 6.1 Photomicrographs of epithelial cells from fish gills grown in plastic culture
dishes (x200) (a) cells at day 1 after seeding (b) 3 days old culture (c &d) show
attached cells stained with rhodamine and fluorescing MR cells which were not
present at confluence.

6.3.2 EROD induction in cells
Following 72h exposure of the primary cultures of gill epithelial cells to B[a]P at
various concentrations, CYP1A induction was evaluated as increased EROD activity.
The control epithelia showed very low EROD activity (200 pmol/h/well). EROD
induction by B[a]P evidently was initially concentration-dependent, but as the
concentration of B[a]P increased from 10−6 M, there was a drastic decrease in EROD
activity (Fig 6.2). In primary gill cultures exposed to B[a]P, the peak EROD activity
observed was at 1x10-7 M which was about 4 times higher than observed for the
control. The RTgill-W1 cell lines on the other hand, did not show EROD induction or
loss at the tested concentration range. The acetone vehicle used in both cell lines did
not interfere with EROD activity induction. A significant difference in EROD activity
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was observed when comparing both cell types (p < 0.001).

The MTT assay technique employed following a 72h exposure of the primary gill
epithelial cells and the RTgill-W1 cell line to different concentrations of B[a]P did not
reveal cytotoxicity, as cell viability was maintained at 80% and above (Table1).
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Figure 6.2. Dose dependent effect of B[a]P primary gill epithelial cells (blue line) and
the RTgill-W1 cell line EROD activity (red line) after a 72h exposure period. Each
data point represents the mean of three independent cultures ±SD. Only the gill
epithelial cells induced EROD activity and maximum activity was observed at 10-7M
B[a]P. Significant difference established at (P<0.05).

6.3.3 Phase contrast microscopy
Growth and proliferation were monitored using a phase contrast microscope (Nikon
Eclipse TS100). The primary culture was monitored for growth and, after exposure to
B[a]P for 72h, gill epithelial cells were monitored for cellular changes. Cell
preparations stained with rhodamine were carried out to examine the presence of
mitochondria-rich cells.
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Summary of cell viability (%) of primary gill epithelial cells and RTgill-W1 exposed
to B[a]P
1x10-
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1x10-
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1x10-
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83±0.6

81±0.3

82±0.7

81±0.7

82±0.8

83±0.6

80±0.6

82±0.4
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85±0.9
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M

M

M

M

M

M
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±SD
(Pg)
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Table 6.1 Dose dependent effects of B[a]P on primary gill epithelial cells (Pg) and the
RTgill-W1 cell lines (RTG) viability after a 72 h exposure period using the MTT
assay. Each data point represents the mean of triplicate experiments ±SD.

6.4 Discussion
The functional properties of a number of fish cell culture assays have justified their
use in research (Castano et al., 2003). Fish gills most importantly have received much
attention for use in assessing basic toxicological responses in contaminated waters
because they act as the first barrier for waterborne toxicants (Wood, 2001). Millions
of fish are used annually for waste effluent testing and/or bio-monitoring. In the US
alone an estimated 3 million fish are sacrificed annually (Tanneberger et al., 2013).
This practise does not support the 3 R‘s (reduce, replace and refine) in research and
toxicological studies. Therefore, alternatives to whole animal testing in the form of
primary gill culture systems from fish gills are of major importance in assessing the
presence of AhR agonists such as B[a]P, a potent CYP450 inducer found in
contaminated water. The overall aim was to assess gill EROD assay as a vertebratebased biomarker in water toxicity assessment.
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Primary gill cultures from Tilapia fish bear morphological similarities to those
observed in the epithelium from intact secondary lamellae from Tilapia gills and are
referred to as respiratory epithelial cells. Primary cultures are considered to be more
organotypic as they have the ability to preserve the three-dimensional structure of the
tissue and maintain cell-to-cell contact, bearing resemblance to gills in vivo (Wood,
2001; Kelly et al, 2000; Kelly and Wood, 2002). The MR or chloride cells initially
found in culture (about 10% of the total cell population) did not seem to survive or
propagate in the culture conditions, perhaps because crucial factors necessary for their
survival may be lacking, as they were absent at confluence.

A number of studies have shown that PAHs and dioxin-like compounds mediate
through AhR, exhibiting toxic and biochemical responses (Giesy et al, 2002; Hahn,
2002). EROD induction in cultured gill epithelial cells due to the presence of B[a]P
exposed at environmentally relevant concentrations was observed in this study. This
followed a pattern in which higher EROD induction was observed at lower
concentrations, alongside reduced responses at higher concentrations, which is
suggestive of possible inactivation of the CYP1A enzyme at high concentrations by
B[a]P. This reportedly has been attributed to substrate competition of B[a]P and 7ethoxyresorufin at the catalytic site of the CYP1A enzyme (Smeets et al, 1999).
Comparable maximal EROD induction at similar concentration was reported in Indian
catfish (Heteropneustes fossili) (Ghosh et al., 2001) and in primary hepatocytes of the
African sharptooth catfish (Clarias gariepinus) (Naicker et al, 2006).

The epithelial gill cells and pillar cells in the topminnow (Poeciliopsis spp.) were
previously reported as sites of CYP1A induction following exposure to B[a]P in water
(Smolowitz et al., 1992). Likewise, the gills of the gulf toadfish (Opsanus beta)
showed cytochrome P450 activity on exposure to B[a]P in water (Kennedy and
Walsh, 1994). Furthermore, the gill filaments and the hepatic microsomes of the
African sharptooth catfish induced CYP1A activity after waterborne exposure to
B[a]P (Mdegela et al, 2006). Zhou, (2005), likewise confirmed a dose-dependent
increase in ethoxyresorufin-O-deethylase (EROD) activity in cultured gill epithelia of
Tilapia fish (Oreochromis niloticus) following exposure to low concentrations of AhR
receptor agonists.
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Gill cell cultures arising from fish within a local geographical zone may be more
suitable for toxicity testing of xenobiotics such as PAH than those originating from
temperate regions, since factors such as temperature influence cytotoxic responses to
xenobiotics (Babich et al, 1999). Determining CYP1A induction in tissues proximate
to the ambient water, such as the gills, has proven to be a sensitive, accurate and
straightforward biomarker for waterborne, dioxin-like pollutants (Jönsson et al, 2002;
Levine and Oris, 1999). This study confirms a previous report by Bury et al. (2014) in
which RTgill-W1 cell lines lacked CYP1A enzyme activity, as CYP1A activity
measured in RTgill-W1 cell lines did not induce EROD activity.

Since biomarkers serve as early warning signals for exposure to pollutants before
observable adverse effects in affected organisms, information collected on the
relationship between EROD activity and detrimental effects on primary fish gill
cultures may serve as a predictive tool for contaminant risk assessment, because
measured biomarker responses, contributes to the overall assessment of contaminated
sites (Vander Oost et al, 2003), hence, the successfully documentation of measured
EROD activity in fish as sensitive index for pollution in contaminated sites (reviewed
by Stegeman and Lech, 1991; Bucheli and Fent, 1995; van der Oost et al., 2003),
which provides information mainly based on empirical observations and not on a
priori pollutants, when compared to routine chemical analyses in the biota (Brack et
al., 2005).

6.5 Conclusion
This study shows that primary gill epithelial cells can be isolated from tropical
freshwater fish (Oreochromis mossambicus) using the trypsin digest procedure
outlined above, and isolated cells may be employed for use in in vitro studies
involving CYP1A activity following exposure to the polycyclic aromatic
hydrocarbon, B[a]P, a potent AhR agonist. This finding supports the use of primary
epithelial gill culture systems as an effective aquatic-ecotoxicological tool for
assessing the presence of dioxin–like pollutants present in fresh water in Southern
Africa that may serve to assist ecosystem health managers to prioritize catchment
areas or watersheds for more in-depth studies.
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Overall, analysis of cultured gill EROD activity in Tilapia fish ((Oreochromis
mossambicus) exposed to waterborne B(a)P provides an appropriate tool for toxicity
assessment in aquatic environments.
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CHAPTER 7: Evaluation of the genotoxic potential of water
impacted by acid mine drainage from a coal mine in Mpumalanga,
South Africa using the Ames test and comet assay
Preface
Manuscript prepared for submission to ISI rated journal Ecotoxicology.

Iji, O.T, Mfotie Njoya, E., Madikizela, B, Myburgh, J.G, McGaw L.J.

Abstract

A number of potential genotoxins found in water samples arise mainly from
anthropogenic activities. Acid mine effluent resulting from coal mining poses serious
environment concerns all over the world. Treatment systems such as the use of natural
wetlands (passive) or conventional physical and chemical processes (active) are
mainly employed to meet certain water quality guidelines, nonetheless, potential
genotoxic compounds or residues remain which influence the quality of discharged
effluent. The objective of this study was to evaluate the genotoxic potential of acid
mine drainage (AMD) effluent released into a free flowing natural stream after
treatment by passive and active methods, because physico-chemical water analyses do
not provide enough information about the biological effects of such pollutants. Two
genotoxicity assays were used to determine the toxicity potential of water collected at
three different sampling points. The Ames test performed without metabolic
activation using Salmonella typhimurium TA98 and TA100 strains showed no
indication of genotoxic activity in any of the water samples tested. Differing results
were however obtained for the comet assay using the African Vero monkey kidney
cell line and a fish gill cell line (RTgill-W1), which revealed genotoxicity in all the
water samples. A significant reduction in DNA damage was observed following
active treatment of the AMD. The results suggest that none of the treatment
technology was efficient at removing all potential genotoxins, and further
improvements are required. Since only the comet assay proved sensitive enough to
detect genotoxicity, we suggest that this in vitro bioassay has the potential to be
integrated into an environmental monitoring framework.
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Keywords: coal mining, acid mine drainage, in vitro cell culture, DNA damage,
genotoxicity.

7.1 Introduction

A number of stressful conditions arising from pollution influence the overall health of
the aquatic ecosystem, mostly because water bodies end up being the ultimate
destination of most pollutants (Zalasiewicz et al., 2010). Contaminated water from
mining, industrial and agricultural activities constitute problems for drinking water
sources and for the environment in a way that natural water bodies become vulnerable
(Žegura et al., 2003).

Over the years, deterioration of stream water quality in South Africa due to mining
has been reported (Grobbelaar et al., 2000) and with particular relevance is the coal
mining industry where seepage and discharges arising from coal mines have made
their way into water bodies. This has affected the overall state of impacted rivers or
streams and underground aquifers because of heavy metals content, which is one of
the primary causes of toxic pollution and serious water quality deterioration. The
country faces major problems with regard to the management and treatment of
contaminated mine water in both operational and abandoned mines (Schwab, 2002).

Acid mine drainage (AMD) arises when minerals containing reduced forms of sulphur
(pyrites, sulphides) are oxidized upon exposure to water and oxygen (Gray, 1996).
The reaction results in increased acidity due to the presence of hydrogen ions and
subsequent metal dissolution and leaching. AMD as a complex pollutant has a high
concentration of iron and sulphate, a low pH and an assortment of elevated
concentrations of a variety of metals (Gray, 1997; Heath et al., 2009). AMD has been
identified as the single most significant threat to South Africa‘s environment, because
pollution resulting from it places pressure on fresh water systems and its resources,
with possible toxic interactions in aquatic systems (Jarvis and Younger, 2001).
Environmental biomonitoring is time consuming and costly, and monitoring usually
employed for AMD evaluates the physical and chemical components of water which
cannot exclusively supply information about the health of an aquatic system and
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associated potential environmental and human risk (Lawrence and Williams, 1991).
This risk can be evaluated using bioassays which have specific, direct and appropriate
measurements, especially in cases where measured pollutants do not exceed
maximum allowable limits, but through synergistic interactions with other pollutants,
are able to bring about undesirable effects (Hernando et al., 2005). Therefore, such
assays that measure genotoxicity in cell lines can identify toxic background pollutants
present in complex mixtures like AMD effluent, for a proper holistic ecological risk
assessment, because this pollution source is recognized as a potential risk to the
environmental and human health (Kamer, 2002; Pulles et al., 2005;). This simple
monitoring is particularly essential in developing countries due to the rapidly growing
pressure on the aquatic environment from pollution, so as to establish contaminant
load and impact and their potential roles in causing toxicity and genotoxicity effects
on living organisms.

Testing of polluted water for genotoxicity may become a routine requirement for
industrial wastewater discharge permits, because aquatic organisms exposed to
wastewater discharges are likely to experience increased risk of genetic damage.
Balch et al. (1995) reported prevalence of tumors in fish inhabiting rivers and lakes of
industrialized areas in the US and Europe. A survey of Beluga whales inhabiting the
St Lawrence estuary in Quebec, Canada, attributed the decline in population to
cancers due to discharge of effluents from agricultural and industrial regions
(Martineau et al., 2002). Likewise for downstream end users such as humans, the
likelihood of a potential risk ensues since epidemiological studies revealed an
association between genotoxicity of drinking water and increased cancer risk (Haider
et al., 2002; Lu et al., 2002; Komulainen, 2004), not forgetting that aquatic organisms
in the wild serve as food sources to a number of rural dwellers in Africa (Chigor et al.,
2012).

In order to assess the genotoxicity and mutagenicity of environmental pollutants, in
vitro models involving cell cultures have been extensively used (Mazzeo et al., 2013).
Cell culture models present with numerous advantages such as ease of use, the ability
to be prepared in large numbers, ethical convenience, reproducibility and the
sensitivity of cell cultures to physical and chemical agents used in toxicological
research (Rogero et al., 2003; Freshney, 2005; Cardozo et al., 2006). Fish and
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mammalian cell cultures have been successfully used to understand the possible
effects chemicals pose to fish and humans. The RTgill-W1 epithelial fish cell line
derived from freshwater rainbow trout has been explored as a potential alternative to
whole fish in toxicity testing of environmental samples (Dayeh, 2003), while health
laboratories and water quality regulators have used mammalian cells such as Vero
cells initiated from the kidney of African green monkey (Richardson, 1977; Rees,
1980; Jos, 2003; Katsuo et al., 2007). These cell lines play a role in metabolizing and
detoxifying xenobiotics which are known to react with DNA, inducing possible
mutational events (Park and Choi 2007; Tsuboy et al., 2007).

The comet assay, or single cell gel electrophoresis, detects DNA damage induced by
alkylating, intercalating or oxidative agents (Cotelle and Férard, 1999). DNA
fragments are detected following electrophoresis under alkaline conditions that cause
a migration of such DNA fragments from the nuclear core to result in a ―comet‖
formation. Detected DNA damage could be single or double strand breaks, cross-links
and DNA alkali-labile sites (Singh et al., 1988; Tice et al., 2000; Collins, 2004).
Numerous studies have confirmed the efficacy of the comet assay at detecting
genotoxicity even in individual cells within the aquatic environment and it is a
reliable tool for environmental pollution monitoring (Schnurstein and Braunbeck
2001; Avishai et al., 2002; Nehls and Segner, 2005). Another advantage is that only a
small number of cells are needed to carry out the assay, and assays can be carried out
essentially on all eukaryotic cells, since it is precise at detecting DNA damage (Singh
et al., 1988).

The Salmonella gene mutation assay or Ames test has been used likewise to assess
genotoxic activity of wastewater (Stahl, 1991). The Ames test assesses the
genotoxicity of nuclear DNA effects such as point mutations, gene reversion and gene
conversion in specific bacteria following exposure by evaluating the induction of
mutation (Maron and Ames 1983). Both the Ames and comet assays have been
recommended as effective genotoxicity assays (Grummt, 2000; Reifferscheid and
Grummt, 2000). Bacterial strains such as Salmonella typhimurium TA98 and TA100,
which detect frameshift mutagens and base-exchange mutations respectively, may be
used for determining genotoxicity of wastewater (Mortelmans and Zeiger, 2000).
Investigation of the applicability of genotoxicity bioassays in environmental
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biomonitoring of AMD has come into focus and the aim of this study was to evaluate
the use of the comet assay and the Ames test as genotoxicity/mutagenicity tests to
characterize the potential genotoxic burden of AMD effluent from a coal mine
impacting a receiving water body.

7.2 Methodology
7.2.1 Location and description of the study area
The study site chosen was a receiving stream established downstream of a colliery,
Kromdraai (25°46‘ 05.5‖ S; 29° 07‘ 15.5‖ E) in the Highveld region, close to
eMalahleni (previously known as Witbank) in Mpumalanga Province, South Africa.
Samples collected undergoing passive treatment immediately following a wetland
were termed untreated (U). The water samples collected after treatment, beyond the
point of an in-stream, neutralizing process were termed treated (T). A reference site
with similar geographical parameters outside the influence/ impact of a mine, located
at 25°47‘6‖S; 28° 28‘ 52‖E, served as the control site and water samples collected
here were referred to as (R).

7.2.2 Effluent collection
Samples of effluent were collected in September 2014. Sampling was performed
according to the recommended standard method (ISO 5667-5). Water samples were
transported to the laboratory in 500 mL plastic bottles that were placed on ice inside
coolers. Water samples were stored at –20°C until further testing.

In situ measurements of temperature, dissolved oxygen and pH were conducted at the
water sampling points along the course of the stream using a portable multimeter
(HACH HQd, USA). Water samples were analyzed by the Analytical Services,
Chemistry Department, CSIR, Pretoria for nutrients (ammonia, orthophosphate,
phosphate, nitrate and nitrite), metals (aluminium, arsenic, chromium, copper, iron,
mercury, silicon and zinc) and inorganic constituents (Ca, Mg, K, Na, Cl and
sulphates). Analyses were all performed according to the methods of the American
Public Health Association (APHA, 1995).
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7.2.3 Cell cultivation
Vero cells were grown in closed, 75cm2 filter-cap flasks at 37°C in Minimal Essential
Medium (MEM, Sigma-Aldrich®, USA), supplemented with 0.1% gentamicin
(Virbac, South Africa) and 5% fetal calf serum (FCS, Highveld Biological® South
Africa). Cells of a sub-confluent culture were harvested and plated in 6 well plates
and incubated for 24 hours at 37ºC in a 95% air 5% CO2 humidified environment.
The RTgill-W1 cell line (ATCC® CRL2523™) was cultured in Leibovitz's L15
medium (Sigma- Aldrich®, USA) supplemented with 10% fetal bovine serum (FBS,
Highveld Biological® South Africa) in atmospheric air at 20ºC.

7.2.4 In vitro comet assay
The cell lines (Vero and RTgill-W1) previously maintained for 24 hours for a
complete cell cycle were exposed to pH adjusted (7.3), syringe filtered (0.22-μm
membrane) water samples in 25cm2 flasks. Fresh media was prepared from either
powdered MEM for Vero cells and powdered L-15M for RTgill-W1 cells using
syringe filtered (0.22-μm membrane) to obtain sterile water samples. Either 75% or
50% test water samples were prepared for exposure to the cells. Only the RTgill-W1
cells were exposed at both concentrations, and Vero cells were exposed only at 50%
concentration due to cell availability. Milli-Q water served as negative control while 2
mM ethyl methane sulfonate (EMS; Sigma-Aldrich) was used as positive control. The
cells were incubated along with the test agents (water samples) for 24 hours at 37°C
for Vero and 20°C for RTgill-W1 cell lines, and the assays were performed in
triplicate.

For the comet assay, the standard alkaline comet assay method described by Singh et
al. (1988) was followed. After culture medium was discarded from the flasks, the
cells were washed twice with 5 mL PBS, and trypsinized (0.25% trypsin-EDTA). The
trypsinizing process was stopped by adding fresh culture medium supplemented with
serum. The content was homogenized and centrifuged at 1 000 rpm for 5 min and resuspended in phosphate-buffered saline (PBS) to a final concentration of between 10
000 and 15 000 cells/mL. Cell viability was determined using trypan blue, allowing
only a minimum of 80% viability for progression of experiments.
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In brief, 10 μL of the cell suspension mixed with 300 μL of 0.8% pre-heated low
melting point agarose (in PBS), were spread over coated 1% normal melting agarose
(NMA) pre-treated super frosted microscope slides, which were placed on ice for 10
min until the agarose cell mixture solidified. The slides were transferred into lysis
buffer (2.5 M NaCl, 100 mM EDTA Titriplex, 10 mM Tris, and NaOH pellets; pH
10). This was placed overnight in the fridge at 4°C and rinsed twice with denaturation
buffer. To unwind DNA, freshly prepared denaturing/electrophoresis buffer (0.3 M
NaOH and 1 mM EDTA) was added for a further 40 min at 4°C in slides placed
within the electrophoresis chamber. Electrophoresis was performed in a pre-cooled
(4°C) horizontal electrophoresis tank for 20 min at 25 volts and 300 mA. Following
electrophoresis, the slides were placed in neutralization buffer (0.4 M Tris-HCl, pH
7.5), and subsequently in iced cold methanol for 10 min. Dry slides were stained with
ethidium bromide (10 μg/mL in water) for 5 min and analyzed for comets.

For each cell line and in some cases different concentration (RTgill-W1) exposed to
the effluent from each water sample collection point, 100 nuclei images were selected
randomly for analysis (50 nuclei per slide, in duplicate), which were visually
classified into one of five classes of damage: zero (no damage) to 4 (maximum
damage), according to the methodology proposed by Collins (2004). A calculation of
the total damage in the cells was determined as the comet score using the formula
[(

] [(

] [(

] [(

] [(

]

and the number of damaged cells (damage frequency) analyzed based on the ability of
the tail to migrate under electrophoresis, such that its intensity and size are suggestive
of the index of fragments generated by the exposure to genotoxic agents.

7.2.5 The Ames test
Mutagenicity of the samples was assessed using the Salmonella plate incorporation
assay according to the standard test protocol of Maron and Ames (1983) without
exogenous metabolic activation (addition of S9 microsomal fraction). Salmonella
typhimurium test strains TA98 and TA100 were employed to investigate the
mutagenic activity of sediment extracts. While strain TA100 is sensitive for detecting
base-exchange mutations, strain TA98 is able to detect frame shift mutagens, which
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lead to a mismatch of the amino acid sequence during translation (Mortelmans and
Zeiger; 2000). All chemicals used were of research grade along with instruments that
were autoclaved to prevent contamination.

Briefly, 100 µL of S. typhimurium strains TA98 and TA100 were inoculated into 10
mL Oxoid nutrient broth No.2, and then incubated at 37oC for 16 hours. A volume of
100 µL water test samples (AMD water), negative (sterile distilled water) and positive
control (4-nitroquinoline-N-oxide, at a concentration of 2 μg/mL) were dispensed in
allocated sterilized culture tubes and 500 µL phosphate buffer was then added,
followed by addition of 100 µL of bacterial strain. To 100 mL top agar (Difco®),
placed in a water bath at 50oC, 10 mL biotin/histidine mixture was added and 2 mL
aspirated into the test tube containing the test samples. Test tubes containing samples
were placed in a water bath at 37oC, mixed thoroughly by vortexing, poured onto the
agar plates, and then incubated for 48 hours at 37oC. Genotoxicity was accessed
through bacterial colony counts after the 48h incubation period using a colony
counter, and the results were expressed as the mean (±standard error) number of the
revertant colonies per plate. A positive mutagenic response in the Ames test is
recorded when there is doubling of the number of revertant colonies at any
concentration of the test sample compared to the negative control (Verschaeve and
van Staden, 2008).

7.2.6 Statistical analysis
All assays were performed in three independent experiments and the results presented
as mean  SD (standard deviation) values. Statistical analysis was carried out using a
one-way analysis of variance (ANOVA) followed by Hartley's f test for equal
variance. Inter-test variations were assessed using the appropriate Student t-test. This
data analysis was performed using OpenEpi, open source calculator Version 3. P
value was set at p<0.05.

7.3 Results
7.3.1 Physico-chemical composition of water samples
The physicochemical parameters of the water samples showed variation in
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constituents with the pH revealing an increase in acidification of the stream
immediately following the wetland output and before active in-stream neutralization.
Dissolved oxygen content was lowest in post-treated water samples, a possible
indication of salt precipitation evidenced by increase in Na, Mg and Ca contents
downstream of the AMD impacted water shed. Compared to the reference site,
significant higher conductivity and sulphate levels at the impacted site were detected.
In relation to the metal contents of the water samples, metals such as Al, Mn and Zn
indicated a significant increase in Untreated and Treated compared to Reference (see
Table 7.1).

7.3.2 Mutagenic potential of water samples
The results of the Ames test showed that the mutagenic activities expressed as
induction factors (multiples of the background levels) using the TA98 and TA100
strains were all less than 2. None of the water samples produced a response that was
at least twice as high as that of the negative control. Assays with the strain TA100 and
TA98 generally had lower levels of base-substitution mutagens, but displayed
variation when comparing induction factors in the two strains as TA98 was more
sensitive to the positive control and the water sample T, while TA100 was more
sensitive to the water samples R and U (see Table 7.2).

7.3.3 DNA damage in cells treated with water samples
The results of the comet assay with Vero cells showed that all the test water samples
(R, U and T) exhibited an increase in DNA damage relative to the negative control,
which was statistically significant (Figure 7.1). The damage frequency was highest in
U, the water sample with the highest metal content. The distribution of comet cells
(Figure 7.2) showed that the negative control had the most cells which fell into the
class 0, and the test water sample U produced more damaged cells than the R and T
water samples. This trend was observed likewise using the RTgill-W1 cell line where
cells exposed to two different water concentrations (75% and 50%) presented with
greater damage frequency and higher comet score in U than for other water samples
(Figure 7.3).

All three water samples tested showed genotoxic potential compared to the negative
control (Milli-Q water) at the two concentrations tested using the RTgill-W1 cell line.
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A statistically significant reduction in damage frequency and/or comet score
(p<0.001) however, was observed between the two concentrations tested (75% and
50%) in R and T but not for U. When comparing the comet score between water
samples obtained from a relatively pristine site R, to U and T, a significantly lower
damage in frequency was observed using both cell lines at the concentrations tested.
The water sample R however, showed a significant increase in comet score values
compared to the negative control, despite the fact that the water chemistry parameters
fell within target water quality range. Distribution of comet cells in RTgill-W1 cells
following exposure to water samples (Figures 7.4 and 7.5) indicated that comet
formation order was N<R<T<U.

Comparing similar concentrations using both cell lines (i.e. at 50%), the Vero cells
presented with slightly higher comet score and consequently, greater damage
frequency compared to the RTgill-W1 cell lines (p<0.001). This is a possible
indication for better sensitivity to genotoxic damage. When comparing the treatment
technologies used, there was a significant reduction in genotoxicity (U and T) using
both cells at the same concentration range (Figure 7.6).

7.4 Discussion
By convention, physical and chemical monitoring of water quality give information
about the presence of substances and the concentrations at which they occur, leaving
out highly relevant details about the toxicological or ecological effects of such waters.
Although effluents such as AMD that are generated during coal mining are required to
meet either the general or specific effluent standard before discharge into natural
watercourses (Van der Merwe and Grobler, 1990), the presence of pollutants from
mines generating AMD which contain sulphates, acidity, salinity and metals
(including Al, Fe and Mn) contribute to surface water pollution (Heath et al., 2009).
Proper management of surface waters for adequate protection of aquatic ecosystems
requires a robust system that integrates chemical, biological and cellular analyses in
order to detect the impact of contaminants on aquatic systems (Ohe et al., 2004)
especially with regards to pollution related stress, and the presence of potential
genotoxic substances in water which causes DNA damage (Klobucar et al., 2003).
Ohe et al. (2004) proposed that mutagenicity/genotoxicity assays could be a useful
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water-monitoring tool. Both the Ames and comet assays have been suggested as
effective genotoxicity assays (Grummt, 2000; Reifferscheid and Grummt, 2000), with
a number of studies (Schnurstein and Braunbeck, 2001; Avishai et al., 2002; Nehls
and Segner, 2001) recommending the use of the comet assay as a tool for
environmental pollution monitoring of genotoxicity in aquatic environments.

In this study, the physico-chemical analyses (Table 7.1) revealed that effluent
collected immediately following the wetland (U) had significantly higher metal levels
and acidity compared to R and U, an indication of the possible inefficiency of the
natural wetland to remove all potentially toxic pollutants. From our results, it was
observed that U and T presented with high values of conductivity, but this was not the
case for R. Conductivity, which is an indirect measurement of pollutant concentration,
exceeded levels suggestive of environmental impacts (DWAF, 1996). The presence of
sulphates and metals such as Al, Mn and Zn which are regarded as pollutants of
interest in AMD (Heath et al., 2009) in U and T at significantly higher concentrations
than R, further suggests the extent of AMD pollution at this site.

The use of species relevant cell lines such as Vero kidney cells (a mammalian cell
line) and the RTgill-W1 cells (a fish gill cell line) as in vitro bioassays to assess the
environmental quality of mine effluent impacting a natural water downstream of a
colliery was utilized in our study. In vitro genotoxicity assays employing the use of
cell lines have been previously reported. Amaeze et al. (2015) evaluated the cytotoxic
and genotoxic responses of RTgill-W1 cells to sediment quality in a polluted lagoon.
Other researchers have used the goldfish skin cell line (Vevers and Jha, 2008) and the
RT gonad cell line (RTG2) (Reeves, 2008). Likewise, Kienzler et al, (2012) assessed
the sensitivity of the RTgill-W1, RTL-W1 and PLHC-1 to a number of environmental
pollutants using in vitro comet assay. Literature is replete with information on the use
of in vitro mammalian cell lines such as HepG2 for testing environmental chemicals,
pesticides, environmental mixtures, and other agents (Dearfield et al., 1991; Dearfield
and Moore, 2005; Lah et al., 2005; Cimino, 2006).

The cell lines used in this investigation were efficient at detecting effluent
genotoxicity, submitted to conventional treatments. The active system (in-stream
neutralization) significantly reduced DNA damage in T compared to U. This could be
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attributed to a reduction in metal constituents of the water sample, which resulted in a
seemingly better water quality due to lower metal load. A significantly higher
genotoxicity observed with U, compared to R and T, confirmed the presence of AMD
infiltration following passive treatment in the constructed wetland, and the genetic
damage observed could be due to the presence of dissolved chemical agents and/or
heavy metals not removed by the passive treatment method employed. Godet et al.
(1996) reported that metals such as Al and Zn can induce genotoxicity, while Cu is
believed to induce bulky lesions and DNA strand breakage (Lloyd et al, 1997). An in
vitro comet assay in RTgill-W1 cells implicated Cu as the potential genotoxic agent
causing ROS formation (Bopp et al., 2008). Synergistic effect of these substances
along with other compounds present in the effluents may contribute to observed
genotoxicity in the cells.

The presence and persistence of potentially toxic agents was further confirmed with
the water chemistry results. The presence of metals along with sulfides increases its
bioavailability (Griscom et al., 2000). Water sample U did not produce a significant
reduction in DNA damage when tested at 75% and 50% dilutions using the RTgillW1 cells. This implies that dilution may not play a role in toxicity reduction because
toxic agents persisted and as such, metal precipitation through in-stream active water
treatment technique will be required immediately following the wetland water flow.
However, with R and T, a significant decrease in DNA damage was seen after
dilution of water samples. A rise in the pH of the stream achieved using in-stream
alkali neutralization process has been reported to result in complexation phenomena
and subsequent reduction in metal burden as metals present precipitate as metal
hydroxide (Madeira et al. 2005). This could be responsible for the observed
significant reduction in DNA damage comparing water samples U (passively treated)
and T (actively treated). Franklin et al. (2000) also reported a decrease in toxicity of
effluent from an abandoned uranium mine in relation to an increase in pH of the
effluent.

Although water chemistry results revealed a significant reduction in metals for Al, Mn
and Zn, following active in-stream treatment, the presence of other potentially toxic
agents like sulphates and salts may have played a role in the observed DNA damage
which persisted despite lower metal burden. The unnecessary presence of sulphates
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and salts in aquatic environments has been reported to result in stress conditions
associated with enhanced reactive oxygen species generation (ROS), which is
implicated in oxidative damage. ROS are also highly reactive with DNA, proteins,
carbohydrates and lipids (Curtin et al., 2002) and have been linked to the presence of
metals, aromatic hydrocarbons, pesticides, polychlorinated biphenyls and dioxins in
aquatic ecosystems (Valko et al., 2005; Valko et al., 2007).

Although the DNA damage resulting from cells exposed to water samples from the
reference site was significantly lower than seen in U and T, there was significant
DNA damage in cells compared to those exposed to the negative control. There are no
untoward effluent inputs known at this site, and water chemistry parameters analyzed
were within good water quality range (DWAF, 1996). Speculatively, it would appear
that there are compounds undetected or not analyzed in our study that may have
contributed to DNA damage through possible interactions (synergism, additivism)
between the individual compounds in the whole water samples, resulting in
cumulative response of the water sample to induce the observed genotoxicity.

Results showed that both cell lines are able to detect genotoxic potential in the surface
water, but differences were evident with respect to sensitivity as seen with the Vero
cell line. Previous work (Iji et al., unpublished) confirmed greater ROS generation in
these cell lines compared to the RTgill-W1 and the C3A cell lines. The reason for this
is not yet identified, but certain immortalized mammalian cell lines are reported to
possess a greater degree of metal sensitivity (Freedland, 1989).
Mutagenicity of the water samples was not observed in the Ames test. A number of
mutagens especially those that are important to human exposure are usually
biologically inert, requiring metabolic activation to their mutagenic state. This
activation can be achieved in vitro through the use of rodent liver enzyme (S9
microsome) activation, which was not employed in this study. An observed
significant difference in response to the different water samples was seen when
comparing both strains of bacteria. This was speculated to be due to certain
substances in the effluent having affinity for either base-exchange mutations in
TA100, or frame shift mutation in TA98 (Mortelmans and Zeiger 2000). The Ames
test uses several S. typhimurium strains, such as TA97, TA98, TA100, TA102,
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TA104, TA1535 and TA1537 and each strain is genetically different, consequently
the use of several strains in a test increases the likelihood of detecting a mutagenic
chemical. While not all genotoxic substances stimulate the establishment of
mutations, the Ames test (Maron and Ames 1983) is still widely used to assess
genotoxic activity of wastewater (Stahl, 1991).

In this study, the comet assay detected DNA damage in both cell lines exposed to
water samples (Ref) from a reference site, a passively treated effluent (U) and effluent
that has been actively treated in-stream (T), proving the sensitivity of the comet assay
as a quick, simple and effective genotoxicity assay for the detection of DNA damage
(single-, double-strand breaks, alkali-labile sites or DNA-DNA and DNA-protein
crosslinks) in specific cells (Fairbairn et al., 1995) which could be useful in genetic
toxicology studies (Cotelle and Férard, 1999).

7.5 Conclusion
Both the comet assay and the Ames test are appropriate as bioassays for the detection
of genotoxic and mutagenic potentials in effluent evaluation for environmental
monitoring. The comet assay appeared to be more sensitive, being specific to changes
in individual cells, detecting almost any interaction with DNA, while the Ames test is
restricted to basic mutagenic events. Moreover, in assessing in vitro sensitivity to
genotoxicants arising from an AMD effluent, Vero cells would be preferred to RTgillW1.

As it is not time and cost effective to perform a chemical analysis of all known
contaminants within the aquatic environment, a bioassay-directed analysis may be a
substitute especially in developing countries where aquatic ecosystems remain
vulnerable due to indiscriminate mining activities and rapid industrialization, as well
as inadequate legislation designed to fully protect water quality from the impact of
mining. Rapid and cost-effective bioassays such as these will help target areas of
concern for comprehensive hazard assessment. However, validation of the endpoints
for ecological significance may still be required and once this is calibrated, it can be
used in a more quantitative way.
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A future perspective for comprehensive assessment of genotoxocity in surface water
should involve a combination of the comet assay and a full complement of S.
typhimurium bacterial strains including exogenous bio-activation of samples with
liver metabolizing enzymes.
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Figure 7.1: Damage (A) and Frequency (B) Indices of DNA damage to Vero cells exposed to 50%
water sample impacted by AMD from a coalmine. P is positive control, N, Negative control, R;
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Figure 7.2: The DNA damage was visually classified from class 0 (no damage) to 4 (maximum
damage), according to the size and shape of the tail. Mean values of nuclear DNA damage distribution
in Vero cells exposed to water samples NC (negative control), Ref (reference site), U (untreated) and T
(treated). Results are an average of 3 experiments (n=100).
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Figure 7.3: Oxidative damage to DNA assessed by the Comet assay in RT-gill W1 cells following 24h
exposure. The values represent the average of repeats and the average % DNA damage measured in
100 cells from each repeat. PC is positive control, NC is negative control, R, U and T represents
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Figure 7.4: The DNA damage was visually classified from class 0 (no damage) to 4 (maximum
damage), according to the size and shape of the tail. Mean values of nuclear DNA damage distribution
in RTgills-W1 cells exposed to water samples at 50%. NC (negative control), Ref (reference site), U
(untreated) and T (treated). Results are an average of 3 experiments.
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damage), according to the size and shape of the tail. Mean values of nuclear DNA damage distribution
in RTgill-W1 cells exposed to water samples at 75%. NC (negative control), Ref (reference site), U
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Figure 7.6 Oxidative damage to DNA comparing differences between water samples passively (U) and
actively treated (T) in Vero and RTgill-W1 cell lines at the tested concentrations.
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Table 7.1: Physico-chemical analytes of water samples R, U and T at the different water collection points.

pH

DO (%)

Cond

Mg

Na

Ca

Sulp

(MS/m)

(mg/L)

(mg/L)

(mg/L)

(mg/L)

Al (mg/L)

Fe (mg/L)

Mn

Zn

(mg/L)

(mg/L)

Ref

6.67±0.30

8.45±0.77

5.73±0.73

0.45±0.07

0.90±0.10

0.15±0.07

4.50±0.70

0.03±0.01

0.01±0.01a

0.01±0.01

0.15±0.01

Untreate

3.20±0.70

6.90±0.20

320±7.77

152±2.12

43±0.20

475±0.35

2169±0.98

7.55±0.9

0.36±0.03 a

65±0.14

3.35±1.06

8.00±0.57

4.90±0.10

326±0.12

170±0.70

120±0.14

561±0.12

2336± 3.73

0.15±0.01

0.02±0.01a

39±6.36

0.04±0.02

d
Treated
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Table 7.2: Number of revertant colonies of Salmonella typhimurium strains TA98 and TA100
induced by untreated and treated AMD water samples from a coalmine in Mpumalanga
province, South Africa

Sample

TA98

TA100

Revertants /plate Induction factor

Revertants /plate Induction factor

17±0

1

159±3

1

Mean ±SD

IF±SD

Mean ±SD

IF±SD

Ref

18±0

1.06±0.01

182±23

1.13±0.07

Untreated

26±1

1.52±0.02

276±1

1.72±0.002

Treated

27±1

1.58±0.02

163±8

1.10±0.02

4NQO

253±23

18.88±0.71

822±3.06

5.17±0.13

MilliQwater

4NQO- 4-Nitroquinoline-N-Oxide (Positive control), SD- Standard deviation, IF- Induction
factor
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CHAPTER 8: General Discussion and Conclusions

An important component in the management of watersheds influenced by anthropogenic
activities, such as mining, involves assessing and understanding such impacts on the
biological, physical and chemical components of the aquatic ecosystems. In order to improve
water quality, monitoring is essential for detecting changes in water chemistry that have
resulted from pollution, as it evaluates the impact of mining activities. Biological monitoring
on one hand offers a more detailed extension of monitoring, because changes are detected
relative to the environment. Conventional chemical analysis carried out to estimate the risks
of contaminated sites does not provide enough information about the potential hazards to
organisms. Conversely, the use of cultured cells and cell lines in in vitro bioassays have been
shown to be very useful tools for describing the environmental quality of water samples
because they provide an estimate of the total biological activity of chemicals present in the
water column. A combination of both in vitro bioassays and chemical analysis offers the
advantage of identifying substances with the potential to cause observable biological effects,
and their sources. This is premised on the fact that toxicity is first displayed at the cellular
level and, as such, in vitro structural and functional changes arising from exposure to
substances are indicative of basal toxicity responses that pose a threat to the whole organism.

The advantage of in vitro bioassays is that they are alternatives to the use of whole animals,
and it offers an understanding of the toxicity of chemicals to aquatic organisms, or even the
aquatic environment as a whole, which is essential in the management of contaminated sites
since it is cumbersome and unrealistic to identify and measure the concentrations of all
toxicants in the water column at all times.

The aim of this study was to develop an in vitro based monitoring system for assessing
toxicity associated with AMD effluent from coal mines impacting natural water resources.

In order to achieve this aim, the following objectives were set out:
 Investigate the generation of reactive oxygen species (an indicator of oxidative stress)
in species relevant cell lines as a bio-indicator of the safety of treated acid mine
water.
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 Determine, in vitro, cytotoxic endpoints of bioavailable water contaminants in cell lines
exposed to AMD effluent, to determine if cytotoxic responses correlate strongly with
water chemical parameters in-stream.
 Establish and validate primary fish gill cultures in freshwater fish (Oreochromis
mossambicus) as an in vitro toxicity monitoring system using specific endpoints such
as CYP1A induction as a biomarker of exposure to environmental contaminants for
potential toxicity evaluation of environmental samples.
 Determine the genotoxic potential of impacted stream by AMD effluent using the
Comet assay and the Ames test in human and fish cell lines.

The extent to which these objectives were attained is discussed herein.

In the first objective, results showed that the DCFH-DA assay technique in cell lines could be
used to rapidly biomonitor the quality of treated AMD water as it relates to the formation of
ROS, an indicator of oxidative stress. This assay revealed that transient increases in ROS
production are detectable in cell lines and may be useful in biomonitoring of contaminated
water. This is an alternative, relevant model for evaluating consequences of exposure to
environmental pollutants involving coal mines, to detect the onset of oxidative stress in the
aquatic environment.

The second objective was to determine the cytotoxic endpoints of AMD effluent in cell lines
and to correlate these with physico-chemical parameters of water samples. Results indicated
dose dependent cytotoxic responses in both mammalian and fish cell lines, with the RTgillW1 cells showing greater loss of cell viability and thus increased sensitivity compared to
Vero cells. It was evident that the presence of contaminants in water (physico-chemical
properties) influenced cytotoxic responses, with heavy metals and sulphates playing a major
role. The MTT assay technique used to detect cytotoxicity was more sensitive than the NR or
the LDH, an indication that the mitochondria perhaps play a role in the mechanism of
toxicity. This confirmed TEM findings that showed ultrastructural changes in the
mitochondria following exposure of cells to AMD water.

The third objective evaluated the use of primary gill cultures of Tilapia fish (O.
mossambicus), an indigenous African freshwater fish, as a tropical model species for
assessing the biomarker of exposure to environmental toxicants such as B[a]P, a toxicant
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associated with coal utilization, through induction of CYP1A. Results from the study
validated the use of primary gill cultures from Tilapia as an in vitro toxicity monitoring
system. This suggests that the primary gill cells could be a useful tool to screen freshwater
systems in Southern Africa for the presence of CYP1A inducers such as polychlorinated dibenzodioxins, dibenzofurans, biphenyls and polycyclic aromatic hydrocarbons.

The final objective was to evaluate the genotoxic potential of AMD effluent on the impacted
stream using the comet assay and the Ames test in human (Vero) and fish (Rtgill-W1) cell
lines. Significantly higher genotoxicity was observed in the passively treated effluent
compared to the actively treated effluent, which was attributed to the presence of dissolved
chemical agents and/or heavy metals. A significant reduction in DNA damage was observed
following active treatment of the AMD and both cell lines showed evidence of genotoxicity
using the comet assay. However, mutagenicity was not observed in cell lines using the Ames
test. In assessing in vitro sensitivity to genotoxicants arising from AMD effluent, Vero cells
showed better sensitivity compared to RTgill-W1. We therefore suggest that in vitro
genotoxicity bioassay has the potential to be integrated into an environmental monitoring
framework.

This study established that deleterious substances present in contaminated water can elicit
biological responses in cell lines. Effects noted correlated with physico-chemical water
quality monitoring, particular heavy metals, although the lack of dose–response data for
individual metals made it difficult to pinpoint the cause of the observed effects. In vitro
bioassays potentially could be beneficial in detecting the degree and extent of impact of
AMD in natural water, as well as the effectiveness of intervention. This could be a rapid and
cost-effective tool needed for assessing risk and potential toxic effects of contaminated AMD
impacted watersheds, and an early warning tool preceding a more detailed analysis. In
general, the use of fish gill cell lines over mammalian cell lines and other cell types could be
more advantageous as the relatively low temperatures at which they are cultured and exposed
to environmental samples limits the extent to which microbes can proliferate, making
exposure to unfiltered surface water samples a possibility.

A future perspective could involve multi organ systems that better mimic the threedimensional organ structure that further improves in vitro screening of environmental
contaminants. This would contribute to a better understanding of the ecology and
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biochemistry of many environmental contaminants. Effects of its successful application
would eventually allow for designing automated ways for the high-throughput screening of
contaminants that harm the environment.
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